
                                                                             

 

UNIVERSITÀ DEGLI STUDI DI TORINO 

 

SCUOLA DI DOTTORATO IN SCIENZE 

DELLA NATURA E TECNOLOGIE INNOVATIVE 

 

DOTTORATO IN 

SCIENZE AGRARIE, FORESTALI ED AGROALIMENTARI 

 

CICLO: XXX 

 

 

Size fractionation and bioavailability  

in the assessment of heavy metal contamination 

of urban soils and road dust. 

 

Elio Padoan 

 

 

Docente guida:     Coordinatore del Ciclo: 

Prof. Franco Ajmone Marsan     Prof. Aldo Ferrero 

Co-Supervisor: 

Dott. Fulvio Amato 

 

 

ANNI 

2015; 2016; 2017 



II | 

 

Abstract 

 

Urban settlements host already the majority of the world population, and growing. 

The biggest urban growth is occurring in small and medium-sized cities and in peri-

urban spaces. This urban sprawl is of serious concern, as city expansion in the 

surrounding countryside will cover both farmlands and soils affected by industrial 

legacies. The risk posed by this urbanization is soil and ecosystem degradation due 

to human activities and non-sustainable use of the land. All these activities, as 

construction, industry, traffic, waste disposal, could cause contamination, both 

organic and inorganic. 

In literature, it is increasingly apparent that considerable areas in many parts of the 

world have already been contaminated by heavy metals and metalloids (HM), 

whose importance derives from their concentration and potential toxicity, amplified 

by their very long persistence in the environment. 

This thesis was focused on unraveling the threat posed by HM in matrices highly 

impacted from human activities, such as roadside soils, playground sands and road 

dust (RD), a mixed matrix composed by soil, deposited dust from atmospheric 

pollution, vehicle exhaust and non-exhaust emissions (from brake, tire and road 

wear), and on the interaction of these matrices with the atmosphere. 

Between contamination sources, long-term dust deposition is the most important 

diffuse source for soil, where deposited particles (mostly finer than 10 µm) can 

derive from short or long-range transport. Among localized contaminations, the 

most common sources are traffic, corrosion of metal structures, incorporation of 

man-made materials in the soil or dusts, paints, agricultural contaminants from the 

former use of the land and industrial wastes. 

Heavy metal(loid)s contamination is generally defined basing on the total 

concentration. However, as the hazard derives from the interaction of the 

contaminated material with the population, the health risk could be very different 

in reason of the fraction that could be taken up by plants or absorbed by the human 

body. This bioavailable or bioaccessible (soluble in the gastrointestinal tract) 

fraction is related to the chemico-physical speciation of the HM-bearing particles 

but also to matrix properties. 

As in urban environments the most important risk is considered in relation to human 

health, the second key feature determining the threat is the size of HM-bearing 

particles, as it controls the fraction of HM that could enter the human body, i.e. 

particles that can enter the respiratory system through inhalation or adhere to human 

hands and be incidentally ingested. 
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Considering this last pathway, the size fraction of particles that can adhere to human 

hands, especially of children, is commonly defined as particles <150 or <200 µm. 

Conversely, the size fraction of interest for the inhalation pathway belong to 

particles that could be resuspended and enter the human pulmonary tract, so 

particles <10 µm, reaching the thoracic region, and <2.5 µm, travelling deeply in 

lungs. 

These resuspendable particles of RD have been found in various studies to be a 

major component of the coarse particulate matter (PM), thus influencing more the 

PM10 than the PM2.5. Their contribution is comparable to that of tailpipe 

emissions and can also be the first contributor to PM10 concentration. 

To understand the effect of size fractionation and bioaccessibility on the risk posed 

by HM we collected soil, RD and sand samples in Turin and Barcelona, and we 

carried out a review study to quantify the impact of road dust resuspension on the 

worldwide air quality parameters. 

The observed concentrations of HM in RD and roadside soils in Turin were higher 

than reported in previous studies and above the legislative limits. Fine particles 

(<2.5 and 2.5-10 µm in size) were enriched for all HM except Cr and Ni, compared 

to the bulk samples, and the spatial variation was more pronounced for elements 

mostly emitted by traffic sources (Cu, Sb, Pb and Zn). 

In the soil samples, the bioaccessibility of Fe, Mn, Cr and Ni increased in fine 

particles, likely due to their greater reactivity and the higher anthropic contribution 

with respect to coarser fractions, while Cu, Pb, Sb and Zn had almost constant 

bioaccessibility for all size fractions. In the RD samples, the bioaccessibility of fine 

particles was clearly greater than in soils for all metals. For Pb, Cu and Zn, the 

bioaccessible fraction reached 90% of the total concentration in the <2.5 µm 

fraction, which also showed the highest enrichment when compared to the earth’s 

crust. 

The literature review on the impact of non-exhaust emissions on air quality revealed 

that RD contributed 22%, as mean, to PM10 concentrations, comparably to vehicle 

exhaust (21%) and sensibly higher than brake wear (7%) and tire wear (4%). In 

PM2.5, the road dust contribution is still the highest among non-exhaust ones (mean 

of 11%), but sensibly lower than vehicle exhaust (24%). 

We observed an increasing contribution (in % of PM10) of RD from rural to traffic 

locations, with the highest step from sub-urban to urban locations. A climate-

dependence was also found for RD, with the highest contributions relatively to 

exhaust emissions in Mediterranean and Tropical-Monsoon climates. Further 

research is still necessary to better separate individual contributions from road dust 

resuspension, brake, tire and road wear, given that the relative toxicity and 

mitigation measures are different. 
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In the cities of Turin and Barcelona we explored the influence of road 

characteristics (macro-texture, traffic intensity and distance from the braking zone) 

on the RD fraction that can be mobilized and resuspended. Our results allowed 

building an empirical model able to predict resuspendable RD based on the 

aforementioned road data. This model can significantly improve bottom-up 

emission inventory for spatial allocation of emissions and air quality management 

(helping select those roads with higher emissions for the application of mitigation 

measures. 

The characterization of the sands used in the public playgrounds of the city of 

Barcelona improved our understanding of their potential risk in case of ingestion 

by toddlers and inhalation. The fraction of particles below 10, 2.5 and 1 µm 

represented a low percentage of the volume, but increasing every year by an 18%, 

5% and 2%, respectively. Concerning HM, only Sb and As resulted to be sensibly 

enriched with respect to the upper continental crust. Both showed a high spatial 

variation, attributed to anthropogenic sources from the PMF analysis. The 

suggested main sources of Sb were road traffic and industry, while harbor and 

industry for As. Bioaccessibility was higher for the carbonate-bearing particles and 

for the anthropic emitted metals, being more than 50% of the bioaccessible fraction 

of Ba, Cu, K, Pb and Zn due to the anthropogenic source. 
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1. Introduction 

 

1.1 Heavy metals and metalloids in urban matrices 

Urban areas host already 50 per cent of the world population, and projections show 

that this proportion will increase to 66% by 2050 (United Nations, 2015). Much of 

the expected urban growth will take place in peri-urban spaces, which are 

increasing at a faster rate than traditional core cities (European Commission, 2011). 

Thus, the management of urban and peri-urban areas will be one of the major goals 

in next years, as urban sprawl will increase contamination sources and influence 

the surrounding environments. 

In densely populated metropolitan regions, an important legacy of urban sprawl is 

soil, air and ecosystem degradation due to human activities and non-sustainable use 

of the land. All these activities, as construction, industry, traffic, waste disposal, 

could cause contamination, both organic and inorganic. Soil contamination has 

been listed by the European Commission (2012) as one of the major threat to urban 

soils, together with soil organic matter loss, erosion, compaction and sealing. In 

literature it is increasingly apparent that considerable areas of soil in many parts of 

the world have been contaminated by heavy metals and metalloids (Ajmone Marsan 

and Biasioli, 2010; Alloway, 2013). This could become a serious threat to human 

health, if not properly managed. 

The term heavy metals and metalloids (heavy metal(loid)s, or HM) has been 

initially used to refer to elements of high atomic mass (>5 g cm-3), that could pose 

toxicity hazards. Currently, it is a category used to identify the most important 

environmentally elements and it normally includes: arsenic (As), cadmium (Cd), 

chromium (Cr), cobalt (Co), copper (Cu), mercury (Hg), lead (Pb), manganese 

(Mn), nickel (Ni) and zinc (Zn); but also antimony (Sb), barium, (Ba), molybdenum 

(Mo), tin (Sn) and vanadium (V) are increasingly studied and included in the 

classification (Alloway, 2013). Some of these elements have been studied not only 

for their toxicity, but also for their importance as plant nutrients, as for Zn, Cu and 

Mn, others for their wide use and, therefore, pollution. 

Heavy metal(loid)s are also significant natural components of various urban 

matrices (soil, sand, road dust, atmospheric particulate matter (PM)) and could be 

present in the mineral fraction, comprising potentially-mobile metal species in 

clays, minerals and oxides, or in the organic fraction, frequently as bound forms 

(Violante et al., 2010). Their importance derives from their concentration, that 

could vary widely, and from their potential toxicity, amplified by their very long 

persistence in the environment as, contrarily to organic contaminants, HM do not 
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undergo microbial or chemical degradation and persist in soil for a long time after 

their introduction (Bolan et al., 2014).  

Each matrix contain HM in different chemical forms and concentrations because, 

in urban environments, HM can derive from a range of sources. Apart soil, in some 

cases, the major share of HM arises from anthropic activities. Contamination can 

be either extensive (affecting large areas) or localized. Extensive contaminations 

common to all the urban sites are atmospheric deposition and flooding or sediment 

deposition (Alloway, 2013). Atmospheric deposition is a major source of road dust 

but lead, also, to long-term pollution of soils, as deposition rates are the lowest 

among transport mechanisms, while flooding or landslides could lead to large 

pollution areas, e.g. in case of mining areas. Conversely, localized, or site-related 

pollution of air and soils could arise from traffic, industrial sites, and agricultural 

practices or from unwanted release of technogenic materials. 

Until recent years, HM contamination was defined basing on the total 

concentration, measured through the total or partial dissolution of the matrix in a 

strong extractant (e.g. hot acids). However, as the hazard derives from the 

interaction of the contaminated material with the population, the health risk could 

be very different in reason of the contaminant fraction that could be taken up by 

plants or absorbed by the human body. 

This fraction is often named as bioavailable or bioaccessible, depending on the 

receptor (e.g. plants, animals, individuals) and on the research field, as it is related 

to the chemical speciation of the HM but also to matrix properties, such as texture, 

organic matter content, Fe, Al and Mn oxide content, but also pH, redox potential 

and others (Basta et al., 2005; Ming et al., 2012). In the urban environment, the 

most important risk is considered in relation to human health, so the concern goes 

to the fraction of HM that could enter the human body, i.e. fine particles of PM, 

soil or dust that can enter the respiratory system, or adhere to human hands and be 

incidentally ingested. Instead, from a different point of view, the important fraction 

could be the HM species that can be absorbed or enter the circulatory system after 

the ingestion, thus using solutions that mimic the human gastro-intestinal tract. 

In this work, different urban matrices have been considered, trying to have an 

overview of the interactions between them and of the impact of HM pollution. In 

particular, the work was focused on unraveling the threat posed by HM in matrices 

highly impacted from human activities, such as roadside soils, playground soils and 

road dust, a mixed matrix composed by soil, deposited dust from atmospheric 

pollution, traffic abrasion and exhaust products, and on the interaction of these 

compartments with the atmosphere. 
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1.1.1 Urban soils and soil-like materials 

In the urban environment, soil is a substantial compartment and, differently from 

natural and agricultural areas, it acquires supplementary functions, as it contributes 

to the general quality of life (van Kamp et al. 2003). In particular, together with 

technosols, such as deposited soils in parks, playgrounds and restored areas, and 

soil-like materials, such as playground sands, it has an esthetical and recreational 

function.  

Due to these different functions, to the anthropic activities and the land use changes 

during urbanization history, urban soils have highly heterogeneous physical and 

chemical properties (Madrid et al., 2006), with amplified spatial variations with 

respect to natural areas (e.g. for the incorporation of carbonates from concrete 

debris or for compaction and sealing processes) (Biasioli et al., 2006). These same 

activities can provoke HM contamination, with their unpredictable and diffuse 

pattern enhancing the risk to population.  

The prevailing sources of urban soil pollution have been well studied in last years 

(Ajmone Marsan and Biasioli, 2010; Meuser, 2010; Werkenthin et al., 2014) and, 

normally, a single source does not explain the anomalously high MH concentrations 

found in a urban area, apart from point contaminations normally found, for 

example, in industrial polluted soils. If we consider diffuse contamination sources, 

dust deposition is of primary importance and, in particular where a strong 

industrialization developed, long-term dust deposition can cause a vast 

accumulation of HM. Deposited particles can derive from short or long-range 

transport and could, therefore, carry coarser of finer particles depending on the 

source. However, the size of transported PM mostly belong to the fraction finer 

than 10 µm, designated as the most dangerous for human health (Brunekreef and 

Holgate, 2002). These particles have been shown to accumulate the contaminants, 

due to their enhanced sorption capacity, and retained HM could be more available 

and reactive (Ajmone Marsan et al., 2008; Bi et al., 2015).  

In urban locations, the most common localized sources are traffic, corrosion of 

metal structures, incorporation of man-made materials in the soil or in dusts, paints, 

agricultural contaminants from the former use of the land and industrial wastes, 

dumpsites (from a former use) or dust (Alloway, 2013).  

Due to the long persistence of these contaminations and to the non- degradability 

of HM, the remediation of matrices contaminated by toxic HM can only work on 

the displacement of the particles from the matrix (through digging, plant uptake, 

leaching or volatilization), or on chemical immobilization (through sorption, 

precipitation, and complexation reactions), to reduce their availability.    
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1.1.2 Road dust  

The road dust (RD) is a complex environmental medium at the interface between 

the soil and the atmosphere; therefore, could be a temporary source or a sink of 

pollutants for both, as it is continuously produced or removed from the road surface 

and can be washed off or accumulated. The major sources of RD include particles 

from soil and atmospheric deposition, but also vehicle exhaust and non-exhaust 

emissions, such as brake, tire and road particles, and industrial activities are very 

important sources (Thorpe and Harrison, 2008; Pant and Harrison, 2013; Amato et 

al., 2014).  

Most of the studies in last years focused on the RD characterization with regard to 

organic and inorganic constituents in the bulk material and in size fractions 

(Charlesworth and Lees, 1999; Sternbeck et al. 2002; McKenzie et al., 2008; Acosta 

et al., 2011). Source apportionment studies started later and were focused, in 

particular, in distinguishing the fraction deriving from traffic non-exhaust sources 

(Amato et al., 2009, 2014; Aimar et al., 2012; Kumar et al., 2013). In fact, due to 

the increasing restrictions in the legislation on vehicle exhaust emissions, the non-

exhaust fraction has been increasing in importance.  

However, the mineral sources of road dust (particles arising from soil and road 

surface erosion, mainly) have been poorly studied (Amato et al., 2013; 

Pietrodangelo et al., 2013; Kupiainen et al., 2016). This is probably the result of the 

difficulty to separate soil-derived RD from other mineral sources, such as road wear 

and wind-transported particles, due to the lack of univocal source profiles and 

chemical tracers. Indeed, soils have a very large variability in chemical features 

and, for each study area, it would be necessary to build up specific source profiles 

to separate different mineral sources.  

Conversely, traffic-related sources of RD have been identified in last years, 

including brake wear, tire wear, vehicle exhaust, asphalt and lubricating oil 

(Sternbeck et al, 2002; Adaichi and Tainosho, 2004; Gietl et al., 2010) due to the 

more unique chemical signatures; for example, brake particles have particular HM 

ratios depending on the brake type from which they can be traced (Grigoratos and 

Martini, 2015).  

Based on HM variability and particle size distribution, in the last years various 

source apportionment tools have been used to identify RD sources and the share of 

each to the total HM concentrations (Amato et al., 2011; Kupiainen et al., 2016; 

Pant et al., 2015).  

Concerns over elevated HM concentrations in RD started in the 1980s, as dust 

ingestion and storm-water runoff from streets were recognized as a threat (Harrison 

et al, 1981). RD can contain a large palette of HM and organic pollutants, due to 

the various sources and, in general, the concentrations found are usually 
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comparable with urban polluted soils. However, differently from soils, an emission 

control regulation could be possible, as from a better source identification of 

particles could originate HM concentration limits and different chemical 

formulations for brake, tire or road materials.  

Road dust, as soil particles, can also be easily re-suspended by vehicles or wind, 

resulting in an important source of atmospheric particulate matter (PM), significant 

mostly in highly urbanized areas. In recent years, concerns over its contribution to 

PM grown due to the lack of legislation for all non-exhaust sources (Amato et al., 

2014; Denier van der Gon et al., 2013; Kousoulidou et al., 2008). With the 

continuous reduction of exhaust emissions (until the endpoint of electric vehicles), 

non-exhaust particles, such as RD, will increase their share of the total particulate 

matter and may become dominant over the coming years.  

 

1.2 Importance of size fractionation 

As outlined above, the particle size distribution of soil and RD and the associated 

HM content is of primary importance in assessing their impact on urban population. 

Various studies have proven in the last years that fine particles (e.g <10 µm) have 

higher concentrations of HM than coarser ones due to their larger surface area, 

higher clay minerals and organic matter content and to the presence of Fe and Mn 

oxides, promoting the HM accumulation owing to adsorption, physical occlusion 

and complexation processes (Charlesworth and Lees, 1999; Ajmone Marsan et al., 

2008; Acosta et al., 2011; Sutherland et al., 2012). This behavior in urban areas is 

worsened from anthropic processes, which tend to generate finer particles 

compared to natural ones. 

When assessing the risk from HM in urban environments, ingestion and inhalation 

exposure are the most important pathways for both soil and RD, as found from 

various studies (Ferreira-Baptista and De Miguel, 2005; Zheng et al., 2010; Li et 

al., 2013; Kong et al., 2012), while the contribution of dermal absorption is 

essentially negligible. In spite of the increasing interest in inhalation risk 

assessment, ingestion still appear to be the major route of exposure, with inhalation 

risk being 2–4 orders of magnitude lower than ingestion (Shi et al., 2011; Kong et 

al., 2012).  

Considering the ingestion pathway, particles are considered to derive primarily 

from incidental ingestion (U.S. EPA, 2011). This type of ingestion is largely the 

result of hand-to-mouth contact, while other actions, such as ingestion of soil 

particulates adhering to vegetables or inhalation of soil particulates, contribute 

minimally. Consequently, considering the HM exposure risk we have to consider 

the size fraction that can adhere to human hands, especially of children, as for adults 

soil ingestion is considered to be lower (Yamamoto et al., 2006; U.S. EPA, 2011). 
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Various studies have been conducted to assess the particle size of relevance in 

assessing incidental oral exposure to HM, although a definitive upper size cutoff 

has not yet been defined (Yamamoto et al., 2006; Siciliano et al., 2009; Ruby and 

Lowney, 2012). As soil texture directly influences dust adherence to hands different 

studies achieved different cutoff sizes, ranging from 50 to 250 µm (Driver et al., 

1989; Edwards eta al., 1999; Yamamoto et al., 2006; Ruby and Lowney, 2012), and 

the most common size is <150 or <200 µm. 

The size fractions of interest for the inhalation pathway belong to particles that 

could be resuspended and enter the human body. Although particles with 

aerodynamic diameter (Dae) up to 100 µm could, potentially, be suspended and 

travel some distances (in some cased termed as inhalable particles) (Brown et al., 

2013), they mostly reach nose and mouth, and thus they undergo ingestion, while 

particles finer than 10 µm could reach the thoracic region (Dockery and Pope, 1994; 

Kastury et al., 2017). After inhalation, a relevant part of the coarsest particles 

(between 2.5 and 10 µm), are deposited in the pharyngeal and tracheal region, 

where a fraction of HM can be dissolved before particles are removed by the so-

called mucociliary clearance, and are mainly swallowed, ending up in the 

gastrointestinal tract (Snipes, 1989; Mukhtar and Limbeck, 2013), while < 2.5 µm 

particles can travel deeply in lungs. However, both particle sizes have been 

demonstrated to lead to adverse responses in the lungs, while specific effects are 

different (Dockery and Pope, 1994; Brunekreef and Holgate, 2002; Brunekreef and 

Forsberg, 2005).  

Thus, most of the studies adopt the U.S. EPA classification of respirable PM, 

divided either in PM10 (particles with Dae <10 µm) and PM2.5 (<2.5 µm) or in 

coarse PM (10-2.5 µm) and fine PM (<2.5 µm).  

 

1.2.1 Interaction with atmospheric particulate matter 

Soil and RD particles finer than 10 µm are considered as resuspendable, so they 

could contribute to the air quality impairment in a very important share, in 

particular in developing countries, were non-paved streets are common also in 

urban areas, or in arid environments, where wind can suspend soil and dusts. In 

most of the studies, RD is found to be a major component of the coarse PM (Chan 

et al., 2008; Karanasiou et al., 2009; Achilleos et al., 2016), thus influencing more 

the PM10 than the PM2.5, since finer particles are formed more during combustion 

process, while coarser from mechanic processes (like wear of vehicle components 

and road, as above-outlined).  

Worldwide, RD has been identified to contribute up to 76% of the total PM10 

concentration, maximum share found in winter in Stockholm due to the use of 

studded tires (Denby et al., 2013), with mean contributions around 20%, identifying 
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RD as a major source of PM (Marcazzan et al., 2003; Zhao et al., 2006; Kupiainen 

et al., 2016). This contribution is comparable to that of tailpipe emissions (Querol 

et al., 2004) and can raise due to also be the first contributor to urban PM10 

concentration (Amato et al., 2014; Denier van der Gon et al., 2013).  

However, RD is a quite generic term, sometimes used only to describe resuspended 

particles from road, other times to describe any particle coming from non-exhaust 

vehicle emission (including brake/tire wear). In this work we will use the term to 

designate all the particles deposited on the road surface and potentially suspendable 

or leachable. 

Soil resuspension is expected to have a large role windy climates or where unpaved 

roads are present, but further research is necessary to better separate individual 

contributions, as toxicity and possible mitigation measures are diverse (Amato et 

al., 2014; Pietrodangelo et al., 2013). As an example, mitigation measures aiming 

at the minimization of the resuspension have been tested (Amato et al., 2010; Aldrin 

et al., 2008), as road cleaning and road dust binders (e.g. calcium magnesium 

acetate, MgCl2, CaCl2 and potassium formate), but no or low effectiveness was 

found in Southern Europe, compared to Scandinavian countries. 

Effect of road type and other factors controlling resuspension and RD variability 

during space and time are still almost unknown, although some research has been 

done. In Scandinavian countries, for example, the use of studded tires and road 

salting/sanding are predictor variables (Denby et al., 2013a and 2013b), while in 

Central and Southern Europe time-variability of RD emissions potential is driven 

by meteorology (Schaap et al., 2009; Pay et al., 2011; Amato et al. 2012). 

Regarding the spatial variability several factors have been pointed out as 

responsible of RD resuspension potential: pavement characteristics (Raisanen et 

al., 2005; Gustafsson et al., 2009; China and James, 2012; Amato et al., 2013), 

traffic intensity and speed, fleet composition (Bukowiecki et al., 2010; Liu et al., 

2016), proximity to traffic lights, but also the presence of external sources (e.g. 

construction dust, unpaved areas, African dust deposition, etc.). However, the 

comprehension of the impact of these predictors is yet unknown, hampering the 

description of these emissions, their parametrization in models and the knowledge 

of their impact on air quality and public health. 

 

1.3 Bioavailability and bioaccessibility of PTEs 

The second key feature that enhance and determine the health effect of HM is the 

bioavailability and the bioaccessibility of such elements. As not all the HM are 

easily released and could be adsorbed or interact with the body, toxicity and risk 

assessment studies pointed out the need to use bioavailable concentrations instead 

of total metal contents (Paustenbach, 2000; Guney and Zagury, 2016). In literature, 
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different terms have been used to define this process of dissolution, transport and 

absorption that lead to the HM fraction that is really available to the organism (Ng 

et al., 2015). In particular, in this thesis, availability and bioavailability will be 

generically used to define the amount of contaminant that could be dissolved and 

absorbed by organisms, while bioaccessibility will define the fraction of a 

contaminant that is soluble in the gastrointestinal tract and, therefore, available 

for absorption, and it will be used in case of in vitro methods (following Ruby et 

al., 1999). 

A variety of leaching agents have been used to simulate the in vivo behavior of HM 

species. Regarding the plant availability, standardized solutions have been widely 

accepted, for example the use of single chelating agents (EDTA, DTPA) to simulate 

the plant available HM fraction in, respectively, acid and basic soils, is an official 

method used for several years already (Quevauviller et al., 1997; Colombo and 

Miano, 2015). Conversely, the bioaccessibility tests mimicking the human gastro-

intestinal or pulmonary tract have not been widely accepted until recent years due 

to the lack of extensive studies including different contaminants and soil types and 

for the lack of validation between in vitro and in vivo methodology (Mukhtar and 

Limbeck, 2013; Ng et al., 2015; Wiseman, 2015), also because of the difficulty and 

of the higher costs of such studies.  

Currently, various synthetic body fluids have been proposed to simulate the 

occurring processes in human body that cause the dissolution of HM. Most of the 

methods deal with gastro-intestinal availability of HM in soil (the most important 

exposure pathway), and some of them have been correlated with in vivo 

bioavailability data for As, Cd, and Pb (Ruby et al., 1996; 1999; Oomen at al., 2002; 

Juhasz et al., 2007; Wragg et al., 2011). Gastric phases employ usually a pH of 1-

2 together with enzymes, salts or chelating agents (pepsin, glycine), while for 

intestinal phases pH raises around neutrality and a wide range of chemicals have 

been used (Ng et al., 2015).  

Because of the strong acidity, the main part of the metal dissolution take place 

during the gastric phase extraction, and several studies observed good relationships 

between the stomach dissolution and in vivo relative bioavailability of Pb for 

different methodologies (SBET, Drexler and Brattin, 2007; PBET, Ruby et al., 

1996; UBM, Denys et al., 2012). Therefore, although only As, Cd and Pb 

bioavailability in contaminated soil have been studied extensively, simple methods 

using only the gastric phase started to be extensively used to assess a wide range of 

HM.  

Following preliminary studies (Ruby et al., 1999; Drexler and Brattin, 2007), US 

EPA released in 2009 a standard and validated method to predict Pb bioaccessibility 

in soil and dusts (USEPA Method 1340, 2015), consisting in a single extraction 
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with a solution containing 0.4 M glycine as complexing agent buffered at pH 1.5 

with the addition of HCl. Since it was a simple and cost-effective way to improve 

risk assessment practices this method was rapidly adopted and used for a wide range 

of heavy metals and matrices, such as urban, industrial, agricultural and playground 

soils (Ljung et al., 2007; Poggio et al., 2009; Juhasz et al., 2011) and, lately, also 

for road dust (Hu et al., 2011; Yu et al., 2014).  
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2. Objectives and structure of the work 

 

The main objective of this thesis is the understanding of size fractionation and 

bioaccessibility effects on the risk posed by HM in urban soils and road dust.  

More generally, this work aims to offer new insights in the research of actors and 

regulators, moving from total and bulk measures of concentrations to more specific 

metrics and procedures, such as the bioaccessible concentrations and the particle 

size fractionation, to have a deeper understanding of harmful particles and HM. 

Three different urban matrices were investigated, namely soils, road dust and 

playground sands and the results are presented here in form of three published 

articles and one book chapter.  

As previously mentioned, there was a need to understand the impact of RD among 

all non-exhaust traffic sources and his contribution to air quality. Therefore, a 

review study was carried out in collaboration with the Institute of Environmental 

Assessment and Water Research (IDAEA-CSIC) of Barcelona (Spain) (reported in 

Chapter 3), with the aim to define and quantify the worldwide impact of road dust 

resuspension on the different air quality parameters.  

The first experimental part of this thesis was focused on urban roadside soils, basing 

on previous studies performed by the research group, and the first article (Chapter 

4) explores the correlation between roadside soils and road dust in a peri-urban 

transect in the city of Turin. The aim was to better define HM sources in the 

different size fractions of soils and RD and to evaluate the bioaccessibility of HM, 

as particles of different sizes could also have diverse bioaccessible fractions of HM. 

The second experimental work of this thesis attempted to identify those parameters 

responsible of RD variability in urban environments. In the article reported in 

Chapter 5 we explored the seasonal variability and the relationship between particle 

loading of roads and site characteristics (pavement macrotexture, traffic intensity 

and proximity to the braking point). 

Finally, Chapter 6 reports the investigation on urban sands in public playgrounds 

of the city of Barcelona with the aim of characterizing fine fractions of sand 

generated by human grinding and of tracing HM enrichments due to anthropic 

activities. Then, due to the high ingestion risk posed to children, the bioaccessible 

fraction of HM was measured and the sources contributing most to this fraction 

were investigated.   
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Abstract 

While the overall toxicity of bulk atmospheric particles is well-known, researchers 

and air quality managers still face difficulties in the understanding of the most 

harmful species and sources, which is based on the knowledge of their individual 

impact on PMx levels. This chapter aims at reviewing the current knowledge of the 

impact on air quality of vehicle non-exhaust sources (as a whole and individually 

for road dust, brake wear, tire wear and road wear). Ninety-nine peer-reviewed 

articles were found providing contributions ranges, often in comparison with 

vehicle exhaust contributions. Variability of contributions was explored relatively 

to PM size fraction, type of location and climate.  

 

 

https://doi.org/10.1016/B978-0-12-811770-5.00002-9
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3.1 Introduction 

The evidence for adverse health effects of ambient air pollution has grown 

dramatically in the past 20 years.  The Global Burden of Disease study ranked 

exposure to ambient fine particulate matter (PM2.5) as the seventh most important 

risk factor, contributing to total mortality with 2.9 million premature deaths in 

2013, globally, and as fifth largest contributor in East Asia (GBD 2013 Risk Factors 

Collaborators et al., 2015). Whereas the overall toxicity of bulk PM is known, 

researchers still face a long way towards the understanding of the most harmful 

species (or mixtures) and sources, which would help dramatically the prioritization 

of control actions at international and local level (West et al., 2016). Road traffic 

has been often pointed as one of the most harmful source category (Bell et al., 2010; 

Ostro et al., 2011) in multi-pollutants epidemiological studies.  However, the road 

traffic sector comprises a number of different emission processes (combustion, 

wear, suspension), which need different control actions. Among these processes, it 

is necessary to identify those of higher impact, both on terms of air quality 

(contribution to the particle mass, or number) and health outcomes (relative 

toxicity, Amato et al., 2014a; Denier van der Gon et al., 2013).  

In comparison to vehicle exhaust, there are few in vivo toxicity studies focused on 

non-exhaust sources, however the most recent data indicate that non-exhaust 

particles can be as hazardous as exhaust PM depending on the nature of the health 

effect studied. Particle mass, size and surface chemistry all affect PM toxicity. 

Oxidative stress is one of the main biological mechanisms causing toxicity and is 

often related to transition metals and/or redox active organics such as quinone 

(Borm et al., 2007; Kelly, 2003). Brake and tire wear particles have higher oxidative 

potential than other traffic-related sources and their effect is very local (50–100 m 

from the source) (Yanosky et al., 2012) yielding more oxidant PM (per µg/m3) at 

road sites rather than at urban background sites. Tire wear particles have been 

shown to induce Reactive Oxygen Species (ROS) formation and inflammatory 

reaction in human alveolar cells (Gualtieri et al., 2005 and 2008) as well as 

inflammatory response in mouse lungs (Mantecca et al., 2009 and 2010). Other 

important factors to be investigated are PM size and size distribution, particle 

number, composition (including coating and surface modifications), shape, surface 

area/specific surface area, surface chemistry, and charge and 

solubility/dispersibility. 

Happo et al. (2010) found significant inflammatory response in rats lungs exposed 

to coarse PM in Helsinki and correlated this with Fe and Cu content. A recent 

assessment using ascorbic acid depletion (marker for presence of redox active 

metals), electron spin resonance (marker for OH• radical) as well as DTT 

consumption (marker for redox active organics), showed a clearly higher oxidation 

potential of brake pad particles compared to diesel engine exhaust and tire or road 



13 | 

dust (Amato et al., 2014a). Gustafsson et al. (2008) showed at least as high 

inflammatory potential from road wear PM10 compared to diesel engine exhaust 

particles. Brake wear particles damage have been linked to oxidative stress and 

inflammatory responses in the lung using incubations of lung cells with brake wear 

particles. 

An established terminology and hierarchy of non–exhaust emissions does not exist, 

hampering the comparison of literature studies. In this book, we therefore aim to 

promote the use of the following terminology. 

Vehicle non-exhaust emissions include:  

­ Direct brake wear: the fraction of pad, disc and clutch wear particles which 

are directly airborne;  

­ Direct tire wear: the fraction of tire wear particles which are directly 

airborne;  

­ Direct road wear: the fraction of road wear particles which are directly 

airborne; 

­ Road dust suspension: any particle on (paved) road surface which is 

suspended to air by vehicles or wind, including deposited brake/tire/road wear 

particles and other deposited particles from various origin (salt, sand, exhaust, 

secondary, other mineral dust etc.).  

Another part of traffic emissions arises from unpaved road dust suspension, but due 

to the different emission dynamics and possible remediation, unpaved roads remain 

out of the scopes of this book, even if their contribution can be important in cities 

of several developing countries.  

The above-mentioned distinction is however only hypothetical, since separating the 

contribution of the single sources has been a difficult task for researchers over the 

past 20 years. In spite of the quite large number of studies on aerosol source 

apportionment, a clear separation has been rarely found. This chapter aims at 

reviewing the body of literature on non-exhaust emissions contribution to air 

pollution concentrations. In particular, we aim to shed light on:  

­ Impact on WHO standard parameters; 

­ Impact on different types of environment (Industrial, urban, traffic…); 

­ Impact of climate on road dust emissions. 

Non-exhaust sources differ widely in terms of chemical composition and particle 

size distribution (Amato et al., 2011; Duong and Lee, 2011; Grigoratos and Martini, 

2015; Pant and Harrison, 2013). For a comprehensive discussion on their physico-

chemical characteristics please see other book chapters (in Amato, ed., 2017).   

Briefly, brake pads and discs are composed of many ingredients, used as binders, 

fillers, lubricants, fibers and frictional additives (Grigoratos and Martini, 2015). 
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Thus, chemical profiles vary largely although Fe, Ba, Sb, Sn and Cu are commonly 

reported as reliable tracers in brake linings (Amato et al., 2009; Gietl et al., 2010; 

Hulskotte et al., 2014; Kukutschová et al., 2011; Thorpe and Harrison, 2008).  As 

different materials crumble in different periods, wear debris composition can be 

significantly different form brake lining material (Thorpe and Harrison, 2008). Von 

Uexkull et al. (2005), for example, found that Ni and Cu were in much greater 

concentrations in the emitted dust than in the bulk brake material. Iijima et al. 

(2008) reported, for non-asbestos organic (NAO) pads, similar composition for 

bulk pad and dusts, with a slight increase for Fe and Ti. 

Tire wear particles composition is mainly carbonaceous, but aluminum, silicon, 

zinc and sulfur have been found (Harrison et al., 2012; Rogge et al., 1993; Thorpe 

and Harrison, 2008). Zinc, in particular, is used in rubber as ZnS and considered as 

tracer for tire wear, along with organic compounds (e.g. styrene), as it is also 

emitted from other sources (Kreider et al., 2010; Pant and Harrison, 2013).  

Road surface wear is the most difficult source to trace, as the composition is 

primarily mineral aggregates bond by bitumen. The higher variability of geologic 

materials used, as its usual similarity with soil dust (Wahlin et al., 2006), prevent 

the identification of unique elemental tracers, while organic tracers as asphaltenes 

and maltenes have been suggested by Fauser (1999). 

Road dust particles can arise from all above-said wear sources, but also from 

exhaust emissions, road sanding and salting and from geogenic material carried 

onto the road. Chemical composition has found to be dominated from elements 

associated to crustal material, as soil and road wear (Gu et al., 2011; Kupiainen et 

al., 2005; Thorpe and Harrison, 2008) and therefore is likely to be site-dependent. 

Where road salting procedures and studded tire use is common a winter seasonality 

can be evident (Kupiainen et al., 2016). 

 

3.2 Review method and limitations 

In Scopus (www.scopus.com), we searched for publications on vehicle non-exhaust 

emission impact, using the following search terms: PM10, PM2.5, coarse PM, fine 

PM, particulate matter, air quality, wear, resuspension, suspension, non-exhaust, 

tyre, tire, brake, road dust, road wear, traffic, crustal, suspension, resuspension, 

airborne, particle number, particle volume, emission model, emission inventory, 

source apportionment, receptor model and binary and ternary combinations of 

these. The main tool used in the reviewed studies was a receptor modelling 

technique based on measured PM concentrations at some receptor site, coupled 

with chemical characterization. However, we also found studies based on emission 

inventories, emission models and chemical transport models. The contribution to 

particle number and volume concentrations was also reviewed, although the 
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number of studies is much smaller than those on PM mass. However, basing on this 

methodology some relevant information might be still missing. Our conclusions 

might still be affected by some limitations: 

­ As, previously mentioned, an established terminology does not exist, 

therefore source/factors labelling by individual authors may not coincide. 

­ An established hierarchy does not exist yet, therefore the non-exhaust label 

does not   contain implicitly contributions from all brake, tire wear and road dust 

resuspension. 

­ Source identification: this chapter does not evaluate the goodness of the 

source apportionment study procedure in the published studies.  

 

3.3 Results 

3.3.1 Impact on ambient air particulate  

In this review, a total of 146 articles worldwide were included, where at least one 

air pollution source/factor related to vehicle non-exhaust emissions was identified. 

Among them, 47 could not well disentangle a non-exhaust source (namely Road 

dust/Crustal, Road dust/Construction, Road dust/harbor, Road dust/Tram, Road 

dust and salt, Traffic/wear, Traffic/Road dust, Exhaust/wear, among others) and 

were, therefore, discarded. As one article often included more than one metric 

and/or monitoring station we collected a total number of 256 contributions 

estimates.  The methods used for estimating non-exhaust contributions were 

grouped as follows. 

Receptor modeling based on PM chemical characterization: 

 Positive Matrix Factorization (PMF or ME-2, 55 articles)  

 Chemical Mass Balance (19 articles) 

 Principal Component Analysis (8 articles) 

 COPREM (1 article) 

 Unmix (1 article) 

 Other PM observations: 

 Metal size distribution ( 1 article) 

 Scanning Electron Microscope (1 article) 

 A-ToF AMS (1 article) 

 Rubber Tracer concentration (1 article) 

Dispersion modelling /Emission inventory:  

 CAMx (1 article) 

 URBIS (1 article) 

 KCLurban (1 article) 
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 LOTOS-EUROS (1 article) 

 CALIOPE (1 article) 

 ATMOs (1 article) 

 UCD/CiT ( 1 article) 

 NORTRIP ( 1 article) 

 VAPI ( 1 article) 

 U.S. EPA ISCST3 (1 article) 

The 256 estimates of non-exhaust contributions (Table 3.3, at the end of the section) 

span different climatic conditions (using the Köppen climate classification; Peel et 

al., 2007): Arid (3 estimates), Continental (51 estimates), Mediterranean (70 

estimates), Oceanic (60 estimates), Tropical-monsoon (28 estimates) and 

Temperate-subtropical (43 estimates).  The studies are mostly settled in Europe 

(150, Figure 1), Asia (51) and North America (48), while much fewer studies are 

available in Oceania (5) and Africa (1). The first studies were performed in the 80s 

in USA, followed by the first few European studies in the 90s (Figure 3.1). The 

number of studies increased sensibly in the new century including the rest of 

continents. Different types of environment were investigated: rural/regional (16), 

suburban (6), urban (undefined (113) commercial (3), residential (11), background 

(44) and roadside (41)), industrial (11), freeway (2) and tunnels (6).  

 

Figure 3.1 Number of study estimates for non-exhaust contributions per continent 

and number of articles per year. 
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Most of the estimates concerned the road dust emissions (71%), while only 9% and 

8% refer to brake and tire wear, respectively. The rest of cases refer to a generic 

non-exhaust source (12%). Other studies, identifying miscellaneous factors (e.g. 

Road dust/traffic, Road dust/ Crustal), were discarded. The direct road wear has 

been rarely found, due to the high chemical similarity to road dust, was thus 

incorporated into the “road dust” category. We have grouped labels according to 

Table 3.1. 

There are several variables influencing the impact of non-exhaust sources: activity 

(vehicle flow), climate (mostly for road dust and direct road wear), type of station 

(proximity to roadways), sampled PM size and time of the year. However, 

quantifying the influence of all these factors in terms of source contributions is 

hampered by the dearth of a sufficient number of studies covering such variability. 

As an example, we found only three studies estimating tire wear contribution to 

PM2.5, which does not allow investigating the variability with climate, season or 

type of site. At a first stage, we have grouped all studies, regardless of climate, type 

of station and period of the year in order to evaluate the overall impact of each 

source.  

 

Table 3.1 Grouping of literature studies according to sources labelling 

Source 

category 

Non-exhaust and 

miscellaneous 
Brake wear Tire wear Road dust 

 Non-exhaust Brake wear Tire wear Resuspension 

 Non-exhaust (sum)   Road dust 

 
Non-exhaust 

(wear+resuspension) 
  Road wear 

 Brake/Tire wear   
Resuspended 

dust 

 Tire and brake wear    

 Brake and tire wear    

 
Road dust/brake 

wear 
   

% of the 

total number 

of estimates 

12 9 8 71 
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The duration of the study is also crucial, mostly for road dust emissions, which can 

vary largely with meteorology. In the case of road dust, around ¾ of the studies 

were performed at least during one year. 

The particles sizes under study were not always corresponding to the regulated 

metrics (i.e. PM10 and PM2.5) but includes also PM1 and PM coarse. Moreover, 

additional cut-off sizes were found and, for sake of simplicity, grouped as follows: 

­ PM1 (< 1 µm and 0.3-1 µm) 

­ PM2.5 (<2 µm; <2.1 µm; <2.5 µm; <3 µm and 1-2.5 µm) 

­ PM coarse (2.5-10 µm; 1.5-10 µm; 1.6-10.9 µm; 2.1-9 µm; 2-10 µm and  

3-10 µm) 

­ PM10 (<10 µm; 1-10 µm and 0.9-11.5 µm) 

Averaging all studies on PM10, road dust resulted to have a far higher impact than 

other reviewed sources. Mean contribution to PM10 (74 estimates in total) was 

22%, ranging from 1 to 76% among the different studies, versus a range of 1-64% 

(21% as mean) from vehicle exhaust emissions (Figure 3.2).  

 

Figure 3.2 Range and mean road dust (in grey) and vehicle exhaust (in white) 

contribution (%) to different PM size fractions. Solid lines represent the average of 

the studies where both exhaust and non-exhaust sources were found, while dotted 

lines the mean of all studies (only for PMcoarse). The number of studies available 

are shown below each PM size fraction. 
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In absolute concentrations, the mean (among different studies) road dust 

contribution was 16.4 µg/m3 (ranging from 0.3 to 79.3 µg/m3), while 17.3 µg/m3 

for exhaust (ranging from 1.2 to 103.6 µg/m3). For PM2.5 (81 estimates in total), 

road dust contributions were significantly lower, with a mean of 11%, ranging from 

1 to 43% depending on the study, versus a mean of 24% (range of 2-65%) due to 

vehicle exhaust (Figure 3.2). In absolute terms the mean (among different studies) 

road dust contribution to PM2.5 was 3.8 µg/m3 (8.8 µg/m3 for exhaust), ranging 

from 0.1 to 27.2 µg/m3 (0.3-59.8 µg/m3 for exhaust). For PM coarse (15 estimates 

in total), the relative contribution to PM mass was the highest, 34% (11-62%). In 

absolute concentrations, the average contribution was 5.8 µg/m3, ranging from 1.5 

to 17.1 µg/m3. Only few studies allowed direct comparison with exhaust for PM 

coarse (Figure 3.2), revealing average contribution of 44% (7.3 µg/m3) for road 

dust vs 10% (1.9 µg/m3) for exhaust.  For PM1, we only found 2 studies with non-

exhaust contributions of 2% and 5-21% although the latter is more uncertain as it 

was estimated by means of Scanning Electron Microscopy.  

This comparison allows concluding that globally, regardless of the environment 

studied, non-exhaust emissions are already at least as important as exhaust ones for 

PM10, considering also that the aforementioned contributions are derived mostly 

from receptor modelling, thus including the contribution of secondary PM for 

vehicle exhaust (while they are discarded in emission inventories). For PM2.5 they 

represent at least a third of total traffic contribution whilst they dominate the PM 

coarse (>1.5 µm) mode (>80%). 

Direct brake wear contributions to PM10 (11 estimates, Figure 3.3) were found to 

vary from 0.1 to 20% (mean 7% of all studies) and, in absolute terms, from 0.1 to 

8.0 µg/m3 (mean of 1.9 µg/m3). Only two studies allowed comparing with vehicle 

exhaust providing the same (5%) contribution (ranges of 1-11% for non-exhaust 

and 2-12% for exhaust). 

For PM2.5 we only found 2 studies with brake wear contribution of 9% (0.7 µg/m3) 

and 14% surprisingly with the latter at a rural site. In any case, only the former, 

performed at an urban site, allows comparing with exhaust emissions that 

contributed to 55% (4.3 µg/m3, Figure 3.3). 

For coarse particles, 4 estimates were found providing a contribution range of 7-

23% (average 13%) and 0.7 µg/m3 varying from 0.3 to 1.3 µg/m3 (Figure 3.3). Only 

1 study compared exhaust vs non-exhaust, providing a surprisingly ratio of 2 (1.6 

vs 0.8 µg/m3, respectively), but as mentioned by authors, results were high 

uncertain due to the high correlation between the two factors contributions (Wahlin 

et al., 2006).  

Several studies identified a contribution of disc wear to total brake wear emissions. 

Iijima et al. (2008) reported that approximately 30% of dust originated from disc in 
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their experiments, while Hulskotte et al. (2014) calculated that 70% of brake wear 

mass originate from disc wear. This wide variability is also reported for Fe, C and 

Cu from studies analyzing brake pads and discs composition. However, average Fe 

concentration is about 40% while is >90% in grey cast iron disc (Amato et al., 2009; 

Hulskotte et al., 2014; Kukutschová et al., 2011; Thorpe and Harrison, 2008). 

 

Figure 3.3 Range and mean brake wear (in grey) and vehicle exhaust (in white) 

contribution (%) to different PM size fractions. Solid lines represent the average of 

the studies where both exhaust and non-exhaust sources were found, while dotted 

lines the mean of all studies. The number of studies available are shown below each 

PM size fraction. 

 

In Figure 3.4, we compare the average composition for brake pads (from Amato et 

al., 2009; Figi et al., 2010; Hjortenkrans et al., 2007; Hulskotte et al., 2014; Iijima 

et al., 2008; Kukutschová et al., 2011; von Uexkull et al., 2005) and brake discs 

(Hulskotte et al., 2014) with that of PMF brake wear factor profiles (Hedberg et al., 

2012; Mooibroek et al., 2016; Sturtz et al., 2014;  Visser et al., 2015; Wahlin et al., 

2006). 

Brake wear factor profiles are generally similar to those of brake pads, with Fe as 

main components in mass. The typical tracers Ba, Cu, Sb, and Sn have similar 

concentrations in brake pads and in PMF profiles. However, iron content in PMF 

profile results to be intermediate between disc and pads composition, confirming 

the importance of disc wear (Figure 3.4). On the contrary, sulphur content is slightly 
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higher in PMF profiles rather than in both pads and discs. This can be interpreted 

as poor representativeness of pads experimental profile or to a mix of PMF brake 

factors with other traffic-related sources (exhaust for example). 

 

 

Figure 3.4 Average compositions of brake pads (Amato et al., 2009; Figi et al., 

2010; Hjortenkrans et al., 2007; Hulskotte et al., 2014; Iijima et al., 2008; 

Kukutschová et al., 2011; von Uexkull et al., 2005), brake discs (Hulskotte et al., 

2014) and PMF brake wear profile as found from source apportionment studies 

(Hedberg et al., 2012; Mooibroek et al., 2016; Sturtz et al., 2014;  Visser et al., 

2015; Wahlin et al., 2006). 

 

Direct tire wear contribution (in %) was found to be lower than brake wear for all 

PM size fractions. In PM10 (11 estimates) an average value of 4% (0.5-8%) and 

1.8 µg/m3 (0.6-3.4 µg/m3) was found (Figure 3.5), except an outlier data with a 

mean contribution of 15.4 µg/m3 in India. Only four studies allowed the inter-

comparison with vehicle exhaust contribution, showing 22% (13-37%) from 

exhaust and 6% (2-8%) from tire wear. In PM2.5 we only found 3 studies; one in 

Spain that found, surprisingly, a 1:1 ratio with exhaust (18%), probably due to a co-

linearity among the two PMF factors (Figure 3.5). The other two studies in USA 

found a contribution ranging from 0.9 to 3.3% (mean of 1.6%), with a mean 

contribution of 0.8 µg/m3 (0.3-2.0 µg/m3) (Figure 3.5). In the same studies, exhaust 

emissions contributed 32% (23-40%) and 20 µg/m3 (12-26 µg/m3). For coarse PM 

only 1 study was found (Figure 3.5), estimating contribution at 3 cities in the US: 

the mean contribution was 3.4%, varying from 1 to 7%, while in absolute 

concentrations 0.27 µg/m3 (from 0.05 to 0.39 µg/m3). 
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Figure 3.5 Range and mean tire wear (in grey) and vehicle exhaust (in white, not 

available for PM coarse) contribution (%) to different PM size fractions. Solid lines 

represent the average of the studies where both exhaust and non-exhaust sources 

were found, while dotted lines the mean of all studies. The number of studies 

available are shown below each PM size fraction. 

 

Another category of studies included 12 articles identifying a generic “Non-

exhaust” source or similar (Table 3.1, Figure 3.6).  

The mean contribution of these studies to PM10 (18 estimates) was 8% (range: 1-

14%, plus a 42% value found in a roadside station UK), being the absolute 

contribution estimated only by a part of them in 3 µg/m3 (range: 0.2-17 µg/m3). 

Selecting those studies that identified also the exhaust contribution, the comparison 

shows a mean 6% (1-15%) contribution of non-exhaust vs a mean 11% (1-23%) 

from exhaust (Figure 3.6). However we have to remind that, given the lack of 

definition on the term “non-exhaust”, this category cannot be intended a priori as 

the “total” non-exhaust contribution (i.e. road dust contribution might be hidden in 

“mineral” or “crustal” factors). In PM2.5, a mean contribution of 6% was found 

(range: 1-11%, Figure 3.6) except one study with 47% at a roadside site in UK 

being the absolute contribution estimated only by a part of them in 1.4 µg/m3 

(range: 0.2-3.4 µg/m3), while the exhaust contribution was found to be in average 

19% (6-37%) and to vary within 1.7-8.1 µg/m3 (4.2 µg/m3 as average). In PM1 only 

a German study was found with a mean contribution of 3% versus 10% from 

exhaust (Figure 3.6).   
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Figure 3.6 Range and mean non-exhaust (in grey) and vehicle exhaust (in white) 

contribution (%) to different PM size fractions. Solid lines represent the average of 

the studies where both exhaust and non-exhaust sources were found, while dotted 

lines the mean of all studies. The number of studies available are shown below each 

PM size fraction. 

 

Non-exhaust emissions have been predicted to increase in relative importance to 

urban PM mass during the last two decades due to the reduction of exhaust 

emissions (Keuken et al., 2012; Kousoulidou et al., 2008; Rexeis and Hausberger, 

2009). Recently, analysis of trends in atmospheric emissions reported first 

evidences of this increase of the share of coarse particles in PM10, as PM2.5 

decrease more rapidly than PM10 (Masri et al., 2015). Similarly, at various 

European sites PM2.5 trends over last decade declined more rapidly than coarse 

PM (Barmpadimos et al., 2012). Font and Fuller (2016) also reported a general 

downward trend in PM2.5 in London, proving the usefulness of exhaust abatement 

policies, while for PM10 such trend was not noted.  In Southern Spain for example, 

from 2004 to 2011 road dust contributions to PM10 levels measured at a number 

of sites did not decrease, while vehicle exhaust contributions decreased (p < 0.001) 

by 0.4 (0.57–0.24) µg/m3•year (Amato et al., 2014b). Further increase in Europe in 

the coming years may also be boosted by the economic crisis, the consequent poor 

maintenance of vehicles and roads and the possible increase of low-cost materials 

and technologies used, with worse quality and faster degradation/erosion. 
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The aforementioned figures on air quality (PM10 and PM2.5) impact are due to the 

coarser size distribution of non-exhaust particle volume/mass when compared to 

exhaust PM.  

Size distribution of brake wear particles was recently reviewed by Grigoratos and 

Martini (2015), who classified 3 types of methodologies used to assessing it: i) 

emission studies in laboratory (e.g. brake dynamometer, or pin-on-disc; Garg et al. 

2000; Gasser et al. 2009; Kukutschová et al. 2011; Iijima et al. 2007; Iijima et al. 

2008; Mosleh et al. 2004; Sanders et al. 2003;  Wahlström et al. 2010); ii) receptor 

modelling studies (Bukowiecki et al. 2009a and 2009b; Dongarra et al. 2009; Gietl 

et al. 2010; Harrison et al. 2012; Hjortenkrans et al. 2007; Fabretti et al. 2009; 

Wahlin et al. 2006) and iii) “real-world” emission studies (Mathissen et al. 2011). 

Most of the studies found unimodal brake wear mass distributions with maxima 

ranging between 1.0 and 6.0 μm, confirming the high impact of brake wear 

emissions also in PM2.5. For instance, Kukutschová et al. (2011) found unimodal 

distribution with maxima at 2–4 μm using low-metallic pads, while von Uexküll et 

al. (2005) conducted tests on front and rear truck brakes and found unimodal mass 

distributions with maxima at 2–3 μm. Similar conclusions were reached by 

Harrison et al. (2012), who collected size-fractionated samples of airborne PM and 

found that a unimodal PM10 mass distribution with a peak at 2–3 μm. 

Regarding tire wear mass size distribution, only three studies were found: Kwak et 

al. (2013), investigated the mass size distributions of road (RWP) and tire wear 

(TWP) particles during constant speed conditions (50, 80, 110, and 140 km/h). The 

mode diameters of TWPs were between 2 and 3 μm. Harrison et al. (2012) 

estimated also a bimodal distribution with maxima at 2 and 8 µm, respectively, 

using Zinc as tracer of mass size distribution. Differently, Gustafsson et al. (2008) 

indicated tire wear as the source of particles <1 µm on a road simulator. 

Concerning road wear, Kwak et al. (2013) found that peak values of RWPs 

generated at vehicle speeds of 50, 80, 110, and 140 km/h ranged between 2 and 3 

μm, while for speeds greater than 80 km/h, RWPs showed a bimodal distribution 

with peaks at 2–3 μm and > 10 μm. Aatmeeyata et al. (2009), found about 32% of 

particle mass emitted from road-tire friction of PM10 was present below 1 μm. The 

number as well as mass size distribution for PM10 was observed to be bi-modal 

with peaks at 0.3 μm and 4–5 μm. Kupiainen et al., 2005 found however particle 

mass size distribution with maxima well above 2.5 µm, both with friction tires and 

studded tires.  

Concerning strictly road dust, most of the studies identified only impact on PM2.5 

or PM10 mass fraction, without further subtle fractionation. As it is generally 

identified as a mixture of the previously mentioned sources plus suspended soil, it 

is obviously enriched mostly in the 2.5-10 µm fraction. Most of the studies, based 
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on various methods, found a unimodal mass size distribution above, at least, 3-4 

µm (Harrison et al. 2012; McKenzie et al. 2008; Tian et al. 2016; Zhu et al. 2015). 

For example, Harrison et al. (2012) collected size-fractionated samples of airborne 

PM and found a unimodal PM10 mass distribution of road dust particles peaking 

around 4 µm. Tian et al. (2016), using receptor modeling, report that road dust 

profile has the major relative contribution to PM (>10 %) above 3.3 µm. Roadway 

particles (which is assumable to be road dust) particle mass size distribution was 

also studied by Lee et al., (2013), who found a bimodal distribution at lower sizes, 

being the maxima at 0.7 and 2 µm. 

 

3.3.2 Spatial variability 

The micro-scale (rural to traffic locations) spatial variability of source contributions 

according to receptor sites shows the following: 

Road dust suspension: at rural locations, PM10 mean contribution (4 estimates) 

was 8% (6-9%) vs a 15% (7-23%) from vehicle exhaust, 1.1 µg/m3 vs 2.3 µg/m3 in 

absolute contributions, respectively (Figure 3.7). This is likely due to the lower 

travelling distances of coarse particles. In PM2.5, the proportion of road dust 

particles is about 3 times lower than exhaust: 4% (1-9%) vs 12% (8-20%), 0.5 

µg/m3 vs 1.6 µg/m3 since the coarse fraction of road dust is not captured. At 

suburban, although only a very limited number of studies was found (3 estimates,) 

PM10 contribution increased to 7% (except one study in Finland finding 43%, 

Kupiainen et al., 2016) vs 18% of exhaust emissions, corresponding to 1.8 µg/m3 

vs 4.9 µg/m3. In PM2.5 the same pattern of rural background is observed: 3% vs 

11% and 0.4 µg/m3 vs 1.4 µg/m3. The largest body of literature was found for urban 

locations (128 estimates): PM10 contributions averaged 23% (range of 1-59%) vs 

22% of exhaust (range of 1-64%), 22.1 µg/m3 vs 20.7 µg/m3, respectively (Figure 

3.7). In PM2.5 mean contributions of 11% (range of 1-32%) vs 24% (3-58%)  and 

3.8 µg/m3 vs 8.2 µg/m3 were found, while in PM coarse (1.5-10 µm approximately): 

44% (17-47%) vs 10% (8-14%) from exhaust ), 5.0 µg/m3 (7.3 vs 1.8 µg/m3).  

A lower number of studies was found at roadside locations (19 estimates). PM10 

contributions were on average 25% (12-53%), with 20% for exhaust (6-36%), but 

reaching 57-76% in Sweden and Denmark (Figure 3.7); in absolute concentrations 

mean values were 8.1 µg/m3 for road dust vs 9.0 µg/ m3 for exhaust (higher due to 

the lack of absolute contribution in 1 study with SEM). Only 1 study quantified 

road dust contribution in freeway (11 vs 13%, 2.1 vs 2.4 µg/m3) and other two in 

tunnels (19% vs 12%) (Figure 3.7). For PM2.5 mean contribution at roadside 

locations was 20% (10-31%) vs 30% for exhaust (12-62%), corresponding to 8.3 

µg/m3 vs 20.0 µg/m3; while the only study in tunnel found 43% vs 21%. For coarse 
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PM only 1 study compared road dust contribution share with exhaust (31% vs 13% 

for exhaust).  

Other 7 estimates were found in industrial settings: in PM10 16% (12-19%) was 

the average road dust contribution vs 22% (9-47%) of exhaust (Figure 3.7), 

corresponding to 10 µg/m3 vs 15 µg/m3, while in PM2.5 mean contribution of road 

dust was 12% (6-24%) vs 28% (2-65%)corresponding to 4.0 µg/ m3 vs 17.8 µg/m3 

respectively.  

Brake wear: at rural locations, only 1 estimate was found (14% of PM2.5, 1 

µg/m3). The largest number of studies was found for urban locations (16 estimates). 

For PM10 only 2 studies were found (Figure 3.7): 1 study in northern Europe, 

where contributions averaged 4% (3-5%) vs 4% (2-5%) of exhaust, and 1 study in 

India (58% of PM10 from exhaust versus 0.1% from brake wear), who also found 

the same values for PM2.5. Another study in Denmark (Wahlin et al., 2006) found 

a mean contribution of brake wear of 9% vs 55% of exhaust. For urban PM coarse 

the average brake wear contribution was found to be 13% (6-23%) corresponding 

to 0.7 µg/m3.  

A lower number of studies was found at roadside locations (4 estimates). PM10 

contributions were on average 11% (5-20%), 3.6 µg/m3 for brake wear. The 

comparison with exhaust was made only in 1 tunnel study (11% vs 12%). Another 

study in an industrial setting found in PM10 0.7% as the brake wear contribution 

vs 1.8% of exhaust; while in PM0.3-3 a brake wear share of 0.4% was found. 

Tire wear: very few studies were found for each location category; on average, it 

contribute 0.5% to rural PM10 and 1.9% to PM10 in urban sites, versus 13% of 

vehicle exhaust (Figure 3.7). In urban PM2.5, its share is 2% (1-3%) vs 30% (23-

37%) from exhaust. In urban PM coarse, it increases slightly to 3% (2-7%), 

corresponding to 0.3 µg/m3 on average. More studies are located roadside, 

providing a mean contribution of 5% of PM10, although it increase to 8% (7-8%) 

in those studies that also estimated contribution of exhaust, at 19% (18-20%), 2.1 

(µg/m3) as average. One roadside PM2.5 study showed a mean 1.1% contribution 

vs 39% contribution from exhaust, although another study found a 18% 

contribution, but likely due to a mix of sources. Only one estimate in industrial sites 

was found, displaying a value of 8% of PM10. 

Non-exhaust: 29 estimates for the generic non-exhaust source were found (only 24 

times together with exhaust). At rural sites, contribution to PM10 was found on 

average 3.75% (3.5-4%) vs 16% of exhaust (Figure 3.7). At suburban locations, 

only 2 studies revealed about 10% contributions for both PM10 and PM2.5 

(approximately 1.8 µg/m3). At urban sites 6% (1-14%) vs 10% (1-16%) in PM10 

and 5% (1-8%) vs 17% (6-37%) in PM2.5. At roadside only two studies were found, 

calculating a contribution of 42% and 8% (vs 23% from exhaust) in PM10 and 45% 

and 5% (vs 32%) in PM2.5.  
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Figure 3.7 Range of contributions (%) to PM10 of different non-exhaust sources. 

 

The macro-scale variability of non-exhaust emissions is mostly driven by climate. 

Road dust suspension was the only source which could be evaluated, being the 

number of studies was large enough to span well over different climatic conditions. 

In order to better visualize the climate dependence we only compared PM10 among 

urban and roadside sites (Table 3.2).  

The lowest contribution of road dust relatively to exhaust emissions were found in 

Oceanic urban sites, where 5 studies found a mean road dust contribution of 13% 

vs 22% from exhaust (ratio 0.60). Slightly higher ratios (0.66) were found in urban 

continental sites with 16% vs 24% mean contributions. The importance of road dust 

increase considerably in Mediterranean and Tropical-Monsson climates where 

ratios increase to 0.85, and even above 1 at traffic sites. The worst scenario for road 

dust emissions was found in China where road dust contributions exceed exhaust 

ones with a ratio of 1.8. 
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Table 3.2 Average share of PM10 explained by road dust and exhaust factor in 

urban and roadside sites according to climate. 

Climate Urban Roadside 

(n° of studies) Road dust 
Vehicle 

exhaust 
Road dust Vehicle exhaust 

Continental (8) 
16% 

(9-29%) 

24% 

(11-62%) 

14% 

(13-16%) 

27% 

(18-36%) 

Oceanic (7) 
13% 

(6-21%) 

22% 

(6-37%) 

19% 

(9-28%) 

only 1 study 

(13%) 

Mediterranean (18) 
19% 

(7-34%) 

22% 

(9-64%) 

23% 

(11-35%) 

21% 

(19-27%) 

Temperate 

(11, mostly in China) 

29% 

(7-59%) 

16% 

(7-40%) 
no studies no studies 

Tropical-Monsoon 

(8, in India) 

29% 

(1-51%) 

34% 

(18-58%) 
no studies no studies 

 

3.3.3 Other metrics 

Although regulated air quality metrics only refer to particle mass, there is an 

increasing concern on particle number (PN) concentration, due the capability of 

finer particles to penetrate into the alveolar system and into the blood system. For 

brake wear particles, Garg et al. (2000) conducted dynamometer tests and found 

the highest number of emitted particles to lie into diameters smaller than 30 nm. 

This is in agreement with Mathissen et al. (2011), who exhibited a bimodal PN 

distribution with a nucleation mode at 10 nm and a second mode between 30 and 

50 nm. Other studies found that, despite the negligible generation of small wear 

particles (<500 nm) at low rotor temperatures, the concentration of nanoparticles 

smaller than 100 nm significantly increase with the increase of the cast iron disc 

temperature (up to 340 °C) (Kukutschová et al., 2011; Nosko and Olofsson, 2017). 

They proposed that submicron particles are rather formed by the 

evaporation/condensation process, with subsequent aggregation of primary 

nanoparticles, than by an abrasive type of wear. Riediker et al. (2008) tested pad 

materials of six different passenger cars under controlled environmental conditions 

and found a bimodal PN distribution with peaks at 80 nm (depending on the tested 

car and braking behavior) and at 200–400 nm. They found that full stops result in 

higher nanoparticle production compared to normal deceleration.  
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Three studies were found investigating the size distribution of tire wear particle 

number. Dall’Osto et al. (2014), found a bimodal particle distribution below 100 

nm with modes at about 35 nm and 85 nm. Unimodal (70–90 nm) and bimodal (<10 

and 30–60 nm) number size distributions in the nano size range have been reported 

for tire particles under low and high-speed conditions, respectively (Mathissen et 

al., 2011). Dahl et al. (2006), found an enrichment of tire particles between 15 and 

50 nm using a road simulator. They identified two types of particle: one comprising 

mineral oils from the softening filler, the other of soot-like agglomerates from the 

carbon-reinforcing filler material. Kreider et al. (2010) characterized the physical 

and chemical properties of particles generated from the interaction of tires and road 

surfaces. However, these particles were distributed (in number) in the very large 

coarse mode, spanning from 4–6 μm to 265–280 μm, with the mode centered at 

approximately 50–75 μm. Kreider et al. (2010) found, interestingly, that the mode 

of particle number size distribution of road wear particles was at 11-12 microns. 

Dahl et al., 2006 investigated particle number size distributions of the aerosol 

generated at different speeds with studded and non-studded tires on quartzite and 

granite pavements, finding in all cases maxima concentration below 50 nm.  

Concerning the contribution of non-exhaust emissions to PN concentrations, four 

studies were found investigating non-exhaust contribution to particle number 

concentration (Gu et al., 2011; Harrison et al., 2011; Liu et al., 2016; Sowlat et al., 

2016). All four sites were urban. The particle size range analyzed was, respectively, 

3 nm-10 µm, 15 nm-20 µm, 15 nm-20 µm and 14 nm-10 µm.  As expected, the 

non-exhaust contribution is negligible as compared to that from exhaust. Brake 

wear and road dust were found to contribute within 1-5% of PNC while exhaust 

contributed 54-67%.  

Given the high metal content on brake and tire materials, and the strict IPPC 

regulation on industrial emissions, non-exhaust sources are becoming one of the 

largest source of some metals and metalloids in urban air. Using tunnel 

measurements could be useful to compare only traffic related emission, Fabretti et 

al. (2009), for example, calculated that resuspension and vehicular abrasion 

contributed 43% and 36% to the global emission of metals in PM2.5 in a tunnel, 

while combustion only a 21%. Also Lawrence et al. (2013) assessed source 

contribution through metal concentrations, and found resuspension to be the major 

contributor, followed by the sum of exhaust, brake and tire wear and from road 

wear. Visser et al. (2015) identified three factors, namely resuspended dust, brake 

wear and traffic-related (composed almost exclusively from Fe) that account for 

the majority of the total trace elements mass, together with sea/road salt. 
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Table 3.3 Results for exhaust and non-exhaust contributions to size-fractionated PM as reported in the literature.  

Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

Australia, 

Brisbane 
Temperate 

1993-

1994 
Urban PM 2.5 Yearly 

RM, 

CMB 

Road 

dust 
2 0.14   Chan et 

al., 1999 

Australia, 

Brisbane 
Temperate 

1993-

1994 
Urban 

PM 2.5-

10 
Yearly 

RM, 

CMB 

Road 

dust 
15 1.5   Chan et 

al., 1999 

Australia, 

Brisbane 
Temperate 

2003-

2004 
Urban PM 10 Yearly 

RM, 

PMF 

Road 

dust 
28 3.6 40 5.1 

Chan et 

al., 2008 

Australia, 

Melbourne 
Oceanic 

2003-

2004 
Urban PM 10 Yearly 

RM, 

PMF 

Road 

dust 
21 3.4 37 6 

Chan et 

al., 2008 

Banglades

h, 

Chittagong 

Tropical-

Monsoon 
2007 

Urban 

backgrou

nd 

PM 2.5 Yearly 
RM, 

PMF 

Road 

dust 
19 8.9 9.8 4.5 

Begum et 

al., 2009 

Belgium, 

Antwerp 
Oceanic 

2013-

2014 

Urban 

backgrou

nd 

PM 10 Yearly 
RM, 

PMF 

Brake 

wear 
4.9 1.5 3.9 1.2 

Mooibroek 

et al. 2016 

Belgium, 

Antwerpen 
Oceanic 

2011-

2012 

Urban 

backgrou

nd 

PM 10 Yearly 
RM, 

PMF 

Non-

exhaust 
1 0.22 13 2.9 

Maenhaut 

et al., 2016 

Belgium, 

Brugge 
Oceanic 

2011-

2012 

Urban 

backgrou

nd 

PM 10 Yearly 
RM, 

PMF 

Non-

exhaust 
1 0.23 9 2.1 

Maenhaut 

et al., 2016 

Belgium, 

Gent 
Oceanic 

2011-

2012 

Urban 

backgrou

nd 

PM 10 Yearly 
RM, 

PMF 

Non-

exhaust 
1 0.25 11 2.8 

Maenhaut 

et al., 2016 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

Belgium, 

Oostende 
Oceanic 

2011-

2012 

Urban 

backgrou

nd 

PM 10 Yearly 
RM, 

PMF 

Non-

exhaust 
1 0.24 8 1.9 

Maenhaut 

et al., 2016 

Canada, 

Edmonton 
Continental 

2004-

2008 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
7 0.6 12 1 

Jeong et 

al., 2011 

Canada, 

Montreal 
Continental 

2004-

2008 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
4 0.4 14 1.4 

Jeong et 

al., 2011 

Canada, 

Toronto 
Continental 

2004-

2008 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
3 0.4 10 1.3 

Jeong et 

al., 2011 

China, 

Beijing 
Continental 2013 Urban 

Particle 

Number 

Short 

term 

RM, 

PMF 

Road 

dust 
4  53.8  Liu et al., 

2016 

China, 

Beijing 
Continental 2013 Urban 

PM10 

volume 

Short 

term 

RM, 

PMF 

Road 

dust 
11  13.4  Liu et al., 

2016 

China, 

Beijing 
Continental 2000 Urban PM 2.5 

Short 

term 

RM, 

UNMIX 

Road 

dust 
9 8.4 6 5.7 

Song et 

al., 2006 

China, 

Beijing 
Continental 

2013-

2014 
Urban PM 2.1 Yearly 

RM, 

PMF 

Road 

dust 
8 5.6 19.6 13.1 

Tian et al., 

2016 

China, 

Beijing 
Continental 

2013-

2014 
Urban PM 2.1-9 Yearly 

RM, 

PMF 

Road 

dust 
11 6.8   Tian et al., 

2016 

China, 

Beijing 
Temperate 2010 Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
13 6.6 17.1 8.9 

Yu et al., 

2013 

China, 

Handan 
Temperate 

2012-

2013 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
11 17.45 7.7 11.5 

Wei et al., 

2014 

China, 

Harbin 
Continental 

2006-

2007 
Urban PM 10 Yearly 

RM, 

CMB 

Road 

dust 
16 27.2 61.7 103.6 

Huang et 

al., 2010 

China, 

Jinan 
Temperate 

2002-

2004 
Urban PM 10 Yearly 

RM, 

CMB 

Road 

dust 
30 42.6 10 14.2 

Zhao et 

al., 2006 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

China, 

Nanjing 
Temperate 2013 Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
9 10.9   Li et al., 

2016 

China, 

Panzhihua 
Temperate 2007 Urban PM 10 

Short 

term 

RM, 

CMB 

Road 

dust 
7 9.2 13.7 18.9 

Xue et al., 

2010 

China, 

Shijiazhua

ng 

Temperate 
2002-

2004 
Urban PM 10 Yearly 

RM, 

CMB 

Road 

dust 
43 68.5 10 15.9 

Zhao et 

al., 2006 

China, 

Taiyuan 
Temperate 

2002-

2004 
Urban PM 10 Yearly 

RM, 

CMB 

Road 

dust 
32 54.6 15 25.6 

Zhao et 

al., 2006 

China, 

Taiyuan 
Temperate 2001 Urban PM 10 Yearly 

RM, 

PCA/M

LR-

CMB 

Road 

dust 
26 79.3 13 39.7 

Zheng et 

al., 2010 

China, 

Tianjin 
Temperate 

2002-

2004 
Urban PM 10 Yearly 

RM, 

CMB 

Road 

dust 
34 43 13 16.4 

Zhao et 

al., 2006 

China, 

Urumqi 
Temperate 

2002-

2004 
Urban PM 10 Yearly 

RM, 

CMB 

Road 

dust 
30 40.4 9 12.1 

Zhao et 

al., 2006 

China, 

Yinchuan 
Temperate 

2002-

2004 
Urban PM 10 Yearly 

RM, 

CMB 

Road 

dust 
59 65.9 7 7.8 

Zhao et 

al., 2006 

Croatia, 

Rijeka 
Oceanic 

2013-

2015 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
6 1.2 33 6.6 

Ivoševic´ 

et al., 2016 

Cyprus, 

Larnaca 

Mediterran

ean 
2012 Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
2 0.3 17 2.3 

Achilleos 

et al., 2016 

Cyprus, 

Larnaca 

Mediterran

ean 
2012 Urban 

PM 2.5-

10 
Yearly 

RM, 

PMF 

Road 

dust 
33 5.1   Achilleos 

et al., 2016 

Cyprus, 

Limassol 

Mediterran

ean 
2012 Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
4 0.5 32 4.1 

Achilleos 

et al., 2016 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

Cyprus, 

Limassol 

Mediterran

ean 
2012 Urban 

PM 2.5-

10 
Yearly 

RM, 

PMF 

Road 

dust 
47 7.8   Achilleos 

et al., 2016 

Cyprus, 

Nicosia 

Mediterran

ean 
2012 Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
3 0.4 21 3.1 

Achilleos 

et al., 2016 

Cyprus, 

Nicosia 

Mediterran

ean 
2012 Urban 

PM 2.5-

10 
Yearly 

RM, 

PMF 

Road 

dust 
45 5.5   Achilleos 

et al., 2016 

Cyprus, 

Paphos 

Mediterran

ean 
2012 Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
2 0.3 14 1.7 

Achilleos 

et al., 2016 

Cyprus, 

Paphos 

Mediterran

ean 
2012 Urban 

PM 2.5-

10 
Yearly 

RM, 

PMF 

Road 

dust 
29 3.6   Achilleos 

et al., 2016 

Czech 

Republic 
Continental 

2008-

2010 
Rural PM 1-10 

Short 

term 

RM, 

PMF 

Road 

dust / 

Brake 

wear 

3.5 0.13   Pokorna et 

al., 2013 

Czech 

Republic, 

Ostrava 

Continental 2012 

Urban 

Residenti

al 

PM 1.5-

10 

Short 

term 

RM, 

PMF 

Road 

dust 
62 11.6   Pokorna et 

al., 2015 

Denmark, 

Copenhag

en 

Oceanic 1999 Urban PM10 
Short 

term 
 Tire wear 5    Fauser, 

1999 

Denmark, 

Copenhag

en 

Continental 2003 Urban PM 2.5 
Short 

term 

RM, 

COPRE

M 

Brake 

wear 
9.3 0.72 55.2 4.3 

Wahlin et 

al., 2006 

Denmark, 

Copenhag

en 

Continental 2003 Urban 
PM 2.5-

10 

Short 

term 

RM, 

COPRE

M 

Brake 

wear 
6.7 0.8 13.3 1.6 

Wahlin et 

al., 2006 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

Denmark, 

Copenhag

en 

Continental 2003 Urban PM 2.5 
Short 

term 

RM, 

COPRE

M 

Road 

dust 
28 2.2 55.2 4.3 

Wahlin et 

al., 2006 

Denmark, 

Copenhag

en 

Continental 2003 Urban 
PM 2.5-

10 

Short 

term 

RM, 

COPRE

M 

Road 

dust 
48 5.8 13.3 1.6 

Wahlin et 

al., 2006 

Denmark, 

Copenhag

en 

Oceanic 
2006-

2008 

Urban 

roadside 
PM 10  

EM, 

NORTR

IP 

Tire wear 5.8 1.0   Denby et 

al., 2013 

Denmark, 

Copenhag

en 

Continental 
2006-

2008 

Urban 

roadside 
PM 10  

EM, 

NORTR

IP 

Brake 

wear 
6.4 1.1   

Denby et 

al., 2013 

Denmark, 

Copenhag

en 

Continental 
2006-

2008 

Urban 

roadside 
PM 10  

EM, 

NORTR

IP 

Road 

wear 
57.2 9.6   Denby et 

al., 2013 

Finland, 

Helsinki 
Continental 2012 Suburban PM10 

Short 

term 

RM,CM

B 

Road 

wear 
43    

Kupianine

n et al., 

2016 

France, 

Lille 
Oceanic 

2013-

2014 

Urban 

backgrou

nd 

PM 10 Yearly 
RM, 

PMF 

Brake 

wear 
5 1.5 5.3 1.6 

Mooibroek 

et al. 2016 

France, 

Dunkirk 
Oceanic 2012 Industrial PM 2.5 

Short 

term 

RM, 

PCA-

MLRA 

Road 

dust 
24 3.8 2 0.32 

Mbengue 

et al., 2017 

France, 

Nice 

Mediterran

ean 
2006 Tunnel PM 2.5 

Short 

term 

RM, 

PMF 

Road 

dust 
43  21  

Fabretti et 

al., 2009 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

France, 

Paris 
Oceanic 

2012-

2013 
Urban PM 10 Yearly 

RM, 

PMF 

Road 

dust 
13 6.3   Amato et 

al., 2016c 

Germany, 

Augsburg 
Continental 

2006-

2007 

Urban 

backgrou

nd 

Particle 

number 

Short 

term 

RM, 

PMF 

Road 

dust 
3  65.2  Gu et al., 

2011 

Germany, 

Augsburg 
Continental 

2006-

2007 

Urban 

backgrou

nd 

PM10 

volume 

Short 

term 

RM, 

PMF 

Road 

dust 
9  10.6  Gu et al., 

2011 

Germany, 

Augsburg 
Continental 

2006-

2007 
Urban PM 10 

Short 

term 

RM, 

PMF 

Road 

dust 
20 6.4 16.6 5.3 

Gu et al., 

2011 

Germany, 

Essen 
Oceanic 2009 

Urban 

backgrou

nd 

PM 1 Yearly SEM 
Road 

dust 
5  6  Weinbruch 

et al., 2014 

Germany, 

Essen 
Oceanic 2009 

Urban 

roadside 
PM 1 Yearly SEM 

Road 

dust 
21  15  Weinbruch 

et al., 2014 

Germany, 

Essen 
Oceanic 2009 

Urban 

backgrou

nd 

PM 10 Yearly SEM 
Road 

dust 
15  6  Weinbruch 

et al., 2014 

Germany, 

Essen 
Oceanic 2009 

Urban 

roadside 
PM 10 Yearly SEM 

Road 

dust 
28  13  Weinbruch 

et al., 2014 

Germany, 

Essen 
Oceanic 2009 

Urban 

backgrou

nd 

PM 1-10 Yearly SEM 
Road 

dust 
31  1  Weinbruch 

et al., 2014 

Germany, 

Essen 
Oceanic 2009 

Urban 

roadside 
PM 1-10 Yearly SEM 

Road 

dust 
53  6  Weinbruch 

et al., 2014 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

Germany, 

Essen 
Oceanic 2009 

Urban 

backgrou

nd 

PM 1 Yearly SEM 

Brake 

wear / 

Tire wear 

4  6  
Weinbruch 

et al., 2014 

Germany, 

Essen 
Oceanic 2009 

Urban 

roadside 
PM 1 Yearly SEM 

Brake 

wear / 

Tire wear 

3  15  
Weinbruch 

et al., 2014 

Germany, 

Essen 
Oceanic 2009 

Urban 

backgrou

nd 

PM 10 Yearly SEM 

Brake 

wear / 

Tire wear 

6  6  
Weinbruch 

et al., 2014 

Germany, 

Essen 
Oceanic 2009 

Urban 

roadside 
PM 10 Yearly SEM 

Brake 

wear / 

Tire wear 

7  13  
Weinbruch 

et al., 2014 

Germany, 

Essen 
Oceanic 2009 

Urban 

backgrou

nd 

PM 1-10 Yearly SEM 

Brake 

wear / 

Tire wear 

4  1  
Weinbruch 

et al., 2014 

Germany, 

Essen 
Oceanic 2009 

Urban 

roadside 
PM 1-10 Yearly SEM 

Brake 

wear / 

Tire wear 

15  6  
Weinbruch 

et al., 2014 

Germany, 

North 

Rhine - 

Westphali

a 

Oceanic 
2008-

2009 

Rural 

backgrou

nd 

PM 10 Yearly 
RM, 

PMF 

Road 

dust 
2 0.3   Beuck et 

al., 2011 

Germany, 

North 

Rhine - 

Oceanic 
2008-

2009 

Urban 

backgrou

nd 

PM 10 Yearly 
RM, 

PMF 

Road 

dust 
8 2.4   Beuck et 

al., 2011 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

Westphali

a 

Greece, 

Athens 

Mediterran

ean 
2002 Urban PM 10 Yearly 

RM, 

PMF 

Road 

dust 
34 3.62 19 1.84 

Karanasio

u et al., 

2009 

Greece, 

Athens 

Mediterran

ean 
2002 Urban PM 2 Yearly 

RM, 

PMF 

Road 

dust 
27 1.5 27 1.54 

Karanasio

u et al., 

2009 

Greece, 

Athens 

Mediterran

ean 
2002 Urban PM 2-10 Yearly 

RM, 

PMF 

Road 

dust 
53 2.09 8 0.3 

Karanasio

u et al., 

2009 

Greece, 

Athens 

Mediterran

ean 
2013 

Urban 

backgrou

nd 

PM 10 Yearly 
RM, 

PMF 

Non-

exhaust 
8 1.8 10 2.1 

Amato et 

al., 2016a 

Greece, 

Athens 

Mediterran

ean 
2013 

Urban 

backgrou

nd 

PM 2.5 Yearly 
RM, 

PMF 

Non-

exhaust 
5 0.6 15 1.7 

Amato et 

al., 2016a 

Greece, 

Attica 

Mediterran

ean 
2006  PM 10  

DM, 

CAMx 

Road 

dust 
23 12.5   

Athanasop

oulou et 

al., 2010 

Greece, 

Megalopol

is 

Mediterran

ean 

2009-

2011 
Urban PM 10 Yearly 

RM, 

PMF 

Road 

dust 
15 3.6 12 2.9 

Manousak

as et al., 

2015 

Greece, 

Thessaloni

ki 

Mediterran

ean 
1994 

Urban 

Commerc

ial 

PM 3 Yearly 

RM, 

PCA-

APCS 

Road 

dust 
28 27.2 38 36.9 

Manoli et 

al., 2002 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

Greece, 

Thessaloni

ki 

Mediterran

ean 
1994 

Urban 

Commerc

ial 

PM 3-10 Yearly 

RM, 

PCA-

APCS 

Road 

dust 
57 17.1 9 2.7 

Manoli et 

al., 2002 

Greece, 

Thessaloni

ki 

Mediterran

ean 

1997-

1998 
Industrial PM 10 Yearly 

RM, 

CMB 

Road 

dust 
19 13.7 46.7 34.6 

Samara et 

al., 2003 

Greece, 

Thessaloni

ki 

Mediterran

ean 

1997-

1998 
Urban PM 10 Yearly 

RM, 

CMB 

Road 

dust 
21 17.4 62.8 63.6 

Samara et 

al., 2003 

Greece, 

Thessaloni

ki 

Mediterran

ean 

1997-

1998 

Urban 

Residenti

al 

PM 10 Yearly 
RM, 

CMB 

Road 

dust 
22 19.7 64.3 57.3 

Samara et 

al., 2003 

Hong 

Kong 
Temperate 2005 Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
1 0.55 29 16.1 

Cheng et 

al., 2015 

Hong 

Kong 
Temperate 2005 Urban 

PM 2.5-

10 
Yearly 

RM, 

PMF 

Road 

dust 
17 4.4 11 2.8 

Cheng et 

al., 2015 

India, 

Bangalore 

Tropical-

Monsoon 
2013 Urban PM 10 Yearly 

RM, 

CMB 

Road 

dust 
51 47 18 16.8 

Sharma et 

al., 2013 

India, 

Chennai 

City 

Tropical-

Monsoon 
2009 Urban PM 10 Yearly 

RM, 

CMB 

Road 

dust 
1 0.7 58.5 31.9 

Srimuruga

nandam 

and Shiva 

Nagendra, 

2012b 

India, 

Chennai 

City 

Tropical-

Monsoon 
2009 Urban PM 2.5 Yearly 

RM, 

CMB 

Road 

dust 
1 0.59 57.7 23.5 

Srimuruga

nandam 

and Shiva 
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Location Climate Year 
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station 

PM 

metric 

Study 
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Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

Nagendra, 

2012b 

India, 

Chennai 

City 

Tropical-

Monsoon 
2009 Urban PM 10 Yearly 

RM, 

CMB 

Brake 

wear 
0.14 0.12 58.5 31.9 

Srimuruga

nandam 

and Shiva 

Nagendra, 

2012b 

India, 

Chennai 

City 

Tropical-

Monsoon 
2009 Urban PM 2.5 Yearly 

RM, 

CMB 

Brake 

wear 
0.14 0.09 57.7 23.5 

Srimuruga

nandam 

and Shiva 

Nagendra, 

2012b 

India, 

Chennay 

City 

Tropical-

Monsoon 
2009 Urban PM 10 

Short 

term 

RM, 

PMF 

Brake 

wear / 

Tire wear 

4.1 3.4 15.8 13.1 

Srimuruga

nandam 

and Shiva 

Nagendra, 

2012a 

India, 

Chennay 

City 

Tropical-

Monsoon 
2009 Urban PM 2.5 

Short 

term 

RM, 

PMF 

Brake 

wear / 

Tire wear 

5.4 3.4 6 3.8 

Srimuruga

nandam 

and Shiva 

Nagendra, 

2012a 

India, 

Chennay 

City 

Tropical-

Monsoon 
2009 Urban PM 10 

Short 

term 

RM, 

PMF 

Tire 

Wear / 

Brake 

wear 

4.1 3.4 15.8 13.1 

Srimuruga

nandam 

and Shiva 

Nagendra, 

2012a 
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Location Climate Year 
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station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

India, 

Chennay 

City 

Tropical-

Monsoon 
2009 Urban PM 2.5 

Short 

term 

RM, 

PMF 

Tire 

Wear / 

Brake 

wear 

5.4 3.4 6 3.8 

Srimuruga

nandam 

and Shiva 

Nagendra, 

2012a 

India, 

Delhi 

Tropical-

Monsoon 
2001 Urban 

PM 1.6-

10.9 

Short 

term 

RM, 

CMB 

Road 

dust 
26    

Srivastava 

and Jain, 

2007 

India, 

Delhi 

Tropical-

Monsoon 
2010  PM 2.5  

EI + 

DM, 

ATMOs 

Road 

dust 
8 6.5   

Guttikund

a and 

Calori 

(2013) 

India, 

Hyderabad 

Tropical-

Monsoon 

2004-

2005 
Urban PM 10 Yearly 

RM, 

CMB 

Road 

dust 
40 48.5 22 26.7 

Gummene

ni et al., 

2011 

India, 

Hyderabad 

Tropical-

Monsoon 

2004-

2005 
Urban PM 2.5 Yearly 

RM, 

CMB 

Road 

dust 
26 16.2 31 19.3 

Gummene

ni et al., 

2011 

India, 

Hyderabad 

Tropical-

Monsoon 

2005-

2006 

Urban 

backgrou

nd 

PM 10 Yearly 
RM, 

CMB 

Road 

dust 
36 26.9 41.6 31.6 

Guttikund

a, 

Kopakka, 

Dasari, 

and 

Gertler 

(2013) 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

India, 

Hyderabad 

Tropical-

Monsoon 

2005-

2006 

Urban 

Residenti

al 

PM 10 Yearly 
RM, 

CMB 

Road 

dust 
31 39.6 38.4 48.6 

Guttikund

a, 

Kopakka, 

Dasari, 

and 

Gertler 

(2013) 

India, 

Hyderabad 

Tropical-

Monsoon 

2005-

2006 

Urban 

Residenti

al 

PM 10 Yearly 
RM, 

CMB 

Road 

dust 
36 40.3 41.5 46.8 

Guttikund

a, 

Kopakka, 

Dasari, 

and 

Gertler 

(2013) 

India, 

Hyderabad 

Tropical-

Monsoon 

2005-

2006 

Urban 

backgrou

nd 

PM 2.5 Yearly 
RM, 

CMB 

Road 

dust 
20 7.5 38.1 14.3 

Guttikund

a, 

Kopakka, 

Dasari, 

and 

Gertler 

(2013) 

India, 

Hyderabad 

Tropical-

Monsoon 

2005-

2006 

Urban 

Residenti

al 

PM 2.5 Yearly 
RM, 

CMB 

Road 

dust 
13 8.7 34 22.6 

Guttikund

a, 

Kopakka, 

Dasari, 

and 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

Gertler 

(2013) 

India, 

Hyderabad 

Tropical-

Monsoon 

2005-

2006 

Urban 

Residenti

al 

PM 2.5 Yearly 
RM, 

CMB 

Road 

dust 
17 8.9 38.1 20.2 

Guttikund

a, 

Kopakka, 

Dasari, 

and 

Gertler 

(2013) 

India, 

Kanpur 

Tropical-

Monsoon 
2007  PM 10  

EI + 

DM, 

USEPA 

ISCST3 

Road 

dust 
14    Behera et 

al., 2011 

India, 

Kolkata 

Tropical-

Monsoon 

2003-

2004 

Urban 

Residenti

al 

PM 10 Yearly 
RM, 

CMB 

Road 

dust 
21 36.6   Gupta et 

al., 2007 

India, 

Kolkata 

Tropical-

Monsoon 

 

 Industrial PM 10 
Short 

term 

RM, 

PCA-

MLRA 

Tire wear 8 15.8 37 73.1 

Karar and 

Gupta, 

2007 

India, 

Mumbai 

Tropical-

Monsoon 

2007-

2008 

Urban 

Residenti

al 

PM 10 Yearly 
RM, 

PMF 

Road 

dust 
18 33.3 23 42.6 

Gupta et 

al., 2012 

India, 

Nagpur 

Tropical-

Monsoon 

2009-

2010 

Urban 

Residenti

al 

PM 2.5 
Short 

term 

RM, 

CMB 

Road 

dust 
6 4 57 38.2 

Pipalatkar 

et al., 2014 

India, 

Nagpur 

Tropical-

Monsoon 

2009-

2010 

Urban 

Roadside 
PM 2.5 

Short 

term 

RM, 

CMB 

Road 

dust 
10 9.6 62 59.8 

Pipalatkar 

et al., 2014 
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Location Climate Year 
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station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

India, 

Nagpur 

Tropical-

Monsoon 

2009-

2010 
Industrial PM 2.5 

Short 

term 

RM, 

CMB 

Road 

dust 
9 7.7 65 55.4 

Pipalatkar 

et al., 2014 

Indonesia, 

Serpong 

Tropical-

Monsoon 
 Urban PM 2.5  

RM, 

PMF 

Road 

dust 
17 3.5 30 6.2 

Santoso et 

al., 2011 

Iran, 

Ahvaz 
Arid 

2010-

2011 
Urban PM 10 Yearly 

RM, 

PMF 

Road 

dust 
6 17.6 11.5 36.8 

Sowlat et 

al., 2013 

Italy, 

Bologna 
Temperate 2006 

Urban 

backgrou

nd 

PM 10 Yearly 
RM, 

PMF 

Road 

dust 
11 4.9 35 15.6 

Tositti et 

al., 2014 

Italy, 

Civitavecc

hia 

Mediterran

ean 

2010-

2014 
Rural PM 10 Yearly 

RM, 

PMF 

Road 

dust 
6 1 7.2 1.2 

Cesari et 

al., 2016 

Italy, 

Civitavecc

hia 

Mediterran

ean 

2010-

2014 
Urban PM 10 Yearly 

RM, 

PMF 

Road 

dust 
13 2.8 16.9 3.7 

Cesari et 

al., 2016 

Italy, 

Civitavecc

hia 

Mediterran

ean 

2010-

2014 

Urban 

backgrou

nd 

PM 10 Yearly 
RM, 

PMF 

Road 

dust 
7 1.1 9 1.5 

Cesari et 

al., 2016 

Italy, 

Florence 

Mediterran

ean 
2009 Urban PM 2.5 Yearly 

RM, 

ME-2 

Non-

exhaust 
7 1.4 37 8 

Crespi et 

al., 2016 

Italy, 

Florence 

Mediterran

ean 
2013 

Urban 

backgrou

nd 

PM 10 Yearly 
RM, 

PMF 

Non-

exhaust 
9 1.8 13 2.5 

Amato et 

al., 2016a 

Italy, 

Florence 

Mediterran

ean 
2013 

Urban 

backgrou

nd 

PM 2.5 Yearly 
RM, 

PMF 

Non-

exhaust 
2 0.3 18 2.5 

Amato et 

al., 2016a 
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PM 

metric 
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Method Source 
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Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

Italy, 

Milan 
Oceanic 

2006-

2009 
Urban PM 10 Yearly 

RM, 

CMB + 

Calculat

ions 

Road 

dust 
6 2.6 22 11.1 

Perrone et 

al., 2012 

Italy, 

Milan 
Oceanic 

2006-

2009 
Urban PM 2.5 Yearly 

RM, 

CMB + 

Calculat

ions 

Road 

dust 
3 0.65 20.5 4.5 

Perrone et 

al., 2012 

Italy, 

Milan 
Oceanic 

2006-

2009 
Rural PM 2.5 Yearly 

RM, 

CMB + 

Calculat

ions 

Road 

dust 
1 0.15 7.7 1.7 

Perrone et 

al., 2012 

Italy, 

Milan 
Oceanic 2013 

Urban 

backgrou

nd 

PM 10 Yearly 
RM, 

PMF 

Non-

exhaust 
14 5.8 7 2.8 

Amato et 

al., 2016a 

Italy, 

Milan 
Oceanic 2013 

Urban 

backgrou

nd 

PM 2.5 Yearly 
RM, 

PMF 

Non-

exhaust 
8 2.5 6 1.8 

Amato et 

al., 2016a 

Italy, Po 

valley 
Temperate  

Regional 

backgrou

nd 

PM10 
ToF-

AMS 
 Tire wear 0.5    Dall'Osto 

et al., 2014 

Korea, 

Daejeon 
Temperate 

2000-

2002 
Industrial PM 10 Yearly 

RM, 

PMF 

Road 

dust 
12 10.3 9 7.7 

Lim et al., 

2010 

Korea, 

Seoul 
Temperate 

2006-

2007 
Urban PM 10 Yearly 

RM, 

PMF 

Road 

dust 
18 10.2 16.6 9.5 

Yi and 

Hwang, 

2014 
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PM 

metric 
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Method Source 
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(%) 
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(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

New 

Zealand, 

Auckland 

Oceanic 2003 

Urban 

backgrou

nd 

PM 2.5-

10 
Yearly 

RM, 

PMF 

Road 

dust 
19 1.67   

Wang and 

Shooter, 

2005 

Pakistan, 

Karachi 
Arid 

2006-

2007 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
16 12.8 18.5 14.7 

Mansha et 

al., 2012 

Poland, 

Krakow 
Continental 

2014-

2015 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
3 0.96 43 14.2 

Samek et 

al., 2017 

Portugal, 

Lisbona 

Mediterran

ean 
2001 Urban PM 2.5 Yearly 

RM, 

PCA-

MLRA 

Road 

dust 
14 3.4 22 5.3 

Almeida et 

al., 2005 

Portugal, 

Lisbona 

Mediterran

ean 
2001 Urban 

PM 2.5-

10 
Yearly 

RM, 

PCA-

MLRA 

Road 

dust 
13 2.1   Almeida et 

al., 2005 

Portugal, 

Oporto 

Mediterran

ean 
2013 

Urban 

roadside 
PM 10 Yearly 

RM, 

PMF 

Non-

exhaust 
8 2.9 23 7.9 

Amato et 

al., 2016a 

Portugal, 

Oporto 

Mediterran

ean 
2013 

Urban 

roadside 
PM 2.5 Yearly 

RM, 

PMF 

Non-

exhaust 
5 1.3 32 8.1 

Amato et 

al., 2016a 

Spain 
Mediterran

ean 
2004  PM 10  

EI + 

DM, 

CALIO

PE, 

HERME

S 

Road 

dust 
27 3.5   

Pay et al., 

2011 

Spain, 

Barcelona 

Mediterran

ean 

2003-

2007 

Urban 

backgrou

nd 

PM 1 Yearly 
RM, 

ME-2 

Road 

dust 
2 0.3 36 6.2 

Amato et 

al., 2009 
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PM 
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(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

Spain, 

Barcelona 

Mediterran

ean 

2003-

2007 

Urban 

backgrou

nd 

PM 10 Yearly 
RM, 

ME-2 

Road 

dust 
17 6.9 21 8.5 

Amato et 

al., 2009 

Spain, 

Barcelona 

Mediterran

ean 

2003-

2007 

Urban 

backgrou

nd 

PM 2.5 Yearly 
RM, 

ME-2 

Road 

dust 
8 2.2 32 8.8 

Amato et 

al., 2009 

Spain, 

Barcelona 

Mediterran

ean 
2010 

Urban 

backgrou

nd 

PM 10 
Short 

term 

RM, 

PMF 

Road 

dust 
12 3.3 18 5 

Brines et 

al., 2016 

Spain, 

Barcelona 

Mediterran

ean 
2010 

Urban 

roadside 
PM 10 

Short 

term 

RM, 

PMF 

Road 

dust 
12 3.8 27 8.7 

Brines et 

al., 2016 

Spain, 

Barcelona 

Mediterran

ean 
2010 Urban PM 10 

Short 

term 

RM, 

PMF 

Road 

dust 
9 2.3 11 2.9 

Brines et 

al., 2016 

Spain, 

Barcelona 

Mediterran

ean 
2010 

Urban 

backgrou

nd 

PM 10 
Short 

term 

RM, 

PMF 

Road 

dust 
8 1.6 10 1.9 

Brines et 

al., 2016 

Spain, 

Barcelona 

Mediterran

ean 
2009 

Urban 

backgrou

nd 

PM 10  DM, 

URBIS 

Road 

dust 
12 10   Amato et 

al., 2016b 

Spain, 

Barcelona 

Mediterran

ean 
2009 

Urban 

traffic 
PM 10  DM, 

URBIS 

Road 

dust 
33.5 10   Amato et 

al., 2016b 

Spain, 

Barcelona 

Mediterran

ean 
2013 

Urban 

backgrou

nd 

PM 10 Yearly 
RM, 

PMF 

Non-

exhaust 
12 2.6 14 3.2 

Amato et 

al., 2016a 

Spain, 

Barcelona 

Mediterran

ean 
2013 

Urban 

backgrou

nd 

PM 2.5 Yearly 
RM, 

PMF 

Non-

exhaust 
1 0.2 19 2.9 

Amato et 

al., 2016a 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

Spain, 

Barcelona 

Mediterran

ean 
 

Urban 

roadside 
PM10 

ToF-

AMS 
 Tire wear 2    Dall'Osto 

et al., 2014 

Spain, 

Càdiz 

Mediterran

ean 

2003-

2010 
Industrial PM 10 Yearly 

RM, 

PMF 

Road 

dust 
19 6.7 12.2 4.4 

Amato et 

al., 2014 

Spain, 

Càdiz 

Mediterran

ean 

2003-

2010 
Industrial PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
10 2.3 15.7 3.6 

Amato et 

al., 2014 

Spain, 

Cordoba 

Mediterran

ean 

2003-

2010 
Urban PM 10 Yearly 

RM, 

PMF 

Road 

dust 
29 10.4 16 5.6 

Amato et 

al., 2014 

Spain, 

Cordoba 

Mediterran

ean 

2003-

2010 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
11 1.9 22 3.8 

Amato et 

al., 2014 

Spain, 

Granada 

Mediterran

ean 

2003-

2010 

Urban 

roadside 
PM 10 Yearly 

RM, 

PMF 

Road 

dust 
24 10.4 20 8.8 

Amato et 

al., 2014 

Spain, 

Granada 

Mediterran

ean 

2003-

2010 

Urban 

roadside 
PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
22 8.2 18 6.5 

Amato et 

al., 2014 

Spain, 

Granada 

Mediterran

ean 

2003-

2010 

Urban 

roadside 
PM 10 Yearly 

RM, 

PMF 
Tire wear 8 3.4 20 8.8 

Amato et 

al., 2014 

Spain, 

Granada 

Mediterran

ean 

2003-

2010 

Urban 

roadside 
PM 2.5 Yearly 

RM, 

PMF 
Tire wear 18 6.6 18 6.5 

Amato et 

al., 2014 

Spain, 

Madrid 
Continental 2009 Urban PM 10 

Short 

term 

RM, 

PMF 

Road 

dust 
29 14.6 31 15.6 

Karanasio

u et al., 

2011 

Spain, 

Màlaga 

Mediterran

ean 

2003-

2010 
Rural PM 10 Yearly 

RM, 

PMF 

Road 

dust 
9 1.3 23 3.5 

Amato et 

al., 2014 

Spain, 

Màlaga 

Mediterran

ean 

2003-

2010 

Urban 

roadside 
PM 10 Yearly 

RM, 

PMF 

Road 

dust 
21 9 19 8 

Amato et 

al., 2014 

Spain, 

Màlaga 

Mediterran

ean 

2003-

2010 
Rural PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
7 1.4 20 3.9 

Amato et 

al., 2014 



48 | 

Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

Spain, 

Màlaga 

Mediterran

ean 

2003-

2010 

Urban 

roadside 
PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
21 4.8 12 2.8 

Amato et 

al., 2014 

Spain, 

Seville 

Mediterran

ean 

2003-

2010 
Urban PM 10 Yearly 

RM, 

PMF 

Road 

dust 
34 13.9 12 4.7 

Amato et 

al., 2014 

Spain, 

Seville 

Mediterran

ean 

2003-

2010 

Urban 

roadside 
PM 10 Yearly 

RM, 

PMF 

Road 

dust 
35 14.4 20 8.1 

Amato et 

al., 2014 

Spain, 

Seville 

Mediterran

ean 

2003-

2010 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
31 9.5 10 3.2 

Amato et 

al., 2014 

Spain, 

Seville 

Mediterran

ean 

2003-

2010 

Urban 

roadside 
PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
31 9.5 19 5.8 

Amato et 

al., 2014 

Sri Lanka, 

Colombo 

Tropical-

Monsoon 

2000-

2005 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
27 7.8 48 13.9 

Seneviratn

e et al., 

2011 

Sri Lanka, 

Colombo 

Tropical-

Monsoon 

2003-

2008 

Urban 

Residenti

al 

PM 2.5 Yearly 
RM, 

PMF 

Road 

dust 
9 2.1 17 4 

Seneviratn

e et al., 

2011 

Sweden, 

Lycksele 
Continental 2002 Rural PM 2.5 

Short 

term 

RM, 

PMF 

Brake 

wear 
13.9 1   

Hedberg et 

al., 2012 

Sweden, 

Stockolm 
Continental 

2003-

2004 
Freeway PM 10 

Short 

term 

RM, 

PMF 

Road 

dust 
11 2.1 13 2.4 

Furusjö et 

al., 2007 

Sweden, 

Stockolm 
Continental 

2003-

2004 

Urban 

roadside 
PM 10 

Short 

term 

RM, 

PMF 

Road 

dust 
13 4.6 36 13 

Furusjö et 

al., 2007 

Sweden, 

Stockholm 
Continental 

2006-

2007 

Urban 

roadside 
PM 10  

EM, 

NORTR

IP 

Brake 

wear 
5.5 1.7   

Denby et 

al., 2013 



49 | 

Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

Sweden, 

Stockholm 
Continental 

2006-

2007 

Urban 

roadside 
PM 10  

EM, 

NORTR

IP 

Road 

wear 
76 23.3   Denby et 

al., 2013 

Switzerlan

d, Basel 
Continental 1999 Suburban PM10 Yearly RM 

Road 

dust 
7 1.8 18.2 4.9 

Gehrig et 

al., 2001 

Switzerlan

d, Bern 
Continental 1999 

Urban 

roadside 
PM10 Yearly RM 

Road 

dust 
16 6.4 18.4 7.6 

Gehrig et 

al., 2001 

Switzerlan

d, Bern 
Continental 1999 

Urban 

roadside 
PM10 Yearly RM Tire wear 7.5  18.4 7.6 

Gehrig et 

al., 2001 

Switzerlan

d, Erstfeld 
Continental 2008 Rural PM 10 Yearly 

RM, 

PMF 

Brake 

wear / 

Tire wear 

4 0.56 16 2.2 

Ducret-

Stich et 

al., 2013 

Switzerlan

d, Erstfeld 
Continental 

2007-

2009 
Rural PM 10 Yearly 

RM, 

PMF 

Road 

dust 
8 1.1 16 2.2 

Ducret-

Stich et 

al., 2013 

Switzerlan

d, Zurich 
Continental 1999 

Urban 

backgrou

nd 

PM10 Yearly RM 
Road 

dust 
10 2.5 13.2 3.4 

Gehrig et 

al., 2001 

Switzerlan

d, Zurich 
Continental 1999 

Urban 

backgrou

nd 

PM10 Yearly RM Tire wear 1.9  13.2 3.4 
Gehrig et 

al., 2001 

The 

Netherland

s, 

Amsterda

m 

Oceanic 
2013-

2014 

Urban 

backgrou

nd 

PM 10 Yearly 
RM, 

PMF 

Brake 

wear 
2.8 0.7 2 0.5 

Mooibroek 

et al. 2016 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

The 

Netherland

s, Wijk 

aan Zee 

Oceanic 
2013-

2014 
Industrial PM 10 Yearly 

RM, 

PMF 

Brake 

wear 
0.67 0.2 1.8 0.5 

Mooibroek 

et al. 2016 

Turkey, 

Aliaga 

Mediterran

ean 
2009 Urban PM 10 Yearly 

RM, 

PMF 

Road 

dust 
23 11.8   Kara et al., 

2015 

UK, 

Birmingha

m 

Oceanic 1992 Urban PM 2.1 Yearly 

RM, 

PCA-

MLRA 

Road 

dust 
32  25  Harrison 

et al., 1997 

UK, 

Hatfield 
Oceanic 2006 Tunnel PM 10 

Short 

term 

RM, 

PCA-

MLRA 

Brake 

wear 
11  12  

Lawrence 

et al., 2013 

UK, 

Hatfield 
Oceanic 2006 Tunnel PM 10 

Short 

term 

RM, 

PCA-

MLRA 

Road 

dust 
27  12  Lawrence 

et al., 2013 

UK, 

Leicester 
Oceanic 

2013-

2014 

Urban 

backgrou

nd 

PM 10 Yearly 
RM, 

PMF 

Brake 

wear 
3.8 0.8 4.3 0.9 

Mooibroek 

et al. 2016 

UK, 

London 
Oceanic 2007 Urban 

Particle 

Number 

Short 

term 

RM, 

PMF 

Brake 

wear 
1.7  65.4  

Harrison 

et al., 2011 

UK, 

London 
Oceanic 2007 Urban 

PM20 

volume 

Short 

term 

RM, 

PMF 

Brake 

wear 
13.7  22.4  

Harrison 

et al., 2011 

UK, 

London 
Oceanic 2007 Urban 

Particle 

Number 

Short 

term 

RM, 

PMF 

Road 

dust 
5  65.4  Harrison 

et al., 2011 

UK, 

London 
Oceanic 

2007-

2011 

Urban 

roadside 

PM 0.9-

11.5 

Short 

term 

Extrapol

ation 

Brake 

wear 
13.5 3.3   

Harrison 

et al., 2012 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

UK, 

London 
Oceanic 

2007-

2011 

Urban 

roadside 

PM 0.9-

11.5 

Short 

term 

Extrapol

ations 
Tire wear 2.7 0.65   Harrison 

et al., 2012 

UK, 

London 
Oceanic 

2007-

2011 

Urban 

roadside 

PM 0.9-

11.5 

Short 

term 

Extrapol

ations 

Road 

dust 
9 2.3   Harrison 

et al., 2012 

UK, 

London 
Oceanic 2008 

Urban 

roadside 
PM 10  

EI, 

LAEI + 

DM, 

KCLurb

an 

Tire wear 5 2   Beevers et 

al., 2013 

UK, 

London 
Oceanic 2008 

Urban 

roadside 
PM 10  

EI, 

LAEI + 

DM, 

KCLurb

an 

Brake 

wear 
20 8   

Beevers et 

al., 2013 

UK, 

London 
Oceanic 2008 

Urban 

roadside 
PM 10  

EI, 

LAEI + 

DM, 

KCLurb

an 

Non-

exhaust 
42.5 17   

Beevers et 

al., 2013 

UK, 

London 
Oceanic 2008 Suburban PM 10  

EI, 

LAEI + 

DM, 

KCLurb

an 

Non-

exhaust 
9.8 2   

Beevers et 

al., 2013 

UK, 

London 
Oceanic 2008 

Urban 

roadside 
PM 2.5  

EI, 

LAEI + 

DM, 

Non-

exhaust 
44.6 9   

Beevers et 

al., 2013 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

KCLurb

an 

UK, 

London 
Oceanic 2008 Suburban PM 2.5  

EI, 

LAEI + 

DM, 

KCLurb

an 

Non-

exhaust 
11.4 1.5   

Beevers et 

al., 2013 

UK, 

London 
Oceanic 2012 

Urban 

roadside 

PM 2.5-

10 

Short 

term 

RM, 

PMF 

Road 

dust 
31  13.4  Crilley et 

al., 2017 

USA, 

Albuquerq

ue 

Arid 
2007-

2008 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
11 0.59 5.9 0.33 

Kavouras 

et al., 2015 

USA, 

Atlanta 
Temperate 

2001-

2005 
Urban PM 2.5 Yearly 

RM, 

CMB 

Road 

dust 
2 0.34 15.9 2.7 

Chen et 

al., 2012 

USA, 

Atlanta 
Temperate 2001 Urban PM 2.5 

Short 

term 

RM, 

PMF 

Road 

dust 
7 1.1 17 2.84 

Ke et al., 

2008 

USA, 

Atlanta 
Temperate 

2008-

2010 
Urban PM 2.5 Yearly 

RM, 

PMF-

CMB 

Road 

dust 
4 0.5 9 0.92 

Watson et 

al., 2015 

USA, 

Atlanta 
Temperate 

2001-

2005 
Rural PM 2.5 Yearly 

RM, 

CMB 

Road 

dust 
2 0.35 12.7 1.85 

Chen et 

al., 2012 

USA, 

Birmingha

m 

Temperate 
2001-

2005 
Urban PM 2.5 Yearly 

RM, 

CMB 

Road 

dust 
3 0.57 15.7 2.88 

Chen et 

al., 2012 

USA, 

Bimingha

m 

Temperate 
2002-

2004 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
6 1.2 25 5.1 

Baumann 

et al., 2008 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

USA, 

Bimingha

m 

Temperate 
2008-

2010 
Urban PM 2.5 Yearly 

RM, 

PMF-

CMB 

Road 

dust 
6 0.8 18.7 2 

Watson et 

al., 2015 

USA, 

California 
Temperate 1993 Industrial PM 2.5 

Short 

term 

RM, 

CMB 

Road 

dust 
6 2.5 30.1 11.9 

Schauer et 

al., 2002 

USA, 

California 
Temperate 1993 

Urban 

roadside 
PM 2.5 

Short 

term 

RM, 

CMB 

Road 

dust 
14 9.26 39.5 25.9 

Schauer et 

al., 2002 

USA, 

California 
Temperate 1993 

Urban 

backgrou

nd 

PM 2.5 
Short 

term 

RM, 

CMB 

Road 

dust 
7 4.1 37.4 22.2 

Schauer et 

al., 2002 

USA, 

California 
Temperate 1993 

Urban 

backgrou

nd 

PM 2.5 
Short 

term 

RM, 

CMB 

Road 

dust 
20 8.7 26.5 13.7 

Schauer et 

al., 2002 

USA, 

California 
Temperate 1993 Industrial PM 2.5 

Short 

term 

RM, 

CMB 
Tire wear 1 0.4 30.1 11.9 

Schauer et 

al., 2002 

USA, 

California 
Temperate 1993 

Urban 

roadside 
PM 2.5 

Short 

term 

RM, 

CMB 
Tire wear 1.1 0.73 39.5 25.9 

Schauer et 

al., 2002 

USA, 

California 
Temperate 1993 

Urban 

backgrou

nd 

PM 2.5 
Short 

term 

RM, 

CMB 
Tire wear 3.3 2 37.4 22.2 

Schauer et 

al., 2002 

USA, 

California 

Mediterran

ean 
1987 Urban PM 10 Yearly 

RM, 

CMB 

Road 

dust 
24 15.6   Watson et 

al., 1994 

USA, 

California 

Mediterran

ean 

2000-

2004 

Rural 

backgrou

nd 

PM 2.5 Yearly 
RM, 

PMF 

Road 

dust 
9 0.27 10.7 0.34 

Green et 

al., 2012 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

USA, 

California 

Mediterran

ean 
2005-009 

Rural 

backgrou

nd 

PM 2.5 Yearly 
RM, 

PMF 

Road 

dust 
5 0.14 8.5 0.26 

Green et 

al., 2012 

USA, 

California 

Mediterran

ean 

2002-

2012 

Urban 

Commerc

ial 

PM 2.5 
Yearly, 

10 

RM, 

PMF 

Road 

dust 
5 0.58 24.2 2.74 

Wang and 

Hopke, 

2013 

USA, 

Centreville 
Temperate 

2001-

2005 
Rural PM 2.5 Yearly 

RM, 

CMB 

Road 

dust 
2 0.31 9.6 1.3 

Chen et 

al., 2012 

USA, 

Chicago 
Continental 2009 Urban 

PM 2.5-

10 

Short 

term 

RM, 

PMF 

Brake 

wear 
23.2 1.29   

Sturtz et 

al., 2014 

USA, 

Chicago 
Continental 2009 Urban 

PM 2.5-

10 

Short 

term 

RM, 

PMF 
Tire wear 7 0.39   Sturtz et 

al., 2014 

USA, 

Connectic

ut 

Continental 
2000-

2004 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
9 1.2 31.3 4.2 

Lee et al., 

2011 

USA, 

Connectic

ut 

Continental 
2000-

2004 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
15 2 25 3.3 

Lee et al., 

2011 

USA, 

Connectic

ut 

Continental 
2000-

2004 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
7 0.8 26 3.1 

Lee et al., 

2011 

USA, 

Connectic

ut 

Continental 
2000-

2004 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
17 2.9 29.4 5 

Lee et al., 

2011 

USA, 

Detroit 
Continental 2005 Urban PM 2.5 Yearly 

RM, 

CMB 

Road 

dust 
4 0.7 30 5.3 

Duvall et 

al., 2012 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

USA, 

Detroit 
Continental 2005 

Urban 

backgrou

nd 

PM 2.5 Yearly 
RM, 

CMB 

Road 

dust 
2 0.34 40 6.1 

Duvall et 

al., 2012 

USA, 

Gulfport 
Temperate 

2001-

2005 
Urban PM 2.5 Yearly 

RM, 

CMB 

Road 

dust 
4 0.48 7.5 0.9 

Chen et 

al., 2012 

UK, 

Hatfield 
Oceanic 2006 Tunnel PM 10 

Short 

term 

RM, 

PCA-

MLRA 

Road 

wear 
11  12  Lawrence 

et al., 2013 

USA, 

Houston 
Temperate 2000 Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
17 0.8   Buzcu et 

al., 2003 

USA, 

Little 

Rock 

Temperate 
2002-

2010 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
8 1 11.7 1.5 

Chalbot et 

al., 2013 

USA, Los 

Angeles 

Mediterran

ean 
1982 Urban PM 2 Yearly 

RM, 

CMB 

Road 

dust 
12 3.9 22.7 20.2 

Schauer et 

al., 1996 

USA, Los 

Angeles 

Mediterran

ean 
1982 Urban PM 2 Yearly 

RM, 

CMB 
Tire wear 0.9 0.25 22.7 20.2 

Schauer et 

al., 1996 

USA, Los 

Angeles 

Mediterran

ean 
1993  PM 2.5  

EI + 

DM, 

UCD/CI

T 

Road 

dust 
13 7.7   Held et al., 

2005 

USA, 

Massachus

sets 

Continental 
2000-

2004 
Urban PM 2.5 Yearly 

RM, 

PMF 

Road 

dust 
11 1.4 27.7 3.6 

Lee et al., 

2011 

USA, New 

York 
Continental 2011 Urban PM 2.5 

Short 

term 

RM, 

PMF 

Road 

dust 
25 4.13 3.2 0.52 

Li et al., 

2004 
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Location Climate Year 
Type of 

station 

PM 

metric 

Study 

Duration 
Method Source 

Share 

(%) 

Share 

(µg/m3) 

Exhaust 

(%) 

Exhaust 

(µg/m3) 
Reference 

USA, Oak 

Grove 
Temperate 

2001-

2005 
Rural PM 2.5 Yearly 

RM, 

CMB 

Road 

dust 
5 0.6 13.2 1.65 

Chen et 

al., 2012 

USA, 

Pensacola 
Temperate 

2001-

2005 
Suburban PM 2.5 Yearly 

RM, 

CMB 

Road 

dust 
3 0.41 11.3 1.36 

Chen et 

al., 2012 

USA, 

Pensacola 
Temperate 

2001-

2005 
Urban PM 2.5 Yearly 

RM, 

CMB 

Road 

dust 
4 0.53 13.4 1.82 

Chen et 

al., 2012 

USA, 

Sacrament

o 

Mediterran

ean 
2010 Urban PM 0.1 Yearly 

RM, 

PMF 

Brake 

wear 
4 0.007 2 0.003 

Kuwayam

a et al., 

2013 

USA, San 

Joaquin 

Valley 

Mediterran

ean 
1996  PM 2.5  

EI + 

DM, 

UCD/CI

T 

Road 

dust 
1 1.05   Held et al., 

2005 

USA, St. 

Paul 
Continental 2009 Urban 

PM 2.5-

10 

Short 

term 

RM, 

PMF 

Brake 

wear 
5.6 0.27   

Sturtz et 

al., 2014 

USA, St. 

Paul 
Continental 2009 Urban 

PM 2.5-

10 

Short 

term 

RM, 

PMF 
Tire wear 1.9 0.09   Sturtz et 

al., 2014 

USA, 

Winston-

Salem 

Temperate 2009 Urban 
PM 2.5-

10 

Short 

term 

RM, 

PMF 

Brake 

wear 
18.4 0.61   

Sturtz et 

al., 2014 

USA, 

Winston-

Salem 

Temperate 2009 Urban 
PM 2.5-

10 

Short 

term 

RM, 

PMF 
Tire wear 1.6 0.05   Sturtz et 

al., 2014 

 

  



57 | 

3.4 Conclusions  

Our literature review on the impact of non-exhaust emissions on air quality resulted 

in 99 peer-reviewed articles who estimated contributions of at least one of the non-

exhaust sources, providing a total of 256 estimates due to the fact that several 

studies analyzed >1 PM fraction or >1 location. Most of studies were carried out 

with receptor modelling, and more than half by means of Positive Matrix 

Factorization and performed in the last 15 years, with a significant increasing trend. 

Geographically, most of studies are carried out in Europe, Eastern Asia and US. 

There is a dearth of studies in central and South America, Africa, Middle East and 

Oceania. 

We observed the lack of a common terminology and hierarchy for non-exhaust 

sources. Therefore, based on the majority of available studies, we proposed the 

following :vehicle non-exhaust emissions include: “Direct brake wear”, “Direct tire 

wear”, “Direct road wear” and “Road dust suspension”. However “direct road 

wear” falls often within the “road dust” category due to their similar chemical 

composition.  The road dust category was the most identified source (Figure 3.8), 

with slightly higher contributions range (22% as mean) than vehicle exhaust (21%) 

in PM10, and sensibly higher than brake wear (7%) and tire wear (4%). In PM2.5 

the road dust contribution is still the highest (mean of 11% of PM2.5) among non-

exhaust ones (9% from brake wear and 2% from tire wear), but sensibly lower than 

vehicle exhaust (24%). This comparison allows concluding that globally, regardless 

of the environment studied, non-exhaust emissions are already at least as important 

as exhaust ones for PM10, considering also that the aforementioned contributions 

are derived mostly from receptor modelling, thus including the contribution of 

secondary PM for vehicle exhaust (while they are discarded in emission 

inventories). For PM2.5 they represent at least a third of total traffic contribution 

whilst they dominate the PM coarse (>1.5 µm) mode (>80%). 

However, there is still limited information on brake (17 estimates) and tire wear 

(15 estimates) contributions. Based on these few studies, there is evidence that 

brake wear particles include an important portion (about half of the mass) of disc 

wear. Backward trend analysis of source contributions and PM concentrations 

indicate a relative increment of the share of non-exhaust particles versus the exhaust 

ones.  

In spite of the limited number of observations for each location category, it was 

possible to observe an increasing gradient of contributions (% of PM10) from rural 

to traffic locations for all non-exhaust sources. For road dust the largest increase 

was found from sub-urban to urban location (due to the relatively coarser size 

distribution) indicating the need of local measures at municipal level.  
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Figure 3.8 Range of non-exhaust (in grey) and vehicle exhaust (in white) 

contributions (%) to PM10 of different non-exhaust sources. 

 

A climate-dependence was also found for road dust contribution: the lowest 

contribution of road dust relatively to exhaust emissions were found in Oceanic 

urban sites, where a mean road dust contribution of 13% vs 22% from exhaust was 

found (ratio 0.60). Slightly higher ratios (0.66) were found in urban Continental 

sites with 16% vs 24% mean contributions. The importance of road dust increase 

considerably in Mediterranean and Tropical-Monsoon climates where ratios 

increase to 0.85, and even above 1 at traffic sites. The worst scenario for road dust 

emissions was found in China where road dust contributions exceed exhaust ones 

with a ratio of 1.8. 

Further research is necessary to better separate individual contributions from road 

dust resuspension, brake, tire and road wear given that the relative toxicity and 

mitigation measures are different. In this sense, valuable information can be offered 

by size and time-resolved PM chemical characterization and particle size 

distribution measurement, as well as improved source apportionment tools. 
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Abstract 

Road dust (RD), together with surface soils, is recognized as one of the main sinks 

of pollutants in urban environments. Over the last years, many studies have focused 

on total and bioaccessible concentrations while few have assessed the 

bioaccessibility of size-fractionated elements in RD. Therefore, the distribution and 

bioaccessibility of Fe, Mn, Cd, Cr, Cu, Ni, Pb, Sb and Zn in size fractions of RD 

and roadside soils (<2.5 μm, 2.5-10 μm and 10-200 μm) have been studied in Turin 

(Italy) using aqua regia extraction and the Simple Bioaccessibility Extraction Test. 

Concentrations of metals in soils are higher than legislative limits for Cu, Cr, Ni, 

Pb and Zn. Fine fractions (<2.5 and 2.5-10 μm) appear enriched in Fe, Mn, Cu, Pb, 

Sb and Zn, and 2.5-10 μm particles are the most enriched. In RD, Cu, Pb, Sb and 

Zn derive primarily from non-exhaust sources, while Zn is found in greater 

concentrations in the <2.5 μm fraction, where it most likely has an industrial origin. 

Elemental distribution across soils is dependent on land use, with Zn, Ni, Cu and 

Pb being present in higher concentrations at traffic sites. In addition, Fe, Ni and Cr 

feature greater bioaccessibility in the two finer fractions, while anthropic metals 

(Cu, Pb, Sb and Zn) do not. 

https://doi.org/10.1016/j.scitotenv.2017.05.180
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In RD, only Zn has significantly higher bioaccessibility at traffic sites compared to 

background, and the finest particles are always the most bioaccessible; more than 

90% of Pb, Zn and Cu is bioaccessible in the <2.5 μm fraction, while for Mn, Ni, 

Sb, Fe and Cr, values vary from 76% to 5%. In the 2.5-10 μm fraction, the values 

were 89% for Pb, 67% for Zn and 60% for Cu. 

These results make the evaluation of the bioaccessibility of size-fractionated 

particles being a necessity for correct estimation of risk in urban areas. 

 

4.1 Introduction 

In Europe, urban areas host three-quarters of the population. However, urbanization 

is still ongoing and, nowadays, peri-urban spaces are increasing at a much faster 

rate than traditional core cities (European Commission, 2011). One of the 

consequences of the expansion of urban areas on the environment is soil and air 

pollution. This is currently one of the primary causes of concern for human health 

(Lim et al., 2012).  

Road dust (RD) is at the interface between the soil and atmosphere, being a complex 

environmental medium originating from both natural and anthropogenic processes. 

Major sources include particles from soil materials, vehicle exhaust and non-

exhaust emissions, atmospheric deposition and industrial activities (Pant and 

Harrison, 2013; Thorpe and Harrison, 2008). Together with surface soils, RD is a 

source and a sink of various pollutants in urban environments (Biasioli et al., 2006; 

Christoforidis and Stamatis, 2009). Metals are one of the most problematic as they 

are potentially toxic, persistent in the environment and often present at high 

concentrations.  

RD and soil particles can be easily re-suspended by vehicles or wind, resulting in 

an important source of atmospheric particulate matter (PM) (Amato et al., 2009; 

Pant and Harrison, 2013). In recent years, research has focused on RD 

characterization and source apportionment of mineral PM (Aimar et al., 2012; 

Fujiwara et al., 2011; Kumar et al., 2013; Putaud et al., 2010). Concerns over RD 

contributions are growing based on the lack of legislation pertaining to all non-

exhaust sources (Amato et al., 2014a; Kousoulidou et al., 2008; Querol et al., 2004). 

In fact, with the continuous reduction of exhaust emissions, non-exhaust particles 

will increase their contribution to the total vehicle-generated particulate matter and 

may become dominant over the coming years in terms of both emissions and 

contributions to air quality (Denier van der Gon et al., 2013).  

In city environments, metals in soil and RD can exert their toxicity through entering 

the human body via inhalation, dermal contact and ingestion, with ingestion being 

the most likely pathway for RD and soil fine particles (for example, <50 µm) (Ruby 
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and Lowney, 2012; Siciliano et al., 2009). Shi et al. (2011) calculated that, for 

children, ingestion contributed 97.5% and 81.7% to total exposure doses of non-

carcinogenic and carcinogenic elements, and that the contribution rates for adult 

were 91.7% and 52.9%, respectively. Kong et al. (2012) computed that for <2.5 µm 

and <10 µm particles of RD, non-carcinogenic risks based on exposure to metals 

were two orders of magnitude higher for ingestion than for inhalation. 

While a number of studies on RD have concentrated on the elemental composition 

of samples (Amato et al., 2011; Gunawardana et al., 2012; McKenzie et al., 2008; 

Varrica et al., 2003), few have considered that the total or pseudo-total content does 

not necessarily represent the most dangerous chemical fraction of the metal. 

Analogously, whole soil content would not serve as a reliable assessment of the 

transfer potential of particles, as the coarser fractions are rarely removed (Bi et al., 

2015; Paustenbach, 2000; Turner and Ip, 2007). Therefore, an evaluation of metal 

bioaccessibility is necessary to better evaluate human health risks towing to metals 

in order to obtain a more realistic ingestion exposure (Hu et al., 2011; Yu et al., 

2014).  

As there is a general need to better define the hazards and the health relevance of 

RD and non-exhaust PM sources (Denier van der Gon et al., 2013; Guney and 

Zagury, 2016), the aim of this study was to assess the total and bioaccessible 

concentrations of metals in size-resolved fractions of RD and roadside soils in Turin 

(Italy). 

 

4.2 Material and methods 

4.2.1 Study area  

The metropolitan area of Turin (Italy) (45°04’ N; 7°41’ E) has a population of 1.7 

million inhabitants and is the fourth most populated metropolitan area in Italy. It is 

characterized by a very high volume of vehicular traffic and has a long industrial 

history, mainly because of the automotive and metallurgical industries. The city 

was built and extended at the bottom of an alluvial plain in the Po valley, and is 

shielded by hills to the east and by the Alps to the north and west. This setting 

causes PM levels to often exceed EU limits not only in Turin, but also in many 

other urban areas within the Po valley (Eeftens et al., 2012; Padoan et al., 2016), 

and these atmospheric emissions can result in a major source of diffuse metal soil 

contamination (Biasioli and Ajmone Marsan, 2007). 

Ten sampling sites were selected along a peri-urban transect (7.5 km), starting near 

the ring road and reaching the city center along an approximately straight line 

(Figure 4.1). Six sites were on a main road (Corso Allamano) and could be 

separated into three groups: samples influenced by industrial activities (A1, A2), 
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sites located in a residential area (S1, S2) and sites surrounded by agricultural fields 

(A3, A4). Each group included a sampling site just before a traffic light or a 

roundabout (braking sites: A1, A4, S1) and one at least 200 m after (acceleration 

sites: A2, A3, S2). All sites have a similar traffic intensity, varying between 13000 

(S1, S2) and 9500 (A3, A4) vehicles day-1 (data provided by 5T s.r.l.). The 

industrial area and the residential area counted with one additional sampling site 

each, located on a secondary road, with a mean traffic of 1000 and 3000 vehicles 

day-1, respectively, to appreciate the impact of low traffic volumes. Two urban 

background sites were additionally sampled - a paved road within the largest park 

of the city (PE) and within the university campus (AG), as remotely as possible 

from direct traffic sources but still in the urban area. Soil samples were collected as 

close as possible to the RD sampling point. 

At each site, samples were gathered during three different seasons: April 2015, 

August 2015 and February 2016, after, at least, seven dry days. In order to minimize 

time variability between sampling sites, during each season, all samples were 

collected on the same day. 

 

  

Figure 4.1 Sampling sites. In red (A1 to S2) samples on the main road, in blue (RI 

and BO) secondary road sites and in green (AG and PE) urban background sites 

(background image from Google Maps (online), Digital Globe, 2016). 
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4.2.2 Sampling methodology 

At each site, three subsamples of RD were collected, 1 m2 each, centered within the 

right-most active lane using a polyethylene brush (Acosta et al., 2011; Li et al., 

2013; Sutherland et al., 2012; Varrica et al., 2003). This method could result in a 

loss of fine particles, so special care was taken to avoid re-suspension during the 

sampling by sweeping directly into a plastic bag. The collected sample quantities 

varied from 20 to 200 g.  

Soil samples were taken from a 0–5 cm depth at all locations and within 2 m from 

the edge of the road. At each site, three sub-samples were collected at a distance of 

1 m between each other, and the sub-samples were homogenized into one 

composite sample for further analysis. The brush and shovel were been washed 

with a mild acidic solution and deionized water before and between samplings. All 

samples were air dried in the laboratory at room temperature and passed through a 

plastic 2-mm sieve prior to laboratory analyses. 

 

4.2.3 Analytical procedures 

All samples were analyzed for pH (1:2.5, soil:water), total carbon (TC) and 

nitrogen (TN) (CE Instruments, NA2100 Elemental Analyzer, ISO 10694) and 

carbonates (volumetric method, ISO 10693). The particle-size distribution (PSD) 

was measured via the hydrometer method (Colombo and Miano, 2015; Gee and 

Bauder, 1986).  

In order to partition RD and soil samples into four size fractions (<2.5, 2.5-10, 10-

200 and 200-2000 µm), samples were dispersed with Na-hexametaphosphate and 

resuspended, with the <2.5 µm fraction separated by centrifugation (ALC-4227R) 

while the remaining fractions were separated by repeated sedimentation and 

decanting (Ajmone Marsan et al., 2008); the process was repeated until the 

supernatant was clear. Following separation, the fractions were dried prior to 

analysis. 

An aqua regia (HCl/HNO3, 3:1 v/v) extraction was performed with microwave 

digestion of 0.5 g of sample (Milestone Ethos D, ISO 11466). Extractable (pseudo-

total) content of Fe, Mn, Cd, Cr, Cu, Ni, Pb and Zn were determined in bulk samples 

(ground to pass through a 150-µm sieve prior to analysis) and in the <2.5-, 2.5-10-

, 10-200-µm fractions by flame atomic absorption spectrometry (FAAS) (Perkin-

Elmer AA-400), while Sb was detected by HG-AAS (Perkin-Elmer 4100 equipped 

with a FIAS 400 hydride generator). The coarse sand fraction (200-2000 µm) was 

not analyzed because it was determined to be outside the scope of this research, 

which focused on inhalable or ingested particles. Accuracy was verified using 

certified reference materials for aqua regia-soluble contents (CRM 141R, 
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Community Bureau of Reference, Geel, Belgium) and recovery is reported in Table 

4.1. All reagents were of an ultrapure or analytical grade.  

Metal bioaccessibility was assessed using a widely employed and validated in vitro 

extraction method, the Simple Bioaccessibility Extraction (SBET) method (Oomen 

et al., 2002; Ruby et al., 1999). It was developed for soils and was recently utilized 

for the first studies on RD, albeit being performed without size fractionation (Bi et 

al., 2015; Li et al., 2014; Patinha et al., 2015; Turner and Ip, 2007).  Half a gram of 

sample was mixed with 50 ml of a 0.4 M glycine solution with pH adjusted to 1.5 

with concentrated HCl. Extraction was performed for 1 h at 37°C (U.S. EPA 

Method 1340, 2013). The mixture was then centrifuged and the supernatant filtered 

through cellulose filter (Whatman N°4). The SBET extract metal concentrations 

were determined by FAAS and HG-AAS.  

Detection (LOD) and quantification limits (LOQ) for the methods were calculated 

with the calibration curves. According to the ICH Harmonized Tripartite Guideline 

(ICH, 2005), the following equations were used: 

LOD = 3.3 σa/S  LOQ = 10 σa/S 

where σa represents the standard deviation of the intercept of regression line and S 

is the slope of the calibration curve. Recovery tests were carried out using blank 

solutions spiked with metals at three concentration levels (0.1 – 20 mg/kg) and 

using a previously well-characterized soil. Results for LOD, LOQ and recoveries 

are reported in Table 4.1. As no certified reference material was available for this 

method, results were considered satisfactory when the variation coefficient between 

duplicates was lower than 10%. Enrichment factors (EF) of elements were 

calculated according to: 

𝐸𝐹 = (
𝐶𝑀𝑒

𝐶𝑅𝑒
)𝑆𝑎𝑚𝑝𝑙𝑒/(

𝐶𝑀𝑒

𝐶𝑅𝑒
)𝐶𝑟𝑢𝑠𝑡 

where (CMe/CRe) is the concentration ratio between the metal and the reference 

element in the sample and in the earth’s upper crust as reported by Wedepohl 

(1995). We also computed the EFL, relative to the local background values in Turin 

soils, for Cr, Ni, Cu, Pb, Sb and Zn based on the ISO 19258/2005 norms from the 

Regional Agency for Environmental Protection (ARPA Piemonte, 2015). The 

natural background value was provided for Cr and Ni, while the natural-anthropic 

background for Pb, Cu, Zn and Sb. This last value originates from the sum of the 

concentrations based on natural and diffuse anthropic sources, such as atmospheric 

deposition and agronomic operations, and was calculated for the topsoil (0-10 cm). 

Statistical analysis, including analysis of variance (ANOVA), Student’s t-test, 

Pearson correlations and hierarchical cluster analysis (HCA), was conducted by 

means of SPSS v.22 software (IBM Corporation, Armonk, NY). 
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Table 4.1 Detection and quantification limits and recovery test results (average of 

the three concentrations and three repetitions) for all analyzed elements. 

Element LOD (mg/l) LOQ (mg/l) 

Aqua regia 

recovery 

(CRM 141R) 

SBET 

recovery 

(in blank 

matrix) 

Cd 0.011 0.033 96 ± 9% 90 ± 6% 

Cr 0.01 0.03 101 ± 8% 95 ± 3% 

Cu 0.011 0.035 90 ± 4% 96 ± 9% 

Fe 0.06 0.18 96 ± 5% 102 ± 11% 

Mn 0.01 0.03 104 ± 6% 96 ± 4% 

Ni 0.015 0.045 104 ± 8% 101 ± 5% 

Pb 0.01 0.03 102 ± 6 % 98 ± 5% 

Sb 0.0005 0.0015 94 ± 10% 90 ± 6% 

Zn 0.01 0.03 92 ±1 4% 93 ± 5% 

 

 

4.3 Results and discussion 

4.3.1 Physicochemical properties of soils 

Table 4.2 lists the mean values of the measured soil and RD properties. The soils’ 

average pH was slightly alkaline, which is in agreement with previous studies 

reporting that city soils have higher pH than the adjacent agricultural soils, probably 

for the historical inclusion of extraneous material, such as construction debris 

(Biasioli et al., 2006). For the same reason, soils have a high sand content (50 µm 

– 2 mm), with a mean of 70% (Biasioli et al., 2006). Particles <2.5 and 2.5-10 µm 

had mean concentrations of 8% and 6%, respectively.  

TC content in roadside soils was high on the average, potentially reflecting the 

accumulation of plant residues, as these areas are rarely disturbed. However, part 

of this content may also be ascribable to anthropic organic contaminants derived 

from oils, gasoline, brake pads and organic compounds within asphalt. 

Average metal content (aqua regia extraction) in the bulk samples is reported in 

Table 4.3, and is compared to a previous extensive study of city soils (Biasioli et 

al., 2006). In bulk soils, concentrations were high for all metals considering that, 

according to the Italian legislation (MATTM, 2006), average values of Cu, Cr, Ni, 

Pb and Zn were above the limits for residential and green areas (120 mg/kg, 150 

mg/kg, 120 mg/kg, 100 mg/kg and 150 mg/kg, respectively). The values observed 

in this study were also higher than reported in previous studies in Turin (Biasioli 
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and Ajmone Marsan, 2007), which included ornamental garden and park sites, 

highlighting the impact of traffic emissions. Comparing these findings with other 

industrial cities worldwide (Ajmone Marsan and Biasioli, 2010), our results place 

Turin in the higher range for all metals. These metals can be released from different 

sources: Pb could mainly derive from historical leaded fuel and paints, Sb and Cu 

from brakes and Zn from tires (Grigoratos and Martini, 2015; Thorpe and Harrison, 

2008 and references therein). Ni and Cr, conversely, naturally contribute in high 

proportions as they may derive from the alteration of serpentinite rocks present in 

the alluvial deposits upon which the soils developed, as described in previous 

studies (Ajmone Marsan et al., 2008; ARPA Piemonte, 2015; Biasioli et al., 2006). 

Other sources can be heavy oil combustion, metallurgical industries, vehicle 

factories and traffic. 

 

Table 4.2 Descriptive statistics for some soil and road dust properties (n=29 for RD 

and N=18 for soils). 

 pH TC TN Carbonates Particle size distribution (mass % ) 

  % % % 
< 2.5 

µm 

2.5-10 

µm 

10-50 

µm 

50-200 

µm 

0.2-2 

mm 

Soil 

Mean 7.6 4.27 0.30 3.1 8 6 16 37 33 

Median 7.7 4.20 0.27 2.4 5 6 14 34 35 

Min 7.1 1.98 0.10 0.0 2 0.5 9 18 8 

Max 8.1 7.94 0.63 9.5 16 17 30 71 60 

Std. 

Dev. 
0.3 1.53 0.13 2.6 5 4 6 13 16 

Road Dust 

Mean 7.6 4.10 0.10 5.4 4 2 5 27 62 

Median 7.6 3.65 0.10 3.8 2 2 3 27 60 

Min 6.6 2.19 0.02 2.1 0.6 0.2 0 0 20 

Max 9.8 8.77 0.32 16 24 8 17 62 98 

Std. 

Dev. 
0.7 1.69 0.07 3.8 5 2 4 17 19 
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4.3.2 Physicochemical properties of RD 

The average pH of RD samples was very close to that of soils, but with a higher 

variability probably related to a higher amount of carbonates. The separation of RD 

samples into particle-sized fractions uncovered that RD was coarser than soils. 

Sand was still the dominant fraction, however, while fractions <2.5 µm and 2.5-10 

µm ranged from 0.6 to 24 % and from 0.2 to 8 % sand. The C/N ratios were much 

higher than in roadside soils, indicating an addition of C from non-natural sources, 

such as organic contaminants and bitumen. 

 

Table 4.3 Descriptive statistics of metal pseudo-total content in soils (n=18) and 

road dust (n=29). All values are in mg/kg. 

 Fe Mn Cd Cu Cr Ni Sb Pb Zn 

Soil 

Mean 27513 857 0.6 128 405 254 5.4 319 286 

Median 26039 817 0.5 100 332 229 4.9 133 242 

Min 14523 589 0.2 26 147 145 1.5 38 96 

Max 54955 1195 1.9 433 1048 465 13 1213 618 

Std. Dev. 11742 173 0.4 97 269 93 3.2 331 141 

Previous 

study
a
 

na na na 90 191 209 na 149 183 

Legislative 

Limit 
-- -- 2.0 120 150 120 10 100 150 

Road Dust 

Mean 24060 527 0.8 181 519 294 7.7 74 200 

Median 23118 517 1.0 158 463 246 4.0 55 170 

Min 9778 380 0.2 17 299 161 0.4 16 51 

Max 43141 681 1.7 717 1248 678 33 189 827 

Std. Dev. 9102 87 0.4 161 213 136 8.2 49 161 

a Biasioli et al., 2006; na= not analyzed 

 

In RD samples, average elemental concentrations were comparable with previous 

studies in other cities of the world (Acosta et al., 2011; Christoforidis and Stamatis, 

2009; Hu et al., 2011) except for Ni and Cr, having higher values in Turin, which 

is in line with their local geogenic origin. Most of the metals have average 

concentrations close to those of the soil samples, while only Mn and Pb had 

significantly lower means in RD (t-test, p<0.05). However, comparing 
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concentrations across the six sites (n = 18), where both soil and RD were sampled, 

only Fe was well correlated between the soil and RD samples (r = 0.80, p<0.01), 

while other metals did not exhibit a significant correlation. This behavior was 

probably based on the different strengths of the anthropogenic sources of metals 

between sites, while RD Fe could have a main geogenic (soil) contribution.  

 

4.3.3 Seasonal and spatial variability 

Seasonality in soil and RD metal concentrations was evaluated by comparing mean 

values from different seasons at both traffic (n=8) and background sites (n=2).  No 

seasonal variability was observed in soil samples at either site. With RD samples 

from traffic sites, Fe was significantly higher in concentration (t-test, p<0.05) in the 

summer and spring than in the winter, potentially because of the lower soil 

resuspension in the latter season. At background sites (PE and AG), similar results 

were also found, with the highest values for Fe and Mn being in the summer, 

although they were not significant. Average bulk concentrations of Fe, Mn, Cr, Ni, 

Cu, Pb, Sb and Zn at each site were reported in Figure 4.2.  

In the soil samples, Fe, Mn, Ni and Cr had low spatial variability, and the average 

of the traffic sites was not statistically different from the background sites. On the 

contrary, Cu, Pb, Sb and Zn had significantly (p<0.05) higher concentrations at 

traffic sites, with the highest being at the A2 and S1 sites, and the lowest at the two 

background sites (AG and PE). This indicated road traffic as the main source of 

these metals. Pb was found at the highest concentration among metals (and the 

highest EF), consistent with its remarkable use in various human activities, such as 

a gasoline fuel additive, that have contaminated roadside soils (Ajmone Marsan and 

Biasioli, 2010). 

In RD samples, the spatial variability of Fe, Mn, Ni and Cr is more pronounced, 

with higher concentrations at the A2 and RI sites located in an industrial area. As 

in the soils, average Fe content at traffic sites was not significantly different from 

background sites (although higher, 24.9 versus 20.2 g/kg). This, considering also 

the significant correlation between Fe in RD and soil samples, could indicate that a 

substantial proportion of Fe was soil-derived. If so, the higher variability between 

the sites could be because of the different contribution of soil to RD. 
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Figure 4.2 Concentrations (mg/kg) and standard deviations of Fe, Mn, Cr, Ni, Cu, 

Sb, Pb and Zn in RD and soil samples (reported with site name preceded by S). 

Sites from A1 to S2 are on the main road (from S_A1 to S_S for soils), BO, RI sites 

are in secondary streets (no soil was present), AG and PE sites are urban 

background sites. 
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Cu, Pb, Sb and Zn had similar spatial patterns, with higher concentrations at the A1 

and A2 sites (the most trafficked) near the industrial zone, and at sites in the city 

center (S1, S2, BO). Conversely, the A3, A4 and RI sites, with lower traffic or 

located near agricultural areas, featured lower concentrations that were not 

statistically different from the background sites (AG, PE). Therefore, correlations 

between soil and RD concentrations at these last five sites were calculated (n=15, 

A2 soil for RI site in view of their proximity), obtaining a significant correlation 

not only for Fe, but also for Cu and Pb (p<0.05, r=0.84, 0.90 and 0.72, respectively). 

This suggests that at sites with low vehicular traffic, urban soils could be one of the 

major origins for these metals in RD. 

In order to confirm these associations, Pearson correlations for RD samples were 

calculated (n=28, p=0.05), as reported in Table 4.4. TC and TN appeared strongly 

related, as are Fe and Mn along with Cr and Ni, suggesting a common origin from 

soil material. Cu, Sb, Pb and Zn were significantly correlated with each other, as 

well, confirming the hypothesis of a single source. In fact, Sb and Cu could have 

emanated from brake wear (Grigoratos and Martini, 2015), Cu and Pb from the 

resuspension of contaminated roadside soils and Zn could derive from tire wear 

(Harrison et al., 2012), validated by the significant, albeit low, correlation with TC. 

Cd is the only metal without any significant association with other metals, probably 

having a different anthropic (industrial) origin. 
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Table 4.4 Pearson correlations for bulk samples of road dust, n=28. Bioaccessible concentrations are listed as “B”. In bold correlations 

significant at the 0.01 level. 

 TC TN Fe Mn Cd Cr Cu Ni Pb Sb Zn Fe B Mn B Cu B Ni B Pb B Sb B Zn B 

TC 1                  

TN 0.83 1                 

Fe -0.24 -0.06 1                

Mn -0.30 -0.13 0.69 1               

Cd 0.24 0.12 -0.09 0.18 1              

Cr -0.33 -0.15 0.56 0.69 0.28 1             

Cu 0.08 0.08 0.26 0.15 0.19 0.25 1            

Ni -0.42 -0.24 0.47 0.70 0.17 0.89 0.05 1           

Pb 0.04 0.08 0.51 0.40 0.32 0.34 0.73 0.20 1          

Sb 0.09 0.15 0.37 0.14 0.11 0.13 0.70 0.00 0.72 1         

Zn 0.42 0.23 0.05 0.06 0.15 -0.03 0.68 -0.09 0.46 0.59 1        

Fe B 0.04 -0.02 0.50 0.35 0.21 0.17 0.32 0.14 0.45 0.41 0.42 1       

Mn B 0.08 0.19 0.22 0.46 -0.01 0.09 -0.12 0.04 -0.05 -0.10 0.08 0.26 1      

Cu B 0.35 0.28 0.30 0.11 0.08 0.00 0.67 -0.09 0.59 0.73 0.83 0.59 0.04 1     

Ni B -0.14 0.04 0.69 0.72 0.01 0.71 -0.06 0.75 0.12 0.01 -0.07 0.28 0.28 0.01 1    

Pb B 0.04 -0.07 0.40 0.33 0.20 0.22 0.61 0.22 0.82 0.53 0.64 0.57 -0.02 0.66 0.10 1   

Sb B 0.26 0.17 0.25 0.20 0.36 0.12 0.83 -0.02 0.68 0.75 0.77 0.65 0.04 0.82 -0.02 0.61 1  

Zn B 0.38 0.23 0.16 0.10 0.03 -0.11 0.62 -0.17 0.47 0.62 0.93 0.51 0.16 0.89 -0.05 0.60 0.77 1 
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4.3.4 EFs 

EFs of the elements in soils and RD relative to upper crustal composition 

(Wedepohl, 1995) and to the local soil composition are reported in Tables 4.5 and 

4.6). Fe was used as a reference metal, although this may have led to an 

underestimation of EF because of anthropic input of Fe, especially in RD. 

Alternatively, Cr was also utilized, given its main lithogenic origin in Turin 

(Ajmone Marsan et al., 2008, Bonifacio et al., 2010; Padoan et al., 2016).  

 

Table 4.5 Enrichment Factors against Fe of the elements in soil and road dust 

relative to upper crustal composition (U) (Hans Wedepohl, 1995) and relative to 

the local soil composition (L). For Mn and Cd the natural background value was 

not provided from ARPA Piemonte. 

Site 
Mn Cr Ni Cd Cu Pb Sb Zn 

U U L U L U U L U L U L U L 

 Road dust 

A 1 1 6 2 8 1 13 26 6 12 2 113 26 15 4 

A 2 1 9 3 11 2 13 24 5 15 3 83 19 6 2 

A 3 2 8 2 8 2 16 11 2 5 1 25 6 7 2 

A 4 2 6 2 8 1 12 5 1 7 1 16 4 3 1 

S 1 1 6 2 7 1 13 18 4 11 2 109 25 6 2 

S 2 1 7 2 7 1 18 13 3 12 2 42 10 6 2 

BO 1 7 2 8 1 12 14 3 9 2 34 8 4 1 

RI 1 9 3 13 2 12 5 1 6 1 18 4 3 1 

AG 2 9 3 13 2 22 2 1 4 1 12 3 2 1 

PE 2 8 2 11 2 8 9 2 6 1 8 2 2 1 

 Soil 

A 1 2 2 1 5 1 9 7 2 9 2 2 6 2 2 

A 2 1 7 2 8 1 11 9 2 60 11 1 10 7 3 

A 3 2 6 2 8 1 7 7 2 41 7 2 11 6 2 

A 4 2 4 1 6 1 9 5 1 31 5 2 5 4 1 

S 1 2 6 2 8 2 14 13 3 43 8 2 3 6 2 

AG 2 5 2 9 2 6 2 1 5 1 2 2 5 1 

PE 4 3 1 8 2 20 6 1 23 4 4 7 3 3 
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The results using the crustal composition as reference values always exhibited 

values higher than local soil composition, but with a strongly similar pattern. In 

addition, using Cr or Fe as reference metals yielded similar results, identifying Sb 

and Pb as the most enriched metals in soils. Sb and Pb were averagely enriched 

(EFs = 6 and 5, respectively) against Fe and local soil, while Cu and Zn appeared 

only slightly enriched (EF = 2). Conversely, Mn, Cr and Ni had mean EF values of 

1. Taken together, these findings imply that Cr could also be a suitable reference 

element in soils in areas of diffuse natural background. 

In the RD samples, Sb was still the most enriched element, followed by Cd, Cu and 

Pb. Average Sb EF values at traffic sites were 55 and 13 against crust and local soil, 

respectively. Additionally, Cr, Ni, and Zn were slightly enriched in RD with respect 

to the crustal composition, while Mn was not (EFs of 7, 9, 6 and 1, respectively).  

From the EF results, an increasing gradient trend towards the city center was 

apparent (from A1 to A4), with higher values for almost all metals at the most 

trafficked sites (A1, A2 and S1).  

 

Table 4.6 Enrichment Factors against Cr of the elements in soil and road dust 

relative to the local soil composition. 

Site 
Fe Ni Cu Pb Sb Zn 

Road dust 

A 1 0.6 0.8 3.1 1.2 14 2.2 

A 2 0.4 0.8 2.0 1.0 7 0.6 

A 3 0.4 0.6 1.0 0.4 2 0.8 

A 4 0.5 0.7 0.6 0.6 2 0.5 

S 1 0.5 0.7 2.2 1.1 14 0.8 

S 2 0.5 0.7 1.4 1.0 5 0.9 

BO 0.5 0.7 1.5 0.8 4 0.6 

RI 0.4 0.9 0.4 0.4 1 0.3 

AG 0.4 0.9 0.2 0.3 1 0.2 

 Soil 

A 1 1.4 1.3 2.1 2.2 8 2.5 

A 2 0.5 0.6 0.9 4.8 5 1.3 

A 3 0.6 0.8 0.9 4.2 6 1.1 

A 4 0.8 0.9 1.0 4.5 4 1.2 

S 1 0.5 0.8 1.6 4.0 2 0.8 

AG 0.7 1.1 0.3 0.6 1 0.8 

PE 1.2 1.8 1.7 4.8 9 3.4 
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4.3.5 Metal concentrations in size fractions 

PSD of metals in soils and RD is a key parameter when performing an assessment 

of health risks from ingestion and inhalation. For inhaled particles, the most 

hazardous thresholds are at 10 and 2.5 µm. For accidental ingestion, based on 

adhesion to the hands, the threshold was approximately 50-63 µm, although certain 

studies have reported values up to 200 µm (Ruby and Lowney, 2012; Siciliano et 

al., 2009; U.S. EPA, 2011). This size was therefore selected for this study to be the 

maximum size for analysis. Average aqua regia extractable contents of metals for 

each size fraction are available in Table 4.7. 

 

Table 4.7 Average concentration of metals in size fractions, at traffic (TR) and 

background (UB) sites. 

Fraction Site type Fe Mn Cu Cd Cr Ni Pb Sb Zn 

Road Dust (mg/kg) 

< 2.5 µm 
TR 15411 343 196 1.7 161 148 169 17 942 

UB 16166 400 129 1.2 149 148 113 10 414 

2.5 - 10 µm 
TR 32323 649 333 2.1 373 296 233 29 819 

UB 27242 883 101 1.6 353 348 99 9.5 337 

10 - 200 µm 
TR 31327 487 180 0.8 312 225 131 8.0 309 

UB 24935 385 40 0.5 259 112 45 1.0 139 

Bulk 
TR 24594 520 204 0.6 517 283 81 8.5 240 

UB 20236 546 29 0.6 502 329 33 1.5 68 

Soil (mg/kg) 

< 2.5 µm 
TR 42934 1049 287 2.0 168 299 952 16 805 

UB 29356 1176 120 0.6 136 227 168 2.0 443 

2.5 - 10 µm 
TR 46001 1179 240 1.5 228 303 757 17 681 

UB 57497 1277 91 0.9 109 238 146 1.0 540 

10 - 200 µm 
TR 30715 579 88 0.4 202 158 289 6.7 346 

UB 31267 648 41 0.7 156 126 75 1.0 131 

Bulk 
TR 28684 840 145 0.4 432 256 368 6.0 305 

UB 21656 941 42 0.5 273 249 76 2.4 195 

 

In soils, all metals (except Cr and Ni) showed highest concentrations in the finest 

fractions. In particular, Fe and Mn had the highest concentrations in the 2.5-10 µm 

fraction, while Cu, Pb and Zn had the highest concentrations with <2.5 µm. To 
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better interpret the data, as for bulk concentrations, Pearson correlations between 

metals for each size fraction were calculated. In the <2.5 µm fraction, Pb and Zn 

were highly related (r = 0.90) and could have originated from the same sources, 

like combustion or industrial processes. Zn could also derive from the same wear 

process as Cu (wheels and tires) - they are highly correlated in roadside soils (r = 

0.78). Ni and Cr did not demonstrate any significant differences between different 

size fractions, with the latter being slightly enriched in the coarser fraction. This 

confirmed their mostly geogenic origin, as previously observed by Ajmone Marsan 

et al. (2008). 

In RD samples, Zn was of the highest concentration in the <2.5 µm fraction, almost 

four times the concentration in bulk samples, while the 2.5-10 µm fraction was 

slightly less enriched. Industrial processes, such as smelting activities, emit Zn in 

the fine-size range, while Zn-containing tire wear particles have a peak between 2.5 

and 10 µm (Harrison et al., 2012). Cu, Sb and Pb had the highest values in 2.5-10 

µm particles, just as in the soil samples. This is congruent with the suggested source 

process (abrasion and wear of brakes and wheel clips) - brake emission tests show 

particle emission modes between 1.0 and 6.0 µm (Grigoratos and Martini, 2015). 

Mn and Fe revealed little enrichment in the 2.5-10 µm and coarser fractions, while 

Cr was greatest with respect to concentration in the bulk sample, as in the soils.  

These results overall validate the importance, for RD samples, of discriminating 

between <2.5 µm and 2.5-10 µm particles, as combustion processes mostly consist 

of particles <2.5 µm, while wear processes produce coarser (2.5-10 µm and larger) 

particles.  

In Table 4.8a, Pearson correlations in the 2.5-10 µm size fraction of RD are 

reported. Confirming our hypothesis, Zn seemed to be correlated with Cu, Pb and 

Fe in particles of 2.5-10 µm, while they were not correlated to any other metal in 

particles <2.5 µm, suggesting different sources in various size ranges. In the 2.5-10 

µm fraction, a significant correlation between C, Fe, Cu and Sb suggested, for C 

and Fe, an emission from brake wear, which is in agreement with their abundant 

presence in brake materials (Grigoratos and Martini, 2015). In the coarser fraction 

(10-200 µm), no such relationship was observed.  Cr and Ni are correlated between 

them and Ni with carbon and nitrogen, which was in line with a dominant natural 

origin. 

No significant seasonal variability was found in soil samples nor RD samples, while 

the spatial variability of size-fractionated metals followed the same patterns 

observed in bulk samples. When calculating average concentrations in traffic and 

background sites, in soil samples, only Pb and Zn in the <2.5 µm fraction showed 

statistically significant variations between traffic and background samples. Instead, 
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in RD, Cu, Pb, Zn and Sb were present in significantly higher concentrations at 

traffic sites for all size fractions.  

Eventually, a comparison of elemental concentrations in braking and in 

acceleration sites (9+9 samples) was conducted. Within braking zones, Zn and Cu 

concentrations were higher than at acceleration sites in the 2.5-10 µm fraction, 

although not significantly. This could possibly indicate that particles emanating 

from braking did not fall immediately on the road but were released also during the 

acceleration event, as recently found by Hagino et al. (2016).  

 

Table 4.8 Pearson correlations between metals in the 2.5-10 µm fraction. in all sites 

(a) and in only braking sites (b). In bold significant correlations (p<0.05), n=28 for 

Table 4a and n=9 for Table 4b. 

a C N Fe Mn Cd Cr Cu Ni Pb Sb Zn 

C 1           

N 0.90 1          

Fe 0.64 0.35 1         

Mn 0.70 0.65 0.55 1        

Cd -0.46 -0.39 0.03 0.32 1       

Cr 0.26 0.06 0.38 0.25 -0.15 1      

Cu 0.54 0.21 0.76 0.21 -0.22 0.46 1     

Ni 0.63 0.58 0.45 0.66 -0.07 0.76 0.27 1    

Pb 0.49 0.14 0.61 0.25 -0.24 0.24 0.67 0.25 1   

Sb 0.64 0.41 0.73 0.32 0.03 0.14 0.75 0.16 0.64 1  

Zn 0.25 -0.13 0.51 0.18 -0.09 0.08 0.50 0.12 0.80 0.72 1 

b C N Fe Mn Cd Cr Cu Ni Pb Sb Zn 

C 1           

N 0.86 1          

Fe 0.85 0.47 1         

Mn 0.69 0.24 0.58 1        

Cd -0.87 -0.65 0.05 0.72 1       

Cr -0.12 -0.61 0.57 0.15 -0.17 1      

Cu 0.90 0.56 0.85 0.25 -0.34 0.79 1     

Ni 0.40 -0.12 0.83 0.52 0.10 0.91 0.84 1    

Pb 0.74 0.36 0.63 0.35 -0.27 0.30 0.63 0.46 1   

Sb 0.50 0.15 0.79 0.56 0.03 0.43 0.67 0.65 0.62 1  

Zn 0.68 0.33 0.71 0.48 -0.19 0.28 0.64 0.49 0.89 0.90 1 

 

In Table 4.8b, correlations considering only braking sites are reported. Here, 

contrary to the results, when all sites were pooled, Cr was significantly related to 

Cu, and Ni to Sb. Despite the limited number of samples, this could mean that a 
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limited emission from brakes or road wear was also relevant for these metals, this 

process hindered by natural contributions when considering all sites.  

The Cu:Sb ratio has been suggested in the literature to be a useful chemical tracer 

for brake wear particles. In our results, a shift between fine and coarse particles of 

RD was evident, being 12, 13, 26 and 36 being the ratios for <2.5 µm, 2.5-10 µm, 

10-200 µm fractions and bulk RD, respectively. These values fall within the range 

found for RD particles <10 µm, specifically from 7 to 17 (Amato et al., 2011; 

Grigoratos and Martini, 2015), while coarser particles are less enriched with Sb. 

The soil particles showed a larger and more constant ratio, between 16 and 24 for 

all fractions, indicative of a much lower enrichment of Sb in roadside soils. The 

homogeneity of values could be based on the natural processes occurring in soils 

that change the size of the metal-bearing particles (Ajmone Marsan et al., 2007) or 

on anthropic historical disturbances.  

 

4.3.6 Bioaccessibility of metals  

The bioaccessibility results showed the amount of a contaminant soluble in the 

gastrointestinal environment and, consequently, that would be available for 

absorption (Paustenbach, 2000). Average concentrations and percentages of the 

aqua regia extractable content for Fe, Mn, Cu, Ni, Pb, Sb and Zn at every site are 

listed in Table 4.9. Values for Cr and Cd were below the detection limit (DL) in all 

samples, and, thus, not described herein. 

In bulk soil samples, Pb was the most accessible metal, followed by Zn, Cu, Mn, 

Ni, Sb, Fe and Cr. Pb, Zn, and Cu were found in greater than 40% of the aqua regia 

extractable content, implying a significant risk in the case of ingestion. Cr and Fe 

were the least bioaccessible metals, in line with their inferred origin, with the first 

being <DL in most of the samples and Fe having an average bioaccessible fraction 

of 1% in soils. 

In RD samples, Zn was the only element more bioaccessible than in the soils, 

followed by Pb > Cu > Mn > Sb > Fe > Ni > Cr. As in soils, metals enriched in the 

fine-size range were more bioaccessible, while Fe, Ni and Cr were the least 

bioaccessible metals. Sb had similarly low values in both matrices, aligned with its 

unique origin. These values are similar to the few studies that used the same 

methodology on RD samples, evidencing, probably, similar sources and chemical 

forms (Hu et al., 2011; Luo et al., 2011; Patinha et al., 2015). 
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Table 4.9 Average metal bioaccessible concentrations (mg/kg) and percentage of 

the aqua regia extraction in each site. 

Site Fe Mn Cu Ni Pb Sb Zn 

 
mg/k

g 
% 

mg/k

g 
% 

mg/k

g 
% 

mg/k

g 
% 

mg/k

g 
% 

mg/k

g 
% 

mg/k

g 
% 

Road dust 

A 1 2633 10 130 24 110 29 6.6 3 55 52 1.1 5 415 74 

A 2 2419 7 86 14 61 12 14 3 78 44 0.1 5 128 42 

A 3 361 2 103 25 17 17 2.2 1 2.3 8 0.1 4 76 46 

A 4 338 2 92 20 8.3 15 0.0 0 11 27 0.1 5 30 33 

S 1 469 2 78 18 67 28 1.1 1 16 19 0.5 3 121 63 

S 2 555 2 125 23 57 33 4.9 2 34 36 0.4 6 156 70 

BO 615 2 77 14 43 18 3.6 1 34 36 0.3 5 116 61 

RI 540 2 138 21 27 33 24 4 16 24 0.1 3 54 44 

AG 230 1 132 24 4.9 16 11 3 3.4 11 0.02 1 32 43 

PE 274 1 134 25 10 11 3.2 1 7.4 21 0.1 9 23 39 

Soil 

A 1 257 1 359 34 40 35 14 7 33 38 0.3 6 140 49 

A 2 320 1 214 28 122 71 20 7 382 59 0.6 6 270 53 

A 3 383 2 214 30 45 44 11 5 181 54 0.3 4 108 45 

A 4 164 1 208 25 34 40 11 5 131 45 0.3 6 70 33 

S 1 205 1 300 36 44 18 39 12 351 74 0.2 5 111 41 

AG 353 2 326 39 6.3 22 20 7 8.6 21 0.1 4 32 21 

PE 243 1 402 35 29 43 20 10 82 56 0.5 11 32 11 

 

As not all chemical forms were equally extracted, correlations between total and 

bioaccessible content could help in distinguish sources. For Pb, in particular, the 

two amounts were perfectly correlated in soils (Pearson r = 0.98) and well 

correlated in RD samples (r = 0.82). As at the less trafficked sites, Pb could be 

considered arising primarily from soil (Paragraph 4.3.1), and so we calculated 

correlations for RD samples in the highly trafficked sites (n = 15), trying to 

determine whether traffic was still a source of Pb. Here, total and bioaccessible Pb 

were less related in bulk samples (r = 0.63) than in size fractions, as they were 

perfectly correlated in all three fractions (r>0.95). This could indicate that, at highly 

trafficked sites, different sources of bioaccessible Pb coexist; coarse Pb, probably 

deriving from soils, and fine Pb, most likely from traffic sources (e.g., brake pads, 

wheel clips, yellow paint). 

No significant variations in bioaccessibility content with seasons were found with 

either matrix, probably also based on the limited number of samples. 



79 | 

Spatial distribution of bioaccessible metals in soils followed the trend seen for the 

total content, with Cu, Pb and Zn showing significantly higher concentrations at 

traffic rather than background sites. Traffic sites had also a higher proportion of 

bioaccessibility, implying that, for these metals, traffic sources were more 

bioaccessible than those that were natural. 

In RD samples, Fe, Cu, Pb, Sb and Zn were found at significantly higher 

concentrations (mg/kg) at traffic sites, but only Fe and Cu were observed in 

significantly greater proportions. This is probably because, contrary to Pb, Sb and 

Zn, at background sites, they mainly derive from geogenic, and less bioaccessible, 

sources (as suggested earlier). Fe, in particular, was considerably higher in 

concentration and proportion at trafficked industrial sites (A1 and A2) (10% and 

7%, while the average was 2%) than all others. Ni and Mn did not exhibit any 

differences between traffic and background sites. 

 

4.3.7 Bioaccessibility in size fractions 

The average proportions for all metals and size fractions are outlined in Figure 4.3.  

In soil samples Fe, Mn, Cr and Ni adhered to the same trend, with concentrations 

and proportion decreasing with the increase in size. Fine particles were significantly 

more bioaccessible at traffic than at background sites, consistent with the idea of a 

lithogenic origin of larger particles and a more anthropic, and bioaccessible, input 

for fine particles for all metals.  

Cu, Pb and Zn had were most bioaccessible content and found in the greatest 

proportions, with Pb being the most extractable metal. Along with Sb, they did not 

feature significant differences between size fractions, but they did significantly 

higher values at traffic sites. This is probably based on the long-term build-up of  

contamination, as in the case of Pb, and because in soils, metal-bearing particles 

can be aggregated by iron oxides, organic matter and carbonates or perturbed by 

the addition of fine particles and the mixing of roadside soils (Ajmone Marsan et 

al., 2008). 

In RD samples, the bioaccessible percentage of the finer fractions was higher than 

in soils for all metals, and a clear difference in bioaccessibility between fine and 

coarse fractions could be observed. This confirmed the probable different sources 

of metals in fine and coarse RD and, for a number of them, can probably pose a 

serious health risk. In particular, Pb, Zn and Cu were almost totally bioaccessible 

in the <2.5 µm fraction (98%, 96%, 89%, respectively) and in the 2.5-10 µm 

fraction (89%, 67% and 59%, respectively), while only 30% of Ni and Sb was 

extractable. As a result, bioaccessible Zn and Pb concentrations reached, in several 

samples, 1981 mg/kg and 612 mg/kg, respectively, in the 2.5-10 µm fraction and 
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1252 and 210 mg/kg in the <2.5 µm fraction. With the bioaccessible concentrations, 

average values were still higher than the legislative limit for the total concentration 

in soils (666 mg/kg for Zn and 245 mg/kg for Pb in the 2.5-10 µm fraction and 530 

mg/kg and 139 mg/kg in the <2.5 µm fraction). 

On the contrary, Fe, Mn, Ni and Cr followed the same trend observed in soils - the 

finer the fraction, the more bioaccessible the metals, though concentrations were 

twice that found in soils. No seasonal variability was observed in either matrix. 

 

 

Figure 4.3 Bioaccessibility of metals in size fractions, percentage of bioaccessible 

to pseudo-total content. 

 

4.3.8 Statistical analysis 

Chemometric data treatment was applied to the two data sets (RD and soil samples) 

separately and as a whole. Missing values were interpolated using the two values 

obtained in the other seasons, while for below the DL, a value of DL/2 was applied. 

Cd and bioaccessible Cr were discarded because of the high number of values <DL 

and data sets were normalized and autoscaled utilizing z-scores.  
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Q-mode HCA was performed on the data sets to highlight similarities between 

variables, which could indicate common sources. The results were very similar for 

both media (RD and soils), thus only RD results were reported in Figure 4.4.  

Metals appeared separated into four clusters. The first links together Cr, Ni, Mn 

and Fe, having the same main source in the parent material of soil and asphalt. The 

second cluster links C and N, as the organic fraction of RD could derive from either 

soil or anthropic activities, while the third was formed only by Pb and the 

extractable portion of Ni. These probably have a similar industrial source or mixed 

source as they can arise from traffic sources and soil. The last group is made up of 

all the metals with their primary origins in vehicular traffic, confirming the 

probable anthropic source of the extractable parts of Fe and Mn, while non-

extractable Fe and Mn are soil-related, enclosed in a crystalline (or more stable) 

matrix. 

 

Figure 4.4 Dendrogram obtained by Q-mode HCA considering the data set of road 

dust samples. 
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4.4 Conclusions 

Pseudototal and bioaccessible fractions of Fe, Mn, Cd, Cr, Cu, Ni, Pb, Sb and Zn 

were determined in RD and roadside soils of Turin. In the soils, the observed values 

were higher than reported in previous studies and above the legislative limits. Fine 

particles (<2.5 and 2.5-10 µm in size) were enriched for all metal (loids) except Cr 

and Ni, compared to the bulk samples, and spatial variation along the transect was 

more pronounced for elements mostly emitted by traffic sources (Cu, Sb, Pb and 

Zn).  

In RD samples, the analysis of fractions identified two different sources for Zn 

(likely industrial in <2.5 µm fraction and tire wear in the 2.5-10 µm). The fraction 

between 2.5 and 10 µm was the most enriched for all metals but Zn, and almost all 

analyzed metals (except Mn) seemed to be highly correlated in this fraction. This 

is probably because the particle emissions from brake, road and tire wear fall mostly 

within this dimensional range. 

In the soil samples, the bioaccessibility of Fe, Mn, Cr and Ni increased in fine 

particles, likely based on the higher anthropic contribution and greater reactivity, 

while Cu, Pb, Sb and Zn had almost constant bioaccessibility for all sizes. 

In the RD samples, the bioaccessibility of fine particles was clearly greater than in 

soils for all metals in the order Pb > Zn > Cu > Ni >> Cr. For Pb, Cu and Zn, the 

bioaccessible fraction reached 90% in the <2.5 µm fraction, which also had the 

most enrichment when compared to the earth’s crust, so these results appear to be 

critical for the estimation of risk to human health in urban areas. 

In general terms, the contents of the bulk samples should not be considered as 

reliable indicators of the concentration and bioaccessibility of metals in fine 

fractions of RD and soils, thus size fractionation appears to be a necessity to obtain 

more useful information for risk assessment in the urban environment. 
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Abstract 

The relative impact of non-exhaust sources (i.e. road dust, tire wear, road wear and 

brake wear particles) on urban air quality is increasing. Among them, road dust 

resuspension has generally the highest impact on PM concentrations but its spatio-

temporal variability has been rarely studied and modeled. Some recent studies 

attempted to observe and describe the time-variability but, as it is driven by traffic 

and meteorology, uncertainty remains on the seasonality of emissions. The 

knowledge gap on spatial variability is much wider, as several factors have been 

pointed out as responsible for road dust build-up: pavement characteristics, traffic 

intensity and speed, fleet composition, proximity to traffic lights, but also the 

presence of external sources. However, no parameterization is available as a 

function of these variables. 

We investigated the mobile fraction of road dust smaller than 10 µm (MF10) in two 

cities with different climatic and traffic conditions (Barcelona and Turin), to 

explore MF10 seasonal variability and the relationship between MF10 and site 

https://doi.org/10.1016/j.envpol.2017.10.115
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characteristics (pavement macrotexture, traffic intensity and proximity to braking 

zone). Moreover, we provide the first estimates of emission factors in the Po Valley 

both in summer and winter conditions. Our results showed a good inverse 

relationship between MF10 and macro-texture, traffic intensity and distance from 

the nearest braking zone. We also found a clear seasonal effect of road dust 

emissions, with higher emission in summer, likely due to the lower pavement 

moisture. These results allowed building a simple empirical mode, predicting 

maximal dust loadings and, consequently, emission potential, based on the 

aforementioned data. This model will need to be scaled for meteorological effect, 

using methods accounting for weather and pavement moisture. This can 

significantly improve bottom-up emission inventory for spatial allocation of 

emissions and air quality management, to select those roads with higher emissions 

for mitigation measures. 

 

5.1 Introduction 

Particulate matter (PM) emissions from road dust resuspension are an increasing 

concern for air quality and public health (Denier van der Gon et al., 2013; Amato 

et al., 2014a). The stricter PM emission standards adopted in Europe, with the 

EURO Directive, have brought now more attention to the non-exhaust particles 

from road traffic (i.e. road dust, tire wear, road wear and brake wear particles), for 

which emissions are not controlled, and their relative impact on urban air quality is 

increasing (Amato et al., 2014b; Barmadipos et al., 2012). In Southern Spain, for 

example, Amato et al. (2104b) found decreasing contributions for motor exhaust 

(p< 0.001) of 0.4 (0.57–0.24) µg m−3year−1 from 2004 to 2011. Conversely, in the 

same period, road dust contributions to PM10 levels remained stable. Current 

estimates suggest that, in the European domain, non-exhaust vehicle emissions 

represent 70% of urban primary PM10 emissions since 2015 (Keunen et al., 2014).  

Among non-exhaust sources, road dust resuspension has generally the highest 

impact in PM concentrations, however, a comprehensive assessment of road dust 

impact both in terms of pollutants (dust, carbonaceous particles and metals) 

concentrations and health outcomes has been rare (Ostro et al., 2011). This is due 

to the lack of reliable emission factors (for source oriented models, Schaap et al., 

2009), and the similarity of the chemical composition of road dust with other 

mineral sources (Amato et al., 2009). Moreover, experimental studies on road dust 

characterization generally found high variability of road dust loadings in space and 

time, suggesting the need of bottom-up inventories and improvement in the 

description of spatial and temporal variability.  Spatial inequalities of air pollution 

levels have been in fact observed at the urban scale, mostly for PM10 and its coarser 

fraction, which is dominated by road dust resuspension.  
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Time variability is crucial for epidemiological studies but information is lacking on 

the day-to-day and seasonal variability of emission factors. Some recent studies 

attempted to observe and possibly describe the spatio-temporal variability. In 

Scandinavian countries, the use of studded tires and road salting/sanding are 

predictor variables to estimate road dust loadings and the NORTRIP model has 

been successfully applied in order to predict both spatial and temporal variability 

of road dust loadings (Denby et al., 2013a and 2013b); while in Central and 

Southern Europe, where time-variability is driven by meteorology, in addition to 

traffic flow, several authors used the ON/OFF approaches to account for road 

moisture due to precipitation (Pay et al., 2011; Schaap et al., 2009). Amato et al. 

(2012) studied the day-to day variability of road dust suspendible fraction in one 

Spanish and one Dutch streets, observing relatively short recovery rates within 24 

h and 72 h respectively, which is in agreement with the recovery of ambient air PM 

coarse curbside increment (Amato et al., 2011; Keuken et al., 2010).  However, 

uncertainty remains on the seasonal variability of road dust emissions, which can 

be also affected by meteorological pattern (higher relative humidity in winter, 

higher drought in summer, intense Saharan dust intrusions in spring, for example).  

Concerning the spatial variability, the gap of knowledge is much wider. Several 

factors have been pointed out as responsible of road dust build-up (i.e. emission 

potential): pavement characteristics (texture, mineralogy, age (Amato et al., 2013; 

Berger and Denby, 2011; China and James, 2012; Denby et al., 2013b; Gehrig et 

al., 2010; Gustafsson et al., 209; Raisanen et al., 2005), traffic intensity and speed, 

fleet composition (Bukowiecki et al., 2010; Liu et al., 2016), proximity to traffic 

lights, but also the presence of external sources (e.g. construction dust, unpaved 

areas, African dust deposition, etc.). However, no parameterization is available as 

a function of these variables. Moreover, to understand the impact of these predictors 

is also important for air quality management since remediation measures can be 

designed.  

In this study, we present a simple empirical model able to predict road dust 

suspendible fraction and, consequently, emission potential, based on pavement 

macrotexture, traffic intensity and proximity to braking zone. This model is based 

on field measurement in the cities of Turin (Italy) and Barcelona (Spain), thus 

considering quite contrasting environments (Mediterranean and Continental) and 

aims to estimate the maximum emission factor for single roads (without 

considering the effect of meteorology); it could be, therefore, suitable for spatial 

allocation of emissions. Moreover, the article offers the first estimates of emission 

factors in the Po Valley (Italy), one of the most polluted regions in Europe, both in 

summer and winter conditions. 
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5.2 Material and methods 

5.2.1 Study area 

Four sampling campaigns were performed in the cities of Turin (Italy) and 

Barcelona (Spain), three in the summer period (June and September 2016 in Turin, 

August 2016 in Barcelona) and one in winter (January 2017, in Turin). The two 

cities under study have a common high density of vehicle emissions (among the 

highest in Europe) but different climatic conditions.  

The Turin metropolitan area has a population of around 1.5 million inhabitants, and 

is the fourth most populous metropolitan area in Italy. The high car density (5300 

veh km-2) provokes (as sum of exhaust and non-exhaust) almost 40% of the total 

primary emitted PM10, the second most important source (after biomass burning) 

according to the regional inventory (IREA, 2010). Climate is classified as humid 

subtropical, with moderately cold but dry winters and hot summers, when rains are 

infrequent but heavy. Average rainfall is around 1000 mm per year (mostly 

concentrated in spring and autumn) and daily temperatures vary within 2-22 °C 

(monthly averaged; ARPA Piemonte, 2014). The city is located at the western end 

of the Po valley, surrounded by hills to the East and by the Alps to the North and 

West. Thus, the dispersion of pollutants is very low, as in all cities of the Po valley 

(Belis et al., 2011; Eeftens et al., 2012), due to the very low wind speed and the 

thermal inversion occurring in wintertime. Consequently, EC air quality standards 

are not met. In 2016, for example, PM10 concentrations in the city center exceeded 

the EU daily limit value for 70 days (ARPA Piemonte, 2016).  

The Barcelona greater metropolitan area has around 4 million inhabitants and, with 

∼1 million vehicles, has also one of the highest car densities in Europe (5900 veh 

km−2). The city is located in the western coast of the Mediterranean basin, with a 

Mediterranean climate (mild winter and hot summers), and the scarce and 

infrequent precipitation (614 mm as mean from 2010 to 2015) facilitate the 

mobilization and resuspension of road-deposited particles. In Barcelona, traffic 

emissions are the most important pollution source of PM10, although other 

significant sources are mineral dust, shipping and industry (Amato et al., 2016). At 

urban background sites, annual PM10 concentrations due to the regional 

contribution are less than 30% of the total, while non-exhaust vehicle emissions 

contribute 17% (7 mg m-3), with the total road traffic contribution calculated at 46% 

(Amato et al., 2009). Thus, controlling local sources is very important for attaining 

PM10 limit values. The exposure scenario is even more problematic considering 

that 56% of urban population live less than 70 m away from major roads (>10,000 

vehicles day-1).  
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5.2.2 Road dust sampling  

The mobile fraction (able to be suspended under the applied airflow, 30 l min-1) of 

road dust below 10 µm in aerodynamic diameter (MF10) was sampled by means of 

a field dry resuspension chamber consisting in a sampling tube, a methacrylate 

deposition chamber, an elutriation filter, where MF10 was separated, and a filter 

holder, where particles were collected (Figure 5.1). More details on the sampler and 

on the sampling method can be found in Amato et al. (2009 and 2011).  

 

Figure 5.1 Photo of the experimental setup during measurements (A) and sampled 

pavements with different MTD (B = 1.23 mm; C = 0.57 mm) 

 

In Turin, sampling sites were selected in order to characterize different fleet 

conditions, pavements and traffic characteristics. To this aim, sites were chosen in 

residential, commercial and industrial neighborhoods and, at some sites, sampling 

was performed in both traffic directions. In Barcelona, sampling sites were chosen 

in a limited area, but on streets with different pavements and traffic conditions. In 

total, 72 filters were collected, characterizing 30 sites in Turin and 6 sites in 

Barcelona (Figure 5.3). In order to ensure a complete re-establishment of the 

stationary conditions of dust loadings, all the samplings were performed after, at 

least, one week without precipitation. 
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Figure 5.2 Placement of the sampling area within the road. 

 

Each MF10 sample was collected as in previous studies, from a 50 x 100 cm area 

with the wider side centered within the most-right active lane (excluding parking 

area), thus representing the area covered by wheel tracks (Figure 5.2). For each site 

2 filters were collected in adjacent areas to improve the representativeness of the 

final road dust loading estimate. Before sampling, quartz fiber filters (Pall, Ø47 

mm) were dried at 205°C for 5 h and conditioned for 48 h at 20°C and 50% relative 

humidity and weighed two times (every 24 h) and kept in PETRI holders. After 

sampling, filters were brought back to the laboratory and weighted after 24 and 48 

h of conditioning at the same T and HR condition (Amato et al., 2009). 
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Figure 5.3 Map of the sampling sites. 

 

5.2.3 Pavement macro-texture measurements 

The macro-texture of road pavement corresponds to the size of the aggregate 

particles and the gaps between them in the asphalt mixture (Henry, 2000). In our 

study, pavement macro-texture was characterized through the combination of 

photographic analysis and the Mean Texture Depth (MTD) analysis (China and 

James, 2012). Pictures of the pavement surfaces were taken at a fixed distance (50 

cm) using a 16.1 MP camera, with a millimeter scale ruler in the field of view, and 

used to estimate average size of aggregates. In each site, two photos were taken and 

the size distribution and mean horizontal size of aggregates was estimated by 

counting the total number and the size of each aggregate along the ruler (Amato et 

al., 2013).  

Since aggregates are embedded in the asphalt binder, the texture was estimated also 

by means of a MTD analysis. This analysis, called sand patch method (China and 

James, 2012; Praticò and Vaiana, 2015), is a standard evaluation of the surface 

macrostructure by careful application of a known volume of standard material on 

the surface, and subsequent measurement of the total area covered (ASTM E 965, 

2015). At each site, two MTD measurements were made using 30 ml of glass 

spheres (clean silica sand passing a 300 µm and retained on a 150 µm BS sieve, 

Mastrad ltd) and the average circular area was calculated using the average of 3 
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diameter measurements. This area was then divided by the applied volume of the 

spheres to calculate the MTD. The area used for photographic and MTD 

measurements was within the area of the MF10 measurement (Figure 5.2), and 

performed after the MF10 sampling and after sweeping the surface with a brush. 

Using these analyses, we calculated the corrected aggregate mode (CAM) 

according to the formula proposed by China and James (2012): 

(CAM)i = MTDi * (aggregate mode)i / (aggregate mean)i  (1) 

where the CAM of the i-th sample is calculated starting from the MTD, the mode 

of the aggregates observed through photographic analysis and the mean value of 

the horizontal size of the aggregates.   

 

5.2.4 Data analysis 

Multiple linear regression analysis was run to assess the feasibility of using 

pavement and site features to predict MF10. As predictor variables, we used the 

corrected aggregate mode (CAM), the traffic intensity (TR) and the distance (DIST) 

from the closest braking zone. The method was cross-validated using the leave-

one-out method (Todeschini, 1998). The indices used to interpret the validity of the 

model were the Relative Prediction Error (RPE) the Standard Error of Cross-

Validation (SECV) and the Cross-Validated Coefficient of Determination (Q2) 

(Gunawardena et al., 2014).  

Regression curves have been calculated by means of a least squares fit, minimizing 

the sum of residuals scaled by the standard deviation among duplicated 

measurements. All calculations were performed using Windows Excel 2013 and 

IBM SPSS 23. Data on traffic intensity was provided by the city council for 

Barcelona and, for Torino, by the in-house company of the city (5T s.r.l.), refers to 

the monthly averaged daily fluxes in the sampled month. DIST was calculated from 

the sampling site to the stop sign (or the traffic light line on the pavement).  

 

5.3 Results and discussion 

5.3.1 MF10 loadings and emission factors 

Descriptions of the sampling sites, macro-texture, traffic data, MF10 and emission 

factors for each site are reported in Table 5.1. The MF10 loadings (the suspendible 

fraction of road dust) in Turin streets ranged between 0.8 – 42.7 mg m-2, being the 

highest three registered at sites next to unpaved parks (12.3 mg m-2) and 

construction works (11.5 and 42.7 mg m-2). Excluding these sites, the urban range 

was found to be 0.8-8.8 mg m-2 (mean of 2.0 mg m-2) which is in the central range 

of European cities characterized with the same methodology (Amato et al., 2011; 



91 | 

2012; 2014b and 2016; AIRUSE, 2016) but higher than other Central European 

cities such as Paris (0.7-2.2), and Zurich (0.7-1.3). However, Turin measurements 

include summer and winter data, while in Zurich and Paris measurements were only 

performed in winter. In fact, we observed a clear difference between summer and 

winter samples (Figure 5.2), with a mean winter value of 1.0 mg m-2, significantly 

lower than in summer (2.7 mg m-2). In Barcelona, summer MF10 loadings were 

found in the range of 1.1 – 3.4 mg m-2, confirming the values found in previous 

studies (Amato et al., 2012). 

Road dust emission factors (EFs) were estimated based on MF10 using the power 

relationship proposed by Amato et al. (2011), which has a similar theoretical basis 

of the U.S. EPA AP-42 model but uses the MF10 instead of the silt (<75 µm) 

loading:  

𝐸𝐹𝑖  [𝑚𝑔 𝑉𝐾𝑇] = 𝑎 ∙ 𝑀𝐹10𝑖
𝑏   (2) 

where MF10i is the road dust suspendible fraction at the ith location, and a and b 

are empirically determined coefficients (VKT: Vehicle Kilometer Traveled). In the 

case of Barcelona sites, we used the coefficients (a=52.9; b=0.82) obtained in the 

same city by Amato et al. (2012), while for Turin we used the average (a=45.9; 

b=0.81) between Barcelona and Zurich due to the climatic conditions of Turin. 

Emission factors for each site are reported in Table 5.1 and must be intended as 

fleet-averaged. 

Typical urban roads in Turin showed annual-averaged values within 10 – 85 mg 

VKT-1 (Table 5.1), with a mean value of 27±19 mg VKT-1 (excluding the sites 

influenced by construction works or unpaved areas nearby), which is the first 

estimate in the Po Valley and, to our knowledge, the first annual-averaged value in 

Europe (accounting also for seasonal differences). 
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Table 5.1 Site description, pavement MTDs, MF10 loadings and calculated emission factors for each sample (average of 2 filters).  

* indicates traffic values estimated with mobility models.  

Season 
Site number 

(city) 

Distance from 

closest braking 

zone [m] 

N° vehicles per 

lane [veh day-1]* 

Average 

speed 

(km/h) 

MTD ± 

S.D (mm) 

MF10 ± S.D. 

(mg m-2) 

EF ± S.D. 

(mg VKT-1) 
Notes 

Summer 1 S (Turin) 68 1454 38.6 0.77±0.04 1.6±0.4 18±5  

 2 S (Turin) 340 1500 25.5 0.68±0.05 3.5±0.5 34±6  

 3 (Turin) 103 500* - 0.57±0.01 8.8±0.2 72±2  

 4 (Turin) 95 15367 36.9 - 2.9±1.0 36±13  

 5 (Turin) 52 2993 30.1 0.65±0.03 2.3±0.2 25±2  

 6 (Turin) 278 2651 - 1.23±0.12 1.5±0.3 17±4  

 7 (Turin) 280 2651 - 0.62±0.04 1.8±0.2 20±2  

 8 S (Turin) 70 3255 - 1.17±0.1 1.9±0.1 21±1  

 9 S (Turin) 210 1519 29.6 - 3.6±0.6 44±7  

 10 (Turin) 210 1519 - 0.63±0.02 2.2±0.2 24±2  

 11 (Turin) 123 3542 32.2 0.97±0.03 1.0±0.2 13±2  

 12 (Turin) 54 500* - 1.27±0.04 5.6±0.5 50±6  

 13 (Turin) 23 500* - 0.85±0.02 5.2±0.4 47±5  

 14 S (Turin) 25 700* - 0.64±0.03 4.0±0.1 38±1  

 15 S (Turin) 155 1367 - 1.28±0.27 2.7±0.2 27±2  

 16 S (Turin) 150 1000 - - 2.2±0.2 27±3  

 17 (Turin) - - - - 5.5±0.8 68±10 Campus road 
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 18 (Turin) - - - - 12.3±1.6 152±20 Park road 

 19 (Turin) 70 4700 - - 42.7±5 528±62 
Construction 

works nearby 

 20 (Barcelona) 5 1200 - 0.73±0.08 3.4±0.4 34±5  

 21 (Barcelona) 80 2350 - 1.0±0.04 1.5±0.1 17±1  

 22 (Barcelona) 65 800 - 0.89±0.07 2.0±0.01 23±1  

 23 (Barcelona) 65 800 - 1.27±0.04 2.1±0.7 21±10  

 24 (Barcelona) 200 4733 - 1.52±0.08 1.1±0.2 14±3  

 25 (Barcelona) 95 - - 0.40±0.05 1.1±0.2 13±3  

Winter 1 W (Turin) 72 1454 38.6 0.91±0.07 1.3±0.1 16±2  

 2 W (Turin) 340 1500 25.5 0.78±0.04 0.85±0 11±0  

 8 W (Turin) 455 3255 - 0.88±0.07 1.1±0.6 14±9  

 9 W (Turin) 260 1519 29.6 0.86±0.13 0.9±0.3 11±3  

 14 W (Turin) 45 500* - 0.71±0.07 1.6±0.4 19±4  

 15 W (Turin) 155 1367 - 1.25±0.05 0.8±0.2 10±3  

 16 W (Turin) 150 1000 - 1.02±0.10 0.9±0.3 11±3  

 26 (Turin) 130 500* - - 11.5±4.5 142±55 
Construction 

works nearby 

 27 (Turin) 93 500* - 1.03±0.16 6.9±2.2 85±27  

 28 (Turin 170 2464 14.7 0.83±0.03 1.2±0.3 15±4  

 29 (Turin) 1000 2311 23.1 0.61±0.04 0.9±0.1 12±1  
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Separating winter and summer EFs the averages would be 20±8 and 31±16 mg 

VKT-1, respectively, although not all sites were sampled at the same spot both in 

summer and in winter (Figure 5.2). An explanation for this higher emission factor 

in summer could be the lower pavement moisture, as all winter measurements were 

performed under morning haze and high air humidity. In addition, road 

hygroscopicity could have been increased by road salting, although only some 

roads were salted the week before the sampling campaign. Unfortunately, we do 

not have any precise information on this operation (it was made at least two days 

before the sampling). Moreover, other unknown dust sources, such as a higher soil 

contribution due to the drier climate, or construction dust could have influenced the 

results.  

 

Figure 5.2 Comparison of summer and winter emission factors at selected Turin 

sites (where sampling was made at the same spot in both seasons). 

 

In Barcelona, emission factors were estimated within 13 – 34 mg VKT-1, with an 

average value of 20±8 mg VKT-1 (Table 5.1). If we compare our results with the 

emission factors estimated in European studies using the same experimental set-up, 

these values are in the central (for Turin) or lower observed range. For example, 

studies reported 5.4-17 mg VKT-1 in Paris (Amato et al., 2016), 12-51 mg VKT-1 

in Switzerland (Amato et al., 2012) and 77-480 mg VKT-1 in southern Spain 

(Amato et al., 2013).  

 

5.3.2 Effect of traffic intensity and distance from braking zones 

The impact of traffic intensity on the road dust EF is poorly known although 

important for improving the emission parameterization for modelling. Recent 

studies found or hypothesized lower EFs for high capacity roads, as high traffic 
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intensity and speed are both expected to lead to a lower road dust reservoir (Amato 

et al. 2013; Abu-Allaban et al., 2003; Etyemezian et al., 2003; Schaap et al., 2009). 

Conversely, Bukowiecki et al., (2010) found the opposite, comparing the city center 

with a major freeway, revealing the need of more empirical studies. In the present 

study, we have explored the relationship between MF10 and street characteristics, 

such as traffic intensity and the distance from nearest braking zone (crossing, traffic 

light or roundabout), using combined data of both cities to enhance the 

representativeness of the models. We used traffic intensity data provided by city 

councils, based either on measurements or on mobility models. We observed a 

rather good inverse correlation between MF10 and the number of vehicles 

circulating on the lane (Figure 5.3), obtained by dividing the total traffic volume by 

the number of lanes. MF10 decreases with increasing traffic intensity following a 

power law fit, reaching a background loading probably related to pavement 

characteristics and meteorological conditions. In Figure 5.3, we have separated 

summer and winter samples in order to avoid the meteorological disturbance on the 

goodness of the fitting. Below 1000 vehicles day-1, MF10 increased due to lower 

traffic volumes, which led to higher steady state MF10 than at high traffic sites. 

However, also unknown sources could have contributed to the additional load, such 

as construction dust, due to the poor state of the pavement (at some sites).  

 

Figure 5.3 Relationship between MF10 and traffic intensity per lane. All sites with 

available traffic intensity data were used. 

 

Emission factors for secondary roads were therefore higher than for high capacity 

roads. This finding is relevant for emission inventories, since using a single or 

constant emission factor for the calculation of non-exahust contribution to PM in a 

whole region (top-down approach), may result in a mistake in emission estimates 

(Figure 5.4), e.g emissions from road with higher intensity would be overestimated. 
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The use of real or modeled EFs (as the site-specific relation in Figure 5.4) for each 

road or area (bottom-up approach) for road dust emissions is therefore needed to 

improve modeling results. 

 

Figure 5.4 Site-specific relationship between total emission per km and traffic 

intensity (using data of both cities). Grey line represents the interval generated 

using the maximum and the minimum value of EFs. The site with the higher traffic 

intensity (in red) was excluded from the fit, although in line with other samples.  

 

Brake wear particles are a major source of road dust (Grigoratos and Martini, 2015; 

Thorpe and Harrison, 2008). In Barcelona, Amato et al. (2013) estimated that 27% 

of MF10 was made of brake wear, as traced by Cu, Sb, Ba among other elements. 

Therefore, we explored the relationship between MF10 and proximity to braking 

zone (Figure 5.5) as a possible predictor of MF10 loading. We explored the 

relationship with the distance both to the following braking zone and to the 

previous, or the smaller of the two. Results reported in Figure 5.5 show a rather 

poor correlation in the case of using the minimum distance but a negative trend is 

apparent, suggesting that 70-100 m away from braking zone no significant increase 

in MF10 is observed due to brake particles. These results are in agreement with 

Hagino et al. (2015), who found two peaks of brake PM emission in dynamometer 

tests: the first peak during the application of a braking force and the second one 

afterwards, during wheel rotation. In one case, the peak was even after 30 s of 

acceleration, thus after a considerable space in the real world, and the emission 

during the acceleration phase represented almost 50% of the emitted PM. 
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Figure 5.5 Relationship between MF10 and the distance from the closest braking 

point: stop, traffic light or roundabout (using data of both cities).  

 

5.3.3 Effect of macro-texture 

In this study macro-texture was investigated through MTD and photographic 

measurements in order  to calculate CAM values. The classic MTD measurement 

typically resulted in a value indicating the mean size of the gaps between aggregate 

particles, thus higher MTDs indicated deeper or larger pores (coarser texture), 

while the CAM value also incorporated an estimation of the horizontal size of the 

particles.  

MTD values ranged from 0.56 to 1.30 mm in Turin, and from 0.36 to 1.54 mm in 

Barcelona (Table 5.1), showing quite a large variability in pavement macro-texture. 

Figure 5.6 shows the relationship between MF10 and both the MTD and the CAM, 

using data of both cities but excluding roads with less than 1000 vehicles day-1, 

where, as described above, unknown sources could have contributed to the high 

loadings. In addition, in these streets the traffic data was only modeled and not 

measured as in all other sites, thus introducing an additional error. Results show a 

significant inverse correlation with both parameters (r2= 0.48 and 0.54 for MTD 

and CAM, respectively). The correlation is higher with the corrected aggregate 

mode (Figure 5.6), revealing that the higher the porosity of asphalt, the higher the 

capability to inhibit resuspension. A similar result was found by China and James 

(2012), who analyzed the relationship of mean corrected mode with the 

resuspension potential using standard soil freshly applied to asphalt, and by Gehrig 

et al. (2010), using mobile load simulators. Moreover, Jacobson and Wågberg 

(2007) found that, with studded tires, the aggregate diameter of the pavements 

influences the total wear in as much as coarser material results in lower wear. 
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However, those studies were both dealing with controlled experiments, which 

might not be fully applicable to the real world, while our study offers the first 

evidence, to our knowledge, in real-world conditions (regarding road dust loading 

and physico-chemical properties). The resuspension inhibition could be influenced 

by the physical shielding of pores and by the size distribution of particles in the 

bitumen matrix, as evidenced by the improvement of the fit using the CAM. This 

improvement could be attributed to the use of the ratio of mode to mean (in equation 

1). A value lower than 1 means that some large particles are enclosed in the matrix, 

so dust could be occluded between these particles and the pavement or sheltered 

from them, causing a higher build-up or road dust. On the other hand, if we have a 

number of particles finer than the average, they can smooth or occlude the pores 

between larger particles, thus lowering the dust accumulation potential. Still, it 

must bear in mind that this relationship is only valid in summer, being completely 

masked in winter by the stronger effect of road moisture (Figure 5.6). 

 

 

Figure 5.6 Relationship between MF10 and MTD (above) and CAM of aggregates. 

All samples have been used; red dots belong to sites where traffic intensity was 

below 1000 vehicles day-1, and have been excluded from calculations. 
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Recently, review studies on non-exhaust emissions (Amato et al., 2014b; Denier 

van der Gon et al., 2013) have suggested the possibility of the use asphalt with 

coarser texture to improve air quality by inhibiting road dust resuspension, and our 

study offer experimental evidence, covering two different urban scenarios. Given 

that the observed range of MTD variability is high (Table 5.1), even within the 

same urban area, there is space for improvement since, currently, the surface texture 

is not regulated in cities. These results suggest that asphalts that are more porous 

and with coarser textures could, therefore, be not only designed to reduce noise 

emissions and to improve water drainage, but also to reduce the emissions from 

paved roads.  

 

5.3.4 Predicting model 

Our predicting model aims to estimate MF10 loading contributions from traffic 

sources, not from external sources (e.g. construction dust, soil resuspension or 

African deposition). Therefore, only the spatial variability could be assessed, as the 

temporal variability needs to be parametrized afterwards, using, for example, the 

method proposed by Amato et al. (2012).  

Based on the results and the relationships discussed above, a multiple linear 

regression analysis was developed to predict the maximum MF10 loading from the 

CAM, the traffic intensity (TR) and the distance (DIST) from the closest braking 

zone. Independently, each parameter showed an inverse relationship with the 

MF10, thus we tried different linear regressions with two or three variables using 

exponential or potential equations. Our results show that the equation with the best 

prediction of MF10 was: 

𝑅𝐷10 = 𝑒2.901±0.855 × 𝐶𝐴𝑀−0.264±0.123 × 𝑇𝑅−0.218±0.105 × 𝐷𝐼𝑆𝑇−0.145±0.076  

The model performed well, reporting the 74% of the variance of the dataset and 

reported no systematical bias in calculated values (Figure 5.7). During the 

development, we removed from the dataset samples below 1000 vehicles day-1, for 

the above-depicted rationale, and samples where not all the data were available. 
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Figure 5.7 Observed versus predicted MF10 values, calculated using the linear 

regression presented in equation 3. Sites where traffic intensity was below 1000 

vehicles day-1 have been excluded from the calculations. 

 

The validation of the method (performed with the leave-one-out method due to the 

low number of samples) gave also encouraging results, with an RPE value of 22% 

and a cross-validated coefficient of determination (Q2) of 0.65, that indicate a good 

fit of the data. To have a better idea of the fit maintaining the original data scale, 

the cross-validated standard error (SECV) was 0.52 mg m-2. Converted as an error 

on emission factors, it corresponds to 7 mg VKT-1, a very encouraging result on 

maxima emission potentials, as we started from mostly non-parametrized or city-

averaged inventories. 

Our model can be therefore used for predicting road dust loadings for multiple 

objectives: bottom-up emission inventory, road maintenance for air quality 

management and air quality measures in general. 

 

5.4 Conclusions 

In this study, we explored the influence of road characteristics such as pavement 

macro-texture, traffic intensity and distance to braking zones on real-world road 

dust loading that can be mobilized and resuspended (i.e. emission factor) in two 

contrasting environments such as the cities of Turin and Barcelona. Our results 

showed good inverse relationship between MF10 and i) macro-texture, ii) traffic 

intensity and iii) distance from braking zone, although with a lower correlation. 

These results allowed building an empirical mode, able to predict suspendable road 

dust and emission factors based on the aforementioned road data. This model can 
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significantly improve bottom-up emission inventory for spatial allocation of 

emissions and air quality management to select those roads with higher emissions 

for mitigation measures. We also found a clear seasonal effect of road dust 

emissions, with higher emission in summer likely due to the lower pavement 

moisture, indicating that our model could be used only for predicting spatial 

variability of maxima emissions, which then need to be scaled for meteorological 

effect, using methods accounting for weather and pavement moisture. 
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Abstract 

Dust is a mixture of natural and anthropogenic particles originated from multiple 

sources, which can represent an hazard for human health. Playgrounds are a site of 

particularly concern, due to sand dust ingestion by toddlers and inhalation. In this 

study, 37 sands used in public playgrounds in the city of Barcelona were physico-

chemically characterized also in relation to routine maintenance activities such as 

disinfection and sand renewal. The analyzed sands show a felsic mineralogy 

dominated by Na-feldspar, quartz, and, to a lesser extent, K-feldspar, with minor 

amounts of clay minerals, carbonates and hematite. Particle fractions below 10, 2.5 

and 1 µm represent, on average, 0.65%, 0.17% and 0.07% of bulk volume, 

respectively, although, due to the human grinding, these initial fractions increased 

every year by a 18%, 5% and 2% respectively. Disinfection of sands effectively 

reduced only the NH4+ concentration, among inorganic species. The average metal 

content was anthropogenically enriched, with respect to the upper continental crust, 

https://doi.org/10.1016/j.chemosphere.2017.09.101
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only for Sb and As. Both elements show high spatial variation indicating local 

sources such as road traffic for Sb (contributing mostly to the total concentration), 

and industry for As (also contributing with highly bioaccessible Sb, Cu and Zn). A 

clear inverse relationship between total concentrations of some elements and their 

leachable (Sb) and bioaccessible (Sb and Cr) fractions is observed. The most 

bioaccessible elements were Ca>Ni>Cu>Sr>Cd>Pb, all above the 25% of the total 

concentration. Bioaccessibility was higher for the carbonate-bearing particles and 

for the anthropic emitted metals (>50% of Ba, Cu, K, Pb and Zn). 

 

6.1 Introduction 

Dust is a mixture of natural and anthropogenic particles originated from multiple 

sources, which can represent a hazardous pollutant for human health via inhalation, 

ingestion, and, to a lesser extent, dermal contact (Paustenbach, 2000). A 

particularly sensible population is children, due to their higher inhalation rate and 

to the unintentional or deliberate ingestion of significant quantities of dust through 

hand-to-mouth contact (Acosta et al., 2009; Banerjee, 2003; Calabrese et al., 1997; 

Ljung et al., 2007; Ruby and Lowney, 2012). Incidental ingestion provides the 

primary pathway for human exposure; Shi et al. (2011) calculated that ingestion 

contributed 97.5% and 81.7% to the total exposure doses of non-carcinogenic and 

carcinogenic elements for children, and 91.7% and 52.9% for adults. The average 

amount of soil/sand dust ingested by a children has been calculated in various 

studies between 39 and 271 mg day−1, with a central estimate of 100 mg day−1, 

representing the average dust intake for children within 1-6 years (U.S. EPA, 2011). 

In addition, particle inhalation has been found to cause increased risk for respiratory 

and cardio-vascular disease and to affect the neurodevelopment of children (Sunyer 

et al., 2015). In urban environment, children exposure to dust occurs mostly during 

playground activities, as most of playgrounds are unpaved and sand particles are 

continuously ground by playing activities.   

Particle size distribution is relevant for inhalation and ingestion processes. 

Inhalation involves mostly particles below hundreds of microns, although 10 

microns (thoracic fraction) is the most common cut-off size for defining hazardous 

atmospheric particulate matter (PM). Incidental ingestion requires soil particles that 

can adhere to human hands, being finer particles (generally <63 μm in diameter) 

the more efficient in this behavior (Choate et al., 2006; Yamamoto et al., 2006; 

Ruby and Lowney, 2012).  

As stated by the last report of air quality in Europe (EEA, 2015), PM limit values 

are often exceeded in Europe, mostly due to road traffic, industrial and biomass 

burning emissions. In addition, power generation, soil dust and shipping are also 

significant sources of PM. In the Barcelona Metropolitan Area the PM10 daily limit 
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value was exceeded until 2013, due to the high concentrations observed at specific 

sites such as the Sants (in 2012) and El Prat de Llobregat (in 2013) monitoring sites. 

In both stations, the exceedances were mainly due to the high concentrations of the 

mineral component of PM, namely mineral dust, which consists of primary 

particles, generally coarser than 1 µm, and composed mainly by Al, Si, Ca, Fe, K 

and Ti, among other typical crustal species. Mineral dust can be emitted by multiple 

sources, including local soil resuspension, African dust outbreaks, construction 

works, and traffic-induced resuspension. Soil resuspension can increase 

considerably PM10 levels also in school environment with sandy playgrounds 

(Amato et al., 2014c).  

Concerning the ingestion pathway, only a part of the ingested particles can be 

adsorbed and reach the systemic circulation (i.e. the bioavailable fraction), and the 

oral bioaccessibility is defined as the fraction that is soluble in the gastrointestinal 

environment and available for absorption (Ruby et al., 1999). Therefore, in vitro 

tests of bioaccessibility are useful tools to predict the relative bioavailability, 

improving the accuracy of risk assessments in a cost-effective manner. In last years, 

bioaccessibility tests for soils have been developed and validated through 

comparison to the results of in vivo tests for specific metals (Oomen et al., 2002; 

Zia et al., 2011).  

In this study we investigated the physico-chemical properties of sand dust in 37 

public playgrounds in the city of Barcelona in relation to the risk for inhalation and 

ingestion for children, with the aim of: i) understanding the impact of sand use (two 

years period) on particle size distribution and metal contents; ii) understanding the 

impact of the regular maintenance activities (sand replacement and disinfection); 

iii) quantify the oral bioaccessibility of metals and their main sources.  

 

6.2 Material and methods 

6.2.1. Sampling and analytical treatment 

Thirty-seven parks within the city of Barcelona (NE, Spain) were selected and 

sampled on 11-12 December 2014 based on the: 

­ Time past from the last sand replacement (samples labelled as 01R to 12R). 

Replacement is performed with a 2-years frequency by the City Council. This 

selection allowed evaluating the impact of sand aging/grinding from December 

2012 to October 2014. In order to minimize possible confounders due to 

disinfection and spatial variability, the selected playgrounds of this first batch were 

disinfected nearly at the same time and were located within the same district.  

­ Time past from the last disinfection (consisting in a cleaning of the top 10 

cm layer with water at 90ºC) (samples labelled as 01D to 08D). Disinfection is 
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performed with 2-months frequency by the City Council. The selected playgrounds 

were disinfected from 6th October to 29th November 2014 and, in order to 

minimize possible confounders due to renewal and spatial variability, the selected 

parks of this second batch had similar time past from the last renewal and were 

located as close as possible.  

­ Location. Playgrounds located across the municipal terrain, with sand 

replaced at the same time (February 2014). Samples labelled as 01E to 13E. 

 

 

Figure 6.1 Map of playgrounds sampled across the city of Barcelona. 

 

The sand sampling was performed within the top layer at 37 playgrounds using a 

PVC ring (5 cm height and 10 cm diameter), at two points of the playground (U.S. 

EPA, 1992) not covered by the treetops, not at the edge of the playground or near 

to vegetation or urban furniture and visibly dry. Each of the two subsamples 

allowed the collection of 393 cm3 of sand. In addition, one unexposed sand sample, 

not previously used for other purposes (blank), was collected from the stock of the 

provider in charge of the sand replacement. Once collected in a plastic bottle, 

samples were brought to the laboratory. Collected subsamples were mixed, 

homogenized and quartered to the final mass needed for laboratory analysis 

(Fernández, 2006; VMGA, 2014). Sand humidity and porosity were calculated 

gravimetrically, after drying the samples during 24h in a heater at 60ºC and adding 

Milli-Q water until saturation (Asensio et al., 2012). For each sample, 200 g of sand 
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were then dried in plastic Petrie dishes in the stove at 60ºC during 24h, and sieved 

at 63 µm by means of a mechanic siever during 15 minutes. 

Once sieved, the (<63 µm) sample was divided into several fractions for different 

laboratory analyses: 

­ 5 g were leached in Milli-Q water for the determination of water soluble 

ions. To determine the leaching potential of major and trace elements, we applied 

the European Standard leaching test EN-12457 (according to Council decision 

2003/33/EC), using a ratio liquid/solid (Milli Q water/sample) of 10:1 under 

shaking for 24h. Then, the leachate was filtered using a syringe (BRAUN Injekt 

10ml) and a 0.45μm PVDF Whatman filter and the liquid part was analyzed: 

selective electrode for NH4+, High Performance Liquid Chromatography (HPLC 

Waters 1525) (for Cl-, NO3-, and SO42-), Inductively Coupled Plasma- Mass 

Spectrometry (ICP-MS, Thermo Fischer Scientific X-Series II), for trace elements) 

and Atomic Emission Spectrometry (ICP-AES, Thermo Fischer Scientific iCAP 

6500 Radial) for major elements. The samples sent to both ICPs were acidified to 

2% HNO3. Besides that, the pH and ionic conductivity were determined by means 

of Thermo Scientific pHmeter and Ultrameter MyronL respectively. 

­ 150 mg were used for the grain size analysis, by means of a Malvern 

Mastersizer 2000 with Hydro 2000G. The sample was dispersed in Milli Q water 

and analyzed between 0.01 and 2000 µm. From the spectrometric pattern acquired, 

the particle size distribution is calculated using the model of Mie’s scattering 

theory. 

­ 1.5 g of each sample were milled for: 1 g for X-Ray Diffraction (XRD), 0.1 

g for acid digestion and 0.1 g to determine Total Carbon (TC) by means of an 

elemental LECO analyzer. 

The powder XRD data were collected by a Bruker D8 A25 Advance X-ray 

diffractometer θ-θ, with CuKα1 radiation, Bragg-Brentano geometry and a lineal 

LynxEyeXE detector. The XRD spectra were obtained from 4º to 60º of 2-Theta 

with a step pf 0.015º and a counting time of 0.1s and the sample rotation. The 

quantitative analyses on 9 samples were instead performed from 4º to 120º of 2-

Theta with a step of 0.015º and a counting time of 0.5s and the sample in rotation. 

The crystalline phase identification was carried out by standard Joint Committee 

on Powder Diffraction Standards (JCPDS) file by the computer program “EVA” 

(Bruker). 

For elemental composition, the samples (<63μm) were acid-digested adapting a 

protocol used for PM samples (Querol et al., 2001), using 5 ml HF, 2.5 ml HNO3 

and 2.5 ml HClO4. For quality assurance, reference materials were also digested to 

determine the accuracy of the analytical and digestion methods: SRM 1633b (Trace 

Elements in Coal Fly Ash) and CANMET SO-2 and SO-4. 
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A widely used and tested method was used to assess the oral bioaccessibility: the 

Simple Bioaccessibility Extraction Method (SBET), consisting in an extraction 

with glycine at a buffered pH miming the conditions on the gastrointestinal tract of 

children (Drexler and Brattin, 2007; Oomen et al., 2002).  Oral bioaccessible 

(SBET method) contents were determined mixing 0.25 g with 25 ml of extractant, 

a glycine 0.4 M solution with pH adjusted to 1.5 with concentrated HCl. Samples 

have been horizontally shaken  at 37°C and 140 rpm for 1 h (Ruby et al., 1999; U.S. 

EPA, 2013). The mixture was then centrifuged at 3000 rpm for 10 min and the 

supernatant filtered through 0.45μm PVDF (Whatman) filters prior to analysis.  The 

extract was analyzed for trace and major elements as above descript, except for P, 

S, As and V, not analyzed as the first two were present as impurities in the 

extracting solution and the last were highly interfered from the chloride. 

 

6.2.3 Source apportionment of metals 

Source apportionment techniques are used to apportion pollutants mass 

contributions to different source/factors which are able to explain most of the 

variance of observed pollutants concentrations. Source apportionment studies are 

generally performed by receptor models that are based on the mass conservation 

principle: 
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Where xij is the ith concentration of the species j, gik is the ith contribution of the 

source k and fjk is the concentration of the species j in source k, while eij are the 

residuals. Equation (1) can be also expressed in matrix form as X=GFT.  If fjk are 

known for all the sources then the Chemical Mass Balance (CMB) can be applied 

(Watson et al., 1984). For this model, the experimental profiles of all major sources 

are needed. When both gik and fjk are unknown, factor analysis (FA) techniques such 

as Principal Components Analysis (PCA) (Henry and Hidy, 1979; Thurston and 

Spengler, 1985) and Positive Matrix Factorization (PMF) (Paatero and Tapper, 

1994) are used for solving (1). 

PMF solves equation (1) minimizing the object function Q: 

2

1 1

)/( ijij

n

i

m

j

seQ 
 



 (2) 

where sij are the individual data uncertainties. For all elements with concentrations 

above the detection limit the uncertainty was expressed as 10% of the element 

concentration plus one third of the detection limit. For elements with concentration 
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below or equal to the detection limit, uncertainty was expressed as 0.83 times the 

detection limit. The PMF was applied using U.S. EPA’s PMF software, Version 

5.0 (Norris et al., 2014). A total (dependent) variable was set as a constant value 

(106 mg/kg) for all samples. The input data matrix contained the 33 most significant 

elements/components concentrations, based on their signal-to-noise ratio (Paatero 

and Hopke, 2003), the percentage of data above the detection limit and importance 

in tracing specific sources. The distribution of residuals, G-space plots, Fpeak 

values and Q values were explored for solutions with number of factors varying 

between 3 and 7. 

The PMF method was also applied to the bioaccessible fraction of metals (µg/g) as 

independent variables, setting the sum of analyzed species as total variable. The 

input data contained the 18 most significant analyzed elements (excluding ions, As, 

P, S and V due to the extraction matrix and Ce, La, Li, Mo, Rb, Se, Sn, Ti and Zr, 

with high percentage of values below detection limit).  

 

6.3 Results and discussion 

6.3.1 Physico-chemical characteristics 

The chemical characterization of sand samples (fraction below 63 µm) of 

playgrounds in the city of Barcelona is reported in Table 6.1, and shows a main 

aluminum-silicate composition (Al2O3 represents within 5.2-17.9 % of mass) 

followed by Ca-Mg carbonates (CaO + MgO sums within 0.5-10.1 % of mass). 

Significant fractions of mass consist also of total carbon (TC), Fe2O3, K2O, Na2O 

and P2O5 (1.1±0.9%, 4.0±0.9%, 5.2±1.1%, 4.0±1.0%, 0.21±0.15%, respectively). 

The sum of SO4
2-, NO3

-, NH4
+ and Cl- represents only 0.003-0.3% of the mass, 

while trace elements sum 0.2-1.0% of the mass. The most abundant trace elements 

are Ti, Mn, Ba, Zr, Zn, Rb, and Sr, with mean concentrations of 3130, 894, 562, 

369, 166, 158, and 80 µg/g, respectively. 
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Table 6.1 Total concentrations (µg/g), bioaccessible fraction (%) and leachable 

fraction (%) of the analyzed metals. na: not analyzed 

Element 

Mean Total 

concentration 

(µg/g) 

Mean 

bioaccessible 

fraction (%) 

Mean 

leachable 

fraction (%) 

Al 75571 1 <0.1 

As 12 Na 0.2 

Ba 561 8 <0.1 

Ca 15954 64 2 

Cd 0.97 30 0.2 

Co 3.7 21 0.1 

Cr 19 20 <0.1 

Cu 26 36 0.2 

Fe 27852 1 <0.1 

K 37670 1 <0.1 

La 57 8 <0.1 

Li 27 2 0.4 

Mg 4496 17 0.6 

Mn 887 24 0.1 

Mo 1.4 4 6 

Na 26846 1 <0.1 

Ni 9.3 44 <0.1 

P 0.05 Na 1 

Pb 62 27 <0.1 

Rb 158 <1 <0.1 

S 93 na 7 

Sb 2.2 14 3 

Se 1.1 41 0.3 

Sn 18 < 0.1 <0.1 

Sr 81 28 1 

Ti 3147 0.5 <0.1 

U 10 4 <0.1 

V 40 na <0.1 

W 14 22 2 

Zn 166 16 <0.1 

Zr 361 <0.1 <0.1 

 

We calculated the Enrichment Factors (EFs) for all elements, normalizing the 

concentration of the element with the concentration of Al in the average Earth 

upper-crust (Taylor and McLennan, 1995). Mean values for samples are reported 
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in Figure 6.2 together with values for the unexposed sand sample (blank). The 

majority of the elements appear not to be significantly enriched in sands, averaging 

all samples, while only As, Cd and Sb showed EFs around 10 (9, 10 and 12, 

respectively). With respect to the unexposed sample, however, only As and Sb 

showed enrichment,  which is noteworthy considering the little time of exposure of 

sand to the atmospheric metals deposition. The sand particle grain size (% in 

volume) shows a typically coarse size distribution being the inhalable fraction 

(below 63 µm) 3.72% on average. The presence of clay minerals and mica is likely 

responsible for the significant fraction of particles below 2 µm. The thoracic 

fraction (<10 µm) accounted typically for 0.65% of bulk volume (or mass, 

assuming constant particle density), while the fraction below 2.5 and 1 µm are in 

average 0.17% and 0.07%, respectively.  

 

 

Figure 6.2 Average Enrichment Factors for the elements in sand samples collected 

in Barcelona and for one unexposed (blank) sand with respect to Earth crust average 

composition (Taylor and Mc Lennan, 1995). 

 

6.3.2 Mineralogy 

The XRD results (Table 6.2) show a felsic mineralogy dominated by Na-feldspar, 

quartz, and, to a lesser extent, K-feldspar, with minor amounts of clay minerals 

(illite>chlorite), carbonates (mostly calcite) and traces of hematite. According to 

the quantitative estimate of relative amounts on 9 samples (batch D: samples with 

same time of use and the unexposed sample), Na-feldspar is the most common 

mineral present (27-48%), followed by K-feldspar (13-23%) and quartz (9-23%). 
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Illite and chlorite amounts range within 11-27% and 6-11% respectively. In 

addition, dolomite and calcite were also detected although not in all the samples 

and up to 6% and 4% of total mass, while hematite was only in trace content. The 

source for these feldspathic sandstones is likely to be mainly from weathered 

granites (possibly with some influence from metamorphic materials). Much of the 

illite could derive from altered muscovite mica, the chlorite and hematite from 

altered biotite mica, and the calcite from the minor amount of calcium present in 

Na-feldspar.  

 

Table 6.2 XRD Quantitative analysis of batch D samples (results as % of weight). 

 1D 2D 3D 4D 5D 6D 7D 8D unexposed 

Quartz 17 20 11 23 10 9 18 17 10 

Na-Feldspar 37 37 39 34 40 48 27 43 46 

Dolomite 5 2 3 2   6   

Calcite 4 3 1 2 3  3   

Illite 11 12 13 15 14 12 27 13 14 

K-Feldspar 20 19 23 18 22 21 13 20 22 

Chlorite 6 7 10 6 11 10 6 7 8 

 

With regard to the geology surrounding Barcelona, there is more exposure of the 

Palaeozoic granitoid basement around the River Besos valley than the Llobregat 

(although there is granodiorite exposed at least as far SW as the hill of Sant Pere 

Martir, and this may have fed granitic material into the Llobregat at least since Plio-

Pleistocene times). The thick Pleistocene sediments flanking the Collserola hills 

generally contain much weathered granitic detritus. The abundance of feldspar 

makes these sandstones sedimentologically immature, so it is likely that they are 

sourced from mostly local materials deposited fluvially. 

The mineralogy affects particle size distribution as when the percentage of quartz 

increases, the fraction (in volume) of soil particles below 10 microns decreases 

(R2= 0.56), due to the coarser size distribution of quartz particles (the same was 

expected for the fractions below 2.5 and 1 microns, but the trendwas not so clear). 

The potential impact on emissions due to resuspension is therefore lower for quartz-

rich sands, rather than for typical fluvial sands, enriched in feldspars and fine clay 

minerals. 
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6.3.3 Effects of maintenance activities 

One of the main goals of the study was to evaluate the impact of sand use (i.e. time 

past from the last sand replacement) on the physico-chemical characteristics. 

Regarding the particle size distribution, it can be observed a general increasing 

proportion of respirable fractions with the time of use. Sands become therefore finer 

over time, by an average rate of 17.7%, 4.7% and 2.0%, for the fractions <10 μm, 

<2.5 μm and <1 μm respectively, per year. 

Figure 6.3 shows the full size distribution of particle volume for three samples 

collected after 6, 14 and 21 months of use, respectively. It can be clearly observed 

the increase in fraction below 20 µm (from the “youngest” (less used sand: 20%) 

to the “oldest” sample (more used sand: 49%)) in terms of their use in public 

playgrounds.  

 

 

Figure 6.3 Size distribution of particle volume in sand samples collected after 6, 

14 and 21 months of use. 

 

Concerning the metal content, results show no clear impact of time of use on the 

buildup of metals, probably due to the relatively little time of exposure (<2 years). 

Unexpectedly, some metals such as Cr, Ni and Pb show higher concentrations in 

sands newly replaced, suggesting a relevant contribution from bedrock materials 

such as carbonates (Cr and Ni, see paragraph 6.3.5) and feldspars (Pb, see paragaph 

6.3.5). Similarly, neither TC nor soluble compounds showed higher concentrations 

in the “oldest” samples. 

Regarding the treatment of disinfection that is carried out every 2 months in the 

playgrounds, it can be observed that the effect on the inorganic fraction of sand is 

limited to a decreasing trend on the concentration of NH4+ (Figure 6.4). The NH4+ 

concentration seems to increase exponentially with time after the last disinfection 
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(R2=0.58), probably due to the atmospheric deposition of ammonium salts. No clear 

effect on other soluble components, such as SO4
2-, NO3

- or Cl- was found. Neither 

metals seem to have been affected by this treatment, due to their low solubility in 

water (<6%). No effect on particle size distribution was found. 

 

 

Figure 6.4 Relationship between the days after disinfection and ammonium 

content. 

 

6.3.4 Spatial variability 

Enrichment factors were explored in the spatial domain of the city. Cadmium, as 

shown earlier, was enriched by a factor of 9 with respect to the Earth crust, but not 

enriched with respect to the local unexposed sand. The range of enrichment 

variability was low across the city (Figure 6.5), showing a maximum EF of 1.6 

(with respect to the unexposed sand). Conversely As showed a clearer spatial 

pattern in the anthropogenic signature across the city, displaying maxima 

enrichments towards the coastal part of the city, although no clear association to 

specific sources can be drawn. Antimony, manly emitted from non-exhaust sources 

(Schauer et al., 2006), showed also little variation across the city, however no 

correlation was found between metals concentrations and time of exposure or 

traffic density. 
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Figure 6.5 Maps of Enrichment factors calculated for Sb, As and Cd with respect 

to the unexposed sand. 

 

Spatial Distribution analysis revealed also higher levels of NO3
- and NH4

+ in parks 

located in the NE part of the city (Figure 6.6), next to a methane-fueled power plant, 

although this part of the city, which is at the lowest altitude and a shallow top layer 

of the phreatic zone, can be also influenced by leaking from sewage system.  
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Figure 6.6 Spatial distribution of nitrate concentration in sands. 

 

6.3.5 Source apportionment of metals 

The PMF solution for total metal concentrations (<63 µm) revealed four 

factors/sources, namely Anthropogenic, Al-Silicates, Salts and Carbonates (Figure 

6.7). These sources contributed, in average, 4.3%, 57.6%, 10.6% and 27.5% to the 

sand material below 63 µm.  

The Anthropogenic source was identified from the high share of Sb, As, Cu 

explained by this source. Sb and Cu are commonly used as brake wear tracers 

(Schauer et al., 2006), but can also be emitted by metallurgical industry (Amato et 

al., 2009), as for As. The chemical profile of this factor is dominated by Fe2O3, C, 

S, Al2O3 and CaO. It is also noteworthy the significant share of Sn, Cr, Pb and Mn 

explained by this source.  

The Al-Silicates source is the main responsible for the total composition, explaining 

most of the variation of Al2O3, Na2O, K2O, Fe2O3, Rb, Ti and Mn, which are related 

to clay minerals (illite, and chlorite) and feldspars (microcline and albite). This 

factor also shows the majority of Zr, Sn and Pb, which all have affinity to aluminum 

silicates. 

The third factor, labelled as Salts, explained most of Cl- and NO3
- variation, and (to 

a lesser extent) NH4
+, suggesting the presence of ammonium salts and sea salt from 

atmospheric deposition. 

The fourth factor is clearly related to carbonates, showing high loading of CaO, 

MgO, C, but also Sr, Ba and Ni, which are quite common in calcite and dolomite. 

The presence of S and Ba may indicate also the presence of barite. 
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Figure 6.7 PMF factor profiles for total (left) and bioaccessible (right) concentrations. Blue bars indicate average absolute species 

concentration (mg/kg, left axis), red dots indicate % of specie due to each source. 
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According to PMF results, more than 50% of S, Cu, Sb, and As in sands are 

originated from anthropogenic sources, although only As and Sb show high 

enrichment factors with respect to the average composition of Earth crust and the 

unexposed sand. In spite of the clear anthropogenic contribution (related, probably, 

mainly to traffic and industry), no correlation was found between the anthropogenic 

factor and the traffic density (vehicles m-2, data provided from the Catalan 

Government), suggesting that the most relevant traffic contribution is from 

background rather than from street-level emissions. 

 

6.3.6 Leachable and bioaccessible fractions  

The pH of the leachates of the playground sands are slightly alkaline, with values 

ranging from 7.1 to 7.9. Mean leachable fraction of each element is listed in Table 

6.1. The most soluble elements were S, Mo, Sb, Ca, and Sr, although their soluble 

fraction does not exceed 7%, 6%, 3%, 2% and 1%, respectively. Therefore, the 

solubility is not related to specific sources, as S and Mo are mostly explained from 

the Al-Silicates factor, Sb from the Antrhropogenic and Ca and Sr from the 

Carbonates factor.  

In several elements (i.e. Sb, Ca, Cd  Zn, Cr, Zr, Ni, Sr and Mg) it has been observed 

that the higher the total  concentration of the element (μg/g), the lower the leachable 

fraction (%), which might suggest a different speciation and solubility of the metals 

emitted by the different sources. Antimony, for example (Figure 6.8), was found to 

be mostly anthropogenic (as shown by PMF results), showing a higher solubility at 

lower concentrations, especially in the SW part of the city, which suggests a more 

industrial (with high temperature process and finer size distribution) origin of the 

bioaccessible fraction.  

Bioaccessibility extraction test is used to determine the metal fraction that would 

dissolve in the gastric environment and become available for absorption. Results 

for all analyzed elements are reported in Table 6.1 as percentage of the total content.  

Average values of bioaccessibility varies from 0.002% of Zr to 64% of Ca , but 

some of the most harmful metals, such as Ni, Cu, Cd, Pb and Sb, were also among 

the most bioaccessible (from 14% to 41%), including Se. The leachable fraction of 

Sb and Cr showed lower bioaccessible percentages in samples with higher 

concentrations (Figure 6.8). As for total concentration, the relationhip between the 

bioaccessible fraction with disinfection and time of use was explored but no 

significant relationships were seen.  
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Figure 6.8 Relationship between total concentrations of Sb and Cr and their 

bioaccessible fractions (%) and between total concentration of Sb (µg/g) and its 

leachable fraction (%). 

 

Spatial distribution of the bioaccessible contents was explored across the city. 

Cadmium, which showed the higher variability range for bioaccessibility, did not 

show a clear spatial pattern, coherently with the relatively low anthropogenic 

contribution. Antimony showed a higher bioaccessibility in the SW region of the 

city (Figure 6.9, although this does not exceed 35%, where also the lowest 

concentrations were found. Therefore road traffic, responsible for most (80%) of 

the Sb, produces probably less bioaccessible Sb than industrial processes. This is 

in agreement with studies indicating that natural and mechanical wear contribution 

is less bioaccessible than high temperature emission processes (Ljung et al., 2007; 

Madrid et al., 2008; Wang et al., 2015). In fact, no relationship was found between 

traffic density and bioaccessible relative (or absolute) concentrations of metals. 

Similarly to Sb, higher bioaccessibility in the SW of the city was found for Cu and 

Zn, which are emitted from both traffic and industrial combustion sources (Amato 

et al., 2009; Minguillón et al., 2012) but a higher bioaccessibility for the industrial 

emitted particles can be deduced (Wang et al., 2015).  
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Figure 6.9 Spatial interpolation of the bioaccessible fraction (%) of Sb and Cu 

across the city of Barcelona. 

 

The PMF analysis applied to the bioaccessible metal concentrations (Figure 6.7) 

revealed four factors, similarly to the solution found for the total metal 

concentration. The similar sources identified were Carbonates, Anthropogenic and 

Al-Silicates, while and a Nickel factor (contributing very little to the sum of 

species) was found instead of the Salts factor. Relative contribution to the sum of 

bioaccessible species was, on average, 58%, 32%, 8% and 2%, respectively. These 

results are coherent with the first PMF if we consider that the Salts factor could not 

be resolved, as in the SBET solution ions were not analyzed. Factor profiles are 

reported in Figure 6.7, while in Figure 6.10 the contribution of each factor to the 

total concentration.  

According to PMF results, bioaccessible Sr, Mg, Cd and Ca are mainly explained 

by the Carbonates factors and, as expected, are among the most available; as 

carbonates dissolve at gastric pH, while elements explained mostly from the Al-

Silicates factor are the least bioavailable, in average. More in detail, after Ca, the 

most bioaccessible metal is Ni, associated mostly to the Nickel factor and to the 

Anthropogenic, and this value is higher than what found in literature (Ljung et al., 

2007; Padoan et al., 2017). Elements mainly explained by the Anthropogenic 

factor, as Cu and Sb, have a bioaccessible fraction of 36% and 14%, respectively, 

and also some Al-Silicates bearing metals, like Cd, Pb and Zn, have significant 

bioaccessible fraction. The mass of the Anthropogenic factor is dominated by Ca, 

Mg and Al, and it explains most of the variation of Ba, Cu, K, Pb and Zn.  
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Figure 6.10 Share of bioaccessible metals explained from each factor, as fraction 

of the total concentration. 

 

Comparing PMF results for bioaccessible and total metal concentrations, the 

variation of metals explained by the different factors is generally similar except for 

Ba and K, whose bioaccessible fraction derives more from the Anthropogenic 

factor rather than geogenic (as for the total concentration), indicating that the 

anthropic input for these metals is more bioaccessible than the natural one, which 

dominates the total concentration, and Cr, shifting from the Carbonates to Al-

silicates factor. Also Cu and Zn have a clearer anthropic signature in the 

bioaccessible fraction, rather than the total concentration, which helps identifying 

spatial patterns (see Figure 6.9 for Cu). The Ni-factor also shows significant 

contributions of Fe and Cr, pointing to steel particles. However, the identification 

of this factor is not definitively clear. 

 

6.4 Conclusions 

Thirty-seven sands used in public playgrounds in the city of Barcelona were 

physico-chemically characterized in order to improve our understanding of their 

potential impact on risks due to dust ingestion by toddlers and inhalation. Routine 

maintenance activities were controlled, such as disinfection and sand replacement. 

The analyzed sands show a felsic mineralogy dominated by Na-feldspar, quartz, 

and, to a lesser extent, K-feldspar, with minor amounts of clay minerals (illite > 

chlorite), carbonates (mostly calcite) and traces of hematite. The particle size 

analysis shows a typically coarse distribution, although clay minerals are 

responsible for the significant fraction of particles below 2.5 µm. The fractions 

below 10, 2.5 and 1 µm represent, on average, 0.65%, 0.17% and 0.07% of the bulk 
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volume, respectively, although due to the human grinding through playing, these 

initial fractions increase every year by a 18%, 5% and 2% respectively, confirming 

the environmental concern for air quality due to dust resuspension, which may 

cause local exceedances of PM10 European limit standards. Bimonthly disinfection 

of sands was found to reduce significantly only the NH4+ concentration. The 

average metal content was anthropogenically enriched with respect to the upper 

continental crust, only for Sb (EF=12) and As (EF=10), while the enrichment of Cd 

(EF=9) may be linked to the local geology. Both Sb and As show high spatial 

variation, attributed to the anthropogenic source in PMF, although no clear 

separation can be done between industrial and road traffic contributions. The spatial 

distribution suggests background road traffic and industry as main sources of Sb 

(as no correlation was found with street level traffic density) and, less clearly, 

harbor and industry as main sources of As. A clear inverse relationship between 

total concentrations of some elements and their leachable (Sb) or bioaccessible 

(mostly Sb and Cr) fractions is observed. The most bioaccessible elements were 

Ca>Ni>Cu>Sr>Cd>Pb, all above the 25% of the total concentration. 

Bioaccessibility was higher for the carbonate-bearing particles and for the anthropic 

emitted metals, being more than 50% of the bioaccessible fraction of Ba, Cu, K, Pb 

and Zn originated from the anthropogenic source.  
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7. General conclusions 

 

The work investigated the relations between size fractions, bioaccessibility and the 

HM concentrations in urban matrices, such as soils, road dust and urban sands. Soil 

and road dust samples were collected in Turin and in Barcelona, and the results will 

help the comprehension of the sources of HM in the urban environment and the 

interactions between soil, road dust and atmosphere.  

The observed total concentrations of HM in RD and roadside soils of Turin were 

higher than reported in previous studies and were above the legislative limits. 

Particles with sizes <2.5 µm and between 2.5 and 10 µm were enriched in Fe, Mn, 

Cd, Cu, Pb and Zn, while not in Cr and Ni, compared to the bulk samples, and the 

spatial variation was more pronounced for elements mostly emitted by traffic 

sources (Cu, Sb, Pb and Zn). In RD samples, the analysis of fractions identified two 

different sources for Zn, likely industrial for <2.5 µm particles and tire wear for the 

2.5-10 µm particles.  

In the soil samples, the bioaccessibility of Fe, Mn, Cr and Ni increased in fine 

particles, likely due to their greater reactivity and the higher anthropic contribution 

with respect to coarser fractions, while Cu, Pb, Sb and Zn had almost constant 

bioaccessibility for all size fractions. In the RD samples, the bioaccessibility of fine 

particles was clearly greater than in soils for all metals. For Pb, Cu and Zn, the 

bioaccessible fraction reached the 90% of the total concentration in the <2.5 µm 

fraction, which also shoved the highest enrichment when compared to the earth’s 

crust, so these results appear to be critical for the estimation of risk to human health 

in urban areas. 

From the literature review on the impact of non-exhaust emissions on air quality, 

the road dust category was the most identified source. In PM2.5, the road dust 

contribution is the highest (mean of 11% of PM2.5) among non-exhaust ones (9% 

from brake wear and 2% from tire wear), but sensibly lower than vehicle exhaust 

(24%). Conversely, in PM10 road dust had slightly higher contributions range (22% 

as mean) than vehicle exhaust (21%), and sensibly higher than brake wear (7%) 

and tire wear (4%). Thus, globally, road dust emissions are already at least as 

important as exhaust ones for PM10.  

For all sources, an increasing gradient of contribution (% of PM10) from rural to 

traffic locations was observed, in spite of the limited number of observations for 

each land use. Regarding road dust, the largest increase step was found from sub-

urban to urban locations. A climate-dependence was also found for road dust 

contribution: the lowest contributions of road dust relatively to exhaust emissions 
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were found in Oceanic sites, while the highest in Mediterranean and Tropical-

Monsoon climates.  

In the cities of Turin and Barcelona we explored the influence of road 

characteristics on the RD fraction that can be mobilized and resuspended (i.e. the 

emission factor). Our results showed good inverse relationship between RD and i) 

macro-texture, ii) traffic intensity and iii) distance from the braking zone. These 

results allowed building an empirical model able to predict resuspendable road dust 

and emission factors based on the aforementioned road data. This model can 

significantly improve bottom-up emission inventory for spatial allocation of 

emissions but also air quality management plans (helping prioritizing roads with 

higher emissions for the application of mitigation measures).  

The characterization of the sands used in the public playgrounds of the city of 

Barcelona improved our understanding of their potential risk in case of ingestion 

by toddlers and inhalation. The analyzed sands showed a typically coarse size 

distribution, with fractions below 10, 2.5 and 1 µm representing a low percentage 

of the bulk volume (less than 1%). Yet we found that, due to the human grinding 

through playing, these initial fractions increase every year by an 18%, 5% and 2% 

respectively. Concerning the HM concentrations, only Sb (EF=12) and As (EF=10) 

resulted sensibly enriched with respect to the upper continental crust, while the 

enrichment of Cd (EF=9) may be linked to the local geology. Both Sb and As 

showed high spatial variation, attributed to anthropogenic sources from the PMF 

analysis. The spatial distribution suggests background road traffic and industry as 

the main sources of Sb and, although less clearly, harbor and industry as main 

sources of As. The most bioaccessible elements were Ca>Ni>Cu>Sr>Cd>Pb, all 

above the 25% of the total concentration. Bioaccessibility was higher for the 

carbonate-bearing particles and for the anthropic metals, being >50% of the 

bioaccessible fraction of Ba, Cu, K, Pb and Zn due to anthropogenic source. 

Finally, the heavy metal(loid)s concentrations and the bioaccessibility were pointed 

out to be influenced strongly from the size of the particles, with fine particles of 

soil, road dust and sand resulting to be not only the most enriched in heavy 

metal(loid)s, but also the most bioaccessible. Thus, the bulk sample concentrations 

should not be considered as reliable indicator for the heavy metal(loid)s risk. Size 

fractionation appears to be an important need in studies aiming to elucidate risks in 

urban environments. 
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