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1 Introduction  

Water is essential for all life on Earth. However, out of all water resources on our 

planet, only 2.5% can be considered as freshwater, of which the majority occurs in the 

form of ice and permanent snow which is often not available for direct use. Currently, 

only 0.3% of freshwater is easily available to human beings [1]. Population growth, 

lifestyle improvements, and industrial production are among the reasons for which 

high amounts of sanitary sewage and industrial wastewater are discharged into 

natural water resources, resulting in severe environmental pollution. The discharged 

pollutants range from traditional persistent organic pollutants (POPs) e.g., 

polychlorinated biphenyls (PCBs), to emerging contaminants in the categories of dyes, 

pesticides, herbicides, pharmaceuticals, personal care products, and surfactants. Even 

though the production and application of several of these emerging contaminants are 

being restricted, the likelihood of human exposure due to accumulation in marine 

systems and contamination of groundwater used for drinking water production will 

continue for decades [2–5]. Among emerging pollutants, efficient strategies are 

required to detect and remove herbicides like phosphonates, and especially 

Glyphosate (GLY), as well as per- and polyfluorinated alkyl substances (PFAS) from 

wastewater effluents.  

GLY and PFAS are reported to survive degradation in traditional wastewater 

treatment plants and to occur in treated water, thereby reaching aquatic 

environments where wastewater is discharged [2,6,7]. Treatment of GLY and PFAS is a 

huge challenge due to the following reasons:  

I) Chemical stability: PFAS are stable and not degraded for an extended period of 

time, they cannot be broken down through natural chemical processes or microbial 

degradation, thus they are able to resist degradation in wastewater treatment plants.  

II) Low biological degradability: Pollutant degradation potential in wastewater 

treatment plants mostly relies on microbial action, but it is quite challenging for 

bacteria to break down effectively either GLY or PFAS. Indeed, the latter have very 
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stable C-F bonds, while GLY is a phosphonate compound and the enzymes required to 

break it down are not very common in nature.  

III) Adsorption: GLY and PFAS tend to adsorb onto particulate matter and suspended 

solids in wastewater. Thus, they might avoid entering into treatment processes and 

could settle down in the sludge, which may eventually be disposed off without further 

treatment.  

IV) Dilution and transport: GLY and PFAS can be diluted below detectable 

concentration during mixing and transport within wastewater treatment plant 

systems, preventing detection and, sometimes as a consequence, removal (or 

removal assessment) from treated waters.  

V) Incomplete treatment: Classical treatment plants are not typically optimized for 

the removal (e.g., breaking down or adsorption) of specific persistent organic 

pollutants like GLY and PFAS, although they are effective at removing many other 

pollutants.  

VI) By-products formation: GLY persistent degradation by-products can be formed 

during treatment, some of which might be of high concern such as amino-methyl-

phosphonic acid (AMPA) as they can have high levels of environmental persistence 

and toxicity [6,7]. PFAS degradation products (mainly PFOA or PFOS) are also 

persistent or very persistent. 

Apart from the above reasons, the removal of PFAS is quite challenging due to the 

following, additional reasons: 

I) PFAS are resistant to biological and traditional redox processes due to strong C-F 

bonds [8]. For example, they are inert to hydroxyl radicals as they have no C-H bonds 

available for H-abstraction, thus many •OH-based advanced oxidation processes 

(AOPs) fail to degrade PFAS [9].  



8 
 

II)  The PFAS concentration in water bodies is quite low, i.e., in the range of ng L1 to 

µgL1. Treatment of these PFAS traces in complex water bodies is quite difficult. Thus, 

there is an urgent requirement to develop innovative, low-cost, and useful techniques 

that can degrade PFAS efficiently [10]. 

In recent decades, AOPs have attracted much attention as promising methods to 

abate organic pollutants. They gather numerous techniques based on the in-situ 

formation of strong oxidants, among which the hydroxyl radical (HO•) plays a central 

role due to its high standard potentials (2.8 V vs. NHE) in acidic media. HO• is highly 

reactive and nonselective and can oxidize different organic compounds [11]. The main 

AOPs include ultraviolet (UV) irradiation, H2O2/UV, photocatalysis, ozonation, 

electrochemical oxidation, and Fenton-like processes. Many of these have removed 

GLY from wastewater [12–17]. 

In addition to other more conventional sources of iron (Fe2+, FeO, FeS2, etc.,), nano 

zero valent Iron (nZVI) has been used as an adsorbent as well as a reagent, coupled 

with hydrogen peroxide and metabisulfite, to degrade different pollutants [18] . The 

result is an efficient and cost-effective Fenton-like treatment technology that can 

operate at different pH values.  

Preliminary experiments were performed to investigate the performance, suitability, 

and efficiency of nZVI-Fenton-like systems (nZVI/H2O2) using various dyes as model 

pollutants (Rhodamine B, Malachite green, and Acid Blue 74) at different pHs. The 

nZVI-Fenton-like system (nZVI/H2O2) was further replaced by nZVI/metabisulfite to 

study the role of sulfur-based radicals on one of the already investigated dyes (AB 74). 

All these nZVI-Fenton-like systems were proven to be efficient towards degradation of 

the studied dyes. Different loadings of chemicals (ZVI, H2O2, and metabisulfite) were 

optimized to degrade the dyes at different pHs. Afterwards, optimized conditions 

were tested for degradation of persistent organic pollutants (glyphosate in our case). 

In detail, we show that the heterogeneous nZVI-Fenton process (nZVI + H2O2) can 

achieve effective removal of GLY under different operational conditions. GLY removal 



9 
 

also takes place in the presence of excess nZVI, without H2O2, but the use of nZVI 

alone to remove GLY from water matrices would be very costly. GLY degradation by 

nZVI-Fenton was investigated in the pH range 3-6, with different H2O2 concentrations 

and nZVI loadings. We observed significant removal at pH 3 and 4, but as Fenton 

systems lose efficiency with increasing pH, the process was no longer effective at pH 5 

or 6. GLY removal was also operational at pH 3 and 4 in tap water, despite the 

occurrence of several potentially interfering inorganic ions. Relatively low reagents 

costs, limited increase in water conductivity (mostly due to pH adjustments before 

and after treatment), and low iron leaching make nZVI-Fenton a promising tool to 

eliminate GLY from environmental aqueous matrices. 

Aqueous photolysis is generally separated in direct and indirect photolysis. In the case 

of direct photolysis, an analyte of interest absorbs light radiation by itself and 

undergoes a chemical reaction. Indirect photolysis happens when light is absorbed by 

some other species to produce a reactive transient species that triggers degradation. 

Aqueous reactions with hydroxyl radicals (•OH), peroxy radicals (•OOR), carbonate 

radicals (CO3
•), or singlet molecular oxygen (1O2) can be induced photochemically 

and, in such case, they are forms of indirect photolysis. If a compound does not 

absorb radiation, it can’t undergo direct photolysis. In contrast, almost all compounds 

are labile to indirect photolysis, with the exception of the most persistent recalcitrant 

chemicals (e.g., perfluoroalkyl carboxylic and sulfonic acids) [19,20]. Previous studies 

have investigated the fate of some PFAS mainly by microbial degradation, as these 

generally remain in the wastewater treatment plant systems and interact with 

microbes. However, these water-soluble compounds are likely to be transported to 

surface waters where biodegradation classically plays a relatively minor role in 

comparison to photolysis for more or less biorecalcitrant compounds.  In this thesis, 

the PFAS, perfluorooctanoic acid (PFOA) as well as aqueous film-forming foams such 

as 6:2 fluorotelomer sulphonamide alkylbetian (6:2 FTAB) have been degraded by 

direct photolysis using UV radiation (190-600 nm) at different pHs (4,7 and 10) as 

aqueous electrons were active species. The kinetics, half-life, and effect of scavengers 
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to study the reaction mechanism were here investigated and compared. The 

degradation pathway and formed byproducts were investigated and quantified; 

defluorination was also investigated by quantifying fluoride concentrations. 

We used PFOA as a reference, finding 90% decomposition after 360 minutes at the 

original (unadjusted) pH of 5.6. At pH 4 and 7, degradation averaged 85% and 80%, 

respectively, while at pH 10 it went down to 57%. For 6:2 FTAB at its natural pH of 6.5, 

almost complete decomposition occurred. The primary UV transformation product 

was identified as 6:2 fluorotelomer sulfonic acid (6:2 FTSA), occasionally accompanied 

by shorter-chain perfluoroalkyl acids (PFAA) including PFHpA, PFHxA, and PFPeA etc. 

(Table:1.1). 

 Table 1.1: Short-chain Perfluoroalkyl acids with their structures 

Compound Structures 

Perfluoroheptanoic acid 

(PFHpA) 

 

Perfluorohexanoic acid 

(PFHxA) 
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Perfluoropentanoic acid 

(PFPeA) 

 

Perfluorobutanoic acid 

(PFBA)  

 

Interestingly, the overall decomposition percentages were unaffected by pH for 6:2 

FTAB, although pH influenced rate constants and half-lives. In PFOA degradation, 

direct photolysis and reaction with hydrated electrons were presumed mechanisms, 

excluding the involvement of hydroxyl radicals. The role of superoxide radicals 

remains uncertain. For 6:2 FTAB, both direct and indirect photolysis were observed, 

with potential involvement of HO•, superoxide radicals, and/or other reactive oxygen 

species (ROS). Clarification is needed regarding the role of  in the degradation of 

6:2 FTAB. 

Overall, the given methodologies (ZVI Fenton-like systems as well as UV 

photodegradation) are promising and efficient treatment methods to degrade GLY in 

aqueous media in the presence of anions as water matrix and for the degradation of 

PFOA and 6:2 FTAB, respectively.    
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2 Background 

2.1 Introduction to Persistent Organic Pollutants 

Rampant industrialization and urbanization over the globe have caused an increased 

demand for new materials and substances, and a significant number of organic 

compounds are being used in our life. Indeed, innovation connected to these new 

materials has improved the quality of life but it also exerts pressure on our health due 

to environmental pollution [21]. Organic pollutants that persist in the environment 

and cause adverse effects on human health and the ecosystems, without being broken 

down into smaller compounds are known as persistent organic pollutants (POPs) [22]. 

Common pollutants belong to the families of dyes, pharmaceuticals, per- and poly-

fluorinated alkyl substances (PFAS), pesticides, herbicides, phosphonates, personal 

care products, endocrine disruptors, and so on [23]. Overall, POPs are semi-volatile in 

nature and may enter the atmosphere, soil, and water bodies. Also, they are 

chemically stable and pose a continuous threat to the natural environment [23]. 

Furthermore, POPs can migrate in the environment through different routes facilitated 

by the atmosphere and water, and some of them are also absorbed by plants and 

animals thus making their way into the food chain, to ultimately affect human health. 

Due to persistency, long-term migration capability, and high toxicity of POPs, the 

regulation and abatement of pollution they cause have turned out to be challenging 

[24–26]. Thus, stability and toxicity of POPs are causing a serious threat to human 

health and the environment across the globe [26]. This calls for immediate attention 

by regulatory bodies, environmental scientists, as well as government organizations to 

tackle the problem in time and develop novel technologies to mitigate pollution 

across the globe. Some common POPs are here listed in Table. 2.1. 
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Table 2.1: Some common POP classes including their description and examples. 

Class of POPs Description Examples References 

Organophosphates Phosphorus-

containing 

organic 

compounds that 

are frequently 

employed as 

insecticides1 

Glyphosate1, Malathion, 

Chlorpyrifos, and 

Parathion 

Stockholm 

Convention on 

Persistent 

Organic 

Pollutants. 

(2001). 

Organochlorines Chlorinated 

organic 

substances are 

often 

bioaccumulative 

and resistant to 

breakdown 

Chlordane, DDT, PCBs, 

and HCB 

World Health 

Organization 

(WHO). (2005). 

Polybrominated 

Diphenyl Ethers 

(PDBEs) 

Used in many 

products as flame 

retardants 

Decabromodiphenyl 

ether (BDE-209), 

Octabromodiphenyl 

ether (BDE-183) 

European 

Chemicals 

Agency (ECHA). 

(2018). 

Polycyclic Aromatic 

Hydrocarbons 

(PAHs) 

Organic 

compounds with 

numerous fused 

aromatic rings, 

typical 

combustion by-

products 

Naphthalene, 

Benzo(a)pyrene, 

Anthracene 

U.S. 

Environmental 

Protection 

Agency (EPA). 

(2018). 

                                                           
1 As an exception to this, GLY is a herbicide. 
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Polychlorinated 

Biphenyls (PCBs) 

Synthetic 

compounds used 

as coolants and in 

electrical 

equipment 

PCB-180, PCB-101, PCB-

153,  

Agency for Toxic 

Substances and 

Disease Registry 

(ATSDR). (2000). 

Dioxins and Furans Combustion 

processes 

frequently 

produce 

chemicals that 

are extremely 

poisonous and 

persistent 

2,3,7,8-

Tetrachlorodibenzo-p-

dioxin (TCDD) 

U.S. 

Environmental 

Protection 

Agency (EPA). 

(2018). 

Aldrin and Dieldrin Insecticides used 

on crops regularly 

Aldrin, Dieldrin U.S. 

Environmental 

Protection 

Agency (EPA). 

(2017). 

Perfluorinated 

Compounds (PFCs) 

Organic 

substances with 

hydrophobic 

carbon chains 

that are 

completely 

fluorinated 

Perfluorooctanesulfonic 

acid (PFOS), 

Perfluorooctanoic acid 

(PFOA) 

U.S. 

Environmental 

Protection 

Agency (EPA). 

(2019). 

 

2.1.1 Introduction to GLY 

Glyphosate (N-(phosphonomethyl) glycine, C3H8NO5P) is a polyprotic acid (pKa1=2.32, 

pKa2= 5.86, and pKa3=10.86) and includes three polar functional groups: carboxylate, 

amine, and phosphonate [27]. It contains cations from the anionic commercial salt 
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part, which are of different compositions (e.g., trimethylsulfone, isopropyl amine, and 

diamine) [28]. GLY exhibits affinity for divalent and trivalent cations such as Cu2+, Cd2+, 

Al3+, and Fe3+, respectively, with which it can form metal complexes easily [29]. This 

herbicide is soluble in an aqueous solution (15.7 g L1 at 25°C), but it is insoluble in 

organic solvents such as ethanol, benzene, acetone, and others. The commercial 

formulations of GLY use surfactants to increase its water solubility [6] but, once GLY 

reaches aqueous media, its half-life (t1/2) can range from 63 days (shallow waters) up 

to 70 days (pond water), at concentrations < 2 g mL1 and at neutral pH (7.2) [30]. This 

amphoteric, non-volatile compound has low Henry’s law constant (1.41×105 mol/L 

atm at 25 °C), which favors its occurrence in the aqueous phase [31,32]. 

 

Figure:2.1 The molecular structure of Glyphosate 

 

During spraying and dry-weather conditions (6–20°C), GLY may not evaporate and 

may be suspended in dust particles up to 72 hours after its application. In soil, GLY 

stability occurs with a wide range of sorption coefficients (Koc= 9–60,000 L/kg). This 

condition varies depending on the pH (3.5–7.5) of soil and on di- and tri-valent cations 

concentrations (Cu2+; Al3+; Cd2+; Fe3+, Mn2+, Ni2+), but it is not linked to soil type (sandy, 

silty, lime) or to its organic contents [6]. Nevertheless, GLY is sorbed more easily by 

clay loam soil than by sandy soil, suggesting that minerals in clay are responsible for 

sorption [33]. GLY adsorption varies directly with organic matter and inversely with 

pH, which is linked to the physicochemical properties of the soil. The half-life (t1/2) of 

GLY can vary between 100 days for dry soil and 7 days for wet soil, with a 

biodegradation constant of 0.11 d1 [30]. 
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2.1.2 Usage, Sorption, Functioning, and Fate in the Environment 

GLY is a post-emergence and non-selective broad-spectrum herbicide, used to control 

many perennial and annual weeds. It is one of the most used herbicides for forestry, 

agriculture, and urban planning in the world, owing to its low toxicity for non-target 

organisms. The total consumption of GLY used for agricultural and non-agricultural 

applications reached 126 million kilograms in 2014 [34]. Since its commercialization in 

1970, the usage of GLY has increased steadily up to almost 600-700 tons annually and 

an expected 740-920 thousand tons to be used by 2025 [35]. The primary functional 

mechanism of GLY is through inhibition of the shikimate pathway that occurs in plants 

and some microorganisms. GLY inhibits the production of aromatic amino acids in 

plants during biosynthesis, by inhibiting the enzymes 3-deoxy-D-

arabinoheptulosonate-7-phosphate synthase or 5-enolpyruvylshikimate-3-phosphate 

synthase, which is a precursor for aromatic amino acids and, ultimately, vitamins, 

hormones, and other essential metabolites for plants [36]. Owing to its enormous use 

in the environment, many harmful effects of GLY have been reported on plants, 

animals, and human health such as disrupting the metabolic system of terrestrial and 

aquatic animals, weakening plant systems, and causing endocrine disruption to 

humans [7]. In 2015, it was classified as probably carcinogenic to humans by the 

International Agency for Research on Cancer while authors disagree on this which 

required further research[37]. For this reason, many countries have banned the use of 

GLY due to its potential health risks. For instance, GLY concentration in the ground or 

surface water is in the range of 2-430 μg L1 in the US, higher than in Europe (0.59-

165 μg L1). These values exceed the minimum contaminant level goal of 0.7 μg L1 for 

drinking water. Furthermore, after disposal, GLY-containing herbicides may 

contaminate the environment [7]. Usage of GLY/ha within Europe has been depicted 

in Figure 2.2 in comparison to other used herbicides. 
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Figure:2.2 Average use of herbicides in the agricultural sector per hectare in 
the EU 28+3 countries in 2017, with a distinction of GLY vs. other herbicides 

(Source: ENDURE survey 2019).   
 

Sorption and desorption strongly influence the mobility and bioavailability of GLY in 

soil due to complexation with soil components [6]. Sorption through soil minerals 

particularly involves Fe-oxides and Al-oxides. Sorption of GLY is strongly influenced by 

mineral characteristics (i.e., surface charge and specific surface area), pH, and 

competition with orthophosphate for sorption sites. GLY is also linked to soil minerals 

by ligand exchange with hydroxyl groups or coordinated with water molecules on 

mineral surfaces, or linked through specific sorption as monodentate or, less 

commonly, bidentate ligand. The sorption complexation of orthophosphate rather 

occurs through bidentate complexation, typically with higher affinity than GLY. 

Consequently, orthophosphate competes with GLY during sorption and desorption by 

occupying active sites on mineral surfaces [38]. Furthermore, more negative charge 

accumulation on the mineral surface due to orthophosphate sorption makes soil less 

susceptible to sorption of negatively charged GLY anions. Thus, soils with 

orthophosphate saturation are not expected to retain excess unbound GLY, which 
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ultimately leaches out to surface water and groundwater and poses further 

environmental concerns [39].  

After spraying, GLY can directly enter the environment with, for instance, a rainwater 

concentration of up to 0.48 g L1 [6]. Then, it reaches target organisms through foliar 

contact. The large roots of some weeds transport GLY into deep soil layers without 

degradation, and a fraction of GLY is absorbed into clay and organic matter, ultimately 

accumulating in soil over time. Meanwhile, GLY can be transported due to runoff. So, 

due to its extensive use, GLY has been detected frequently in the aquatic 

environment. Synthetic industries and some textile industries are also using GLY as 

raw material, thus they can also contaminate the aqueous environment via 

wastewater [40]. Major industrial synthesis methods for GLY production include 

diethanolamine, hydrocyanic acid, and glycine processes, which produce large 

amounts of wastewater. To get 1 ton of GLY, almost 5-6 tons of crystallized mother 

liquor is produced with ~1% GLY, 1-4% formaldehyde, and other byproducts [41]. 

Nanofiltration is used to recover most of the GLY from the mother liquor. Still, almost 

200-3000 mg L1 GLY has been found to remain in the nanofiltration permeate in 

China. It is reported that, in industrial effluents, GLY concentration reached up to 

2560 mg L1 [41]. 

 

2.1.3 Eco-toxicological effects of GLY 

2.1.3.1 Aquatic animals 

The aquatic ecosystem is a critical part of our planet. GLY and its primary metabolite, 

Aminomethylphosphonic acid (AMPA) have been found in many plants and animals 

(especially fish) due to the accumulation in water bodies [42]. This is a consequence 

of large-scale use of herbicides containing GLY [43]. Both GLY and AMPA are water 

soluble and can persist in aquatic bodies for several weeks. It is reported that GLY can 

cause the death of several aquatic species including fish, birds, and herpetofauna 

[44]. Tsui and Chu were the first pioneers to conduct experiments to assess the 

occurrence of GLY in the aquatic environment. They investigated how GLY can affect 

crustaceans Acartia tonsa and Ceriodaphnia dubia as well as other organisms like 
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algae, bacteria, and protozoans. Their findings showed that A. tonsa among others 

showed the lowest lethal concentration (concentration of GLY in the air to kill 50% of 

test subjects in the air) i.e., LC50 of 1.77 mg L1 making it the most sensible to GLY 

[45]. Recently, Maraes et al. reported that zebrafish (Danio rerio) exposed to GLY and 

Roundup Transorb® had up to three times higher levels of adenosine triphosphate 

binding capacity. Furthermore, when the brain of zebrafish was exposed to Roundup 

Transorb®, it was found not to enhance the activity of some proteins (ABCC: Proteins 

that are transporters in living organisms) that were found to be activated after 

exposure to GLY [46].    

2.1.3.2 Human health 

Some significant properties of GLY involve biodegradation, quick soil sorption, and 

non-acute toxicity to organisms except for its intended recipients. However, it has 

been reported that GLY enhances the risk of cardiovascular issues, leaky gut 

syndrome, digestive disruption, autism, cancer, as well as hormonal and 

immunological dysfunctions [47]. Von Ehrenstein et al. reported that parents exposed 

to GLY have higher risk of autism disorder in their offspring compared to women who 

have not been exposed to GLY previously [48]. In another review article, it has been 

concluded that GLY has genotoxic and cytotoxic effects that rely on dosage. 

Moreover, it can increase oxidative stress, impair different cerebral processes, 

interrupt the estrogen system and, in some cases, it could lead to human cancer [49]. 

In recent times, Spinaci and coworkers investigated and compared the effect of GLY 

and its commercial formulation Roundup Transorb® on mammalian sperm. They 

measured the acrosome, motility, integrity, mitochondrial activity, and viability after 

half an hour of incubation at 37°C.  Starting from 360 g/ml, Roundup Transorb® 

substantially reduced total and progressive motility, acrosome integrity, viability, 

mitochondrial activity, and the percentage of living spermatozoa with intact 

mitochondria [50].  
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2.1.3.3 Plants 

Various studies have reported how GLY harms plants [44,51,52]. Typically, GLY binds 

and inactivates an enzyme that is required in shikimate pathways, blocking the 

production of essential amino acids [53]. A similar metabolic cycle provides various 

phenolic chemicals that are vital for plant immunity.  Plants become more vulnerable 

to many soil-borne diseases due to the interference of GLY in the production of 

defensive chemicals [54]. Consequently, it may be stated that regular crops exposed 

to GLY are more susceptible to diseases. In most cases, diseases have been linked to 

excessive spraying, and it has for instance been found that GLY spraying was the 

primary cause of diseases like fusarium head blight in agronomic crops [55]. In 

addition, sublethal GLY concentrations sometimes produce an effect after a year or 

two on perennial crops, and the effect may last for two or more years [56]. GLY might 

also increase the risk of infections in plants by reducing their vigor and general 

growth, and by altering soil microbiota that influences the availability of nutrients 

required for disease resistance and, ultimately, physiological activity [57].  

2.1.4 Recent Regulation and Policy related to GLY 

The use of GLY dates to many years ago, but in the last 2 decades there have been 

political and health controversies regarding use indications and impacts on the 

environment. For instance, in 2015, GLY was classified as potentially carcinogenic for 

humans by the Agency for Research on Cancer (IARC) in group 2A. This claim is based 

on adequate evidence that it causes cancer in experimental animals, but on very little 

evidence that it causes cancer in humans. In the end, it should also be considered that 

pure GLY might not be equal to its mixed formulations. At the same time, the 

European Food Safety Agency (EFSA) claimed that the substance is not likely to cause 

cancer or to be genotoxic in humans. Some specialists from Member states, especially 

from Sweden, described neither any epidemiological data nor any evidence of cause 

and effect occurrence of cancer due to GLY exposure in humans. However, they 

proposed an idea to set a limit known as the acute reference dose of 0.5 mg/kg of 

body weight, an acceptable operator exposure level (LAEO) set at 0.1 mg/kg of body 

weight per day, and the acceptable daily intake (ADI) for consumers at 0.5 mg/kg of 
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body weight. In 2016, the Food and Agriculture Organization (FAO) and WHO 

concluded that it is questionable that GLY causes cancer and is a potential risk to 

humans. In the same year, in early August, the European Commission implemented 

regulations 2016/1313 that set the conditions for using the substance. After this, 

several plant-protecting products containing GLY, conditions, and its use in frequently 

populated areas such as green areas, gardens, parks, sports fields, recreational areas, 

within school facilities, and beside health facilities were modified by the Ministry of 

Health. Also, GLY was prohibited for use pre-harvest and measures were taken to 

protect groundwater and to avoid GLY use for non-agricultural purposes in soils 

containing 80% sand or more. In last regulations 2022/2364, the European 

Commission decreed to extend GLY use for one year, and the extension was renewed 

until December 15, 2023 [58]. 

2.1.5 Introduction to Aminomethylphosphonic acid (AMPA) 

AMPA is a breakdown product resulting from phosphonates degradation (Figure 2.3). 

It can be a degradation product of amino-polyphosphonates in water or a metabolite 

in GLY biological degradation [59]. AMPA has been reported to occur extensively in air 

and in surface waters, agriculture areas, sediments, and shallow groundwater at a 

depth of 2m at the edge of the streams, as well as less commonly in deep 

groundwater. There are several AMPA sources like industrial, agricultural, and urban. 

Proof of the presence of AMPA has been found in wastewater-influenced streams 

depending on the hydroclimatic circumstances. Domestic and industrial 

phosphonates are other sources of AMPA [60]. 
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Figure:2.3 Structure of Aminomethylphosphonic acid (AMPA) 

2.1.5.1.1 Toxicity 

To date, no epidemiological reports on AMPA exposure have been found for water. 

Limited studies from in-vitro data are available, regarding its toxicity to animal cells 

and humans [61]. The metabolic nature of AMPA may lead to questions as to its 

probable formation in the body, as it is unusual that glyphosate degradation to AMPA 

happens in the human body [62,63]. There is a lack of deep knowledge about AMPA 

formation from phosphonates in the human body. Kwiatkowska et. al. showed that 

AMPA imparts slightly toxic effects on human erythrocytes: 0.05 mM AMPA induces 

hemolysis while, above 0.25 mM, AMPA can produce reactive oxygen species and 

enhances the level of methemoglobin in blood [64]. Regarding lymphocytes, it is 

reported that 1.8 mM AMPA has clastogenic effects (i.e., genetic mutations, 

chromosomal aberrations, cellular damage, cancer development, cancer etc.). 

Moreover, above 2.5 mM AMPA, Hep-2 DNA suffers substantial damage. Conclusively, 

Benachour and Seralini provide evidence that AMPA causes umbilical membrane cell 

damage and, sometimes, neonatal or embryonic cell death [60].  

Although AMPA has been investigated to a lesser extent than GLY, Reddy et al. 

reported that chlorophyll biosynthesis was affected by AMPA leading to reduced plant 

growth, which means that AMPA can also be translocated to various plant tissues [65]. 

AMPA is also called phytotoxin, which can enhance the indirect effects of GLY on 

physiological processes. Moreover, due to its similarity with glycine, AMPA competes 

with it in biological pathways and sites, disturbing chlorophyll synthesis and, 

ultimately, impacting photosynthesis processes [66]. Plants exposed to AMPA 

exhibited decreased production of serine, glycine, and glutamate. According to 

reported data, AMPA seems to be highly toxic to aquatic organisms [67]. 

2.2 Introduction to PFAS 

Among POPs, per- and polyfluoroalkyl substances (PFAS) are compounds that have 

been commonly used in industrial and commercial products since the 1940s. 

Described as “forever chemicals”, PFAS contain a polar head group and a fluorinated 

alkyl chain that give them surfactant-like properties. PFAS are resistant to water and 
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oil and can endure extreme temperatures. They can enter the environment in many 

ways, involving point source contamination from the production unit [68], effluent 

from wastewater treatment facilities, aqueous firefighting foams used at public or 

military sites, and landfill leachates [69]. In the past 30 years, many studies have 

reported the presence of PFAS in several environmental compartments such as 

rainwater, surface water, groundwater, drinking water, manufactured goods like 

cosmetics, food packaging, and agronomic foodstuffs [70]. Due to the physico-

chemical properties of PFAS, they have minimal potential for excretion which 

ultimately produces biomagnification and bioaccumulation in wildlife and humans. 

Their persistence and ubiquity, in addition to adverse health effects posed by PFAS, 

justify the need to monitor and control these chemicals in food products, 

environmental compartments, and drinking water. PFAS can have prominently 

negative effects on wildlife and humans. Unintentional exposure to PFAS has been 

reported to cause cancer, decreased liver and immune functions, elevated cholesterol 

levels, and significant birth abnormalities. Under the Stockholm Convention, these 

findings related to health have led to the phase-out of long-chain PFAS [69]. Following 

this restriction, new PFAS substitutes were introduced that are easily degradable 

compared to previous ones. Substitutes contained smaller fluoroalkyl chains, and 

structures with chlorinated carbons or ethers linkages (C-O-C) instead of all fluorinated 

carbons. 

2.2.1 Physio-chemical Properties of PFAS 

Transport, environmental fate, and mechanisms are critical parameters connected 

with the physio-chemical properties of PFAS.  The melting and boiling points of pure 

PFAS are dependent on their occurrence as liquid, solid, or gas at ambient 

temperature [71]. Most PFAS are solid (powder or crystalline) in atmospheric 

conditions, but shorter PFAS with chains in the range of C4-C6 occur in liquid form. For 

instance, the melting points of PFOA and Perfluorobutanesulfonic acid (PFBS) are 45–

54 ᵒC and -21ᵒC, respectively [72]. How a PFAS behaves in the environment often 

depends on its density in the liquid form at ambient temperatures [73].  For now, a 

few of the PFAS compounds have been studied well, e.g., perfluorooctane sulfonate 



24 
 

(PFOS), perfluorinated carboxylic acids (PFCA), and fluorotelomer alcohols have been 

experimentally studied, which provided evidence for PFAS solubility in aqueous media 

[74].  

Apart from truly solubilized molecules, PFAS also form micelles and hemi-micelles, 

which might be accounted in water solubility. According to laboratory results, the 

solubility of PFOS decreases in water with an increase in salt content [75]. These 

compounds form micelles because they have polar head groups (carboxylic) as well as 

tails (long fluorinated chain) that behave differently in water, and aggregate to form a 

micelle when present above a certain concentration known as critical micelles 

concentration (CMC). They can also form other aggregates such as semi-micelles or 

hemi-micelles [76,77]. Many studies have reported that, in groundwater, micelles 

occur at quite a lower concentration than the CMC because of interaction with soil 

co-contaminants and particles in soil matrices [78]. These assemblies can influence 

the transport and partition at the water-air interface. The carbon-fluorine (105.4 kcal 

mol1) bonds are the main cause of the persistence of PFAS in the subsurface. 

Fluorine due to its highest electronegativity (x=3.98) forms the strongest bonds with 

carbon in organic chemistry. Three lone pairs at the fluorine atom are held together 

closely due to strong electronegativity, and polarity stabilized the C-F bond. 

Consequently, PFAS compounds show low pKa values and low reactivity, with high 

chemical and thermal stability. These unique C-F bond properties can be understood 

using stereo-electronic or electrostatic-dipole interactions with neighboring lone pairs 

or bonds. Due to the low polarizability of fluorine, hydrophobic and lipophilic 

interactions produce surfactant-like properties in PFAS. However, these properties 

are not shared by all PFAS [69].  

Currently, some of the properties of PFAS are not well known i.e., dissociation 

constant, stability, or rate constants. PFAS compounds possess several functional 

groups including carboxylates, amines, phosphates, sulfates, and sulfonates (figure 

2.4) [79]. Many factors like transport and fate are affected by these functional groups 

involving dissociated and undissociated forms. The state (i.e., anionic or undissociated 
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acidic) of PFAS can affect the bio-accumulative potential and partitioning behavior. 

Apart from very acidic pH conditions, PFCA is negatively charged due to low acidic 

dissociation constants (pKa) [79,80]. Similarly, PFOA dissociates in water into a 

hydrogen ion and perfluorooctanoate. PFAS molecules can generally occur as 

positively charged cations, negatively charged anions, or zwitter ions [81]. Ultimately, 

PFAS can be divided into four groups based on functional groups: a) cationic (basic 

functional group); b) zwitterionic (contains two or more functional groups with at 

least an anionic and a cationic form); c) anionic (contains acidic functional groups), 

and d) non-ionic (does not dissociate) [82,83]. Cationic PFAS are supposed to have 

different transport behavior than anionic PFAS.  

 

Figure:2.4 Molecular structures and physicochemical properties of PFOA and PFOS 
[83]. 

 

2.2.2 Sources of PFAS Their Environmental Occurrence 

To date, more than 4,000 different PFAS have been produced by humans; hundreds of 

these PFAS have been found in environmental samples. Figure 2.5 presents the main 
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sources of PFAS contamination along with potential environmental effects. Point and 

non-point sources are the main routes of PFAS to environmental compartments. 

Diffuse sources of unknown location/origin mostly refer to non-point sources, such as 

degradation of precursor compounds, precipitation, surface runoff, atmospheric 

intrusion of volatile PFAS, etc. Point sources are stationary and discrete, such as 

landfills, firefighting training locations, wastewater treatment units, manufacturing, 

industrial plants, etc. Aqueous film-forming foams (AFFFs) used in firefighting 

operations have a long history of being implicated in PFAS pollution of water bodies in 

the United States [84]. The US military is the primary user of AFFFs; among the 

specific locations of these pollutants are airports and military bases. Chemically stable 

per- and polyfluoroalkyl substances (PFAS) can travel great distances after being 

released into environmental compartments and undergo processes of leaching, 

precipitation, partitioning, and deposition [85]. As a result, there are reports of their 

worldwide occurrence in a variety of environmental media. Following transport, the 

PFAS travel through many environmental compartments, including the air, soil, and 

water, where they may be bioaccumulated by local plants and animals. The most 

consistent sources of per- and polyfluoroalkyl substances (PFAS) are predicted to be 

air and landfill leachates, with typical values of 101–2 pg/m3 and 100–2 ng/L, 

respectively [86]. Worldwide, PFAS have been discovered in aquatic, plant, and animal 

habitats. For instance, freshwater fish from throughout the United States are 

commonly reported to contain PFAS. Between 2013 and 2015, the US EPA analyzed 

fish, and the median PFAS level was 11,800 ng/kg [87].  
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Figure:2.5 Principal PFAS sources and possible effects[88] 
 

2.2.2.1 Exposure of Humans through Different Routes 

PFAS often fall into the category of chemical compounds that are soluble in water and 

have a variety of uses. Actually, PFAS are composed of both hydrophobic (fluorinated 

carbon chain) and hydrophilic (functional group) moieties [89]. PFAS solubility is 

contingent upon functional moieties and chain length, both of which dictate their 

environmental prevalence. Longer-chain PFAS dissolve less readily in water and vice 

versa. While PFAS with long chains (C > 8) typically accumulate in sediments and fish 

tissues, those with short chains (C < 8) are typically found in surface water. Depending 

on the conditions of exposure (such as the amount, timing, and direction of 

exposure), they may have a wide range of detrimental effects on health. The 

industrial production of fluoropolymers, textiles, paints, food packaging, building 

construction, medical equipment, printing inks, and firefighting foams are the main 

sources of PFAS release into the ambient air. Nevertheless, consumer goods including 

makeup, food processing and storage supplies, and home and personal care items all 

play a part in the extra PFAS emissions into the atmosphere. In the end, air emissions 

are further increased by the recycling and incineration of items containing PFAS. By 



28 
 

dispersing dirty sludge, biosolids, and recycled effluent for agricultural use, municipal 

wastewater treatment plants indirectly encourage the dispersion of PFAS into soil, 

contaminating other environmental compartments (both water and soil) [88]. Even 

with tight landfill restrictions, the application of these contaminants during landfilling 

may result in leakage into soil and eventually into groundwater. Figure 2.5 shows the 

many ways humans are exposed to PFAS as well as their harmful impacts. In this 

section, the specificities of human exposure to PFAS are extensively illustrated. In 

light of these facts, it is unacceptable that PFAS have permeated the ecosystem and 

turned into such a widespread source of environmental pollution. Because of 

contamination through a variety of human exposure channels, including food 

supplies, milk, vegetables, fruits, cereals, indoor air, and drinking water sources, they 

are negatively impacting human health [88,90]. 

 

2.2.2.1.1 Exposure from Drinking Water  

According to a thorough study done in Tarragona, Spain, drinking water is the primary 

source by which humans are exposed to PFAS [91]. Dietary intake comes in second. 

Groundwater, an important source of drinkable water in many regions, is severely 

impacted by PFAS contamination [92], which eventually has an impact on animals and 

people who drink this contaminated water. The most likely potential sources of PFAS 

contamination in Pennsylvania surface water, according to a research that sought to 

determine the possible sources, were electronic manufacturing sites and water 

pollution control facilities. Potential sources of both long- and short-chain 

perfluoroalkyl acids (PFAAs) in industrial wastewater treatment plants include both 

the influent and effluent [93]. There was also a report of an increase in PFAA 

concentration following treatment. Due to their high solubility in water, some PFAS 

accumulate in rivers and seas, endangering fish and aquatic life. In addition to 

polluting groundwater reservoirs, these PFAS have the potential to contaminate 

drinking water and endanger public health. An unexpected discovery was made about 

a municipal waterworks in Ronneby, Sweden, which had high levels of PFAS (>10,000 

ng/L in outgoing potable water) [5]. A military airfield that has been utilizing AFFFs 
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since the mid-1980s was the source of contamination.  Following the publication of 

these results, the contaminated waterworks were promptly shut down and replaced 

with a water supply from other municipal waterworks but unknowingly, for decades, 

about one-third of the local population had been exposed to PFAS poisoning. Even six 

months after the exposure, a significant level of PFAS has been found during the 

biomonitoring of Ronneby residents [88]. In conclusion, food and drinking water are 

two of the main ways that PFAS enter the human body [94].  

2.2.2.1.2 Exposure from Soil and Vegetation 

Industrial waste, polluted sludge, and foaming agents release PFAS contaminants into 

the soil matrix, surface water, and groundwater; PFAS are then absorbed by plants 

and consumed as food. The majority of PFAS found in landfill leachate and industrial 

effluent also contaminate the nearby rivers, posing a serious concern to the 

ecosystem [95]. The use of biosolids as fertilizers in agriculture and contaminated 

surface waters or groundwater for field irrigation are the primary sources of PFAS 

contamination in soils. Shorter-chain PFAS accumulate in the leaves and fruits of 

absorbing plants, while longer-chain PFAS compounds accumulate in the roots [96] 

and are subsequently assimilated into food webs. According to a recent study, field 

workers may be exposed to perfluorooctane sulfonic acid found in soil at 

manufacturing and storage locations[88]. 

2.2.2.1.3 Exposure during Occupational Activities 

Because of the harmful consequences of PFAS on health, occupational exposure is a 

serious concern. High serum amounts of PFAS are associated with specific jobs, 

including professional ski waxers, firefighters, and workers in fluorochemical plants. 

Polyfluorinated alkyl compounds (PFAS) are unique chemicals that improve product 

quality and performance, which is why they have been used in electronic devices for a 

long time. But the presence of PFAS in electronics also increases the risk of PFAS 

exposure for people who handle and recycle e-waste through ingestion, inhalation, 

and skin absorption. These scavenging and recycling processes are also among the 

ways that PFAS are emitted. Furthermore, because samples taken from e-waste 
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collection, processing, and disposal sites were contaminated with per- and 

polyfluoroalkyl substances (PFAS), these areas have been recognized as possible sites 

of PFAS exposure [97–99]. Another study found that professional ski waxers and 

firefighters had higher serum PFAS levels when compared to serum PFAS levels of the 

general public exposed to PFAS-contaminated drinking water. The study also 

examined serum PFAS levels reported in various occupations. However, research on 

worker exposure to PFAS has only looked at employees at fluorochemical plants that 

produce PFAS [100]. In order to protect workers from the harmful health impacts of 

PFAS exposure, more studies on exposures across many industries and occupations is 

required for future recommendations. 

2.2.2.1.4 Exposure to PFAS through Consumer Products, Dust and Indoor Air 

When PFAS from household goods migrate into food, indoor air, and dust, the process 

can lead to human exposure [88]. It has been stated that PFAS are present in papers, 

carpets, upholstery, clothing, food, building supplies, paints, cleansers, polishes, 

impregnation agents, and ski waxes. Grease-resistant food packaging may allow PFAS 

to penetrate into food, increasing dietary exposure [101]. Moreover, numerous types 

of precursor compounds found in consumer goods, including powders, sunscreens, 

and other cosmetic products, have the ability to biotransform into PFAS that 

subsequently build up within the human body [102]. A volunteer's skin was treated 

with PFOA combined with sunscreen in an experimental study; this method showed 

that PFOA can be significantly absorbed by humans through transdermal absorption. 

A other investigation also demonstrated PFAS cutaneous penetration. The body may 

accumulate a greater amount of PFAS with intermediate hydrophobicity due to their 

advantageous skin penetration and unfavorable urine excretion [103]. When it comes 

to outdoor air pollution, the main sources of PFAS emissions into the air are 

manufacturing plants and work facilities. As a result, the surrounding ground and 

surface waters are heavily contaminated. Computational research suggests that 

emissions of GenX (2.5% of all emissions) and PFAS (5% of all pollutants) can readily 

settle within a 150 km radius around industrial locations [104]. Determining the 

relative importance of the many exposure pathways is therefore essential to 
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understand the causes of progressive blood alterations and project exposure risks 

into the future. 

2.2.3 Toxicity of PFAS 

Bioaccumulation and toxicity of PFAS have been much investigated, but the toxicity of 

PFAS in the environment as mixtures is still poorly known [69]. Most extensively 

investigated PFAS are perfluorooctanoic acid (PFOA) and perfluorooctane sulfonic 

acid (PFOS) [105–108], because of their wide use, stability, and persistence in the 

environment [109]. Moreover, they are the stable end products of several other PFAS 

precursors.  Both PFOA and PFOS fall under the subclass of PFAS known as 

perfluoroalkyl acids (PFAA). Until May 2019, PFOA was not included among the 

persistent organic pollutants but since then it has been included in the list. PFOS and 

PFOA have long residence times of over 5 and 3.5 years, respectively, in human 

bodies. New research on the toxicity of PFOA and PFOS also referred to as “legacy 

PFAS”, plus replacement molecules are also termed as “alternative PFAS”, have 

shown that according to computational models, epidemiological studies in humans, 

cell, and animal studies, the alternative PFAS continue exhibiting similar toxicity and 

endocrine disruption properties as legacy PFAS.  

2.2.3.1 Ecological Toxicity 

Effects of PFAS contamination on animal and plant health have been deeply evaluated 

in areas where point source pollution is a recognized concern. It is reported that plant 

exposure to PFOA results in a reduction of shoot growth for V. radiata and O. sativa 

when grown in PFOA-contaminated soil (100, 300mg/Kg dry soil respectively) [110]. 

Lower seedling sizes were also noticed in the study. Algal soil biomass was also 

considerably reduced for C. infusion and C. reinhardtii in 50 and 700 mg/kg dry soil, 

respectively. Reproduction rates of nematodes were reduced as well after one-day 

exposure to soils contaminated with 300 mg/kg or more compared to control [110]. 

Plant phytotoxicity and uptake of PFOS and PFOA (5000 and 500 ng/L) were 

investigated in lettuce for exposure of over 28 days, which did not provide any data 
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on biomass or phenotype changes. The accumulation of PFOA was about 4.0-4.3 

times higher than PFOS [111]. 

2.2.3.2 Animal Toxicity  

Apart from environmental models, the impacts of PFAS on animals have been studied. 

Metabolomics was adopted in a study on Ruditapes philippinarum clams to compare 

the effect of PFOA and PFOA alternative, the difluoro [2,2,4,5-tetrafluoro-5-

(trifluoromethoxy)− 1,3-dioxolan-4-yl]oxyacetic acid (C6O4), on marine species [112]. 

Haemolytic size and cell count decreased due to the presence of both pollutants. 

PFAS alternative caused biomarker fluctuation for gills and haemocytes, and it 

affected DNA more than PFOA at lower concentrations. Two other PFAS, sodium p-

perfluorous nonenoxybenzene sulfonate (OBS) and 6:2 chlorinated polyfluorinated 

ether sulfonate (6:2 Cl-PFESA) were also tested at a concentration of 1 µM in 

comparison to PFOS on zebrafish [113]. Prominent oxidative liver stress was observed 

in zebrafish by PFOS as compared to both OBS and 6:2 Cl-PFESA. However, all three 

PFAS exhibited gut disruptions, as well as anti-inflammatory in addition to immune-

related gene expression. Early studies on mice and rats showed significant impacts on 

the kidney, liver, and spleen as well as other organs. It was observed that, by using 

perfluoro alkane sulfonyl fluorides (PFASF), a precursor class of PFAS inoculated into 

rate liver, reduction to form stable PFAS became operational upon oxidation of 

proteins containing cysteine and glutathione [69].  

2.2.3.3 Human Toxicity 

Humans can’t be intentionally exposed to study the toxicological effect of 

environmental contaminants, thus the information related to toxicity is deduced from 

computational (in silico), in vivo, in vitro, and epidemiological evaluation. 

Computational modeling is usually a technique that is designed in a way to minimize 

the contaminant risk to understand the effect on human health without the 

involvement of invasive sampling of human subjects [69]. Different parameters were 

evaluated including adsorption, residence time, and transport of two PFOS and two 

novel PFAS alternatives, OBS and 6:2 Cl-PFESA, using molecular dynamics simulations 
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(MDS) on phospholipid bilayers.  MDS can be chosen to predict the interaction of 

PFAS compounds with biomolecules at the atomic scale with very fine temporal 

resolution. Energy barriers were measured for these three compounds and were low, 

so they could enter effortlessly into the bilayer of the cell membrane. After entering, 

the interaction between cationic N-atoms in PFAS and the sulfonate head group led to 

the blockage of the bilayer head group and altered bilayer orientation [114]. 

The impact of PFAS exposure on early child development and childbirth has been 

evaluated in three epidemiological studies. In the first study, the weights of newborns 

and mothers were evaluated as well as parental exposure to PFAS. Higher 

concentrations were observed in old, first-time mothers, while all PFAS (PFOS, PFOA, 

and 6:2 Cl-PFESA) were found in all mothers. A very positive correlation was found 

between both 6:2 Cl-PFESA and PFOS and the body mass index, which is a common 

correlation for various lipophilic contaminants [115]. In addition, ponderal indices and 

birthweights of newborns were lower in mothers who were exposed to PFOS. 

Moreover, the PFAS substitute 6:2 Cl-PFESA has been detected in metal plating 

workers and Chinese surface waters [116].  

Another evaluation comprising 1240 mother-child pairs about the developmental 

impacts of PFAS on children of up to 7 years of age was performed [117]. Both PFOS 

and PFOA were detected in all samples of maternal plasma, while perfluorohexanoic 

acid (PFHxA) and Perfluorononanoic acid (PFNA) were found in the majority of 

samples, almost 96 and 99% respectively. Differently from most of the other studies 

on human subjects, the mentioned study revealed that there is no significant effect of 

PFAS on child development from 14 months to 7 years of age. A few studies exhibited 

some links between exposure and verbal skills as well as memory at the age of 4-5 

years, but results were statistically not significant. Controversial studies are found in 

the literature when a small sample size is adopted. Thus, in epidemiological studies, 

unfavorable interferences can lead to skewed results. In addition to recent discoveries 

on the toxicity of PFAS, there is an urgency and need to isolate, control, and degrade 

these persistent environmental pollutants [69,117]. 
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2.3 Strategies for POP Treatment 

Typical wastewater treatment plants are not designed to process POPs. Ultimately, 

any POPs that encounter wastewater plants usually end up in treated waters after the 

plant. As discussed earlier, most the POPs are resistant to conventional oxidation and 

reduction processes due to their persistence, stability, and conversion into harmful 

by-products. Recently, some POPs removal technologies have been described, 

including adsorption, photolysis, photocatalysis, Fenton and Fenton-like systems, 

ozonation, sulfate radical-based processes, hydrated electron-based degradation, 

electrochemical oxidation, etc. 

2.3.1 Adsorption 

Adsorption is a surface phenomenon where substances become attached to the outer 

layer of a material. In general, it involves atoms, molecules, and even ions from a 

liquid, solid, or gas which are linked to the surface.  This method of removal is 

adopted in many treatment facilities because of its lack of toxicity, great efficiency, 

and low cost [7]. For instance, several studies for GLY as well as PFAS removal through 

adsorption from environmental matrices have been conducted. Many materials like 

biochar, zero-valent iron (ZVI), clay compounds, adsorption membranes, resins, 

activated carbon, etc., have been used as potential adsorbent mediums. To extract 

GLY from the medium, different processes involve different interactions between the 

adsorbent and the pollutants including molecular interactions among entities in the 

system or diffusion through pores having different volumes (micro, meso, and macro) 

or sizes [118].  Furthermore, GLY removal can also occur through electrostatic 

interaction between the adsorbent system and GLY molecules in the form of metal-

based complexes from an aqueous solution. A typical example involves a zirconium-

based metal-organic framework (Zr-MOFs), which can be used for the adsorption of 

GLY from an aqueous solution. In this study, Tao et al. removed GLY in the presence of 

other pollutants like acephate, sulfamethoxazole, methyl parathion, sulfanilamide, 

sulfamethazine, etc. Electrostatic interaction, hydrogen bonding, and Zr-phosphate 

bonding were responsible for GLY removal due to adsorption from the aqueous 

solution[119].   
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Biochar and activated carbon, typically two adsorbents having porous structures and 

high efficiencies have been useful for many environmental applications, especially for 

GLY removal [120]. For instance, waste newspaper-activated carbon (WNAC) has been 

employed to achieve GLY removal from water. Three different adsorption models 

including Langmuir, Freundlich, and Redlich-Peterson isotherms were used to check 

for GLY removal efficacy. The best-suited model was Langmuir adsorption isotherms 

and WNAC was reported to have an optimal performance of 48.8 mg L-1 at 2.5 pH for 

GLY removal. In an additional study, Herath and Wickramasinghe investigated the 

steam-activated biochar generated from rice husk at 700°C, for GLY removal from an 

aqueous system. Batch adsorption using Elovich, Langmuir, and Freundlich isotherms 

was used to check adsorption kinetics. Parameters including pseudo-first-order (PFO), 

pseudo-second-order (PSO), pH, reaction time, and GLY dosage were also 

investigated.  Maximum GLY removal was observed at pH 4 and removal did not 

increase with increasing pH.  

Resin’s surface chemistry and porous structure favor GLY adsorption in aqueous 

systems. Jia et al., [121] examined the potential of resin for GLY removal by producing 

a composite resin by crosslinking nanoiron oxide with polystyrene. Lower pH favors 

GLY removal through adsorption and PSO was shown to be the best fit for removal 

kinetics. Chen et al., [122] reported about the thermodynamics and kinetics of GLY 

removal using resin D301.  The optimal removal was as high as 833 mg/g at 318.15K. 

The Langmuir adsorption model suggested formation of a monolayer using resin 

D301. Also, the sorption mechanism was exothermic as examined by experimental 

parameters that are governed by intricate mechanisms, which are neither purely 

physical nor chemical. Adsorption of GLY on resin D301 followed a PSO kinetic model 

with an ordinary activation energy of 83.11 kJmol-1. 

Considering PFAS removal through adsorption, activated carbon and ion-exchange 

resin have been reported. Ochoa-Herrera and coworkers [123] studied various 

adsorbents for PFOS removal, i.e., high silica zeolite NaY, activated carbon, and 

anaerobic sludge. Among these adsorbents, activated carbon exhibited maximum 
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adsorbent affinity towards PFOS. Besides, they also investigated the adsorption of 

PFOA, PFOS, and perfluorobutanesulfonate (PFBS) on activated carbon. They 

discovered that PFOS has a stronger affinity towards activated carbon than PFOA and 

PFBS. Apparently, the replacement of the sulfonic by a carboxylic group and reduced 

fluorocarbon chain length led to weaker interaction with activated carbon for 

adsorption. In addition, Saeidi et al., [124] studied the performance of activated 

carbon felts (ACF) for PFOA and PFOS removal.  They observed a higher affinity of 

defunctionalized ACF towards PFAA due to the combined effect of electrostatic 

attraction and hydrophobic interactions, between PFAA anions and positively charged 

adsorbent sites. They discovered the adsorption behavior on different ACFs was 

considerably affected by the surface chemistry due to the cation/anion exchange 

capacity, oxygen content, and point of zero net proton charge.   

The adsorption strategy is extensively used for wastewater treatment. It is adopted 

because of simplicity, cost-effectiveness, and ease of operation.  Regarding POPs 

removal efficiency and relevance through adsorption, there are still numerous 

limitations and challenges that should be considered. First, acidic conditions for 

adsorbents may be required for maximum removal of POPs from the aqueous 

environment. These acidic conditions might affect the water treatment, and acidic-

waste release to the environment might be risky to human and animal health. Also, 

the disposal of residues from the adsorption process is still a major challenge and it 

needs further investigation.  Thus, additional efforts are needed after adsorption, and 

attention must be paid to secondary pollution during these treatments. 

2.3.2 Photolysis and Photocatalysis  

Photolysis and heterogenous catalysis (photocatalysis) are two processes to degrade 

different persistent pollutants. Photolysis is a technique in which UV or Visible light is 

utilized to degrade various pollutants directly, by breaking bonds between atoms or 

molecules. In alternative, the photolysis of pure water can yield strong oxidant 

species like •OH that interact with pollutant molecules in water. It is well known that 

the most abundant source of energy is solar energy, which is eco-friendly, produces 
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no emissions, requires no fossil fuels during utilization, and yields no greenhouse 

gases. However, according to the nature of pollutants, the nature of light is also 

important, i.e., only a limited UV range can be used for PFAA degradation. 

Heterogenous photocatalysis is a process where the most extensively used 

semiconductor catalyst is titanium dioxide (TiO2).  It absorbs light radiations or 

photons with energy equal to or greater than the band-gap energy (hν ≥ Eg), which in 

the case of TiO2 is 3.2 eV for anatase and 3.05 eV for the rutile phase.  Absorption of 

photons causes electrons to exit from the valence band (VB) and migrate to the 

conduction band (CB) leaving a VB hole or vacancy bearing a positive charge. These 

electron/hole (eCB
−/hVB

+) pairs, by which redox reactions are carried out, are thus 

generated (eq. 1) and holes (hVB
+) are strong oxidizing agents, which carry out water 

oxidation to form •OH radicals or interact directly with pollutants molecules on the 

catalyst surface (eq. 2). In contrast, eCB
− reacts with electron receptor species such as 

O2 to form superoxide radicals, which is also a mild oxidant species (eq. 3) or a 

precursor of oxidants.  

   TiO2 + hν   →    TiO2 (eCB−/hVB+)     (1) 

TiO2 (hVB+) + H2O     →    •OH + H+ + e−    (2) 

 TiO2 (eCB−) + O2      →    O2
•−     (3) 

Chen et al., [125] discovered PFOA degrades quite slowly by direct irradiation under 

254 nm UV light, and degradation can be considerably enhanced by photolysis under 

185 nm because PFOA has strong absorption at 190-220 nm. This issue makes 

decarboxylation easier under 185 nm UV light (Figure. 2.6). Jin et al.,[126]  

investigated the fast degradation of PFOS under 185 nm radiation in anaerobic 

alkaline conditions. They discovered the degradation of PFOS is enhanced by 

anaerobic alkaline compared to aerobic neutral conditions. Also, the branched PFOS 

isomers exhibited faster degradation rates than linear PFOS, indicating the possibility 

of involvement of hydrated electrons as active species for PFOS degradation.  In 

addition, a few fluorinated intermediates were detected and quantified. Direct 
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photolysis can be a possible degradation pathway under 185 nm UV, but this is not 

applicable while using solar energy. To mitigate the issue, researchers introduced 

some reactive reagents to attain higher efficiency and a broader absorption spectrum. 

Hori and coworkers [127] introduced trace amounts of ferric ions and improved the 

degradation of PFAAs under 254 nm UV light. The results were interesting considering 

rate constants which were 3.6-5.3 times higher compared to direct photolysis alone. 

This can be explained by photo-redox reactions between oxygen, PFAAs, and 

ferric/ferrous ions through complex formation between ferric ions and PFAAs (Eqs. 4-

7). 

CnF2n+1COO- + Fe3+→ [CnF2n+1COO-Fe]2+      (4) 

 

[CnF2n+1COO-Fe]2+ 254 nm UV→ Fe2++ CnF2n+1COO•   (5) 

 

Fe2+ + O2 → Fe3+ + •O2
-      (6) 

 

Fe2+ + •OH → Fe3+ + OH-      (7) 

 

Wang et al., [128] also investigated PFOA degradation in the same way and found 

initial ferric ions concentration affects the process. Apart from ferric ions they also 

introduced cupric, magnesium, zinc, and manganese ions, etc. They discovered that 

Cu and Zn ions improved the degradation rate of PFOA.  Jin et al. found the addition 

of ferroin ions enhanced the photodecomposition rate of PFOS by 50 times compared 

to direct photolysis. From scavenger experiments, they deduced that molecular 

oxygen could be involved in the defluorination process without hydroxyl radicals 

(•OH). Moreover, PFOS decomposition can’t be governed by •OH due to the inertness 

of these radicals on PFOS, they can just accelerate defluorination. The authors 

suggested that the key step during PFOS degradation was ligand-to-metal charge 

transfer (Eqs. 8-9).  

     C8F17SO3
- + Fe3+  

        [C8F17SO3
-Fe]2+   (8) 
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[C8F17SO3
-Fe]2+  UV- C→       C8F17SO3∙ + Fe2+        (9) 

 

 

Figure:2.6 UV Absorption of a 50 mgL-1 PFOA solution [125]. 

Photodecomposition is an eco-friendly technique for PFAA removal. Still, the high 

demand for energy and low PFAA degradation rate will limit its applicability.  

Photocatalysis of various PFAS has been tested using TiO2 under irradiation by 254 nm 

UV light. Panchangam et al., [129] reported and claimed that oxidative holes are the 

active sites for PFAS degradation in excited TiO2 during UV irradiation. After exposure 

to UV light, electron-hole pairs were generated as discussed earlier and electrons are 

accepted from PFAA anions to produce PFAA radicals. Li et al., [130] studied and 

compared In2O3 and TiO2 as photocatalysts for PFOA degradation under 254 nm UV 

light, finding that In2O3 has higher photocatalytic activity for PFOA removal. It is 

explained that the terminal carboxylate group can strongly coordinate to the In2O3 

surface with bidentate or bridging configuration that, in turn, is helpful for direct 

PFOA removal by holes generated in In2O3. In contrast, the TiO2 surface is coordinated 

to PFOA through monodentate configuration, preferentially resulting in the formation 

of hydroxyl radicals from photogenerated holes which are inert toward PFOA 

degradation (Figure 2.7). 



40 
 

 

Figure:2.7 Schematic diagram for PFOA configuration adsorbed on TiO2 and In2O3 

Zhao et al. [131] conducted photocatalytic degradation of PFOA using a wide band 

gap photocatalyst (β-Ga2O3) under 254 nm UV light. The reaction followed a pseudo-

first-order kinetics. They discovered that upon excitation of the catalyst surface, 

photogenerated electrons interact with water to produce hydrated electrons, which 

are responsible for PFOA degradation. Also, by irradiation, the direct photogenerated 

electrons from β-Ga2O3 can degrade PFOA molecules.  

Photodecomposition of PFAS through photocatalysis is a promising technology that is 

also applicable to a wide range of organic pollutants in water. An extensive amount of 

research has been concerned with TiO2-related photocatalysts at the laboratory 

scale, which has considerable limitations including limited reactivity, low quantum 

yield, and narrow band gap absorption. These issues should be considered for 

industrial-scale applications[132].  

In photolysis of pure water using vacuum-ultraviolet (V-UV, λ= 172nm), generation of 

oxidant species (•OH) occurs to ultimately degrade pollutants in water according to 

reaction 10. Azrague et al. reported the production of hydroxyl radicals without the 
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addition of any catalyst or supplementary oxidant (i.e., ozone or H2O2). Moreover, a 

combination of UV light with hydrogen peroxide (UV/H2O2) or ozone (UV/O3) 

enhances the quantity of produced •OH radicals. Wang and Xu reported that upon 

photolysis of ozone (λ<300nm), O3 decomposes to O2 and an oxygen atom O(D1). This 

oxygen atom is very reactive and potentially reacts with all substrates including water, 

to form H2O2 via reaction 11. To end the reaction, H2O2 could form oxidant species 

based on reaction 12. The hydroxyl radical is particularly important in AOPs because 

of its relatively high standard potential in an acidic medium [133]. This radical can 

oxidize and break down organic pollutants until they are converted to water, carbon 

dioxide, and related inorganic salts. For example, GLY is attacked by hydroxyl radicals, 

resulting in the formation of intermediates like sarcosine, AMPA, or final breakdown 

products that include NO3
, NH4

+, CO2, and PO4
3-.  

H2O + hv (V-UV) → •OH + H•    (10) 

O3 + H2O + hv → H2O2 + O2    (11) 

H2O2 + hv → 2 •OH     (12) 

Manassero et al., reported GLY removal using UVC/H2O2 at GLY concentration of 50-

75 mgL-1 [134]. These average concentrations were present in wastewater due to 

rinsing of herbicide containers. Effects of different parameters were evaluated 

including pH, incident irradiation, and H2O2 concentration. According to the 

hypothesized mechanism, the initial stage in the formation of glycine involves the 

oxidation of the C-P bond by oxidant species, which prevents the formation of 

sarcosine and AMPA. As a result of glyphosate's breakdown, nitrate, formic acid, 

formaldehyde, ammonium, and phosphate ions were detected. Lopez et al., and Vidal 

et al., [7] also investigated the degradation of a commercial GLY-based herbicide using 

UVC/H2O2 system. Both compared the results of mathematical models and 

experimental data. Vidal et al. reported that after 12 hours of treatment time, 80% 

glyphosate degraded alongside 70% TOC, and the percentage results were consistent 

with Lopez et al. Also, Assalin et al., investigated GLY removal through heterogeneous 
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photocatalysis using TiO2 and monitored the degradation intermediates. After 30 min 

of reaction at pH 10, TOC removal was 92%. Also, Chen and Liu obtained similar 

removal percentages i.e., 92% using 6 g/L of TiO2 as the optimum amount for the used 

GLY concentration (0.25 mML-1) after 3.5 hours of reaction time. It was reported that 

GLY removal was accelerated at pH 3-7 [12].  

2.3.3 Fenton and Fenton-like systems 

The primary mechanism underlying these systems is the production of extremely 

reactive radical species, the main one being the hydroxyl radical, •OH. Radical species 

are produced in homogeneous systems in a variety of methods, including electron 

transfer during the activation of oxidants by transition metals, photolysis, thermolysis, 

and sonolysis [135]. The Fenton process, in which H2O2 is activated by ferrous ions to 

generate •OH, is the most traditional homogeneous AOP. The breakdown of organic 

and inorganic contaminants in wastewater is commonly achieved by the Fenton 

process, which is reliable, practical, and simple and can be used to reduce wastewater 

toxicity or to cleanse it, thereby allowing for discharge. In the conventional 

homogeneous Fenton process, soluble iron ions (Fe2+), which work as catalysts in 

acidic environments, combine with H2O2 to produce powerful oxidants (•OH and/or 

reactive high-valence Fe species, such as ferryl, FeO2+) [18]. If we disregard the mass 

transfer restrictions between active reagents, the use of soluble Fe salts (Fe2+) in 

conventional Fenton affords the maximum efficiency. The primary flaw in the 

traditional Fenton method is Fe(III) precipitation in the form of ferric hydroxide 

brought on by pH adjustment and catalyst (Fe2+) oxidation, which results in sludge 

waste. In actuality, Fe2+ remains dissolved even at a pH of 4, but Fe3+ precipitates at 

pH 4 and forms ferric hydroxide sludge. Due to the high expense in reagents required 

to acidify the effluents before treatment and then neutralize them before drainage, 

the least extreme acidic conditions (pH 4 instead of the optimum pH 3) are often used 

to maintain and carry out the procedure for practical applications [18]. 

In the past few decades, numerous ways have been developed to move forward more 

effectively and use heterogeneous Fenton and Fenton-like systems to mitigate these 
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limitations. Different insoluble iron compounds (Fe2O3, Fe3O4, FeO, FeS2, etc.) are 

introduced as catalysts in the heterogeneous Fenton reaction, along with H2O2, to 

decontaminate or decompose contaminants in aqueous solution[18]. The use of iron 

oxide supports or the incorporation of Fe oxides into composite porous materials 

(clay, zeolites, activated carbon, polymers, and multiwalled carbon nanotubes, Nafion 

films, pumice particles, ashes, and aluminates) are additional options to increase the 

efficiency of the Fenton reaction. Because the support adsorbs the pollutant molecule 

and, in some cases, can also facilitate the reaction, the overall performance of the 

Fenton reaction may even be enhanced in such heterogeneous processes [18]. 

The production of free radicals and/or other oxidizing species also occurs in 

heterogeneous Fenton-like systems when the heterogeneous catalyst is combined 

with ultrasonic energy, magnetic field, ultraviolet radiation, microwave radiation, or a 

combination of them [18,136]. 
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2.3.3.1 ZVI-Fenton-like system 

Researchers have focused a lot on zero-valent iron (ZVI), one of the catalysts utilized in 

Fenton-like or heterogeneous Fenton reactions. ZVI is a promising material to be used 

for water and wastewater treatments, due to its eco-friendliness, cost-effectiveness, 

non-toxicity, and ability to transform different pollutants such as halogenated 

compounds, nitrate, heavy metals, phosphate, arsenic, phenol, polycyclic aromatic 

hydrocarbons, and dyes. ZVI can be employed alone by taking advantage of its 

reductive (electron-donor) characteristics or combined with H2O2 in a heterogeneous 

Fenton reaction that results in the generation of oxidizing species, mainly •OH 

[18,136]. Last but not least, current research has attracted attention to using ZVI in 

combination with persulfate (S2O8
2) or peroxymonosulfate (SO5

2) to create a 

heterogeneous Fenton-like reaction with the primary goal of producing the sulfate 

radical (SO4•
) as a substitute for •OH as an oxidizing agent. While SO4•

 is more 

selective than •OH, it is slightly less reactive. This indicates that when compared to 

•OH-based approaches, the SO4•
-based processes can achieve pollutant degradation 

with less interference from water components (vide infra). In particular, the mixture of 

ZVI with persulfate can trigger a series of reactions (13–17) with the generation of 

reactive radicals (•OH, SO4•
), which can be extensively exploited for the 

decontamination of wastewater [18]. 

 

Fe0 + 2 H2O → Fe2+ + 2OH− + H2    (13) 

Fe2+ + S2O8
2− → Fe3+ + SO4

2− + SO4
•−   (14) 

Fe0 + 2Fe3+ → 3Fe2+     (15) 

Fe2+ + H2O2 → Fe3+ + •OH + OH−    (16) 

SO4
•− + H2O → SO4

2− + •OH + H+      (17) 

It should be noted that reactions (14) and (16) describe the formation of oxidizing 

species via Fenton and Fenton-like reactions, and their interconversion is shown by 
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reaction (17). Fenton reagents can also be produced through the interactions of iron 

species with dissolved molecular oxygen (not shown here). Reactions (13-16) illustrate 

how Fe species with different redox state cycle [18]. 

Numerous water characteristics could influence how well the ZVI-Fenton and Fenton-

like systems degrade pollutants. They comprise, among other things, solution 

chemistry, pH, reagent concentration, and the presence of various anions. One of the 

most important operating parameters is pH, which regulates the chemistry, radical 

generation potential, catalyst behavior, and overall effectiveness of almost every 

Fenton process [18]. 

Because ZVI nanoparticles have a favorable surface-to-volume ratio that increases 

their reactivity, nanoscale ZVI (nZVI) is frequently employed as Fe0 form in these 

procedures. On the other hand, the quick surface oxidation that nZVI experiences may 

prevent it from being reused. However, it has been discovered that passivated nZVI 

(i.e., nZVI covered with a layer of Fe oxides) retains considerable Fenton reactivity, 

which would be advantageous in the case of potential reuse, at least in the case of 

ZVI/H2O2 [18]. In addition, it has been demonstrated that the nZVI dosages required to 

break down pollutants are low and do not significantly impair the process economics, 

even in the situation of challenging reuse. Additionally, a group of potential 

composite materials based on amorphous Fe (metallic glasses) have recently been 

created, and they exhibit fascinating reusability and the capacity to activate H2O2, 

ZVI/persulfate (PS), and SO5
2 [18]. 

Deng et al. used acetaminophen (APAP) as a representative pollutant for wastewater 

from the pharmaceutical industry and applied the iron/persulfate (Fe0/PS) Fenton-like 

process to APAP degradation, to provide some instances of the application of ZVI/PS 

to decontamination operations. They investigated how pH, iron dose, and chelating 

agent addition affected the Fe0/PS system. With a 1:1 molar ratio of iron to PS, the 

highest efficiency (around 93%) was attained. In a wide pH range (3-8.5), efficient 

degradation (>90%) was seen, and the presence of Fe0 was thought to be crucial for 
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the regeneration of Fe2+, by reaction 16 with Fe3+. It was discovered that the 

degradation of APAP involves both SO4
• and •OH. Radical production and 

interconversion have been noticed here [137]. Zhang et al. have created nanosized 

ZVI (nZVI) to obtain a nZVI/PS system for Norfloxacin (NOR) degradation. With 100 

mgL1 nZVI, 12 mM PS, and pH 7.0, the maximum degradation efficiency (93.8%) of 

100 mgL1 NOR was accomplished. The reaction followed a pseudo-first-order kinetic 

model, and it was concluded from quenching tests and EPR analysis that SO4
• and 

(especially) •OH were both engaged in NOR degradation. An optimum nZVI dose for 

degradation was discovered: above this dosage, it can be predicted that nZVI would 

significantly scavenge •OH. Furthermore, the degradation process was aided by high 

PS concentration and temperature [138]. According to Jiang et al., Fe0 is a reliable 

supply of Fe2+ that can be used to activate persulfate (S2O8
2) to SO4

• for the 

breakdown of bisphenol A (BPA). High initial persulfate or Fe0 concentrations reduced 

BPA concentration, while subsequent additions enhanced the breakdown efficiency 

from 49 to 97%. Contrary to a large, single initial addition, the use of repeated 

additions of reagents, which are then consumed in the Fenton reaction, is 

advantageous to prevent the reagents from reaching excessive concentration values 

at any time point. The fact that extra reagents scavenge reactive species (•OH and/or 

SO4
•) can be detrimental to the degradation process. The pH at which the system 

operates most effectively is 3, however, maintaining this pH level is difficult because 

the necessary reagents are expensive [18,139]. 

2.3.4 Sulfate radical-based processes 

Despite the high energy requirements, sulfate radicals (SO4
•) have been shown in 

several studies to be successful at degrading PFAS with different chain lengths 

[127,140,141]. There have been numerous reports of the complete mineralization of 

PFOA using light-activated persulfate, with PFOA degrading to F- and carbon dioxide 

(CO2) ions. Small levels of shorter-chain PFAAs were found in the solution, and the 

oxidation process further mineralized them. Under a 23 W low-pressure mercury 

lamp emitting at 254 nm and 185 nm, potassium persulfate (K2S2O8) photolysis was 
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compared to photolytic breakdown, and the results showed that persulfate-activated 

photolysis considerably increased PFOS degradation. Additionally, PFOA degraded and 

mineralized more quickly in an oxygen compared to a nitrogen atmosphere. Hori et 

al., [140] examined the effects of heat-activated persulfate on the effectiveness of 

PFOA and other C5-C9 chains PFAAs degradation. While the thermal breakdown of 

PFAS was ineffectual by itself, adding 50 nM S2O8
2 and heating the aqueous solution 

with 374 µM of PFOA for 6 hours at 80°C under pressurized air was able to completely 

mineralize PFOA [83]. Similar outcomes were seen when various PFAA compounds 

were subjected to the heat-activated persulfate oxidation method. For PFOA, the F- 

ions production was around 78%, while for other PFAAs, it ranged between 80% and 

90%. Intriguingly, when the reaction temperature was raised to 150 0C, the yields of F- 

and CO2 ions decreased and they were replaced with large amounts of C4-C7 chain 

PFAAs, proving that temperatures higher than subcritical water were ineffective in 

achieving PFAA decomposition when combined with persulfates [83].  

It has been asserted that PFAAs would be attacked by generated sulfate radicals via 

one electron transfer (eq. 18). After decarboxylation, many radical reactions will 

follow, as well as hydrolysis procedures, till PFCA fully mineralize [140]. 

CnF2n+1COO + SO4
• → CnF2n+1COO• + SO4

2   (18) 

 

Research using heat- and microwave-induced breakdown has supported this 

conclusion. Transitional metals, such as Ag, have been used to activate persulfate for 

PFAS degradation at room temperature. It was suggested that the decarboxylation of 

PFAS could be accomplished via the production of sulfate radicals and the oxidation of 

Ag+ to Ag2+. The mentioned study emphasized that there is an ideal PS/Ag ratio that 

results in the best PFAS breakdown, which in this case was 0.6 M PS/0.6 mM Ag. 

However, while this approach works well for PFAAs, it is useless for PFOS. It has been 

shown that activated persulfate oxidation is effective in PFOA degradation, especially 

in groundwater, and could degrade PFOA and PFOS in situ. Persulfate has a low 

breakdown efficiency in alkaline environments. The inability of sulfate radicals to 



48 
 

decompose perfluorinated sulfonic acid, such as PFOS, is a drawback of using sulfate 

radical-based techniques to treat PFAAs [83]. 

The second-order rate constants for sulfate radicals with various PFAAs (C4 to C8) are 

in the range of 1.7-4.4× 104 M-1s-1, according to Lutze et al., [141] The chain length of 

various species does not affect the relative reaction rate constants. PFAAs, however, 

should rather be viewed as experimental mistakes. Additionally, Kutsuma and Hori, 

[142] showed that PFAAs and sulfate radicals have comparable second-order rate 

constants (1.3 × 104 M-1s-1 for PFBA, PFPrA: 1.4x 104 M-1s-1). On the other hand, Qian 

et al., [143] recorded various rate constants between PFCAs and sulfate radicals. 

These constants were calculated by fitting experimental data to the model. 

Information on the breakdown of PFOA and the emergence of shorter-chain PFCAs 

(PFHpA, PFHxA, PFPeA, PFBA, and PFPrA) via a stepwise degradation of PFAAs is here 

provided (Table 2.3). 

Table: 2.3 Rate constants for reaction of sulfate radicals with PFAAs from model 

simulations [143]. 

PFCAs k (M-1 s-1) 

PFOA (C8HF15O2) 2.59 × 105 

PFHpA (C7HF13O2) 2.68 × 105 

PFHeA (C6HF11O2) 7.02 × 105 

PFPeA (C5HF9O2) 1.26 × 106 

PFBA (C4HF7O2) 1.05 × 107 

PFPrA (C3HF5O2) 9.31 × 107 

 

It has been shown that the carbon chain lengths and the rate constants between 

sulfate radicals and PFCAs are correlated (rate constants rise with decreasing carbon 

chain lengths). The competition between PFOA and shorter-chain PFAA products for 

sulfate radicals, however, can only be disregarded in situations when all compounds 
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have extremely high rates of degradation and shorter-chain PFAA products have 

extremely low yields. Consequently, the rate constants obtained by model simulations 

are not very compelling. Sulfate radicals are scavenged by different anions and the 

oxygenated species thus generated will be discussed in later sections.  

Sulfate radicals (SO4
•), produced by sulfate-based substances like persulfate (PS) are 

used in these procedures. The sulfate-based radical reactions can break down GLY, 

and they typically begin by adding a sulfate-based substance (such as persulfate or 

peroxymonosulfate) to the contaminated area or treatment system. There are several 

ways to activate these chemicals, including heat, UV light, or transition metal 

catalysts. Sulfate radicals (SO4
•) are highly reactive species with a substantial 

oxidative potential, and are formed by activation of sulfate-based molecule. They 

attack GLY by removing hydrogen atoms from different functional groups. The 

glyphosate's carbon-phosphorus (C-P) bond is broken during one of the crucial 

processes [144]. 

As GLY is degraded by sulfate radicals, intermediate breakdown products are 

produced. For instance, aminomethylphosphonic acid (AMPA) and sarcosine can be 

produced when the C-P link is broken [11]. In general, these products are less harmful 

than GLY. Sulfate radicals could further oxidize these intermediates, converting them 

into less dangerous and simpler molecules, and these reactions can occasionally result 

in the formation of inorganic phosphates as well. The mineralization of GLY and its 

breakdown byproducts into harmless compounds including carbon dioxide, water, 

and inorganic ions can occur over time because of sulfate-based radical reactions 

[144]. 

Because sulfate radicals are potent oxidizing agents capable of degrading the 

molecular structure of GLY into smaller, less hazardous components, sulfate-based 

radical reactions are efficient at degrading GLY. These procedures are frequently 

employed in water treatment and environmental remediation to lessen the impact of 

GLY and other organic contaminants. To guarantee efficient GLY breakdown, the 
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treatment system must be properly designed and optimized, including the selection 

of sulfate-based chemical and reaction conditions [11,18]. 

2.3.4.1 Reactive Oxygen species 

One of the key characteristics of the hydroxyl radical is its high reactivity toward most 

compounds found in water and wastewater. On the one hand, this allows for the 

possibility of degrading a variety of contaminants in the framework of water 

treatment. On the other hand, •OH can be scavenged by many constituents of natural 

water and wastewater, such as organic matter and some inorganic anions (e.g., Cl−, 

NO2
−, HCO3

−, and CO3
2−), which leads to a decrease in method efficiency [18].  The 

ability of natural water constituents to scavenge •OH will primarily prevent the 

breakdown of contaminants, because natural water constituents do not always need 

oxidation for water to be fully decontaminated. Increased costs and/or decreased 

process efficiency are the results of •OH scavenging by organic matter and inorganic 

anions, which operate as interfering agents [11]. 

2.3.4.1.1 Chloride 

Because chloride can trigger some opposing reactions in Fenton-like systems, the 

impact of chloride ions on the ZVI/PS process has generated some debate. Cl can 

accelerate the corrosion of Fe0 and can also scavenge SO4
• and/or •OH by producing 

reactive chlorine species (RCS) like Cl2
•, Cl•, and Cl2 [145]. It is important to consider 

that while net scavenging of •OH by Cl happens only at acidic pH values, scavenging 

of SO4
• by Cl can occur at any pH. The overall action of chloride can either increase 

or hinder pollutant breakdown, depending on the circumstances. The scavenging by 

chloride of strong oxidizing species (SO4
•, •OH) that are replaced by less reactive 

species such as Cl2•− has been cited as the explanation for the chloride inhibition 

effect [146]. 

SO4
•− + Cl− → Cl• + SO4

2− k = 2.7 × 108 M−1 s−1     (19) 

 

Cl• + Cl− → Cl2•−  k = 4.4 × 108 M−1 s−1  (20) 
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Cl• + H2O → HOCl•− + H+  k = 2.5 × 105 s−1   (21) 

 

Cl2•− + Cl2•− → Cl2 + 2Cl−  k = 2.1 × 109 M−1 s−1  (22) 

 

HOCl•− → •OH + Cl−  k = 6.1 × 109 s−1   (23) 

 

It is interesting to note that Fenton-like systems based on ZVI/PS should operate 

better in the presence of chloride when the latter's concentration is low (about 1 

mM), however, degradation becomes noticeably worse at high chloride (10 mM). Cl's 

ability to promote ZVI corrosion and stimulate PS activation by Fe2+ at low 

concentrations is a plausible explanation for this effect. On the other hand, increased 

Cl concentration would instead result in SO4
• (and/or •OH) scavenging, with less 

reactive RCS (Cl2•, Cl•, Cl2) replacing them [18,147]. 

Distinct chloride concentrations have distinct effects on ZVI/PS. For instance, Kim et 

al. concluded that there is a maximum concentration of [Cl--] at which degradation is 

most effective (170 mM Cl, or about 1% dissolved salts, which is in the range of 

brackish waters). Indeed, based on those data it was deduced that brackish waters, 

which contain 600 mM Cl or about 3.5% of the dissolved salts found in seawater, 

may be more conducive to pollutant breakdown by ZVI/PS than freshwater or more 

saline waters. However, RCS may produce chlorinated by-products that have the 

potential to be hazardous, although this topic has not yet received considerable 

attention. In the presence of RCS and electron-rich substrates, the production of 

chlorinated by-products is extremely likely. The chlorinating agents Cl•, Cl2 that is 

generated following radical condensation, and Cl2•-- formed upon interaction between 

Cl• and Cl can all be produced by the oxidation of Cl by SO4
• [18].  

2.3.4.1.2 Nitrate/nitrite 

There hasn't been much research done on how nitrate and nitrite ions behave in 

Fenton systems based on hydroxyl and sulfate radicals. However, one can anticipate 
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the scavenging of sulfate radicals as demonstrated in equations (24) and (25), as well 

as of •OH, in the presence of nitrate and particularly nitrite. 

NO3
– + SO4

•− → NO3
• + SO4

2−       (24) 

 

NO2
– + SO4

•− → NO2
• + SO4

2−    (25) 

 

Although it is anticipated that the scavenging process will result in the substitution of 

SO4
• (and •OH) with less reactive radicals (NO3

• and especially NO2
•), the actual result 

will depend on the environment and the target substrate. Nitrate concentration is not 

expected to change in these processes because the nitrate radical will eventually give 

back NO3
. On the other hand, nitrite is oxidized into nitrate [18]. 

For instance, Guo et al. just published a paper on the impact of nitrate on the ZVI/PS-

mediated decontamination of sulfadiazine. A low concentration of nitrate (10 mM) 

was discovered to improve the removal efficiency for unidentified reasons. Higher 

nitrate concentrations (10–50 mM), on the other hand, prevented the elimination of 

sulfadiazine. Due to the reduced reactivity of NO3
• compared to SO4

• and a 

scavenging mechanism (reaction (24)), the latter effect was tentatively explained 

[148,149]. Also seen in the presence of nitrite at relatively high concentration values 

(>100 M) was the inhibition of pollutant breakdown by PS/SO4
•. The oxidation of 

NO2
− to NO2

• by SO4
• (reaction 25) is expected to induce a double effect: (i) inhibition 

of pollutant degradation, because NO2
• is considerably less reactive than SO4

• (and 

than NO3
• as well: indeed, nitrite has the potential to inhibit degradation at a higher 

extent than nitrate if concentrations are comparable), and (ii) formation of nitrated 

by-products, because of the activity of NO2
• as nitrating agent. According to reports, 

several chloronitrophenols, including 2C4NP and 2C6NP, are produced when 2-

chlorophenol degrades in the presence of SO4
• and nitrite. These nitro-derivatives 

that are created throughout the process should be considered and their formation 

prevented wherever feasible because they could be hazardous [18]. 
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2.3.4.1.3 Carbonate/Bicarbonate 

Both HCO3
 and CO3

2 could scavenge SO4
• (as well as •OH) and ultimately lead to the 

formation of carbonate radicals, CO3
• (reactions (26) and (27)). Although CO3

• and 

SO4
• both primarily react through the transfer of electrons and hydrogen, CO3

• is 

significantly less reactive than SO4
• due to its lower one-electron reduction potential 

[148,149]. One may anticipate that in the presence of ZVI/PS, carbonate and 

bicarbonate would limit the breakdown of pollutants due to reactions (26) and (27). 

This is frequently seen but, under other conditions, the situation is more complicated 

because the concentration, pH, and type of the target pollutant all affect how 

carbonate and bicarbonate affect degradation. 

SO4
•− + CO3

2− → CO3
•− + SO4

2−   (26) 

 

SO4
•− + HCO3

− → CO3
•− + H+ + SO4

2−   (27) 

Using p-nitrosodimethylaniline as an example, Bennedsen et al. studied the effect of 

carbonate on PS activation for the degradation of the pollutant [150]. Notably, 

carbonate’s function in such a situation could not be reduced to that of a simple 

scavenger. Hayat et al. have reported a comparable, advantageous effect of 

HCO3
/CO3

2 on pollutant elimination by PS activation [151]. 

Zhao et al. [152] investigated the influence of water matrices containing NOM and 

bicarbonates on the degradation of 2-chlorophenol via PS activation. They discovered 

that bicarbonate prevents SO4
• scavenging-related deterioration. Bicarbonate, 

however, also needs to be considered because it buffers the reaction solutions. 

Similar adverse CO3
2/HCO3

 effects on degradation have been noted for propranolol 

and sulfamethoxazole [18]. 

2.3.5 Ozonation 

An efficient AOP for treating wastewater containing GLY quickly and at the lowest 

concentration is ozone oxidation. To encourage the breakdown of ozone and promote 

the generation of •OH, H2O2 can be added to the reaction system [153].  Additionally, 
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by raising the pH of the system, which encourages •OH formation, the efficiency of 

ozonation can be improved. To remove GLY, ozonation can in fact either take place 

directly by ozone or indirectly by hydroxyl radicals, which subsequently attack and 

break down GLY. Studies have shown that GLY can be completely broken down as a 

result of the oxidation process caused by ozonation. GLY elimination was 

accomplished with a high efficiency (99%) and a high percentage (85%) using O3 and 

H2O2 combined in a relatively short period of time [154]. Despite this method's high 

efficacy, it still has certain drawbacks, such as high costs, difficulties with ozone's 

solubility in water, a problem with waste management, and the unstable nature of 

ozone. 

Finally, several studies have reported the use of hybrid systems, which combine two 

or more approaches, to boost the effectiveness of GLY degradation. According to Xing 

et al., who combined AOPs with adsorption, a catalytic wet oxidation process using 

modified activated carbon as the catalyst could completely degrade GLY in an 

effluent. Because they break down GLY and numerous of its intermediate products, 

these hybrid methods are advantageous. Even though the aforementioned 

techniques have shown promise in treating wastewater containing GLY at the 

laboratory scale, further study is still required before they are applied on an industrial 

scale. The price of these technologies continues to be a barrier, thus it is advised that 

this procedure be utilized after a first step or route that lowers GLY concentration to 

minimize the financial commitment required [7]. 

According to Dombrowski et al., PFOA and PFOS are two organic pollutants that can 

be degraded using ozone (O3) gas [155]. According to Lin et al., ozonation may 

remove 80–100% of perfluorooctanoic acid and perfluorooctane sulfonate under 

basic conditions (pH 11). However, when exposed to O3 at a lower pH (between 4 and 

5), the breakdown of PFOA and PFOS was not seen [156,157]. The production of 

superoxide radicals that contribute to the mineralization of PFAS was thought to be 

more likely under basic conditions (Eqs.28-30) [156]. 

O3+OH →HO2
+H+     (28) 
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O3+ HO2
 → •OH+ O2

•+ O2    (29) 

O3+ 3H2O2 → 4O2+ 2•OH+ 2H2O    (30) 

Regarding PFAS removal, innovative ozonation techniques for their elimination from 

drinking water were evaluated. Laboratory tests revealed that the mixture of 

persulfate, ozone, and a catalyst was the most effective treatment. All of the 18 

tested PFAS decreased significantly within three hours of treatment in pilot-scale 

testing; moreover, while CF12–CF17 PFAS underwent 64% removal and CF4–CF6 PFAS 

reached an average of 55%, longer-chain PFAS (CF7–CF11) showed outstanding 

removal effectiveness, exceeding 98%. These results demonstrate the potential of this 

ozonation technique for the elimination of PFAS on a wide scale, but additional 

studies are required to determine any potentially harmful consequences [158]. 

2.3.6 Reductive degradation with hydrated electrons 

In recent years, reductive degradation has been studied as a wastewater treatment 

method. Reductive processes produce hydrated electrons and hydrogen atoms, which 

are active reducing species. These characteristics can be combined with activation 

techniques like UV light, ultrasound, and electron beam irradiation, as well as 

reducing reagents like iodide, sulfite, and indole acetic acid. The reductive 

degradation processes are especially promising for some hardly degradable 

contaminants in water, such as chlorinated and fluorinated organic compounds and 

inorganic pollutants (bromate and perchlorate), because the produced active 

reducing species, such as hydrated electrons, can donate an unpaired electron to the 

target compound and reduce it chemically. 

Park et al.'s [159] study looked at the iodide photolysis-based degradation of PFOA 

and PFOS under UV-C light. Iodine radical and hydrated electrons are produced when 

iodide is photolyzed in the presence of UV-C rays, Eq. 31. 

I + h → I• + eaq
    (31) 
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It was discovered that the iodide concentration, headgroups, length of the 

perfluorocarbon chain, and starting concentrations of PFOA and PFOS all affected the 

breakdown of these compounds, while pH had no effect. One drawback of photolysis-

induced hydrated electron production via iodide is that the intermediate tri-iodide 

will scavenge the hydrated electrons that are created. In addition to iodide, sulfite 

was employed as a reductant in photolysis to produce hydrated electrons Eq. 32. 

SO3
2 + h → SO3

• + eaq
   (32) 

Bentel et al., [160] investigated the connections between structure and reactivity 

using 34 common PFAS and hydrated electrons produced by exposure of sodium 

sulfite to UV light. They discovered that fluorinated carboxylic acids (PFCAs) varying in 

length from 2 to 10 carbon perfluorocarbon chains had a comparable rate of 

defluorination and degradation. The perfluorinated sulfonic acids (PFSA), on the other 

hand, showed evidence of a correlation between chain length and reactivity. The 

mentioned authors suggested numerous chemical pathways of PFAS degradation 

driven by hydrated electrons by combining their findings with theoretical estimates 

on carbon-fluorine bond dissociation energy. These include the following: HF removal, 

H/F exchange, terminal function group dissociation, and decarboxylation-induced 

hydrolysis. Huang et al., [161] reported on the laser flash photolysis reactivity of 

hydrated electrons towards a series of perfluorinated carboxylates. 

The second-order rate constants for the reactions of hydrated electrons with PFOA, 

PFBA, and TFA at an ionic strength of 0.01 M NaClO4 were estimated to be (1.7 ± 0.5) 

×107 M−1 s−1, (8.8 ± 0.2) ×106 M−1 s−1, and (2.3 ± 0.2) ×106 M−1 s−1, respectively. The 

lengthening of the fluorocarbon chains seemed to increase the rate constant. 

Furthermore, it was observed that the hydrated electrons had second-order rate 

constants with PFOS (in the form of tetraethylammonium salt) of 7.3 ×107 M−1 s−1 

[162].  

Table 2.4 illustrates how certain coexisting scavengers in wastewater can readily 

quench hydrated electrons. Therefore, before implementing hydrated electron-based 
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treatment for PFAA degradation, careful consideration must be given to these 

coexisting scavengers. It has been shown that hydrated electrons can be used in 

reduction-based degradation procedures to effectively break down and defluorinate 

PFAA. However, the majority of researchers used artificially simulated water for their 

investigations. Certain conditions are typically needed for these operations, such as 

deionized or Milli-Q water, an anaerobic atmosphere, an alkaline pH, and large 

reagent dosages. The efficacy and efficiency of hydrated electron-based procedures 

for PFAA treatment in natural water matrices still need to be assessed, given the high 

reactivity of hydrated electrons towards some coexisting scavengers in wastewater. 

Table:2.4 Rate constants for reaction of hydrated electrons with other species 

Solute K (M−1 s−1) 

H+ (2.4 ± 0.2) × 1010 

•OH ~ 3 × 1010 

CO2 (7.7 ± 1.1) × 109 

O2 (1.9 ± 0.2) × 1010 

NO3
 (1.1 ± 0.1) × 1010 

Cl <106 

SO4
2  <106 

CO3
2 <106 

-  

Here we see the critical comparison of the various treatment techniques for GLY 

removal (Table 2.5) [118]. 



58 
 

Table: 2.5 Critical comparison of various Treatment Techniques for GLY removal 

Treatment 

Techniques 

Description Advantages Disadvantages 

Adsorption • Removal of G LY  

from aqueous 

environment 

using adsorbents 

or membranes 

including biochar, 

resins, clay 

compounds, 

activated carbon, 

polymers, etc. 

• User-friendly and 

simple. 

 

• High productivity 

with a low 

concentration. 

 

• Low cost and low 

risk of secondary 

pollution 

• Presence of 

competition for 

adsorption sites. 

 
• Adsorbents are hard 

to clean, recycle, and 

use again. 

 
• Challenge with 

disposal of residues 

after adsorption. 

Biological 

treatment 

• Degradation of GLY 

using 

microorganisms 

including bacteria, 

fungi, and algae. 

• Cost-effective and 

eco- friendly. 

 

• Outstanding 

performance with 

high amounts of 

wastewater. 

• Pretreatment is 

required to decrease 

effluent toxicity. 

 
• Time-consuming 

method. 

 
• Low efficiency in the 

mineralization 

process. 

Electrochemic

al oxidation 

• Use of high anodic 

energy to break 

down GLY molecules 

to complete 

mineralization. 

• Outstanding 

performance with 

high amounts of 

wastewater. 

 

• Very clean 

• Mass transfer 

limitation. 

 
• Electrode lifespan is 

limited. 

 
• High energy 
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method requirement. 

Photolysis-

assisted 

oxidation 

• Use of UV light to 

produce hydroxyl 

radicals for the 

removal of GLY in 

water. 

• Outstanding 

performance with 

high amounts of 

wastewater 

• Complicated due to 

low UV penetration in 

important media. 

 
• Difficult to 

scale-up. 

Ozonation 

oxidation 

• Using ozone or 

hydroxyl radicals to 

remove and degrade 

GLY. 

• Outstanding 

performance at low 

concentration 

levels 

 

• Mass transfer 

limitation of ozone. 

 
• Maintenance- heavy. 

 
• Ozone is unstable. 

 
• Solubility challenges 

prompting a complex 

mixing method. 

Fenton-

assisted 

oxidation 

• Iron (Fe2+) ion is 

employed as a 

catalyst, to break 

down H2O2 into 

reactive hydroxyl 

(•OH) radicals for 

degrading GLY. 

• Outstanding 

performance at low 

concentration 

levels. 

 

• User-friendly. 

 

• Unlimited mass 

transfer. 

• Acidic pH 

requirement. 

 
• Ferrous ion recycling 

is difficult. 

 
• Generation of 

sludge. 

 
• Additional treatment 

is required. 

ZVI-Fenton 

like process 

 • Fe0 is used as 

catalyst to produce 

Fe2+ and activate 

H2O2, recycle Fe3+, 

• Outstanding 

performance at low 

concentration 

levels. 

• Acidic pH 

requirement. 

 

• Additional treatment 
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and generate •OH to 

degrade GLY. 

 
• No sludge 

production. 

 
• Fe2+ recycling is 

easier. 

 
• User-friendly. 

 
• Unlimited mass 

transfer. 

is required. 

 

Hybrid 

process 

• Combination of 

two or more 

treatment methods 

to achieve a high 

degradation 

efficiency. 

•Outstanding 

performance. 

 
•Addresses the 

inherent limitations 

of specific 

treatment methods 

•Complexity of 

systems and 

operations. 

 
•Difficult to 

investigate and 

compare to other 

methods 

 

Figure 2.8 summarizes many GLY oxidation processes with various AOPs. It has been 

shown that GLY oxidation normally proceeds according to two biological mechanisms 

that are connected to the hydroxyl radical-caused cleavage of C-P and C-N bonds. 

Hydroxyl radicals attack GLY to produce sarcosine, PO4
3 or AMPA, and glycolic acid. 

Throughout the GLY oxidation process, the two pathways may operate independently 

or together. 
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Figure: 2.8 Possible GLY oxidation over a variety of conditions [7,16,41,118,134,163–
166]. 
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Table: 2.6 Removal of GLY from polluted water by advanced oxidation processes 

(AOPs) [11]. 

AOPs Operating Conditions 

GLY 

Concentra 

tion (mg 

a.i. L−1) 

Removal 

(%) 
Ref. 

UV/Ferrioxalate 

V = 80 mL (eight quartz tubes/10 

mL); pH = 3.5–6.0; UV-vis Lamp 

250 W 

(λ ≥ 365 nm); t = 180 min 

1.0–5.0 - 

[163] 

UV/TiO2 

V = 400 mL, pH from 2.0 to 12.0; 

UV Lamp at 365 nm; 

illumination time = 1 h 

42.25 9.8–50.2 

[12] 

Photocatalytic 

degradation(UV

-TiO2) 

V = 200 mL; high-pressure 

mercury lamp (125 W, λ > 290 

nm); amount of catalyst = 0.1 

g·L−1 of TiO2; t = 30 min. 

42.3 99.9 

[13] 

H2O2/UV 

Vreactor = 110 cm3; [H2O2] = 75–

200 mg·L−1; t = 5 h; 2 UV lamps, 

each at 40 W 

50.0 70.0 

[167] 

Photocatalysis 

Ce-TiO2 

0.15% Ce-TiO2 nanotubes 

annealed at 400 °C; V = 500 mL; 

t = 1 h; pH 7; 125 high-pressure 

mercury lamps. 

22.8 76.0 

[168] 

UV/H2O2 

experimental 

and 

mathematical 

model 

V = 2000 mL (quartz cylindrical 

reactor, 110 mL, flow rate = 5 × 

10−2 cm3·s−1; UV Lamp at 253.7 

nm; pH 5.2; [H2O2] = 0 - 403 

mg·L−1; t = 12 h 

140.0 
80.0 GLY 

70.0 TOC 

[169] 
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UV/H2O2 

V = 1000 cm3; two low-pressure 

mercury vapor lamps with 

emission wavelength at λ = 

253.7 nm; 

Q = 2 L·s−1; t = 8 h 

30.0 - 

[170] 

UV/Goethite 

incident light intensity 500–

2000 W/m2; 

T = 20 °C, pH 3–9 

10.0 
92.0 

99.3 

[16] 

Aeroxide 

TiO2-P25 

Volume 250 mL, stirring 600 

rpm, UV-A light, 60 W/m2, λ = 

365 nm, Time = 240 min 

25.0 100 

[171] 

Photochemical 

degradation 

over 

CuS/Bi2WO6 

Hierarchical CuS/Bi2WO6 

Illumination time: 180 min; 44 

W light-emitting diode (LED) 

light irradiation (λ > 400 nm) 

16.9 85.9 

[172] 

Photo-Fenton 

V = 50 L; closed recirculating 

system at a flow rate of 2.37 

L·min−1; [Fe2+]] or 

[Fe2+/Fe3+] = 0.27 mmol·L−1; 

[H2O2] = 10.3 mmol·L−1; pH 2.8 ± 

0.2 

100.0 

100.0 

- 

- 

[173] 

Electro-Fenton 

Mn2+ 

V = 200 mL; 100 mA constant 

current; catalyst = 0.1 mM Mn2+ 
22.8 

92.0–

100.0 

[165] 

Electro–Fenton 

t = 360 min; pH 3; 

current intensity = 0.36 A;  

1 mM Fe2+; 

pure O2 flow rate = 100 

mL·min−1 

22.8 - 

[174] 

Electrochemical 

oxidation with 

i = 50 mA·cm−2; t = 4 h; 

electrode composition = 
1000.0 24.0 

[175] 
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RuO2/IrO2 electr

odes 

Ti/Ir0.30Sn0.70O2; 

Adsorption and 

POA’s (H2O2) 

V = 150 mL GLY residue solution; 

pH = 2–4; adsorbent = nano-

tungsten/D201 resin + H2O2 

258.0 60.5 

[176] 

Electrochemical 

degradation 

with MnO2 

V = 400 mL; acidic pH; 

i = 10 mA·cm−2; 

t = 120 min 

22.8 80.0 

[177] 

Electrochemical 

degradation 

Anode: Ti/PbO2; pH: 3–10; 

current intensity: 4.77 A; 

reaction time: 173 min; 

electrolyte: Na2SO4 

4–16 95.16 

[15] 

Electrochemical 

oxidation BDD 

Electric charge = 6.0 Ah·dm−3; 

pure GLY; t = about 150 min; 

Chloride media 

100.0 
- 

- 

[178] 

Photochemical 

Oxidation with 

BDD 

UV lamp (λ = 254 nm); 

i = 100 mA·cm−2; 

t = about 200 min; 

supporting electrolyte = NaCl 

100.0 - 

[179] 

 

Considering the PFAS removal by different treatment methods, many methods have 

been described and each has its advantages and disadvantages. Here we see a 

comparison of different adopted methods in the literature, mentioning their 

advantages and disadvantages in Table: 2.7. 
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Table: 2.7 Summary of some existing methods/technologies for the removal of PFAS 

Method/Technology Advantages  Disadvantages Ref. 

Advanced 

photochemical 

oxidation using 

chemicals or Ozone, 

O3/UV, Fenton's 

reagents, activated 

persulfate, 

UV/H2O2 

Ozone, O3/UV:  

• These reagents 

are effective in 

oxidizing 

physiologically 

resistant organic 

materials. 

 
• Activated 

persulfate and 

Fenton's reagents: 

Under mild 

circumstances, 

activated persulfate 

is useful for the 

oxidative 

breakdown of PFOA 

in groundwater, 

making it a feasible 

solution for use in 

large-scale 

applications. 

 
• It is not necessary 

to use further 

treatment to 

eliminate PFOS and 

PFOA. 

Activated persulfate:  

• While standard alkaline-

activated persulfate 

degrades PFOA with very 

poor effectiveness, activated 

persulfate is good at 

oxidatively breaking down 

the chemical in acidic 

conditions in aqueous 

solution. 

 
Fenton's reagent, O3/UV, 

O3/H2O2, and Ozone: 

• Certain advanced 

oxidation technologies have 

not been able to effectively 

degrade PFOS and PFOA at 

the mg/L level. At low 

temperatures (40 °C, for 

example) the pace of 

reaction is quite sluggish. 

 
• High amount of energy 

needed to speed up the 

process. 

 
• Regarding PFOS 

breakdown, the Fenton 

[83,180] 
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• Possibility of in 

situ degradation of 

PFOS and PFOA. 

 

•UV/H2O2: 

• Quick response 

time and reduced 

environmental 

impact 

system is only useful in 

alkaline and neutral 

conditions. Additional 

research should be 

conducted for broad use. 

 
UV/H2O2: 

• secondary pollution 

production 

Sonochemical 

decomposition 

• This procedure 

achieves 

elimination of both 

PFOS and PFOA. 

• The process is still in its 

early phases. Before being 

used in the field, more 

studies are required. 

[181,182] 

Electrochemical 

oxidation 

• Practical 

technique for full 

mineralization of 

PFOA and PFOS at 

room temperature 

and atmospheric 

pressure, with fast 

mineralization and 

minimal energy 

usage. Also 

relevant under in 

situ circumstances 

like co-

contaminants and 

PFAS mixtures. 

 

• The production of 

perchlorate, HF, bromate, 

adsorbable organic halides, 

and poisonous chlorine gas. 

 

• Since the oxygen evolution 

potential (OEP) is essential 

to the breakdown of PFOA, 

electrode manufacturing is a 

crucial component. 

Furthermore, the hydroxyl 

radical generated through 

water electrolysis is 

ineffective when applied to 

perfluorinated surfactants. 

 

[183,184] 
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• Because of its 

high oxidation 

efficiency, quick 

reaction rate, ease 

of operation and 

automation, 

environmental 

compatibility, and 

affordability, 

electrochemical 

oxidation can break 

down hazardous or 

persistent organic 

contaminants. 

Adsorption 

Activated carbon 

Biochar 

• Established 

technology. 

 
• Broad pH range of 

operation. 

 
• Low cost in 

comparison with 

ease of use. 

 
• Effective against 

long-chain PFAS. 

• Poor selectivity 

 
• Adsorbents need to be 

regenerated 

 
• Poor capacity for reuse of 

absorbent 

 
• Ineffective for short-chain 

PFAS 

 

[83] 

Photocatalysis • Regeneration of 

the catalyst to 

enable reuse.  

 
• Functioning in the 

• Large volumes of 

chemicals and harsh 

operating conditions are 

occasionally required. 

 

[185] 
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presence of visible 

light.  

 
• Many catalytic 

materials are 

available. 

 
• TiO2-based 

photocatalysts can 

remove PFAS up to 

100%.  

 
• Operation at 

ambient 

temperature. 

 
• Minimal use of 

energy. 

• Degradation can result in 

the production of secondary 

pollutants.  

 

• Poor effectiveness. 

Treatment train 

(combined 

technologies for 

treatment) 

• Enhanced overall 

effectiveness of 

PFAS degradation, 

in situ treatment 

possible.  

 
• Reduced 

possibility of 

secondary pollution 

as a result of 

byproducts of PFAS 

breakdown. 

 
• Decreased use of 

• The costs associated with 

the combination of 

technologies have not been 

reported yet. 

[185] 
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chemicals and 

energy, which, in 

contrast to 

technologies 

employed 

separately, 

eliminates the need 

for harsh conditions 

(high acidity, 

alkalinity, 

temperature, etc.). 

 

2.4 PFOA and PFOS degradation pathways 

2.4.1 Oxidative degradation pathways 

The breakdown of PFOA was reported to begin with an attack of the reactive species 

at its carboxylic headgroup in the majority of its oxidative degradation processes 

covered in Chapter 2.3 (e.g., photocatalysis, Fenton process, etc).  C7F15COO• will be 

produced following the loss of one electron from the PFOA headgroup (eq. 33) 

[128,129,140]. After undergoing a Kolbe decarboxylation reaction, the radical 

C7F15COO• becomes •C7F15 (eq. 34), which is then expected to react further with (i) 

molecular oxygen, (ii) hydroxyl radicals, (iii) water, and (iv) it can recombine with 

other (perfluorinated) radicals. 

When •C7F15 and oxygen combine in the (i) case, perfluoroalkyl peroxyl radicals are 

created. These radicals then undergo a bimolecular radical-radical interaction to form 

two perfluoro-alkoxy radicals, •OC7F15 (eqs. 35-37)[141,142]. •OC7F15 will abstract H 

from water to create perfluoroalkyl alcohol (C7F15OH), or from HSO4
 (in sulfate 

radical-based processes) (eqs. 38 and 39). Fast elimination of one HF results in 

C6F13COF, which is subsequently hydrolyzed to C6F13COOH. The breakdown 

mechanism of C6F13COOH will be comparable to that of PFOA (eqs. 40 and 41). PFOA 
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can finally be completely degraded or defluorinated. When (ii) occurs, •C7F15 and •OH 

may react to form C7F15OH (eq. 42)[186], which is subsequently further degraded 

according to (i). Furthermore, according to several researchers, •C7F15 may react 

directly with water (the (iii) case) to produce C7F15OH and •H [178,179]. However, 

because •H is far more reactive than •C7F15, this process is suspicious. 

C7F15COO in various oxidative processes   C7F15COO•   (33) 

C7F15COO• → •C7F15 + CO2     (34) 

•C7F15 + O2 → C7F15OO•      (35) 

2C7F15OO• → C7F15OOOOC7F15     (36) 

C7F15OOOOC7F15 → 2C7F15O• + O2    (37) 

C7F15O• + HSO4
 → C7F15OH + SO4

•    (38) 

C7F15O• + H2O → C7F15OH + •OH     (39) 

C7F15OH → C7F13OF + HF     (40) 

C7F13OF + H2O → C6F13COOH + HF    (41) 

•C7F15 + •OH → C7F15OH      (42) 

Fluorinated radicals recombine to produce volatile perfluoroalkanes that have the 

potential to escape from the aqueous solution (•CnF2n+1+ •CmF2m+1→ Cn+mF2(n+m+1)). This 

may be the cause of their lack of consideration in many response methods. 

Recombination when applied to peroxyl radicals can produce peroxides (RF-OO• + 

•RF’→ RF-O-O-RF’), which have been hypothesized by Lutze et al. [141] but have not 

yet been identified. 

In oxidative degradation methods, oxidizing species attack at PFOS's sulfonate head 

group will also start the decomposition process [189,190]. C8F17SO3
• will be generated 

following the loss of one electron from the PFOS head group (eq. 43). When reacting 

with water, the loss of one electron causes the C-S bond to stretch, which facilitates 
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desulfurization and produces sulfate anions and perfluorinated alkyl radicals (•C8F17) 

(eq. 44). C8F17 will undergo the same conversion as PFOA, following the same 

chemical route as C7F15. 

C8F17SO3
- in various oxidative processes  → C8F17SO3

•   (43) 

 

C8F17SO3
• + H2O → •C8F17 + SO4

2 + 2H+    (44) 

 

2.4.2 Reductive degradation pathway 

The documented methods of reductive PFOA and PFOS breakdown are mostly 

hydrated electron-based. Degradation of PFOA or PFOS occurs via two main 

pathways: H/F exchange and decarboxylation/desulfurization[160]. In the first 

scenario, the hydrated electron preferentially targets the carbon on the PFOA or PFOS 

α-position. Following two successive H/F exchanges on the α-position, the relatively 

stable C6F13CH2COO (eqs. 45-50) or C7F15CH2SO3
 (eqs. 51-56) are produced [191]. 

There's also a chance that further H/F exchange occurs in the middle CF2– groups. 

PFOA and PFOS cannot, however, be completely defluorinated using this breakdown 

process. Moreover, some researchers claimed reactions 57–60 would further change 

the intermediates C6F13CH2COO and C7F15CH2SO3
 to C6F13COO and 

C7F15SO3
/C7F15COO, respectively [192,193]. 

PFOA and PFOS can also undergo desulfurization and decarboxylation when hydrated 

electrons attack their headgroups [194–196]. Following further radical reactions and 

hydrolysis, shorter-chain polyfluoroalkyl compounds (PFCAs) with one CF2 unit less 

are generated. There were other suggested reaction paths, but they all seemed 

suspicious. It is for instance unclear what is the electronic state of the hypothetical 

intermediate dianion C7F15COO•2. Furthermore, there are still doubts regarding the 

availability of free H• radicals for the reductive saturation of fluorinated radicals in 

aqueous solution. 

C7F15COO + eaq
 → C7F15COO•2    (45) 
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C7F15COO•2 → C6F13C•FCOO + F    (46) 

C6F13C•FCOO + H• → C6F13CHFCOO    (47) 

C6F13CHFCOO+ eaq
 → C6F13CHFCOO•2    (48) 

C6F13CHFCOO•2 → C6F13C•HCOO + F    (49) 

C6F13C•HCOO + H• → C6F13CH2COO    (50) 

C8F17SO3
 + eaq

 → C8F17SO3
•2     (51) 

C8F17SO3
•2 → C7F15C•FSO3

 + F     (52) 

C7F15C•FSO3
 + H• → C7F15CHFSO3


    (53) 

C7F15CHFSO3
 + eaq

 → C7F15CHFSO3
•2    (54) 

C7F15CHFSO3
•2 → C7F15C•HSO3

 + F    (55) 

C7F15C•HSO3
 + H• → C7F15CH2SO3


    (56) 

C6F13CH2COOH → •C6F13 + :CH2 + •COOH    (57) 

•C6F13 + •COOH → C6F13COOH     (58) 

C7F15CH2SO3
 → •C7F15 + :CH2 + SO3

•    (59) 

•C7F15 + SO3
• → C7F15SO3


     (60) 
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3 Materials and methods 

3.1 Reagents and materials 

All chemical reagents used here were of analytical grade and were used without 

further purification. Nanoscale zero-valent iron (nZVI, ≥ 99.5% purity), Acid Blue 74 

(C16H8N2Na2O8S2), Malachite Green (C23H25ClN2), Rhodamine B(C28H31ClN2O3), sodium 

metabisulfite (Na2S2O3), hydrogen peroxide (H2O2, 30% w/w), H2SO4 (98%), glyphosate 

(GLY, (OH)2P(O)CH2NHCH2CO2H), NaOH (≥ 97%), HCl (37%), sodium phosphate dibasic 

heptahydrate (Na2HPO4·7H2O), and sodium phosphate monobasic monohydrate 

(NaH2PO4·H2O) were obtained from Sigma-Aldrich (Darmstadt, Germany). All solutions 

were prepared by using Milli-Q water (Elix-Milli-Q Academic system, Millipore-Merck, 

Vimodrone, Italy). 

PFOA was purchased from Acros Organics (USA). 6:2 Fluorotelomer sulfonamide alkyl 

betaine (6:2 FTAB) was purchased as Capstone 1157 from Chemours (Meyrin, 

Switzerland). Methanol (CH3OH) and ethanol (C2H5OH) were purchased from Merck 

(Darmstadt, Germany), and 2-propanol (C3H7OH) from VWR (Darmstadt, Germany). 

Butanol (C4H9OH), iron trichloride (FeCl3∙6H2O), and formic acid (HCOOH) were 

purchased from Merck (Darmstadt, Germany). L-Threoascorbic acid was purchased 

from VWR (Leuven, Belgium). H2SO4 was purchased from Roth (Karlsruhe, Germany) 

and LC-MS grade acetonitrile from VWR (Dresden, Germany). Ultrapure water (LC-MS 

grade) was generated in-house (Adrona Sia Crytal EX, Lithuania). 

3.2 Experimental setup and degradation of dyes (Malachite green, Rhodamine B, 

Acid Blue 74) by Fenton-like processes 

Some preliminary experiments were carried out to investigate the performance of 

Fenton-like processes with different dye solutions (Acid Blue 74, Rhodamine B, 

Malachite Green). The solution’s pH (3-4) was adjusted using HCl/NaOH, while pH 5-6 

was adjusted by means of a phosphate buffer. A suitable dye solution (Acid Blue 74, 

Rhodamine B, or Malachite Green) (100 mL) was taken in a 250 mL beaker with a 

magnetic stirrer- The beaker was placed on a stirring plate, the required amount of 

H2O2 was added and, subsequently, a suitable amount of nZVI was added from a 
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homogenous solution. After regular intervals, a sample was withdrawn from the 

reaction beaker and put into a 5 mL vial containing the same amount of methanol as 

the quenching agent. The residual dye concentration was measured with a UV-Vis 

spectrophotometer (Cary 100 Scan) at the wavelength of maximum absorption. In 

each experimental series the reaction pH was increased from acidic to near neutral 

conditions and pH > 4 was maintained using phosphate buffers. Moreover, in some 

experiments H2O2 was replaced by sodium metabisulfite (Na2S2O3) to investigate the 

degradation of Acid Blue 74 by nZVI-metabisulfite (Fenton-like system). The remaining 

procedures were followed as described earlier. 

3.3 Experimental setups and analysis for GLY removal 

All experiments were performed at room temperature (20–22 °C), and the initial pH 

values were adjusted using dilute solutions of sulfuric acid (see below for the choice 

of H2SO4). In a typical experiment, 1 L of ultra-pure water containing 2 mg/L GLY was 

placed in a 1.2 L beaker. The value of the pH was monitored with a Checker pH meter 

(Hanna Instruments, Woonsocket, RI, US), and it was adjusted whenever required 

using diluted H2SO4. The required amounts of directly weighed (or pipetted) nZVI and 

H2O2 were added to an already-prepared 2 mg/L GLY solution, and the whole system 

was then magnetically stirred for 1 h of reaction time (longer times would be 

uninteresting within the framework of water treatment). After 1 h, a few mL of the 

sample were withdrawn, filtered (nylon 0.45 μm, VWR, Radnor, PE, USA), and injected 

into an ion chromatograph (Thermofisher-Dionex DX-100, Sunnyvale, CA, USA) 

equipped with a 200 μL loop, using 17 mM NaOH as the eluent. GLY was separated 

and detected with an IonPac AS16 column (250 × 4 mm, Thermofisher-Dionex, 

Sunnyvale, CA, USA), a Dionex ASRS 4 mm membrane suppressor, and a conductivity 

detector using isocratic elution. The same experimental procedure was adopted to 

check for the adsorption efficiency of GLY using nZVI, with the exception that H2O2 

was not added in this case. All experiments were conducted in triplicate. 

The concentration of dissolved iron leached during the nZVI–Fenton treatment was 

determined via inductively coupled plasma–optical emission spectroscopy (ICP–OES, 
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Agilent 5100, Santa Clara, CA, USA). The emission of atomic Fe was quantified at 

238.204 nm, and the Fe-detection limit with this technique was at the level of μg/L. 

By comparison, the limit for Fe in wastewater is 4 mg/L according to the Italian law 

[Law decree 152/06]. 

In tap-water experiments, tap water (from Turin, Italy) was spiked with GLY to achieve 

the desired 2 mg/L concentration. Then, the same procedure described earlier was 

followed, but conductivity was also monitored throughout the reaction. Common 

inorganic anions in tap water were determined via suppressed anion 

chromatography. 

Before deciding how to adjust pH, preliminary experiments were performed to 

minimize chromatographic interferences of acids (HClO4, HCl, H2SO4) and buffers 

(phosphate, acetate) with the detection of GLY. Chromatographic interference was 

observed between GLY and HClO4, which was thus excluded. Although chloride did 

not interfere with GLY detection, HCl was not chosen because of the ability of chloride 

ions to scavenge HO• in acidic solution [197,198]. Phosphate buffer was not selected 

owing to the very close elution of phosphate and GLY, caused by the similar selectivity 

usually exhibited by chromatographic columns for these anions. Acetate buffer was 

tested, but excluded due to ineffectiveness (the orange-red Fe2+-acetate complex is 

possibly unreactive in the framework of nZVI + H2O2). Therefore, H2SO4 was finally 

selected to adjust pH, also in consideration of the high chromatographic resolution 

between sulfate and GLY ions. 

Ion chromatography (IC) was chosen because GLY is easily ionized and detected by 

conductimetry, while its functional groups are poor chromophores. Moreover, 

phosphate is a degradation product of GLY and it is also easily detected by IC. Also, 

the effects of other anions (Cl, SO4
2, NO3

, NO2
) were studied and these ions can 

easily be detected by IC with different retention time. Moreover, the selection of 

different acids (HClO4, HCl, H2SO4) and buffers (acetate, phosphate) were done to 

minimize their chromatographic interferences. Last but not least, IC is robust, 
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reproducible, can handle complex matrices and requires minimum sample 

preparation. 

3.4 Experimental setup and photolysis of PFOA and 6:2 FTAB 

In our UV irradiation experiments, a 150 W medium pressure mercury lamp (TQ 150, 

Heraeus Noblelight, Germany) was used, which has wavelength range from 190 to 

600 nm and emission maximum at 366 nm. The system configuration has been 

described earlier as open system configuration 1 (open quartz-glass vessel) with an 

outer cooling jacket [199], and is here shown in Figure 3.1. Light intensity was 

determined by chemical actinometry. 

 

 

1. UV Lamp  

2. Reactor 

3. Water-cooling jacket 

4. Sample solution 

5. Magnetic stirrer and magnet 

 

 

 

 

Figure:3.1 System Configuration 1 with outer cooling jacket. 

 

3.4.1 Actinometry: Determination of Iron (II) and total Iron content 

The determination of iron (II) and the total iron concentration was based on the 

House method according to Balcke (cf. Jensch, 2015 according to UFZ Leipzig). In 

detail, a potassium tris oxalate-ferrate complex (K3[Fe (C2O4)3].3H2O) that is light-

sensitive was synthesized. The entire synthesis process was done in the dark. First, 50 
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mL of ultrapure water was used to dissolve 60 mM KHC2O4. Then, 50 mL of ultrapure 

water was used to dissolve 20 mM FeCl3.6H2O. The two solutions were combined for 

30 min at room temperature and 500 rpm of steady stirring in the dark. The solution 

was kept at 4 °C for crystallization overnight. The resulting ferrioxalate complex 

crystals were dried for an entire night at 35 °C before being placed on a cellulose 

acetate filter with a pore size of 0.45 µm (Sartorius, VWR, Dresden, Germany) to 

eliminate water traces by vacuum filtration. Before usage, the dried ferrioxalate 

complex was kept in a vial with light protection. Actinometry was carried out using 7.5 

mM ferrioxalate complex dissolved in ultrapure water that had been acidified (0.05 

mol L-1 H2SO4). After every 20 seconds, samples were taken from under the lamp (vide 

infra) obtained. It was discovered how much ferrous iron (Fe2+) was released [200]. 

The basic principle of iron (II) determination is based on the selective reaction of 

dissolved iron (II) ions with complexing agents such as ferrozine to form a violet 

complex. The addition of ascorbic acid reduces the iron(III) contained in the sample so 

that total iron determination is made possible. The difference in the amount of 

absorption with and without the addition of ascorbic acid is proportional to the 

content of iron(III) ions, which can be calculated according to eq.61: 

C (Fe
3+

) = C (Fe total) – C (Fe
2+

)     (61) 

To determine the iron (II) concentration, 2 mL of a sample solution is mixed with 2 mL 

of the required detection reagent. This is achieved by adding 50 mg of 3-(2-pyridyl)-

5,6-diphenyl-1,2,4-triazine-4',4''-disulfonic acid monosodium salt to a buffer solution 

containing 200 mM citric acid and 200 mM trisodium citrate (pH 4.6). As mentioned 

above, the total iron content of the sample is determined upon addition of 100 µL of a 

10% ascorbic acid solution. The photometric measurement is made after 90 minutes 

at the wavelength of 562 nm. The measuring range is in the interval of 0.1-5 mg/L. 

Because of higher iron contents, the sample was diluted. Figure 3.2 shows the time 

trend of Fe(II), Fe(III), and total Fe during the actinometry measurements. 
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Figure:3.2 Concentration of Fe (II), Fe (III), and Fe (total). 

This lamp we used produced an incident photon flux of (3.81±0.19)  105 E sec1, 

according to actinometry results using Pe= a NA h c /,  where Pe is radiation flux, a is 

incident photon flux, NA is Avogadro’s Number(6.022*1023 mol1), h is Planck’s 

constant (6.631034 Js), c is speed of light (3108 m/s) and λ is 366 nm, which 

corresponds to a light intensity of 1.24 ± 0.1 mW cm2 (calculated by I(λ=366 nm)= 

Pe100/A= Pev100/π.D.H, where D=6 cm and H=19.5 cm).  

 

In irradiation experiments, a magnetic stirrer was used for continuous mixing of the 

solution. The pH of the treatment solutions was adjusted by adding either ammonia 

or formic acid before the UV treatment. The temperature in the reactor was kept 

between 20-25°C throughout the experiment. All UV treatments were carried out 

using either PFOA or 6:2 FTAB (1 mg L1) in a total reactor volume of 320 mL. The UV 

lamp was turned on 10 to 15 min before each experiment. Samples (5 mL) were 

collected at t = 0 and subsequently at 15-minute intervals for 180 min, then at 30-

minute intervals for a further 180 min (i.e., total treatment time 360 min).  
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3.4.2 Radical scavenging experiments 

Scavenger experiments were carried out with either PFOA (pH 5.6) or 6:2 FTAB (pH 

6.5). A concentration of 0.3 M alcohols or 0.3 mM ascorbic acid was used to scavenge 

reactive species and, whenever required, the scavenger was added before the UV 

treatment. Samples were collected at the starting point and, afterward, at 15-minute 

intervals for 180 min followed by 60-minute intervals up to 180 min, for a total of 360 

min (180 min + 180 min). All tests were performed in triplicates. Liquid samples were 

analyzed by LC-MS for either PFOA or 6:2 FTAB and their transformation products 

(TPs). The release of fluoride and sulfate ions was analyzed by ion chromatography 

(IC).  

3.4.3 Quantification of PFOA, 6:2 FTAB, and their TPs by LC-MS 

PFOA and potential TPs were identified and quantified by analyzing the samples with 

liquid chromatography-electron spray ionization-mass spectrometry (LC-ESI-MS), 

using an LC-MS-IT-TOF system from Shimadzu (Tokyo, Japan). The instrument was 

equipped with (Shimadzu) LC Spectral System P4000, LCQ MS Detector, and 

Autosampler AS 3000. A 10 μL aliquot of each sample was injected into the LC system. 

The sample was separated using an Ultra AQ C18 column (150 x 2.1 mm, 3 μm/200 Å, 

Restek, USA). The column temperature was 35°C and the flow rate was constant at 

0.2 mL min1. Linear gradient elution was performed with solvent A (0.1% formic acid 

in ultra-pure water) and solvent B (0.1% formic acid in acetonitrile). The analysis was 

run for 35 min with the following gradient: 20% B for 3 min, then up to 60% B in 1 min 

and held for 15 min, then up to 80% B in 1 min and held for a further 5 min, and 

finally back to 20% B in 3 min and held for another 7 min. The MS detector settings 

were as follows: negative ionization at 1.7 kV, capillary spray temperature of 220 °C, 

and 10 msec ion accumulation time. In scan mode, the mass-to-charge ratio (m/z) was 

measured in the 150 – 750 range. In SIM mode the following m/z ratios were 

measured: 569.0785, 426.9742, 412.9682, 362.9699, 312.9731, 262.9762, and 

212.9887, corresponding to 6:2 FTAB, 6:2 FTSA, PFOA, PFHpA, PFHxA, PFPeA, and 

PFBA, respectively. For quantification, sample volumes of 1 mL were mixed with 10 μL 

internal standard (13C8 PFOA/13C8 PFOS, Cambridge Isotopes, US). Calibration was 
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done with the multi-component standard ITA-70 (5 to 200 μg L1, Agilent 

Technologies, USA).  

3.4.4 Fluoride and sulfate measurement by ion chromatography 

UV-treated samples were analyzed for fluoride release using a DX-120 ion 

chromatograph (IC) (Dionex, CA, USA) equipped with an IonPac AS22 column (250 × 4 

mm, Dionex, CA, USA) and a Dionex ASRS 4 mm membrane suppressor for suppressed 

ion conductivity detection. A total volume of 20 µL was injected into the IC system by 

using autosampler Gynkoteck GINA 50 (Germering, Germany) equipped with a 20 μL 

loop, using 4.5 mM NaCO3 and 1.4 mM NaHCO3 as the eluent. Fluoride and sulfate 

were eluted at retention times of 2.8 min and 11.9 min, respectively.  

3.4.5 Dissolved oxygen and hydrogen peroxide measurements 

Preliminary experiments were performed to monitor the consumption of dissolved 

oxygen (DO) and release of H2O2 during UV treatment of PFOA. DO was measured by 

an optical dissolved oxygen sensor (Fibox 3 minisensor oxygen meter from PreSens, 

Regensburg, Germany). The potential release of H2O2 was measured by the DPD (N, 

N-diethyl-p-phenylenediamine) method.  

3.4.6 Data evaluation 

We assumed the PFAS degradation was a pseudo-first-order reaction of the parent 

compound according to equation (62), where k is the rate constant (s⁻¹ or min⁻¹, 

depending on the time units used), t is the time (in seconds or minutes, depending on 

the time units used), ln represents the natural logarithm, A0 is the initial 

concentration of the PFOA or 6:2FTAB in mg/L, and At is the concentration of the 

PFOA or 6:2 FTAB at time interval t. 

      k= 1/t ln(A0/At)   (62) 

The half-life of the reaction has been calculated by the following equation (63). 

t1/2=ln2/k   (63)  

where t1/2 is the half-life time of the reaction and k is the rate constant of the reaction 

according to the time units used.  
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The percentage degradation efficiency has been calculated by the following equation 

(64). 

Degradation efficiency= Ct/Co×100    (64) 

For Fluoride release measurements, the percentage was calculated by using the 

formula given below in equation (65). 

%age fluoride release =Ct/Cmax ×100   (65) 
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4 Results and Discussions 

4.1 Dyes removal  

To investigate the performance, efficiency, and degradation of dyes, a heterogeneous 

Fenton-like system was evaluated using different loadings of nZVI and H2O2 (or 

metabisulfite) at different pHs. These are preliminary experiments, and dyes were 

used as a fast and easily detectable tool to check for conditions that led to better or 

scarcer degradation performance. Preliminary results were later used to adjust the 

conditions for GLY removal. 

Different dyes were tested using different loadings of nZVI-H2O2 at different pH 

values, with the goal of achieving extensive dye degradation. Here in Figure 4.1, we 

observed the reaction is fast and AB74 (Co=10µM) was degraded within 5-10 minutes 

at pH 3 and 4, in the presence of 10 mg/L nZVI and 50 µM H2O2. However, AB 74 did 

not show fast removal at pH 5 with the same nZVI/H2O2 loadings.  

At lower pH, the Fenton process works efficiently but, as far as we go beyond acidic 

pH the efficiency of Fenton is minimized and we need to add more chemicals to 

optimize the removal efficiency. At pH 3, it is clearly seen that there is complete 

removal of AB74. At pH 4 the Fenton process worked more or less similarly to pH 3. At 

pH 5 the removal efficiency was reduced significantly. 

An alternative strategy, proposed by Minella et al. (2019) and consisting in stepwise 

addition of H2O2 was followed. This procedure allows for the use of a relatively high 

overall amount of H2O2 (thus, with sufficiently high total amount of generated HO•), 

at the same time minimizing HO• scavenging by H2O2 itself. The rationale is that H2O2 

gets progressively degraded as the reaction goes on and, if H2O2 is added stepwise, it 

never reaches excessive concentration values at any time point [201].  In Figure 4.2 

we can observe a significant removal of AB74 at pH 5-6 by stepwise addition of H2O2. 

The optimized amounts were 20 mg/L of nZVI with 50 µM initial H2O2 + 5 µM H2O2 

added after every 10 minutes. The reactions were monitored for one hour. 

In figure 4.2 the degradation of AB74 was initially faster at pH 6 than at pH 5 but then 

slowed down. It is possible that, compared to pH 5, reaction between ZVI and H2O2 is 



83 
 

faster at pH 6, but the recycling of Fe species for the Fenton reaction is slower. This 

issue could explain the different time trends of AB74 degradation at the two pH 

values.  

ZVI-Fenton degradation was also studied with additional dyes, to see if and to what 

extent the results obtained with AB74 could be generalized and to find which dye was 

most reactive under Fenton conditions. 

The removal of Malachite Green (MG, Co=3 µM) at pH 3-4 by nZVI (10-20 mg/L) with 

50-100 µM of H2O2 is shown in Figures 4.3 and 4.4 The removal of MG at pH 3 was 

faster as compared to pH 4. As we proceeded from acidic to near-neutral pH, the 

loadings of reagents (nZVI, H2O2) had to be increased because a Fenton-like system 

works efficiently at acidic pH. Removal of MG was also optimized with different 

loadings of nZVI and H2O2 at pH ≈ 5 (Figure 4.4). We observed maximum removal of 

MG with nZVI (60 mg/L) and H2O2 (100 µM). At pH 6, the optimized amounts were 60 

mg/L nZVI and 50 µM H2O2 (Figure 4.5). 

In the case of Rhodamine B (150 µM), higher initial concentration was used and we 

observed significant removal with nZVI (10 mg/L) and H2O2 (50-100 µM) at pH 3-4 

(Figure 4.6). However, the direct addition method did not work in case of pH 5-6, in 

which case we used the stepwise addition method to remove Rhodamine B. The 

optimized loadings were 20-50mg/L nZVI and, as per H2O2, 50 µM initially +5 µM 

added after every 10 minutes (Figure 4.7). 

Degradation of these dyes using the Fenton process was successful, and we decided 

to study the performance of the system while replacing H2O2 with metabisulfite as 

alternative reagent. 

Of all dyes (Rhodamine B, Malachite Green, Acid Blue 74), AB74 proved to be a very 

suitable model compound to allow for the study and optimization of Fenton-like 

degradation conditions. For this reason, it has been used to optimize the nZVI- 

metabisulfite system towards degradation. In Figures 4.8-4.10 we show the removal 

of AB74 (Co=10 µM) by different loadings of nZVI-metabisulfite, which were: at pH 3, 
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0.01 g/L nZVI and 150 µM Na2S2O5; at pH 4, 0.01 g/L nZVI and 150 µM Na2S2O5; at pH 

5, 0.02 g/L nZVI and 100 µM Na2S2O5 (unstable system); at pH 6, 0.02 g/L nZVI and, 

initially, 300 µM Na2S2O5. Then, stepwise addition of 15 µM Na2S2O5 was carried out 

after every ten minutes. 

The studied dyes were efficiently degraded by Fenton-like systems (either nZVI-H2O2 

or nZVI-metabisulfite). It was deduced from these results, that these Fenton-like 

systems could be explored and implemented for the removal of persistent organic 

pollutants like GLY at different pH values. 

 

 

Figure:4.1 Removal of Acid blue 74 by nZVI-H2O2 at pH 3-5 
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Figure:4.2 Removal of Acid blue 74 by nZVI-H2O2 at pH 5-6 by stepwise addition 

method 

 

Figure:4.3 Removal of Malachite Green at pH 3-4 by nZVI (10-20 mg/L) and H2O2 (50-

100 µM) 
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Figure: 4.4 Removal of Malachite Green at≈ pH 5 by nZVI (40-60 mg/L) and H2O2 (50-

100 µM) 

 

Figure: 4.5 Removal of Malachite Green at  pH 6 by nZVI (40-60 mg/L) and H2O2 (50 

µM) 
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Figure: 4.6 Removal of Rhodamine B at  pH 3-4 by nZVI (10 mg/L) and H2O2 (50-

100µM) 

 

Figure:4.7 Removal of Rhodamine B at pH 5-6 by nZVI (20-50mg/L) and H2O2 (50µM 

initially +5 µM after every 10 minutes). 
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Figre :4.8 Removal of Acid Blue 74 at pH 3-4 by nZVI (10 mg/L) and metabisulfite/MBS 

(50µM) 

 

Figure:4.9 Removal of Acid Blue 74 at pH 5 by nZVI (0.01-0.05g/L) and Na2S2O5 (150-

500 µM) (unstable system). 
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Figure:4.10 Removal of Acid Blue 74 at pH 6 by nZVI (0.02g/L) and Na2S2O5 (300 µM 

initially +15 µM added after every 10 min). 

4.2 Glyphosate (GLY) removal 

All experiments were performed for 60 minutes reaction time. To optimize the 

concentrations/loadings of nZVI and H2O2, several experiments were performed at 

different pH values to investigate GLY degradation efficiency. Preliminary experiments 

with nZVI + H2O2 at pH 3 were carried out to highlight Fenton degradation (Fig. 4.11). 

The loading of nZVI (varied in the range of 0.001-300 mg/L) was optimized while 

minimizing GLY removal by nZVI alone (which could involve adsorption at least in part, 

Fig. 11b). Indeed, although complete GLY removal could be achieved by using 300 

mg/L nZVI without H2O2 (Fig. 11b), such a high nZVI loading would be impractical in 

water-treatment applications, due to elevated costs of chemical reagents (300 mg/L 

nZVI would cost around 0.24 $/m3; [202]). 

Note that adsorption is not the only phenomenon that could account for the removal 

of GLY shown in Fig. 11b. Indeed, the nZVI-Fenton process could be activated by O2 

alone, without H2O2, with the generation of both Fenton reactants [203] (eq.66): 

 

Fe0 + O2 + 2H+  Fe2+ + H2O2      (66) 
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The minimum tested amount of nZVI (0.001 mg/L) was effective at minimizing 

adsorption, but it did not induce effective GLY degradation in the presence of H2O2. 

Moreover, such low loading could not be obtained by direct weighting but rather by 

dilution of a stock nZVI suspension. Presumably due to the difficulty in making the 

stock suspension fully homogeneous, the system lacked reproducibility in results.  

Therefore, compromise loadings (10 mg/L, i.e., the lowest loading that could be 

achieved by direct weighting, or 20 mg/L) were chosen for nZVI. 

 

4.2.1  GLY removal at pH 3 

As shown in Fig. 4.11a, complete GLY removal could be achieved at pH 3 by using 10 

mg/L nZVI and 300 µM H2O2. However, by using a lower amount of H2O2 (50-200 µM), 

complete GLY removal was not observed as the removal efficiencies were 55-96%. 

Here, a constant amount of nZVI (10mg/L) along with variable concentrations of H2O2 

(50-200 µM) produce different amounts of HO• which in turn degrades GLY. Lower 

H2O2 concentrations were less effective, most likely because of lower hydroxyl radical 

(HO•) generation when H2O2 is low. Higher H2O2 concentrations (>300 µM) were not 

tested because their use would increase treatment costs (300 µM H2O2 would cost 

around 0.009 $/m3; [202]) and because effectiveness would decrease, at a certain 

point, due to HO• scavenging by H2O2 itself (eq. 67) [197]: 

H2O2 + HO•  HO2
• + H2O    (67) 
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Figure 4.11. (a) Effect of H2O2 concentration (50-300 µM) on GLY removal by nZVI-
Fenton at pH 3, at optimized nZVI loading (10 mg/L, to minimize adsorption). Reaction 
time (60 minutes). (b) GLY removal by different amounts of nZVI alone, without H2O2, 
at pH 3. The error bars represent the standard deviation of triplicate experiments. 
Reaction time: 60 minutes. 
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4.2.2 GLY removal at pH 4 

It was not possible to achieve satisfactory GLY removal at pH 4, in the presence of 10 

mg/L nZVI + H2O2. For this reason, higher loadings of nZVI (20 -40 mg/L) were tested, 

but adsorption of GLY on nZVI alone (i.e., without H2O2) was also checked. Limited 

adsorption was observed with 20 mg/L nZVI, which was then used to perform further 

degradation experiments at different concentrations of H2O2 (200-400 µM). However, 

as shown in Fig. 4.12a, the maximum GLY removal by nZVI + H2O2 was at most only 

72% when using 400 µM H2O2 at pH 4. 

As described earlier, stepwise addition has been shown proven to be better than 

direct addition by Minella et al. By adding 150 µM of H2O2 at the beginning, plus an 

additional 50 µM at 30 minutes after the start of the reaction, we obtained 87% GLY 

removal with 20 mg/L nZVI at pH 4 (Fig. 4.13). 
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Figure 4.12. (a) GLY removal (%) by nZVI (20 mg/L) and H2O2 (200-400µM) at pH 4. (b) 
GLY removal at pH 4 by nZVI alone (different loadings). Reaction time: 60 minutes. 

 

Figure 4.13. GLY removal (%) by nZVI (20 mg/L) and H2O2 (150 µM at t = 0 + 50 µM at t 
= 30 min) at pH 4. Reaction time: 60 minutes. 



94 
 

4.2.3 GLY removal at pH 5 and 6 

Several combinations of nZVI loading (10-30 mg/L) and H2O2 concentration, including 

multiple additions of different amounts of the latter, were tried to remove GLY at pH 

5 and 6 by nZVI-Fenton. However, no GLY degradation at all was observed under any 

conditions. The most likely explanation is the decrease in efficiency of the Fenton 

reaction with increasing pH (and of the nZVI-Fenton one as well [201,202]). 

4.2.4 GLY removal in tap water 

GLY removal was then studied in GLY-spiked tap water at pH 3 and 4 (pH was adjusted 

by H2SO4; the original tap-water pH was 7.6-7.7), starting with the 

loadings/concentrations of nZVI and H2O2 already optimized in ultra-pure water. At 

pH 3, with 10 mg/L nZVI and 300 µM H2O2, the GLY removal efficiency achieved 80%. 

Unfortunately, it was not possible to improve these removal percentages, even by 

employing the stepwise addition method or different initial concentrations/loadings 

of the Fenton reagents (GLY removal ranged between 54-76%). The lower GLY 

removal in tap water, compared to ultra-pure water, might be tentatively ascribed to 

the presence of common inorganic anions in tap water (Cl, SO4
2, NO3

, NO2
) (see 

Table 4.1). Some anions, and especially chloride, can scavenge HO• to produce 

different reactive transient species that are, however, significantly less reactive than 

HO• itself [197], thereby lowering the nZVI-Fenton efficiency [18]. Furthermore, 

scavenging of HO• by H2O2 would become comparatively less important in tap water 

that already contains HO• scavengers, thereby decreasing the effectiveness of the 

stepwise H2O2 addition method. 

Very interestingly, it was possible to achieve 100% GLY removal in tap water at pH 4 

by using 20 mg/L nZVI, 150 µM of H2O2 at the beginning of the reaction, plus an 

additional 50 µM at 30 minutes’ reaction time. Complete removal of GLY was 

achieved in 40 minutes, and degradation at 30 minutes was around 66% (Fig. 4.14). 

Possible reason for the better performance of nZVI-Fenton at pH 4 compared to pH 3 

is that the reaction rate between chloride and HO• decreases with increasing pH, 

because the HO• + Cl reaction step becomes partially reversible [197]. 
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Figure 4.14. Kinetics of GLY removal at pH 4 

The pH and conductivity values of GLY-spiked tap water were monitored during nZVI-

Fenton treatment. Interestingly, initial tap-water conductivity was around 0.5-0.55 

mS/cm, and it increased to around 0.6 mS/cm upon acidification to pH 4. A further 

increase by 0.1 mS/cm units is expected to take place in the final neutralization step, 

intended to bring pH to at least 6 to allow for discharge in the environment. Despite 

the conductivity increase, it would still be possible to reuse treated water in several 

fields, including some of the most demanding in terms of water conductivity (e.g., 

agriculture [204]). The pH value was reasonably stable during the reaction (4.0-4.3). 

Leached iron was quantified as well: the concentration of dissolved Fe was 

undetectable before treatment and amounted to 2.5 mg/L at the end of the 

treatment. This means that around 12% of the initially added nZVI (20 mg/L) 

underwent dissolution at pH 4. When compared with Fe wastewater limits (4 mg/L 

according to the Italian law), a dissolved Fe concentration of 2.5 mg/L suggests that 

treated water could be safely discharged, without the need for additional steps of 

iron removal (except easy magnetic separation of nZVI).  
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Under optimal conditions in tap water (pH 4, 20 mg/L nZVI, 150 + 50 µM H2O2), the 

GLY removal capacity of nZVI-Fenton can be calculated as at least 100 mgGLY/gnZVI. This 

value exceeds the capacity of adsorption systems based on metals having high 

complexation capabilities towards P-containing ligands [205] and, to an even higher 

extent, the adsorption capacity of activated carbon [206], which is a widespread 

adsorbent used in the tertiary treatment of any potabilization facility. Therefore, the 

studied Fenton-like process appears to make better use of the solid reagent 

compared to adsorptive techniques. 

On these premises, a preliminary and partial estimate of the costs of the nZVI-Fenton 

process could be carried out, in the framework of expenditure in chemical reagents 

per m3 of treated water. This estimate is significant, in that reagents are a major 

expenditure in Fenton treatments [207]. Cost estimates are 0.016 $/m3 for 20 mg/L 

nZVI, and 0.006 $/m3 for 200 µM H2O2 (i.e., 150 µM + 50 µM; [202]). The cost of H2SO4 

can be estimated by carrying out tap-water titration, and by measuring the amount of 

H2SO4 that is required to adjust water pH to any given value (pH 4 in the present case, 

see Fig. 15). On this basis, one can conclude that the adjustment of pH to 4 would 

require 1.8 mol H2SO4 m3, which translates into a cost of 0.041 $ m3 for H2SO4 [202]. 

Moreover, again based on water titration data, one would also need 1 mol CaO m3 to 

finally adjust pH to at least 6 for eventual discharge or reuse, which entails an added 

cost of 0.0067 $ m3 [202]. Overall, the elimination of GLY from water with the ZVI-

Fenton technique at pH 4 would cost 0.070 $ m3 in chemical reagents. By 

comparison, the cost of traditional wastewater treatment (including sedimentation 

and activated sludge, unable to remove glyphosate) is in the range of 0.3-0.4 $ m3 

[201,202]. Treatment at pH 3 would cost 0.008 $ m3 in nZVI, 0.009 $ m3 in H2O2, 

0.052 $ m3 in H2SO4, and 0.010 $ m3 in CaO, for a total of 0.079 $ m3 (i.e., a slightly 

higher cost compared to pH 4, to achieve lower GLY removal). Moreover, a higher 

conductivity increase (up to 1-1.5 mS/cm) was observed upon water treatment at pH 

3 compared to pH 4, and 8 mg/L iron was leached from 10 mg/L nZVI at pH 3. This 

means that a further step of dissolved iron removal before discharge would be 

required for treatment at pH 3.  
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Table 4.1. Concentration values of different anions in tap water. 

Anion Measured Value (mg/L) 

Chloride (Cl) 26 

Sulfate (SO4
2) 44 

Nitrate (NO3
) 16 

Nitrite (NO2
) < 0.05 

 

 

Figure 4.15. Results of tap water titration with H2SO4 (measured pH, as a function of 
added volume of H2SO4 1 M). The upper X-axis reports the cost of H2SO4 addition, 

based on an estimate of 240 $ (ton H2SO4)1 [202]. The reported phenomenological 
equation is a 2nd-order polynomial fit. The volumes of H2SO4 needed to bring pH to 4 
and 6 are highlighted (the latter allows for the calculation of the amount of CaO 
needed to fix pH to 6 at the end of the treatment). 

4.2.5 Removal of Glyphosate by nZVI-metabisulfite 

In order to obtain glyphosate removal with a heterogeneous Fenton-like system, nZVI-

metabisulfite was also used to carry out degradation by sulfate radicals. Many 
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approaches were tried to optimize GLY removal at pH 3, but it did not work 

significantly, and the removal was different at different concentrations of nZVI and 

metabisulfite.  The addition of nZVI (0.01-0.02 g/L) was also investigated along with 

direct or stepwise addition of bisulfite, and maximum removal (46%) was observed 

with nZVI (0.01 g/L) - metabisulfite (150µM) at pH 3. To enhance the removal 

percentages, stepwise addition was also performed but the nZVI-metabisulfite 

Fenton-like system did not exhibit significant removal. This presumably happens 

because the reactive species in metabisulfite-based Fenton-like systems is 

considerably less reactive than HO•. The results are shown in Figures 4.16 and 4.17. 

 

 

Figure:4.16 Removal of GLY through nZVI (0.01g/L) and different metabisulfite (100-
650µM) concentrations at pH 3. Reaction time: 60 minutes. 
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Figure:4.17 Removal of GLY through nZVI (0.01g/L) and different metabisulfite 
(stepwise) concentrations at pH 3. Reaction time: 60 minutes. 

 

4.3 UV Treatment for the Removal of PFAS 

4.3.1 Decomposition of PFOA at different pH values 

We investigated the influence of three different pH values on the decomposition 

kinetics and mechanism of UV-treated PFOA, as well as TP formation. Among many 

reported factors such as temperature, dosage of oxidant, or dissolved oxygen, pH 

plays a crucial role because it affects both the generation rate of radicals and the 

speciation of many contaminants. Both radical formation and contaminant speciation 

highly affect the decomposition performance [18,208].  

In our experiments, PFOA (1 mgL1) in aqueous solution had a pH of 5.6 and degraded 

rapidly during UV irradiation (Fig. 4.18). After 360 min treatment, 90.3 ± 2.5 % of 

PFOA was degraded. Assuming pseudo-first-order kinetics (Fig. 4.18 b) produced by 

the involvement of one or more steady-state reactive species in PFOA decomposition, 

we determined a half-life  = 106.8 ± 2.0 min (Tab. 4.2). Interestingly, PFOA 
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decomposition percentages at pH 4.0 and pH 7.0 were only slightly lower as 

compared with pH 5.6 (85.2 ± 1.6 % and 80.5 ± 4.0 %, respectively; Fig. 4.18 a and c). 

However, the calculated half-lives were significantly different (Tab. 4.2), with  = 

130.4 ± 2.4 min at pH 4.0 and 152.4 ± 2.9 min at pH 7.0. Besides, we determined a 

significant decrease in PFOA decomposition at pH 10.0 that averaged 57.9 ± 1.8 %, 

with  = 288.4 ± 2.6 min (Fig. 4.18 d). Thus, the highest decomposition and 

shortest half-life were determined at the natural pH of aqueous PFOA. Compared to 

pH 5.6 (kdec), the decomposition rate constants at pH 4.0, 7.0, and 10.0 were 0.82 kdec, 

0.70 kdec, and 0.37 kdec, respectively. 

The initial pH during UV irradiation of PFOA affected both decomposition kinetics and 

TP formation. The most TPs were found for the UV treatment at pH 5.6 and the 

fewest for the treatment at pH 4.0, which only yielded PFHpA in significant amounts. 

By comparison, we determined and quantified PFHpA, PFHxA, PFPeA, and PFBA at pH 

5.6. The choice of PFOA as a model compound can be justified because shorter-chain 

PFAA is released as TP during the decomposition of both PFOA and 6:2 FTAB (vide 

infra). 

The release and amount of fluoride (F-̶) as a major mineralization product of PFOA 

seemed to be affected by pH also. The defluorination was almost comparable at acidic 

and neutral pH, averaging 30 % after 360 min treatment. However, at pH 5.6 F-̶ 

release was first detectable after 30 min while, for pH 4.0 and pH 7.0, the F-̶ release 

was detectable only after 50 min (Fig. 4.18). At alkaline pH, the defluorination started 

even later, i.e., after 60 min from the beginning of the UV treatment and it averaged 

20 % after 360 min (Tab. 4.2). Our results indicate a two-stage decomposition reaction 

of PFOA, except at pH 4.0. At this pH value, produced protons are not quenched by 

OH-̶, thus reaction between protons and  reduces the availability of electrons that 

may be responsible for PFOA decomposition [209]. 
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Figure 4.18. Removal of PFOA, production of transformation products, and 
fluoride release upon UV irradiation at pH 4.0 (a), pH 5.6 (b), pH 7.0 (c), and 
pH 10.0 (d). 

 

Table 4.2. Rate constant, Half-life, %age decomposition, and- defluorination at 

different pH values for 1 mg L1 PFOA. 

pH value k(s1) t1/2 

(min) 
Decomposition 

(%) 
Fluoride 

release (%) 

4.0 (8.85 ± 1.13)×105 130 ± 2 85.2 ± 1.6 29.0 ± 3.5 

5.6 (1.08 ± 0.30)×104 107 ± 2 90.3 ± 2.5 28.8 ± 4.8 

7.0 (7.57 ± 1.70)×105 152 ± 3 80.5 ± 4.0 30.3 ± 5.4 

10.0 (4.00 ± 1.15)×105 288 ± 3 57.9 ± 1.8 20.2 ± 3.5 
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Our results indicate a remarkable effect of the initial pH on the decomposition 

kinetics of PFOA, as well as the formation of the main TPs and major mineralization 

products. Similar observations concerning the influence of pH were recently reported 

by Wang and Zhang, and others [210–212]. In particular, Wang and Zhang [210] 

investigated the influence of pH on PFOA decomposition, which was inhibited at 

alkaline pH. They suggested that the initial decomposition of PFOA is mediated by 

hydrated electrons ( ), generated through photolysis of OH and dominating, at 

alkaline pH, over the direct PFOA photolysis. Since OH ions produce , one could 

expect unaffected photolysis of PFOA. This assumption was also confirmed by Wang 

and Zhang [210], but only in the absence of oxygen. The influence of oxygen during 

PFOA photolysis was also recently investigated by Giri et al. [212]. Giri et al., as well as 

Wang and Zhang both observed negative effects of dissolved oxygen (DO) during 

PFOA photolysis, especially at alkaline pH. Wang and Zhang [210] postulated that, in 

the presence of oxygen at alkaline pH,  is scavenged by O2 to produce O2
•–.  

Recently, we demonstrated that our system configuration produces more O2
•– than 

•OH radicals [213]. Therefore, the initial decomposition of PFOA should be 

significantly inhibited at alkaline pH in the presence of O2. In our experimental set-up, 

we used deionized water without purging it with nitrogen gas, which caused DO to be 

present at the beginning of the UV treatment. Therefore, we can assume that, at 

alkaline pH, the presence of DO inhibits PFOA decomposition as postulated by Wang 

and Zhang [210] and Giri et al. [212].  

Overall, our results are consistent with those of Wang and Zhang [210] and Giri et al. 

[212]. However, the two-stage decomposition reaction observed for PFOA in our 

study can also be due to differences in the system configurations, leading to different 

kinetics involving H2O2 production as well as other factors (vide infra). 

Our UV system configuration has a tremendous impact on the decomposition kinetics 

and generation of radical species, as recently demonstrated [213]. Therefore, we are 

aware that the intensity of our UV lamp might also have an important effect on PFOA 

decomposition. Our UV light intensity was considerably weaker as compared to those 
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reported by Wang and Zhang and Giri et al. [210,212], resulting in lower photon flux 

and slower reaction kinetics. Therefore, the determination of lower degradation rate 

constants is justified. Apart from these differences, Wang and Zhang [210] observed 

H2O2 formation from recombination of hydrogen peroxide radicals (HO2
•) in their 

system within 60 minutes, reaching an optimum level of 300 µM H2O2 between 20 

min and 30 min. We also measured H2O2 formation in our system but at a significantly 

lower concentration, close to the limit of detection (data not shown).  

As demonstrated by Wang and Zhang [210], it is very reasonable that high yields of 

 during oxygen-free photolysis decompose PFOA. The presence of high quantities 

of oxygen will scavenge  and form O2
•–, especially at alkaline pH. In our system 

configuration, we measured DO consumption of 2 mg L1 within 180 min of UV 

treatment PFOA. Thus, we assume that rapid degradation of PFOA in the initial stage 

of our UV treatment was possibly due to hampered HO2
• formation.  

4.3.2 Scavengers’ Experiments for PFOA Decomposition 

In our system configuration, we assumed that different reactive species (•OH, HO2
•, 

and O2
•–) are synergistically participating in PFOA decomposition. To further 

investigate the mechanism potentially driven by different reactive species, scavenger 

experiments were carried out. Various scavengers including methanol (MeOH), 

ethanol (EtOH), 2-propanol, and t-butanol (for •OH), as well as L-Threoascorbic acid 

(for reactive oxygen species, ROS, including O2
•–, carbon dioxide radical, CO2

•–, and 

•OH radical) were used [214–216].  

We observed almost 90% PFOA decomposition without the addition of scavengers, as 

mentioned above. By adding different alcohols as •OH scavengers, we always found 

inhibition of PFOA decomposition, lower efficiency, and lower defluorination, as 

compared with the reference treatment (Fig. 4.19). Methanol, ethanol, and 2-

propanol allowed for about 81 – 85 % PFOA decomposition, while t-butanol gave only 

75% decomposition (Tab. 4.3).  
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Figure 4.19. Comparative removal of PFOA in the presence of scavengers (a), 
fluoride release with scavengers’ addition (b). 

 

Table 4.3. Rate constant, Half-life, %age decomposition, and defluorination by 

different scavengers for 1 mg L1 PFOA. 

Scavenger & initial 
pH 

k (s1) t1/2 (min) PFOA 
Decomposition 

(%) 

Fluoride 
release 

(%) 

0.3 mM Methanol - 
pH 5.1 

(8.06 ± 1.5)×105 143 ± 3 82.6 ±2.9 36.9 ± 1.3 

0.3 M Methanol - 
pH-5.1 

(7.91 ± 0.2)×105 146 ± 4 81.9 ± 2.7 12.3 ± 4.3 

0.3 M Ethanol - 
pH-5.7 

(8.74 ± 1.2)×105 132 ± 5 84.9 ± 1.9 32.1 ± 3.2 

0.3 M Propanol - 
pH-5.8 

(9.00 ± 1.9)×105 128 ± 5 85.7 ± 1.5 19.0 ± 2.8 

0.3 M Butanol - 
pH-5.7 

(6.30 ± 1.5)×105 183 ± 3 74.3 ± 4.2 30.8 ± 4.6 

0.3 mM Ascorbic 
acid* - pH-4.3 

(3.52 ± 1.3)×105 327 ± 6 53.3 ± 5.2 20.9 ± 4.2 

* at t=0 and t=1 h 
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The alcoholic scavengers seemed to also affect defluorination (Fig. 4.19 b). While the 

release of F̶ from PFOA without scavenger started only after 20 min, we found an 

immediate release of F in the presence of 0.3 mM MeOH. Overall, the defluorination 

with 0.3 mM MeOH was the highest (around 36% after 180 min treatment time, Tab. 

4.3). Individual results of PFOA decomposition with all scavengers are shown in (Fig. 

4.20-4.25). 

 

 

Figure:4.20 PFOA decomposition in the presence of 0.3 mM methanol as a scavenger. 
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Figure:4.21 PFOA decomposition in the presence of 0.3 M methanol as a scavenger. 
 

 

 

Figure:4.22 PFOA decomposition in the presence of 0.3 M ethanol as scavenger. 
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Figure:4.23 PFOA decomposition in the presence of 0.3 M propanol as scavenger. 
 

  

Figure:4.24 PFOA decomposition in the presence of 0.3 M t-butanol as scavenger. 
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Figure:4.25 PFOA decomposition in the presence of 0.3 mM Asc. acid as a scavenger. 
 

The addition of alcohols did not significantly affect the initial PFOA decomposition 

(Tab. 4.3). However, our results reveal that •OH radicals were being scavenged by 

alcohols as expected, but without inhibiting defluorination. This might be justified by 

the unrestricted presence of  which should be mainly responsible for PFOA 

decomposition [209,210,212]. 

Recently, Chen et al. [209] studied PFOA decomposition using a UV/H2O/alcohol 

system. They observed that alcohols are quenching •OH radicals and, thus, might 

produce alcohol radicals. Both species are inefficient in decomposing PFOA. They 

stated that during the quenching of •OH radicals, more hydrated electrons are 

produced in the presence of alcohols. Therefore, they suggested that alcohols may act 

as catalysts for PFOA decomposition. However, very high alcohol concentrations (65 

mM) were required to achieve significant PFOA decomposition. Beyond this amount, 

the continuous addition of alcohol had no further effect. In addition, it has been 

suggested that using alcohols caused an increase in the surface tension of 10 mg L1 
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PFOA, with better dispersion of PFOA on the surface and, thus, enhanced 

decomposition.  

However, we used a ten-fold lower concentration of PFOA (1 mgL1) and did not 

observe better decomposition. Also, as stated in section 3.1, due to the different 

system configurations and weaker UV intensity, our findings might not be consistent 

with Chen et al. [209]. Moreover, it has also been stated that alcohols protect 

electrons from quenching by oxygen and protons. Considering O2
•– radical as the 

driving factor for PFOA decomposition, we agree with Giri et al. [212] and Wang and 

Zhang [210] who observed the formation of O2
•– radicals upon quenching of electrons 

with DO. To further prove our assumption, we also applied ascorbic acid as an O2
•– 

scavenger. Interestingly, we found the highest inhibition of PFOA decomposition 

(which reduced to 53% at 360 min treatment time, Fig. 19 a) with ascorbic acid, which 

also well corresponded with the inhibition of defluorination (Fig. 4.19 b). Ascorbic acid 

showed the strongest inhibition effect compared with all other scavengers applied.  

Recently, Bai et al. [217] studied the effect of O2
•– radicals on PFAS decomposition 

using a series of PFAA. They demonstrated the involvement of O2
•– radicals in PFAA 

decomposition both theoretically, using density functional theory (DFT), and 

experimentally. They measured the O2
•– decay rates in the presence of PFAA and 

considered the effect of solvation on O2
•– reactivity. The possible mechanism was 

examined by DFT calculations, as well as the thermodynamic viability of the reaction 

pathway between an O2
•– radical and C2F5CO2

–. They concluded that the α-C atom 

(ΔGR° = −4.09 kcal mol–1) is attacked by O2
•–, causing the C–F bond to break. Despite 

these findings, Metz et al. [218] critically opposed the idea based on recent results 

they obtained [219] and argued that they produced O2
•– radicals by three different 

systems to verify the involvement of superoxide. In none of the systems were they 

capable of finding a correlation between O2
•– formation and PFAS decomposition.  

Interestingly, our results might support the hypothesis of O2
•– participating in PFOA 

decomposition. Based on our results, we might agree with the finding of Bai et al. 

[217] although, as mentioned above, our findings might be caused by our system 

configuration that favors the generation of O2
•– over •OH. Nevertheless, we also 
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support the claim of Metz et al., as we could not completely confirm the occurrence 

of O2
•– only based on the application of ascorbic acid as a scavenger. As mentioned 

above, ascorbic acid scavenges ROS, a rather broad variety of reactive oxygen species 

that includes, among others, •OH and O2
•.  

Therefore, we have to address this important issue in future investigations, more 

precisely considering the given treatment conditions and parameters, to determine 

the exact role of different reactive species involved in the decomposition of PFOA. 

Independently, we aimed to investigate whether our system can reliably decompose 

PFOA with reproducible results, comparable to those reported in recent literature 

and, ultimately, use the PFOA results to achieve decomposition of 6:2 FTAB. 

4.3.3 Decomposition of 6:2 FTAB at different pH values 

UV treatment of 6:2 FTAB was carried out for 360 min at four different initial pH 

values. The original pH of the aqueous 6:2 FTAB solution was 6.5. During the UV 

treatment of 1 mg L1 6:2 FTAB, complete decomposition was achieved within 360 

minutes (Fig. 4.26 b). The decomposition followed more or less pseudo-first-order 

kinetics, with an average lifetime of 45.7 ± 1.7 min at pH 6.5 (Tab. 4.4). The time 

evolution of 6:2 FTAB was characterized by a first exponential decay branch, resulting 

in a pseudo-plateau at 60-90 min that was followed by a second exponential decay, 

the outcome of which was complete 6:2 FTAB degradation at around 360 min (see 

Figure 4.26).  
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Figure 4.26. Removal of 6:2FTAB, formation of major transformation product, 
and fluoride release by UV irradiation at pH 4.0 (a), at pH 6.5 (b), at 
pH 7.0 (c), and at pH 10.0 (d). 

 

Table 4.4. Rate constant, Half-life, %age decomposition, and fluoride release 
at different pH values for 1 mg L-1 6:2 FTAB. 

pH 
value 

k (s1) t1/2 (min) 6:2 FTAB 
Decomposition (%) 

Fluoride 
release (%) 

4.0 (1.80 ± 0.06)×104 64.1 ± 7.2 98.0 ± 3.1 27.9 ± 5.0 

6.5 (2.52 ± 0.16)×104 45.7 ± 1.7 99.6 ± 0.5 27.0 ± 4.7 

7.0 (2.16 ± 0.29)×104 53.3 ± 3.9 99.1 ± 0.2 26.9 ± 3.2 

10.0 (1.97 ± 0.14)×104 58.4 ± 6.2 98.6 ± 1.4 28.0 ± 4.2 
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The UV treatment of 6:2 FTAB was affected by pH as well. Lifetime followed the order 

pH 4 > pH 10 > pH 7, and the optimal pH value for the UV degradation of 6:2 FTAB was 

6.5 (Tab. 4.4). Despite the different half-lives determined, we always observed 

complete decomposition of 6:2 FTAB within 360 min treatment time. In all cases, a 

two-branch bi-exponential time evolution curve could be observed in Figure 4.26.  

Surprisingly, we only detected 6:2 fluorotelomer sulfonic acid (6:2 FTSA) as a major 

TP, with the highest concentration at alkaline pH. There is some evidence from the 

time evolution curves that the decomposition kinetics of 6:2 FTSA was slower at 

alkaline pH, where a slow accumulation of 6:2 FTSA occurred. Fluoride release started 

only after 60 min treatment for all four different pH values (Fig. 4.26 b), and it 

amounted to 26-28% (Tab. 4.4). Some shorter-chain PFAA were also identified, but 

only at trace level, including PFHpA, PFHxA, and PFPeA (data not shown). The rapid 

decomposition of 6:2 FTAB and low detection of TPs led us to assume that 

mineralization to carbon dioxide (CO2) might have taken place during the UV 

treatment. Unfortunately, our system configuration did not allow for the 

measurement of CO2.  

Many other studies reporting the decomposition of some telomer-related alcohols 

observed different major TPs, such as 6:2 fluorotelomer sulfonic acid (6:2 FTSA), 6:2 

fluorotelomer alkyl acid, 6:2 FTAA, 6:2 FTSAm, and others (6:2 FTCA, 6:2 FTUCA, etc.) 

[220–225]. Surprisingly, we did not detect more TPs during 6:2 FTAB decomposition in 

our treatment, which might be due to kinetic effects.  

As mentioned above, the decomposition of 6:2 FTAB in our treatment system 

followed a two-stage kinetics. In the initial stage of the UV treatment, direct 

photolysis of 6:2 FTAB might be reasonable. However, the participation of reactive 

species such as hydroxyl radicals and hydrated electrons cannot be discussed here, 

without further information on their presence in the UV system.  
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4.3.4 Scavengers experiments for 6:2 FTAB decomposition 

To study the involvement of reactive species in the decomposition of 6:2 FTAB by UV 

photolysis, the same scavengers as for PFOA were used to better understand the role 

of different reactive species (Fig. 4.27 & Tab. 4.5). The application of different types of 

scavengers inhibited the UV decomposition of 6:2 FTAB. All scavengers had 

immediate inhibiting effects, except for MeOH. For either 0.3 M or 0.3 mM MeOH, 

the inhibition effect only occurred 30 min after the start of the UV treatment.  

As mentioned above, alcohols are •OH scavengers. To some extent, ascorbic acid can 

also inhibit the reaction by scavenging both O2
•– and •OH or related ROS (Fig. 4.27). 

The exception of 0.3 mM methanol as a scavenger could be explained based on its 

lower concentration as compared to other alcohols, typically used at 0.3 M 

concentration.  

Interestingly, •OH was shown to play little to no role in the degradation of PFOA, but 

the hydroxyl radical was directly involved in the 6:2 FTAB degradation mechanism. In 

this framework, 0.3 mM MeOH is likely to be a poor •OH scavenger, and, coherently, 

it inhibited 6:2 FTAB decomposition to only a limited extent (Fig. 4.27 a). We also 

found that alcohols with a longer carbon chain caused a higher and more significant 

inhibition of 6:2 FTAB degradation.  

Interestingly, 0.3 mM ascorbic acid inhibited 6:2 FTAB decomposition to a higher 

extent than either 0.3 mM or 0.3 M MeOH, but less than EtOH, 2-propanol, or t-

butanol. Upon addition of 0.3 mM ascorbic acid, a higher inhibition effect was 

observed than for MeOH, which indicates that both hydroxyl and superoxide radicals 

are being scavenged by ascorbic acid, thus a greater effect of inhibition was observed 

in the case of ascorbic acid. All scavengers decreased fluoride release that ranged 

between 22 and 28%, except for t-butanol which reduced F release down to 17 %. 

The SO4
2– release was observed most often at higher pH, while at lower and neutral 

pH values it was not observed due to low resolution. 

Although the addition of ascorbic acid also inhibited the decomposition of 6:2 FTAB, 

the scavenging effect was not as strong as with EtOH, 2-propanol, or t-butanol. These 

findings lead us to assume that the decomposition mechanism of 6:2 FTAB is an 
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overlapping process of direct and indirect photolysis, driven by either/both hydrated 

electrons and/or radicals.  

 

Figure 4.27. Decomposition of 6:2 FTAB in the presence of scavengers (a), 
fluoride release with scavengers’ addition (b). 

 

Table 4.5. Rate constant, Half-life, %age decomposition, and fluoride release with 
different scavengers for 1 mg L-1 6:2 FTAB. 

Scavengers k(s-1) t1/2 (min) 6:2 FTAB 
Decomposition (%) 

Fluoride 
release (%) 

0.3 mM 
Methanol  (2.15 ± 0.12)×104 54 ± 4 99.0 ± 0.7 25.7 ± 4.4 

0.3 M Methanol  (1.10 ± 0.24)×104 104 ± 8 90.9 ± 4.3 26.0 ± 2.6 

0.3 M Ethanol  (4.44 ± 0.41)×105 260 ± 7 61.7 ± 2.9 22.6 ± 3.7 

0.3 M Propanol  (3.61 ± 0.32)×105 319 ± 7 54.2 ± 2.6 23.0 ± 2.0 

0.3 M Butanol (4.15 ± 0.97)×105 279 ± 10 59.2 ± 3.5 18.0 ± 4.3 

0.3 mM Ascorbic 
acid* (8.04 ± 0.55)×105 144 ± 8 82.4 ± 4.2 25.6 ± 2.9 

* at t=0 and t=1 h 



115 
 

The complex role of different reactive species participating in the decomposition of 

6:2 FTAB was also recently described by Trouborst [223]. He studied 6:2 FTAB 

photolysis in a photoFate system, involving sunlight for decomposition, obtaining 

different TPs including mainly 6:2 FTSAm, 6:2 FTSA, and some short-chain PFAA in 

very low concentration. Trouborst explained the formation of 6:2 FTSAm mainly by 

direct photolysis but, in our UV treatment system, we did not observe the formation 

of 6:2 FTSAm. We assume that if 6:2 FTSAm were released, it might have volatilized 

due to our open-system configuration. In the study by Trouborst [223], the release of 

6:2 FTSAm has been possibly ascribed to sunlight absorption by 6:2 FTAB. However, 

there were many degradation products, ultimately degraded to short-chain PFAA. The 

treatment lasted from many hours to days and the experimental setup was 

complicated. Moreover, the formation of 6:2 FTSA can be due to subsequent 

degradation of 6:2 FTSAm, but also to direct photolysis from 6:2 FTAB as we assume 

from our results. It has been reported [226] that biodegradation of 6:2 FTSA also 

produces 6:2 fluorotelomer carboxylic acid (6:2 FTCA), 6:2 fluorotelomer unsaturated 

carboxylic acid (6:2 FTUCA), and some short-chain PFAA [224,226]. Regarding 

biodegradation of 6:2 FTSA, slower and incomplete degradation was observed. We 

also observed the formation of some short-chain PFAA, including PFHpA, PFHxA, and 

PFPeA, but only at trace levels (data not shown). The individual effects of scavengers 

over 6:2 FTAB removal, along with 6:2 FTSA as the major TP and fluoride release, are 

shown in Figures 4.28-4.33.  
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Figure:4.28 6:2 FTAB decomposition in the presence of 0.3 mM methanol as 

scavenger 

 

 

 

Figure:4.29 6:2 FTAB decomposition in the presence of 0.3 M methanol as scavenger 
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Figure:4.30 6:2 FTAB decomposition in the presence of 0.3 M ethanol as scavenger. 

 

 

Figure:4.31 6:2 FTAB decomposition in the presence of 0.3 M propanol as scavenger. 
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Figure:4.32 6:2 FTAB decomposition in the presence of 0.3 M t-butanol as scavenger 

 

 

Figure:4.33 6:2 FTAB decomposition in the presence of 0.3 mM Asc. acid as scavenger 
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4.3.5 Proposed Mechanism of 6:2 FTAB decomposition 

Based on our results, obtained from UV treatments and scavenger experiments, we 

propose a mechanism for the UV decomposition of 6:2 FTAB, assuming that the 

process is mediated by both direct and indirect photolysis. In other words, we assume 

that UV radiation and •OH play the main roles (Fig. 4.34), which is supported by 

experimental results including SO4
2– release. 

 

Figure 4.34. Proposed UV photolysis pathways of 6:2 FTAB. Blue arrows represent the 
major observed decomposition pathway, hypothesized according to the 
transformation products detected in this study. Red arrows indicate other reasonable 
decomposition routes [221,223,224,227]. 
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The formation of 6:2 FTSA can be explained by S-N bond breaking by UV radiation 

(step 1), followed by •OH attack on the sulfur atom. We observed the formation of 6:2 

FTSA in every sample but did not observe either 6:2 FTAA or 6:2 FTSAm. The 

formation of 6:2 FTSA via these metabolites, as well as directly from the mother 

compound are both feasible [223]. The TP 6:2 FTSA would further undergo •OH-

mediated reactions (step 4 and onwards) to form short-chain PFAA (PFHpA, PFHxA, 

PFPeA etc). Yang et al. [221] also studied the decomposition of 6:2 FTSA using 

UV/H2O2 and proposed a mechanism involving •OH attack as a prerequisite to 

mineralization. Furthermore, by removing CF2 groups, shorter-chain PFAA is released. 

In detail, Using the mechanism of H-atom abstraction, the hydroxyl radical would first 

attack the 6:2 FTS-K at the positions of two unfluorinated forming an intermediate 

m/z 459.0. Desulfonation resulted from further reaction with hydroxyl radical, which 

cleaved the bond between the polyfluorinated tail and the sulfonate end group (–SO3 

−). The polyfluorinated tail in this process may either convert directly into the 

unstable alcohol C6F13OH, it could be carboxylized at the end to generate PFHpA or it 

could then be further degraded into PFHxA [221,223,227]. Beatriz et al. [228] studied 

the electrochemical decomposition of 6:2 FTAB, also observing 6:2 FTSA release and 

formation of short-chain PFAA, similar to our results. They also proposed the direct 

formation of 6:2 FTSA from the mother compound and via other metabolites. 
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5 Conclusions and Future Work 

Initially, various dyes (Rhodamine B, Malachite Green, and Acid Blue 74) were 

degraded using nZVI-Fenton-like system with H2O2 at different pHs. Various amounts 

of chemicals (nZVI/H2O2) were optimized to investigate the performance of nZVI-

Fenton-like systems. These dyes significantly degraded with various optimized 

loadings of nZVI as well as H2O2 at different pH values. Furthermore, a nZVI-Fenton-

like system using metabisulfite was used to degrade Acid Blue 74 using different 

amounts of nZVI as well as metabisulfite. AB74 was efficiently degraded by nZVI-

metabisulfite and is predicted that these nZVI-fenton-like systems could be explored 

to degrade different persistent organic pollutants like GLY. 

Significant GLY degradation was obtained in the pH range of 3-4 using the nZVI-

Fenton-like system after optimization, which encompassed a variety of conditions of 

nZVI loading and H2O2 concentration. Unfortunately, the decrease in Fenton reactivity 

with increasing pH prevented effective degradation from being achieved at either pH 

5 or 6. GLY removal was also obtained at pH 3 with nZVI alone, without H2O2, but the 

needed loading (300 mg/L) was 15-30 times higher compared to the loading required 

in nZVI-Fenton. That issue would be reflected in quite high costs for water treatment 

with ZVI alone. 

In the case of tap water, complete (100%) GLY removal was achieved at pH 4 with 20 

mg/L nZVI and 150+50 µM H2O2 (i.e., 150 µM added at t = 0, and 50 µM added after 

30 min reaction time). Overall, water treatment costs for GLY with nZVI + H2O2 at pH 4 

would be very reasonable in terms of expenditure for chemical reagents (a total of 

0.07 $ m3, of which approximately 30% for nZVI + H2O2, and the rest for pH-

adjustment reagents). Interestingly, these same conditions would also allow for the 

removal of additional emerging contaminants (pharmaceuticals) from the water 

matrix [29,42]. 

Potential drawbacks of water treatment in acidic conditions are the elevated costs for 

pH adjustment, the increase in water conductivity following the acidification 

necessary for the Fenton process to work, the basification at the end of treatment to 
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allow for water discharge, as well as the leaching of iron from nZVI due to increased 

iron solubility at acidic pH. As far as pH adjustment costs are concerned, we show 

here that they make up ~70% of the total reagent costs in the case of treatment at pH 

4, and even ~80% for treatment at pH 3. With these limitations in mind, in this work, 

nZVI–Fenton was also tested at pH values of 5 and 6 but, unfortunately, no GLY 

degradation was achieved under these conditions. Water treatment at pH 4 would be 

quite satisfactory, however, because overall reagent costs would still be low, and the 

increase in conductivity was quite small, as compared for instance to treatment at pH 

3. Moreover, tap-water conductivity more than doubled upon treatment at pH 3, 

while a 40% increase is expected to occur at pH 4. Therefore, final water conductivity 

for treatment at pH 4 would still allow for water reuse in agriculture, which is a very 

demanding field as far as conductivity requirements are concerned. Furthermore, iron 

leaching from nZVI at pH 4 was low enough for treated water to meet the legal limits 

for safe discharge into the environment, while the same would not occur in the case 

of treatment at pH 3. 

For PFAS decomposition, we investigated the UV photolysis of PFOA and 6:2 FTAB at 

different pH values (4.0, 7.0, 10.0, and the original pH values, respectively, 5.6 and 

6.5). All UV treatments lasted for more than 300 min. PFOA decomposition yielded 

shorter-chain PFAA like PFHpA, PFHxA, and PFPeA as major TPs. The process was most 

effective at pH 5.6; moreover, acidic pH had only minor effects on PFOA 

decomposition while basic pH provided considerable inhibition. The decomposition of 

6:2 FTAB was affected by pH as well, and it yielded some shorter-chain PFAA and 6:2 

FTSA that were identified by LC-MS analysis. 

Results of scavenger experiments indicated that alcohols did not significantly affect 

the decomposition of PFOA, whereas ascorbic acid carried out considerable inhibition. 

Considering the roles of alcohols as selective •OH scavengers and of ascorbic acid as a 

general ROS scavenger (including •OH), these results suggest that •OH was not 

involved in the decomposition of PFOA, which likely proceeded with the contribution 

of  and/or O2
•–.  
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As far as 6:2 FTAB decomposition is concerned, the major decomposition product 6:2 

FTSA was likely formed via the involvement of both direct and indirect photolysis. 

Differently from PFOA, we found clear indications that both •OH (especially) and O2
•– 

are involved in the decomposition of 6:2 FTAB.  

No consensus exists regarding the PFAS photo-reduction mechanisms. The relative 

importance of specific photo-reduction pathways of PFAS is still under debate. 

Mechanisms regarding PFAS removal through redox reactions needs to be deeply 

explored considering every perspective including all kinds of reactive species. In 

particular, the O2
•– role could not be elucidated clearly in this study and needs to be 

addressed in future work. Moreover, clarification is needed regarding the role of  

in the degradation of 6:2 FTAB in future work. The efficiency of the treatment might 

be further improved by introducing stronger UV sources (for example, vacuum UV), 

suitable sensitizers, and optimized pH and temperature throughout the treatment. 

Even though a lot of studies have been done on how PFAS break down, there are still 

a few issues that need to be resolved before technological solutions are used. First 

and foremost, research must be done to determine how co-contaminants and 

organics affect the breakdown of the full range of PFAS chemicals. The majority of 

research works have employed a basic water matrix, and those that have looked into 

the effects of specific water quality parameters have mostly examined the effects of 

one co-contaminant, making them unrepresentative of a genuine water matrix. 

Additionally, in order to shorten the time of energy-intensive UV-based operations, it 

is necessary to minimize treatment costs, for instance, by implementing several 

complementary treatments. In order to make PFAS more susceptible to removal 

through straightforward and affordable pre- and post-UV based treatments, such as 

biological processes that could encourage particular bacteria to selectively degrade 

remaining PFAS and/or their intermediates, the focus must be on the partial 

degradation of the most resistant parts of PFAS. Though additional investigation is 

required to determine the effectiveness of oxidative and reductive mechanisms for 

targeted PFAS breakdown in combined treatment techniques under more difficult 

circumstances, both the oxidative and the reductive strategy seem promising. The 
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results of these investigations would aid in determining if these processes are feasible 

on a large scale. Future research should concentrate on examining the toxicity of 

water following UV treatment in order to comprehend how toxicity varies with 

various treatments and to endure the safety of treated waters. 
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