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INTRODUCTION TO THE SUPPLEMENT
ON AQUATIC BIOMONITORING

The history of bioindication and biomonitoring started in 1902 when Kolkwitz and Marsson
published their work “Grundsitze fiir die biologische Beurtheilung des Wassers, nach seiner
Floraund Fauna”. A few years later, in 1909, the same authors show that it is possible to measure
the quality of aquatic systems using the Saprobien method, still used in some countries.

In the beginning, biomonitoring analyses have been carried out on rivers because, as said
by Kenneth Cummins (1992), they have always been used as a conveyor belt to transport
waste to the sea. It is indeed not a coincidence that almost all most densely populated cities
in history have been built along rivers. The anthropic impact on lake ecosystems and com-
munities has only been studied from 1925-26 when August Thienemann first applied the con-
cept of lacustrine trophy.

Today a greater political, social and scientific awareness about bioindication and biomon-
itoring is ratified by UE Water Framework Directive (2000) and is widespread in Europe. It
is then the right time to review the state of art of the topic, identifying pros and cons of the
methods available, as illustrated in the present volume.

I would like to spend few words to celebrate the memory of the late Giuseppe Morabito,
whom I had the pleasure to know since his PhD, and who recently passed away tragically.

His great passion and dedication to research in aquatic ecosystems were striking to every-
one knowing him, he always showed great reliability, professionalism and always was a person
of few words.

Therefore, in total agreement with the editors of this Supplement of the Journal of Limnology,
we would like to dedicate the present volume to the dear memory of Giuseppe Morabito, who
is one of the authors of the following contributions.

Elisa Anna Fano

Department of Life Sciences and Biotechnology

University of Ferrara
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PREFACE

This work is licensed under a Creative Commons Attribution-NonCommercial 4.0 International License (CC BY-NC 4.0).

Aquatic biomonitoring: Lessons from the past, challenges for the future

Rossano BOLPAGNI,'" Mariano BRESCIANI,? Stefano FENOGLIO?

"Department of Chemistry, Life Sciences and Environmental Sustainability, University of Parma, Parco Area delle Scienze 11/A,
43124 Parma; *Optical Sensing Group, Institute for Electromagnetic Sensing of the Environment, National Research Council of Italy,
via Bassini 15, 20133 Milan; *Department of Science and Technological Innovation, University of Piemonte Orientale, Viale Teresa

Michel 25, I-15121 Alessandria, Italy
*Corresponding author: rossano.bolpagni@unipr.it

ABSTRACT

This special issue stems from an increasing awareness on the key contribution made by biometrics and biological indices in
the quality classification of aquatic ecosystems. This theme has been the subject of passionate debate during the 13" European
Ecological Federation (EEF) and 25" Italian Society of Ecology’s (S.It.E.) joined congresses held in Rome in September 2015. In
this frame, on the margins of the special symposium named “Biomonitoring: Lessons from the past, challenges for the future”, it
was launched the idea of a special issue of the Journal of Limnology on the “aquatic” contributions presented at the conference.
The present volume mainly reports these studies, enriched by few invited papers. Among the other things, the main message is the
need of a better integration between sector knowledges and legislative instruments. This is even truer given the on-going climate
change, and the necessity to record rapid changes in ecosystems and to elaborate effective/adaptive responses to them.

Key word: Bioindication; aquatic ecosystems; macroinvertebrates; diatoms; macrophytes; fish; ostracods; remote sensing.

INTRODUCTION

In recent decades, the traditional approaches used to
characterize and monitor ecosystems (e.g., physical and
chemical, taxonomic) have been integrated and partially
replaced by species- and community-based indices. For ex-
ample, at the European level, the enactment of the EU
Water Framework Directive (WFD, Directive 2000/60/EC;
European Union, 2000) has overcome the limits imposed
by a mere physical and/or chemical investigation of waters
by integrating biological communities in the monitoring
programs. In particular, the use of bioindicators contributes
to the ecological classification of colonized habitats — in
this case of colonized water bodies — thus making it possi-
ble to evaluate, if present, the deviation from the “reference
conditions”. This transition has the potential, among other
things, to produce multi-spatial interpretations of the rela-
tionships between organisms, biogeochemistry and the
physical environment. The biological communities and/or
biomarkers are able to reflect the real-time quality of the
system under consideration, but also to integrate in time
the perturbations exerted on ecosystems. In this context,
the possibility of building an integrated and intercalibrated
view of the ecosystem represents an important innovation
in the field of the environmental monitoring (Poikane et
al.,2011).

This approach appears, thus, more robust and less sub-
jected to errors associated with transient phenomena. How-
ever, its uncritical use and the insufficient knowledge of
species and communities autoecology can lead to wrong

':JI-"LNa"H'.I'.LSS

evaluations. Along with the lack of knowledge about biol-
ogy and ecology at several organization levels, method-
ological issues such as sampling effort and imperfect
detection of species, or the difficulty to exactly define the
reference conditions if not properly taken into account can
severely bias the results of biomonitoring (Bouleau and
Pont, 2015; Baattrup-Pedersen ef al., 2017). Additionally,
for example, the strong capability of primary producers to
modulate the physical and chemical conditions in which
they live can explain in part: i) the non-linear responses of
many aquatic macrophyte communities to external pertur-
bations, or ii) the clear space- and time-dependence of the
evaluations provided by some macrophyte multi-metric in-
dices (Demars et al., 2012; Bolpagni et al., 2016). Further-
more, the increasing spread of exotic species on a global
scale is another critical factor that can alter the responses
of biological communities to the rising impairment of
ecosystems. In this context, basic research should be im-
plemented to support limits and opportunities offered by
biomonitoring for proper management actions.

SPECIAL ISSUE CONTENTS PRESENTATION

These critical issues have been debated in a special
symposium (Biomonitoring: Lessons from the past, chal-
lenges for the future) of the 13" European Ecological Fed-
eration (EEF) and 25" Ttalian Society of Ecology’s
(S.It.E.) joint conference — Ecology at the Interface: sci-
ence-based solutions for human well-being — held in
Rome (Italy), September 21 - 25 September 2015. The
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2 R. Bolpagni et al.

mission of this symposium was the knowledge exchange
between international groups that work with biomonitor-
ing, also through the implementation and the support of
basic discussion. In this context, our main goal was the
sharing of methodological approaches to support the de-
velopment of robust indicators, providing tools for their
calibration and a proper use. This special issue is the sym-
posium outcome, based on a selection of 13 peer-reviewed
papers dealing with all the main biotic components of
freshwater ecosystems, with special emphasis to the re-
sponses of the aquatic biological community to the main
environmental and human drivers.

Four papers address the focal issue of the running water
biomonitoring based on macroinvertebrates (Bo et al.,
2017; Burgazzi et al., 2017; Guareschi et al., 2017; Merritt
etal.,2017). They focus on multiple themes, as well as the
importance of adopting functional approaches in river mon-
itoring programs (Merritt et al., 2017), or the contribution
of rare faxa to the classification of water bodies (Guareschi
et al., 2017). Bo and colleagues (2017) review the history
and development of macroinvertebrate indices in use in
Italy, providing suggestion to improve the current biomon-
itoring approach. Another key aspect addressed in the pres-
ent special issue is the role of mesohabitat mosaic in driving
macroinvertebrate diversity and variability in braided rivers
(Burgazzi et al., 2017). These systems are general poorly
studied, and their intrinsic structural high complexity is
often neglected in biomonitoring protocols. As a major re-
sult, the summer flow reduction as a homogenizing force
leads to a general loss of the most sensitive taxa.

In Mediterranean rivers, the strong seasonality with
drought during the hot season and extreme flows in au-
tumn-winter greatly drives the primary production and the
trophic chain (Barthés ef al., 2015). The on-going climate
change is expected to exacerbate the weather extremes
with dramatic effects on river biofilm species diversity,
growing rates or photosynthetic pigments (Tornés and
Ruhi, 2013). In this context, Piano ef al. (2017) investigate
by regression modelling analysis the responses of benthic
chlorophyll @ concentration — assumed as a proxy of the
algal biomass — to hydrological variability, including river
intermittency. Specifically, they have tested the usefulness
of using an in situ fluorimetric probe (BenthoTorch®) to
discriminate between the main algal groups (i.e., diatoms,
cyanobacteria, and green algae) composing autotrophic
biofilm. Della Bella et al. (2017), instead, apply a classical
approach to explore the diatom diversity across the dif-
ferent river macrotypes recorded in the Umbria region
(Central Italy). They focus on the Intercalibration Com-
mon Metric Index (ICMi; Mancini and Sollazzo, 2009),
suggesting the existence of strong differences between di-
atomic diversity metrics comparing different Mediter-
ranean river types, an aspect that should be taken into
account in comparative studies.

Macrophytes are a further key element in monitoring
programs, however additional investigations are needed to
refine their use in biomonitoring because the complex in-
teractions between aquatic primary producers and ecolog-
ical drivers (Demars et al., 2012; Bolpagni and Laini,
2016; Bolpagni et al., 2016). In addition, alien plants may
be considered one of the most critical causes of the func-
tionality loss of aquatic ecosystems. The available knowl-
edge needs to be improved to better manage control and
mitigation programs. For this purpose, Bertrin et al. (2017)
investigate the distribution patterns of alien species in the
Aquitaine lakes, considering the influence of hydromor-
phology on plants morphological plasticity. All this infor-
mation is fundamental to support effective actions.
Similarly, to monitor and to counteract the worldwide
aquatic environments decline, Sender ef al. (2017) propose
a new multi-criteria method of evaluation and assessment
of the ecological status of lakes based mainly on macro-
phytes. Among other things, this method allows to point
out a zonal evaluation of the lacustrine environment, iden-
tifying the most critic zones in terms of ecological status.
In this way, it becomes easier and immediate to identify
the most effective recovery actions. Additionally, with the
aim of making monitoring procedures leaner and more ef-
fective, Bolpagni et al. (2017) explore the potential inte-
gration between the Habitat Directive (HD, European
Union, 1992) and the WFD. A better integration between
these two directives turned out to be a win-win strategy to
obtain reliable information on the ranges occupied by
macrophytes and aquatic habitats sensu HD, and to exam-
ine their status of conservation (Bolpagni et al., 2013;
Azzella et al., 2014). In the general context of the macro-
phyte-environment relationships, another key question is
the responses of the co-occurrence patterns of species to
environmental gradients. This issue is investigated by
Azzella et al. (2017) focusing on the depth distribution pat-
terns of macrophytes in a series of volcanic lakes in Cen-
tral Italy by using a null model analysis approach. Their
main efforts confirm the not random co-occurrence pat-
terns of macrophyte’ communities in deep lakes. As a rule,
it is fundamental to evaluate the local effects of lake trophy
or human perturbations on plant dynamics before inquiring
the arrangement of species.

In the last decades, remote sensing techniques have
proved to be an extraordinary effective tool for monitoring
ecosystems at multiple scales, especially for the aquatic
ones. Bresciani et al. (2017) test their usefulness in the
analysis of cyanobacterial blooms in the frame of the
BLASCO project (CARIPLO Rif. 2014-1249). These au-
thors verified the highly effectiveness of remote sensing
for mapping cyanobacterial blooms and highlighted their
main advantages, including the generation of synoptic and
dynamic views. Additionally, Villa et al. (2017) explore
the potential of airborne and spaceborne imaging sensors
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for mapping aquatic vegetation based on the spectral re-
sponses of its morphological and physiological features.
They focused on macrophyte morphological traits (i.e.,
fractional cover, leaf area index and above-water biomass)
to discuss on the pivotal contribution offered by remote
sensing to support macrophyte monitoring and manage-
ment (Villa et al., 2015).

Finally, one contribution addresses the role of physical
and chemical drivers, as well as the functional complexity
of riparian contexts in structuring the population of one
of the most threatened target animal group: inland water
fish. The paper by Piccoli ef al. (2017) is finalized to as-
sess the contribution of a complex of Natura 2000 sites
to support fish communities, with special emphasis to two
endemic and one alien Barbus species, implementing the
current data on their local spatial distribution.

Generally, all these studies stimulate a new awareness
on the pivotal contribution of the biomonitoring ap-
proaches in the recovery of ecosystems and their func-
tions, emphasizing the need of a better integration
between sector knowledges and legislative instruments.
This is a fundamental objective in a fast changing world,
in order to improve our capability to record rapid changes
in ecosystems, and then be ready to elaborate effective/
adaptive responses to them.

ACKNOWLEDGMENTS

We thank the Organization Committee of 13" Euro-
pean Ecological Federation (EEF) and 25" Italian Society
of Ecology’s (S.It.E.) for the technical support in the per-
formance of the special symposium “Biomonitoring: Les-
sons from the past, challenges for the future” held in
Rome in September 2015. S.It.E. is also acknowledged
for having contributed financially to the publication of
this special issue. Special thanks go to many colleagues
who generously contributed as reviewers. A Special thank
also to the European Community’s Seventh Framework
Programme [FP7/2007-2013] under grant agreement no.
606865 (INFORM), and the CARIPLO (BLASCO proj-
ect, Rif. 2014-1249) that supported the publication of the
papers by Bresciani ef al. (2017), and Villa et al. (2017).
RB was supported by fellowships co-funded by the Uni-
versity of Parma.

REFERENCES

Azzella MM, Bolpagni R, Oggioni A, 2014. A preliminary eval-
uation of lake morphometric traits influence on the maxi-
mum colonization depth of aquatic plants. J. Limnol. 73:1-7.

Azzella MM, Bresciani M, Nizzoli D, Bolpagni R, 2017.
Aquatic vegetation in deep lakes: macrophyte co-occurrence
patterns and environmental determinants. J. Limnol.
76(Suppl.1):97-108. [Epub 25 Jul 2017].

Baattrup-Pedersen A, Gothe E, Riis T, Andersen DK, Larsen SE,
2017. A new paradigm for biomonitoring: an example build-
ing on the Danish Stream Plant Index. Meth. Ecol. Evol.
8:297-307.

Barthés A, Ten-Hage L, Lamy A, Rols J-L, Leflaive J, 2015. Re-
silience of aggregated microbial communities subjected to
drought - Small-scale studies. Microbial Ecol. 70:9-20.

Bertrin V, Boutry S, Jan G, Ducasse G, Grigoletto F, Ribaudo
C, 2017. Effects of wind-induced sediment resuspension on
distribution and morphological traits of aquatic weeds in
shallow lakes. J. Limnol. 76(Suppl.1):84-96. [Epub 20 Jun
2017].

Bo T, Doretto A, Laini A, Bona F, Fenoglio S, 2017. Biomoni-
toring with macroinvertebrate communities in Italy: what
happened to our past and what’s the future? J. Limnol.
76(Suppl.1):21-28. [Epub 17 Oct 2016].

Bolpagni R, Laini A, 2016. Microhabitat patterns of soft-bodied
benthic algae in a lowland river largely fed by groundwater.
Fottea 16:244-254.

Bolpagni R, Bettoni E, Bonomi F, Bresciani M, Caraffini K,
Costaraoss S, Giacomazzi F, Monauni C, Montanari P,
Mosconi MC, Oggioni A, Pellegrini G, Zampieri C, 2013.
Charophytes of Garda lake (Northern Italy): A preliminary as-
sessment of diversity and distribution. J. Limnol. 72:388-393.

Bolpagni R, Racchetti E, Laini A, 2016. Fragmentation and
groundwater supply as major drivers of algal and plant di-
versity and relative cover dynamics along a highly modified
lowland river. Sci. Total. Environ. 568:875-884.

Bolpagni R, Azzella MM, Agostinelli C, Beghi A, Bettoni E,
Brusa G, De Molli C, Formenti R, Galimberti F, Cerabolini
BEL, 2017. Integrating the Water Framework Directive into
the Habitats Directive: analysis of distribution patterns of
lacustrine EU habitats in lakes of Lombardy (northern Italy).
J. Limnol. 76(Suppl.1):75-83. [Epub 14 Feb 2017].

Bouleau G, Pont D, 2015. Did you say reference conditions? Eco-
logical and socio-economic perspectives on the European
Water Framework Directive. Environ. Sci. Pol. 47:32-41.

Bresciani M, Giardino C, Lauceri R, Matta E, Cazzaniga I, Pinardi
M, Lami A, Austoni M, Viaggiu E, Congestri R, Morabito G,
2017. Earth observation for monitoring and mapping of
cyanobacteria blooms. Case studies on five Italian lakes. J.
Limnol. 76(Suppl.1):127-139. [Epub 19 Aug 2016].

Burgazzi G, Laini A, Racchetti E, Viaroli P, 2017. Mesohabitat
mosaic in lowland braided rivers: Short-term variability of
macroinvertebrate metacommunities. J. Limnol. 76(Suppl.1):
29-38. [Epub 14 Apr 2017].

Della Bella V, Padula R, Charavgis F, Cingolani A, Colangelo
P, 2017. Mediterranean river biomonitoring in Central Italy:
diatom biodiversity and characterization of communities. J.
Limnol. 76(Suppl.1):49-59. [Epub 27 Oct 2016].

Demars BOL, Potts JM, Trémoliéres M, Thiébaut G, Gougelin
N, Nordmann V, 2012. River macrophyte indices: Not the
Holy Grail! Freshwater Biol. 57:1745-1759.

European Union, 1992. Council Directive 92/43/ECC of 21 May
1992 on the conservation of natural habitats and wild fauna
and flora. OJ L 206, 22.07.1992, p. 7-50.

European Union, 2000. Directive 2000/60/EC of the European
Parliament and of the Council of 23 October 2000 establish-
ing a framework for Community action in the field of water
policy. OJ L 327, 22/12/2000, p. 1-73.



4 R. Bolpagni et al.

Guareschi S, Laini A, Sanchez-Montoya MM, 2017. How do
low-abundance taxa affect river biomonitoring? Exploring
the response of different macroinvertebrate-based indices.
J. Limnol. 76(Suppl.1):9-20. [Epub 7 Jun 2016].

Mancini L, Sollazzo C, 2009. Metodo per la valutazione dello
stato ecologico delle acque correnti: comunita diatomiche.
Rapporti ISTISAN 09/19. Istituto Superiore di Sanita,
Roma: 32 pp.

Merritt RW, Fenoglio S, Cummins KW, 2017. Promoting a func-
tional macroinvertebrate approach in the biomonitoring of
Italian lotic systems. J. Limnol. 76(Suppl.1):5-8. [Epub 7
Jun 2016].

Piano E, Falasco E, Bona F, 2017. Mediterranean rivers: Con-
sequences of water scarcity on benthic algal chlorophyll a
content. J. Limnol. 76(Suppl.1):39-48. [Epub 7 Jun 2016].

Piccoli F, Burgazzi G, Laini A, Ferrari C, Voccia A, Bolpagni R,
Nonnis Marzano F, 2017. Barbel species arrangement in a
regional Natura 2000 network (Emilia Romagna, Northern
Italy): an altitudinal perspective. J. Limnol. 76(Suppl.1):
140-147. [Epub 28 Jul 2017].

Poikane S, Van Den Berg M, Hellsten S, De Hoyos C, Ortiz-

Casas J, Pall K, Portielje R, Phillips G, Solheim AL, Tierney
D, Wolfram G, Van De Bund W, 2011. Lake ecological as-
sessment systems and intercalibration for the European
Water Framework Directive: Aims, achievements and fur-
ther challenges. Procedia Environ. Sci. 9:153-168.

Sender J, Maslanko W, Rézanska-Boczula M, Cianfaglione K,
2017. A new multi-criteria method for the ecological assess-
ment of lakes: A case study from the Transboundary Bios-
phere Reserve ‘West Polesie’ (Poland). J. Limnol. 76
(Suppl.1):60-74. [Epub 14 Mar 2017].

Tornés E, Ruhi A, 2013. Flow intermittency decreases nested-
ness and specialization of diatom communities in Mediter-
ranean rivers. Freshwater Biol. 58:2555-2566.

Villa P, Bresciani M, Bolpagni R, Pinardi M, Giardino C, 2015.
A rule-based approach for mapping macrophyte communi-
ties using multi-temporal aquatic vegetation indices. Remote
Sens. Environ. 171:218-233.

Villa P, Pinardi M, Toth VR, Hunter PD, Bolpagni R, Bresciani
M, 2017. Remote sensing of macrophyte morphological
traits: Implications for the management of shallow lakes. J.
Limnol. 76(Suppl.1):109-126. [Epub 7 Mar 2017].



J. Limnol., 2017; 76(s1): 5-8
DOI: 10.4081/jlimnol.2016.1502

This work is licensed under a Creative Commons Attribution-NonCommercial 4.0 International License (CC BY-NC 4.0).

Promoting a functional macroinvertebrate approach in the biomonitoring

of Italian lotic systems

Richard W. MERRITT,' Stefano FENOGLIO,* Kenneth W. CUMMINS?

"Department of Entomology, Michigan State University, 288 Farm Ln #243, East Lansing, MI 48824 USA; *Department of Science
and Technological Innovation, University of Piemonte Orientale, Via T. Michel 11, 15121 Alessandria, Italy; *P.O. Box 1181, Cooke

City, MT 59020 USA
*Corresponding author: stefano.fenoglio@uniupo.it

ABSTRACT

Over fifty years of research on freshwater macroinvertebrates has been driven largely by the state of the taxonomy of these or-
ganisms. Significant advances have been and continue to be made in developing ever more refined keys to macroinvertebrate
groups. When advances in macroinvertebrate ecological research are restricted by the level of detail in identifications, then analysis
by function is a viable alternative. The focus on function, namely adaptations of macroinvertebrates to habitats and the utilization
of food resources, has facilitated ecological evaluation of freshwater ecosystems. This classification is based not on what insects
eat, but how they obtain their food. These categories are called “functional feeding groups”, as the name implies, denoting their
functional role when describing how and where they feed. This is the basis for the functional feeding group (FFG) method that
was initially developed in the early 1960s. Taxonomy is applied only to the level of detail that allows assignment to one of five
functional feeding group categories: detrital shredders, scrapers, filtering collectors, gatherers, and predators. The aim of this short
communication, originating from the presentation of R.W. Merritt at the Biomonitoring Symposium in Rome, 2015, is to promote
the use of a functional approach in biomonitoring, especially in Italian and European lotic systems. Here, we present two case
studies and we discuss the advantages of the method, especially considering the great availability of quantitative data on macroin-
vertebrates after the implementation of the WFD 2000/60. We are confident that the increase of functional assessment of ecosystem

attributes could have important and direct repercussions in the understanding and management of running waters.

Key word: Functional Feeding Groups; ecological traits; biological traits; living stream.

INTRODUCTION

In the last 30-40 years, enormous advances have been
made in the knowledge of lotic systems (Davies and
Walker, 2013). Stream ecology is at present a solid disci-
pline, with a good theoretical basis and a wide number of
promising lines of research. In particular, a conceptual
seed, which was a constitutive element of the River Con-
tinuum Concept (Vannote et al., 1980) and previous works
(Cummins, 1973, 1974), blossomed, becoming a stimu-
lating area of investigation, with numerous applied as-
pects. This idea is related to the fact that, for a better
understanding of lotic systems, it is important to consider
not only structural elements, such as community compo-
sition and abundance, but also functional traits. In general,
the importance of a functional approach has grown expo-
nentially throughout ecological studies (Mouillot et al.,
2013), so that the term ‘functional diversity’ is at present
widely used to indicate a component of biodiversity that
generally concerns the range of things that organisms do
in communities and ecosystems. In this context, feeding
strategies are important and typical traits reflecting the
adaptation of species to environmental conditions (Merritt
and Cummins, 1996).
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In lotic food webs, much of the energetic support orig-
inates from non-living sources of terrestrial organic matter
origin, so that heterotrophic pathways are of greatest im-
portance, and detritus rather than living plant material is
the basis of most invertebrate food chains (e.g., Cummins
and Klug, 1979; Cummins ef al., 1989). Aquatic inverte-
brates generally have great genetic feeding plasticity and,
at least in their early instars, almost all aquatic insects can
be considered omnivores (Clifford and Hamilton, 1987,
Merritt et al., 2008). For this reason, the Functional Feed-
ing Group approach (Cummins, 1974; Merritt and Cum-
mins, 1996), based not on what aquatic organisms eat, but
how they obtain their food, has increased the understand-
ing of trophic dynamics in streams and rivers by simpli-
fying the benthic community into trophic guilds.
Functional Feeding Groups (FFG), based on morpholog-
ical and behavioral mechanisms associated with food ac-
quisition, are basically five: shredders, chewing or mining
coarse particulate organic matter, primarily dead leaves
and associated microbiota; scrapers or grazers, that scrape
periphyton and generally biofilm; collectors-gatherers,
that collect deposited organic fine sediments; collectors-
filterers, that collect fine particulate organic matter from
the water column; and predators. Appreciable differences
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can occur among these categories, depending on possible
variations in food availability or ontogenetic shifts in diet
(Malmgqvist et al., 1991, Fenoglio et al., 2010), but the
relative importance of these functional feeding groups
within benthic communities can be considered to obtain
useful ecological information.

The use of functional traits to investigate different
ecosystem attributes has already been introduced (Merritt
et al., 1996), and for example adopted to give practical rec-
ommendations about river oxbow and river-riparian marsh
restoration in Florida (Merritt ef al., 1999, 2002). The func-
tional group analysis can be used as surrogates for ecosys-
tem attribute studies (Cummins ef al., 2005): for example,
using the relationship among FFG it is possible to provide
useful information about ecosystem stability, energy flow
and trophic webs. The aim of this short communication, de-
veloped within the Biomonitoring Symposium held in
Rome in September 2015 in the frame of the European
Ecological Federation (EEF), is to encourage the use of the
functional approach in European and especially Italian lotic
environments. As an example of the potential applications
of this approach, we are presenting two case studies, carried
out in Alpine environments and characterized by hydrolog-
ical and morphological alterations.

Case studies
Hydrological alterations — droughts

This first case study is focused on the effect of
droughts in previously known perennial rivers. In partic-
ular, we re-analyzed here, through a functional approach,
data from a study observed in Italian pre-Alpine environ-
ments. Droughts constitute a growing problem in South-
ern Europe, with dramatic ecological consequences and
underestimated economic and social repercussions (Filipe
et al., 2013). Over-exploitation of water resources, land
use transformations and particularly global climate
change are among the main causes of hydrological alter-
ation increase (Vicente-Serrano et al., 2014).

In recent years, a significant part of Northern Italy
lotic systems changed from naturally ‘permanent’, with
continuous presence of running water, to ‘intermittent’,
with extreme water scarcity or lack in some periods,
mostly during summer. The study was conducted in the
upper section of the Po River, the largest Italian river and
tenth largest in Europe. We selected as case study at an
11-km reach, with altered flow regimes in the lowest part,
where in the last few decades drought has become a reg-
ular event. From January 2004 to September 2005, we
collected samples in four stations that are close to each
other (<10 km from Site 1 to 4) but with different drought
lengths. In the study period, superficial flowing waters were
permanent in Site 1, while disappeared for 150 days in Sta-
tion 2, 240 days in Station 3, and 330 days in Station 4.

Discussion and conclusions about biodiversity, taxonomic
richness, and invertebrate densities are reported in
Fenoglio et al. (2007). Here, we focus on the relative im-
portance of invertebrate functional groups as analogs of
ecosystem attributes. Functional composition of benthic
assemblages varied dramatically among stations, with an
evident increase of collectors-gatherers and a marked re-
duction of shredders and scrapers in the most impacted
sites. First, according to Merritt ef al. (1996), we investi-
gated the importance of instream primary production, and
consequently the autotrophy to heterotrophy ratio, by cal-
culating the importance of scrapers (plus live vascular hy-
drophyte shredders) as a proportion of shredders plus total
collectors. Results are reported in Fig. 1. Moreover, we
analyzed the ecological importance of allochthonous en-
ergetic inputs, markedly CPOM, in the different stations
through the importance of shredders as a proportion of
total collectors. In this case, we utilized only fall/winter
samples, because of the seasonality of this input in the
study area. Interestingly, sites that are very close in the
same river reach evidenced decreasing values with the in-
crease of drought length (Fig. 2).

These results indicate that the progressive diminution
of permanent water flow profoundly alters energy fluxes
and food webs of the river biota. The metabolism of in-
stream primary producers is highly sensitive to alterations
in hydrological and thermal conditions (Uehlinger, 2006).
So, while in the first site the constant water permanence
permits the establishment of stable periphytic biofilms, in
the other stations, we can evidence a progressive reduc-
tion of autotrophy at the ecosystem level, the entity of
which is inversely proportional to drought length. Fur-
thermore, the absence of permanent water probably in-
hibits the microbial breakdown of allochthonous inputs
(i.e., the conditioning by aquatic hyphomycetes and bac-
teria), that is essential to make this resource available for
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Fig. 1. Scrapers as a proportion of Shredders and Collectors in
the four sites of the Po River.
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macroinvertebrates and the rest of the trophic web. We
can hypothesize that droughts in these naturally perennial
systems cause a dramatic functional alteration, drastically
reducing the importance of internal productivity and al-
lochthonous coarse organic detritus processing. With the
progressive increase of drought persistence, benthic com-
munities became simplified and more functionally gener-
alist, relying mainly on fine organic sediments.

Morphological alterations - siltation

In the last decades, anthropogenic pressures have in-
creasingly altered the sediment transport-deposition cycle
in many rivers. In particular, siltation, that is the deposi-
tion of unnatural amounts of fine sediments, has become
a key ecological problem (Owens ef al., 2005), especially
in mountain areas that are naturally characterized by
coarse substrata. Here, fine sediment accumulations can
dramatically alter the environmental characteristics of
streambeds, combining physical (i.e., clogging interstices,
reducing micro- and meso-habitat heterogeneity — Bo et
al., 2007), chemical (i.e., lowering substrata permeability
to oxygen and other dissolved gases, nutrients and
metabolites — Pretty et al., 2006), and biological (i.e.,
causing burial, constraining or preventing movement and
survival of lotic organisms — Jones et al., 2012) effects.
Siltation can cause significant changes in many aspects
of stream biota, the most frequently documented being
structural, such as abundance diminution and taxonomic
transformation in lotic communities (Allan and Castillo,
2007). Here, we utilized the functional approach to eval-
uate if stream reaches impacted by anthropogenic fine
sediments have similar ecosystem attributes (based on the
FFG proportion). We reanalyzed data from a study con-
ducted in two third order streams in the Cottian Alps
(Piemonte, NW Italy), the Luserna and the Comba Liussa
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Fig. 2. Shredders as a proportion of total Collectors in the four
sites of the Po River.

streams. These streams are very close (<7 kilometers
away from each other), share the same climatic condi-
tions, but show a great difference in fine sediment
amounts, because the first drains one of the most impor-
tant mining areas of Western Alps while the second is al-
most pristine. We performed quantitative samplings on
stream macroinvertebrate communities in both streams
(see details in Bona et al., 2015). Here we present results
from the application of a functional approach. Firstly, we
considered the ratio between scrapers as a proportion of
shredders plus total collectors. Considering quantitative
data from the two lotic systems, mean values were 4.15
(x1.45 SE, standard error) in the clogged stream and 10.12
(£3.47) in the unaltered stream. Furthermore, we calcu-
lated the ratio between total shredders and total collectors:
values were 5.62 (£1.69) for the Luserna and 22.7 (+4.27)
for the Comba Liussa. In addition, if no threshold levels
(Merritt et al., 2002) have been utilized here because of
the novelty of this approach in Alpine and pre-Alpine Ital-
ian lotic systems, these values underline important
changes in ecosystem attributes. In particular, we can hy-
pothesize that anthropogenic siltation severely altered en-
ergetic inputs in the Luserna stream. The elevated
amounts of fine sediments in the streambed resulted in a
lower instream primary production, because of the re-
duced survival possibilities for periphyton, and in a lower
CPOM availability, due to the increased homogenization
of the substrate and the consequent reduction of the coarse
allochthonous detritus retention. These important func-
tional changes were well evidenced by the different FFG
ratio we reported.

DISCUSSION AND CONCLUSIONS

This manuscript originates from the interesting oral
communication of R. W. Merritt at the EEF 2015 Con-
gress (Rome, September 2015) and successive conversa-
tions. The main purpose of this work is to encourage the
evaluation of ecosystem attributes through the use of
functional macroinvertebrate traits, in particular FFG ra-
tios. At present, this functional approach has been rarely
used in Europe and especially in Italy. This work aims to
promote the use of this method, which has many advan-
tageous applications.

Firstly, the functional group approach can be used to
investigate ecosystem attributes in natural and in different
kind of impacted systems. Applications can be made in
the field of morpho-hydrological alterations, as shown
here, or to assess ecological conditions of polluted rivers
(Canobbio et al., 2010). This method can be applied to a
wide range of river environments, across a broad geo-
graphic range. Moreover, this method provides informa-
tion about ecosystem conditions that are often difficult or
even quite impossible to measure directly. Finally, the dif-
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fusion of quantitative surveys of benthic macroinverte-
brate communities in Italy (and in the rest of Europe) after
the compliance of the Water Framework Directive
2000/60 provides the availability of a vast amount of data,
which can be easily analyzed through a *’functional lens”,
with the assignment of organisms to the different FFGs.
In fact, as shown here, starting from macroinvertebrate
quantitative data, appropriate functional traits can be as-
signed to each taxon and used, without problems, to eval-
uate ecosystem attributes.
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ABSTRACT

The contribution of rare taxa to aquatic bioassessments remains a subject of debate, and generates contrasting positions among
researchers. Very little is known about the effect of low-abundance taxa (LAT) for calculating both single and multimetric macroin-
vertebrate-based indices, as well as the ecological status classification. In this study, we aimed to: i) identify the aquatic macroin-
vertebrates that need special attention during index applications given their low abundance; ii) analyse the effect of excluding LAT
on single IBMWP and IASPT) and multimetric (STAR _ICMi) biological indices; and iii) investigate the influence of LAT on
river ecological status assessments. To this end, two different river basins in SE Spain and N Italy with contrasting climatic con-
ditions and river types were selected. Our results showed that almost all the taxa at the family level can act as low-abundance faxa.
In particular, the LAT belonged mainly to Diptera, Trichoptera, Coleoptera, Gastropoda and Hemiptera. The IndVal analysis stressed
Tabanidae, Cordulegasteridac and Hydroptilidae as the most characteristic low-abundance families in the Spanish data set, while
Dryopidae and Athericidae were identified mostly in N Italy. Excluding LAT affected the studied index values and the resulting
bioassessment classification, except for the IASPT index. Loss of the entire LAT pool reduced the ecological status for 78% of the
samples for the IBMWP index. Changing took place in 41% of the samples when considering the STAR_ICM index. Relevant
changes were detected even when considering loss of 50% of the LAT, especially with the IBMWP index. Similar values and
patterns were obtained in each considered quality class and river type. Our results provide useful information about controversial
taxa and stress the significance of LAT in river biomonitoring. Excluding LAT is discouraged, although different responses according
to the considered index were detected. The IBMWP index always obtained lower values (coupled mainly with an underestimation
of ecological classes), while STAR ICMi and, especially the IASPT index, were less affected by excluding LAT. Paying special
attention to all the protocol application stages is recommended, with emphasis placed when using the IBMWP index.

Key word: Bioassessment; rare taxa; ecological classes; IBMWP; IASPT; STAR ICMi.

INTRODUCTION

River assessment is extensively based on aquatic
macroinvertebrates and numerous biomonitoring indices
have been developed for this purpose (Doledéc and
Statzner, 2010; Birk e al., 2012; Bo et al., 2016). These in-
dices are generally based on rapid biological assessment
protocols (Barbour e/ al., 1999), followed to obtain a prac-
tical and rigorous assessment of river ecological conditions.
However, macroinvertebrate sampling activities may reflect
just one part of the community, and documenting some faxa
(e.g., with either low abundances or small distribution
ranges) is often time-consuming and cost-intensive in terms
of fieldwork, laboratory work, data processing and analyses
(Nijboer and Schmidt-Kloiber, 2004).

These taxa are generally called “rare” (Gaston 1994;
Nijboer and Verdonschot, 2004) and their contribution to
aquatic biomonitoring has received particular attention in
multivariate analyses for bioassessment (Cao ef al., 2001;
Marchant 2002) and predictive methods, especially in
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Anglo-Saxon countries (e.g., the RIVPACS approach;
Clarke and Murphy, 2006; Van Sickle ef al., 2007). Nev-
ertheless, this debate is ongoing with researchers offering
contrasting positions and findings (Cao and Williams,
1999; Marchant et al., 1999; Poos and Jackson, 2012).
Very little is known about the effect of rare faxa for cal-
culating single or multimetric macroinvertebrate-based
indices or about the effect on ecological status assess-
ments, especially in South Europe.

Contrary to faxa with small distribution ranges, low-
abundance taxa (herein referred to as LAT) might be pres-
ent in numerous samples, sites and habitats, but have the
general peculiarity of presenting low number of individ-
uals during sampling activities. Although excluding this
kind of taxa may be cost-effective (especially in the field)
when applying rapid biological assessment protocols,
LAT may be common contributors to the assemblage
structure in undisturbed streams (Robinson et al., 2000),
and might even represent the largest overall richness com-
ponent (Cao et al., 1998).

The low abundance of a macroinvertebrate taxon, or
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even its absence, from a sample can be attributed to both
structural (i.e., an inhospitable environment that does not
allow a species to establish) and stochastic (i.e., incom-
plete characterisation of a macroinvertebrate community)
causes (Gray, 2005). In this study, we focused specially
on this second aspect as community characterisation can
be strictly related with difficulties during fieldwork or lab-
oratory procedures, such as operator efficiency (Metzeling
et al., 2003), sorting errors (Haase et al., 2010), or sub-
sampling methods (Nichols and Norris, 2006). As a result,
some methods and procedures may be biased towards
large, abundant and widely distributed faxa (Gillies et al.,
2009; Haase et al., 2010). LAT have fewer chances of
being sampled, so their distribution range can be under-
estimated (Nijboer and Verdonschot, 2004). The imperfect
detection of these faxa can be a common problem that
may affect numerous biological metrics; for instance, total
taxon richness and EPT richness, which are two of the
main metrics used in biomonitoring (Birk et al., 2012).

In order to improve knowledge on this topic and to
provide applied information and recommendations for en-
vironmental agencies, technicians and researchers, we
aimed to: i) identify the aquatic macroinvertebrates that
need special attention during biomonitoring (in different
river types) given their potential low abundance; ii)
analyse the effect of excluding LAT from the single
(IBMWP and IASPT) and multimetric (STAR ICMi) in-
dices; and iii) test their influence on river ecological status
assessments.

When addressing the first objective, we stressed those
taxa that need special attention while applying protocols
by discussing their ecological preferences and features.
When dealing with the other two, we investigated whether
the exclusion of these taxa could be considered crucial for
determining not only the index final values, but also eco-
logical classes, to provide useful information about effi-

cient future sampling strategies or line guides. In this way,
the comparison of different index outcomes and behav-
iours is possible and useful as study metrics and indices
are among the most widely used tools in river bioassess-
ments (Armitage ef al., 1983; Munné and Prat, 2009;
Laini et al., 2014; Buss et al., 2015). Finally, controversial
issues and possible future implications are discussed.

METHODS
Study area and sampling sites

The present study was carried out by analysing different
biogeographical and climatic regions (S Spain and N Italy).
We focused on the Segura Basin (SE Spain, Fig. 1a) with
30 sites located in the Murcia, Andalusia and Castilla-la
Mancha regions, which were sampled mainly during three
seasons in 2000-2003 for 81 sample data (Supplementary
Tab. 1). The Segura Basin is an environmentally diverse
basin, considered a good candidate to be utilised as a
Mediterranean pilot basin (Bruno et al., 2014). Agricultural
impacts and dam regulation have been recognised as rep-
resenting the most important pressures on aquatic ecosys-
tems in this catchment (Kroll et al, 2013;
Sanchez-Montoya et al., 2009; Bruno et al., 2014). We con-
sidered types, reference values and class boundary values
according to those proposed by Sanchez-Montoya et al.
(2007, 2010) and developed in the Spanish study area.
These biological data and types were developed as part of
the GUADALMED II Project for Mediterranean Spanish
rivers (Prat, 2004). To obtain a representative data set, the
sites of four of the five river types in Mediterranean rivers
were considered (including temporary and perennial, and
different lithologies; Tab. 1).

We also studied the effect of LAT on biomonitoring in
the Po Basin (N Italy, Fig. 1b). It is the widest river basin

Fig. 1. Study area and location of sampling sites. A) Segura Basin (SE Spain; white circles, T1 sites; black triangles, T2 sites; black cir-
cles, T4 sites; black stars, TS sites). B) Po Basin (N Italy, black triangles, 06GL sites; white squares, 10SS sites; black stars, 06SS sites).
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in Italy. We considered 29 representative sites (Lombardia
and Emilia-Romagna regions) that were sampled mainly
twice (86 sample data; Supplementary Tab. 1). The
macroinvertebrate data originate from the fieldwork ac-
tivities performed from 2009 to 2015. Similar to the Se-
gura Basin, agriculture and flow alterations can be
considered the main pressures in the area (Laini ef al.,
2011; Guareschi et al., 2014). We considered types, ref-
erence values and class boundary values according to
those published in the Italian ministerial decree DM
260/2010. The data set encompasses three river types
from lowland to Apennine streams (Tab. 1, see details on
Italian hydro-regions in Buffagni et al., 2008).

According to the Koppen-Geiger climate map of Eu-
rope (Peel et al., 2007), the study area in SE Spain is clas-
sified mostly as arid (code: BSk), while Italian regions are
temperate (code: Cfa).

Macroinvertebrate indices: IBMWP, IASPT
and STAR_ICMi

We defined low-abundance faxa as all the taxa whose
abundance was <3 individuals per sample, which corre-
sponds to the first abundance class in the IBMWP index,
and as <3 per 0.5 m? for the quantitative STAR ICMi.
Similar criteria have been considered in other studies
(Bradley and Ormerod, 2002; Gillies et al., 2009). The re-
sponse of three different macroinvertebrate-based indices,
IBMWP (Iberian Biological Monitoring Working Party),
IASPT (IBMWP value/number of families) and
STAR_ICMi (Intercalibration Multimetric Index), to LAT
exclusion was tested. The first two indices were tested
with the Spanish data set, while the Italian data set was
used with the last one (see the details below).

The taxonomic resolution needed to calculate these in-
dices is the family level and five ‘Ecological status” levels

Tab. 1. Code and description for each river type in the study
area. The details for each site are available in Supplementary
Tab. 1.

Code Description

Tl Temporary streams

T2 Evaporite calcareous at medium altitude

T4 Calcareous headwaters at medium and high altitude
T5 Large watercourse

Code Description

06GL Floodplain watercourse originated from lakes

06SS Floodplain streams

10SS Northern Apennine streams

have been established according to European legislation
(WFD 2000/60/CE, European Commission 2000) for
IBMWP and STAR ICMi. IBMWP is the most widely
used index in Spanish Mediterranean rivers (Alba-Tercedor
et al., 2002; Munné and Prat, 2009). It is currently the of-
ficial index proposed in Spanish rivers (MAGRAMA,
2015) and is an adaptation of the British BMWP scoring
system for the Iberian Peninsula, where each family pres-
ents a score from 0 to 10 according to their known tolerance
to pollution. The IBMWP index is a single metric index
(Munné and Prat, 2009) and the sample value is obtained
by summing these family scores. This index is considered
a simple one (Couto-Mendoza et al., 2015) with a multi-
habitat semi-quantitative kick procedure in the field
(Jaimez-Cuéllar et al., 2002). IASPT represents a sensitive
taxa index that is easily calculated for each sample as the
IBMWP value divided by the number of scoring families
detected. It was calculated only for the Spanish data set as
this index is currently recognised as a biomonitoring tool
in Spain and is commonly used in this area (e.g., Sanchez-
Montoya et al., 2010). Unlike the other indices,
STAR_ICMi is a multimetric index and is the official index
used in Italy for assessing water course quality statuses ac-
cording to European legislation (Buffagni et al., 2006,
2008). It requires a quantitative sampling activity referee
on a surface (0.5 m? or 1.0 m? depending on the Italian
hydro-regions) and has also been used in Europe as an In-
tercalibration Common Metric Index (Buffagni et al,
2006). It is composed of six metrics: ASPT (Average Score
Per Taxon), logarithm of the abundances of the selected
families of Ephemeroptera, Plecoptera, Trichoptera and
Diptera abundances (log(sel EPTD+1)), total number of
taxa, number of EPT taxa, 1 minus the relative abundance
of Gastropoda, Oligochaeta and Diptera (1-GOLD) and the
Shannon index. After calculating the metrics, they were
normalised with the reference community values and
weighed (see Buffagni et al., 2006, 2007; and the Italian
ministerial decree DM 260/2010 for further details).

Statistical analyses

First of all, the percentage of LAT and the contribution
of each taxonomic group (mainly Order) to the total num-
ber of LAT were calculated. To refine the analysis and to
deal with the first goal, the Indicator Value analysis (Ind-
Val) was carried out to select specific rare families per
river type (Dufréne and Legendre, 1997; De Caceres et
al., 2010). Such affinity was calculated according to the
frequency of each taxon in the previously identified
groups by taking into account only the sub-communities
that composed of LAT. The significance of the Indicator
Value (IV) was tested by a Monte Carlo test (999 runs),
and the alpha level was set at 0.05.

In order to test the effect of excluding LAT on river
biomonitoring indices, they were removed from each
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sample after considering 100% and 50% of LAT (see de-
tails below). Then each index was recalculated and all the
samples were reclassified in the corresponding ecological
classes. The first case corresponded to excluding the en-
tire pool of LAT (e.g., relevant problems in the sorting or
picking phase, operators have little experience). We also
tested a more conservative exclusion threshold, which
corresponded to a 50% loss of LAT. To do this, the ex-
cluded LAT were obtained by considering 100 randomi-
sations of LAT constant loss one by one, and by stopping
at the value that equalled a 50% loss of the total LAT pool.
At this point, we once again recalculated each index and
all the samples were reclassified in the corresponding eco-
logical classes.

The differences between the index values obtained be-
fore and after totally excluding LAT were statistically tested
by a non-parametric Mann-Whitney test. The results were
reported for both the Spanish and the Italian data sets, and
even after splitting each data set according to its ecological
classes and river type. The behaviour of each index was
also studied graphically by focusing on the trend obtained
after performing the LAT loss simulations.

To determine whether possible changes in ecological
status were equally distributed among the ecological qual-
ity classes, we classified the sample data into three
classes: High, Good and Less than Good (codes: H, G, <

G). The boundary between Good and Moderate is crucial
according to European legislation (WFD 2000/60/CE) be-
cause it sets the targets for restoration plans in measuring
programmes of water bodies which fail the environmental
objectives of achieving a good ecological status. All the
statistical analyses were performed with the statistical
computing R software (R Development Core Team, 2013)
with packages “Vegan”, “ade4” and “indicspecies”.

RESULTS
Low-abundance faxa characterisation

Ninety-five macroinvertebrate faxa (92 families, plus
Hydrachnidia, Ostracoda, Oligochaeta) were found in the
Spanish basin (meantSD = 30+11; SD, standard devia-
tion), with a mean value of 11 faxa (£5) as LAT (details
in Tab. 2). Ninety-one of the 95 taxa were identified as
rare at least once. The faxa with low abundances belonged
mainly to Diptera (20%), Trichoptera and Coleoptera
(both 14%) in this area (Fig. 2).

The IndVal analysis stressed just one indicator family
in river types T1 and T2 as Baetidae and Tabanidae, re-
spectively. Larger groups of indicator families were ob-
tained for types T4 and T5. Cordulegasteridac and
Gyrinidae showed the highest IV for T4, with Hydroptil-

Tab. 2. Mean number (£SD) of the low-abundance faxa (LAT) for each river type in each data set. The total number of taxa (TT) and

the total number of LAT are also displayed.

LAT 8+5 10+£3 15+3 10+5 8+3 10+4 8+3 90
T 7 73 83 55 68 66 £ 92
23 SPAIN
20 4 _ BITALY

Fig. 2. Distribution of LAT (in %) among the main taxonomic groups (mainly Order). Spanish results are labelled in grey and Italian

ones in the darker tone.
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idae, Ceratopogonidae and Philopotamidae in the T5
ecosystems (Tab. 3).

Regarding the Italian dataset, 92 taxa (91 families,
plus Hydrachnidia) were detected (2145 per sample) with
a mean value of 943 LAT per sample. Ninety taxa were
identified as rare at least once (Tab. 2), where the highest
percentage of low-abundance faxa belonged to Tri-

choptera (16%), followed by Diptera, Gastropoda and
Coleoptera (Fig. 2).

The IndVal analysis showed only two families as
being characteristic LAT in the 06GL river type (Corbi-
culidae and Aphelocheiridae), whereas a larger number of
taxa were found in the other types (Tab. 4). Dryopidae,
Leuctridae and Oligoneuriidae showed the highest IV for

Tab. 3. The IndVal results for the Spanish data set of LAT (Segura Basin) at the family level.

Order Family T 10% P value
Ephemeroptera Baetidae T1 0.19 0.050*
Diptera Tabanidae T2 0.37 0.005%*
Odonata Cordulegasteridae T4 0.32 0.005%*
Coleoptera Gyrinidae T4 0.31 0.020%*
Megaloptera Sialidae T4 0.29 0.020%*
Diptera Psychodidae T4 0.26 0.025*
Trichoptera Polycentropodidae T4 0.25 0.040%*
Odonata Aeshnidae T4 0.24 0.035*
Ephemeroptera Leptophlebiidae T4 0.24 0.010%*
Plecoptera Perlodidae T4 0.21 0.040%*
Trichoptera Hydroptilidae T5 0.42 0.005%*
Diptera Ceratopogonidae T5 0.34 0.020*
Trichoptera Philopotamidae T5 0.32 0.020%*
Odonata Calopterygidae T5 0.31 0.005%*
Gastropoda Planorbidae T5 0.31 0.005%*
Coleoptera Dytiscidae T5 0.29 0.010%*
Gastropoda Ancylidae T5 0.22 0.050*

T, river type; 1V, indicator value; **P<0.01; *P<(0.05.

Tab. 4. The IndVal results for the Italian basin of LAT (Po Basin) at the family level.

Order Family T 10% P value
Bivalvia Corbiculidae 06GL 0.26 0.035*
Hemiptera Aphelocheiridae 06GL 0.24 0.050*
Coleoptera Dryopidae 6SS 0.58 0.005

Plecoptera Leuctridae 6SS 0.30 0.020*
Ephemeroptera Oligoneuriidae 6SS 0.29 0.005**
Ephemeroptera Ephemerellidae 6SS 0.27 0.040*
Trichoptera Polycentropodidae 6SS 0.25 0.040%*
Amphipoda Gammaridae 6SS 0.20 0.050*
Diptera Athericidae 10SS 0.40 0.005%*
Diptera Empididae 10SS 0.31 0.035*
Coleoptera Dytiscidae 10SS 0.27 0.005**
Plecoptera Perlidae 10SS 0.23 0.040*
Trichoptera Limnephilidae 10SS 0.23 0.010%**
Trichoptera Sericostomatidae 10SS 0.17 0.040%*
Coleoptera Scirtidae 10SS 0.13 0.025*
Hemiptera Gerridae 10SS 0.13 0.045%*
Trichoptera Glossosomatidae 10SS 0.11 0.040*

T, river type; 1V, indicator value; **P<0.01; *P<0.05.
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floodplain rivers (06SS), while Athericidae and Empidi-
dae were identified in Apennine streams (10SS, Tab. 4).

Effect of excluding low-abundance taxa on single
metric indices: IBWMP and IASPT

Excluding the entire pool of LAT (100%) resulted in
significant differences compared with the IBMWP results
(W=3321; P<0.0001). The original IBMWP mean value
was 148; on the contrary when the index was recalculated,
we obtained a mean value that equalled 93. The ecological
quality classification of 29 of the 30 sampling sites
changed at least once, and the ecological status of 78% of
the samples changed to a minor class (see Tab. 5). More-
over, 82% of the values first classified as High shifted to
a minor status (Good). Similar results were obtained (74-
75%) when the starting point was Good or Less than
Good. Substantial changes were noted for each river type
in the analysis (from 33% to 100%), which was especially
true for the T2 streams that exhibited huge changes in
quality assessment when the starting points were High or
Less than Good classes.

The 50% randomised LAT loss also led to relevant
changes in the IBMWP values, but the percentage of class
changes lowered compared to the total LAT loss (Tab. 5).
The ecological status of about half the overall samples
(48%) changed (24 of the 30 sites changed at least once).
Once again, percentages were similar among different
classes (43-53%). When focusing on each river type sep-
arately, the patterns were basically the same (compared
with the total LAT loss), with changes falling between
33% and 100% of cases depending on ecological class.
When LAT were not considered, all the river types pre-
sented similar patterns, and their IBMWP values clearly
and constantly dropped (Fig. 3).

Unlike the IBMWP results, the IASPT recalculations
(when all the LAT were excluded) gave values that did
not statistically differ from the original ones (W=1382,
P=0.1906). Graphically, the IASPT behaviour of LAT loss

appeared constant and displayed a horizontal trend, with
the only exception being river type T1, where more diver-
sified responses were obtained (Fig. 4).

Effect of excluding low-abundance taxa on a
multimetric index: STAR_ICMi

The exclusion of all the LAT (100%) led to significant
differences when we compared the STAR ICMi results
(W=3781; P<0.0001). The original STAR ICMi mean
value was 0.74, which became 0.62 when recalculated.
The ecological quality classification of 19 of the 29 sam-
pling sites underwent at least one class change. The eco-
logical status of 41% of all the samples changed to a
minor class. Similar values and patterns were obtained
through different ecological classes (36-41%), except
when the starting point was High class (100% change, but
a limited number of data were available; Tab. 6).

The 50% randomised loss of LAT brought about
changes in the STAR ICMi values (Tab. 6). The ecological
status of 33% of the overall samples changed (17 of 29
sites underwent at least one change). Once again, the per-
centages were similar among the different classes (23-
36%), expect when the original starting point was the High
class. When focusing on each river type separately, and
compared to the total LAT loss, the percentage of class
changes lowered, except for river type 06SS (Tab. 6).
When we graphically analysed the behaviour of
STAR_ICMi, the response patterns were not as clear as
they were for the other indices. A decreasing tendency
seemed the commonest behaviour in the three studied river
types when LAT were excluded (Fig. 5).

DISCUSSION
Low-abundance taxa

Despite the climatic and environmental differences in
the two study areas, LAT belonged mainly to the same or-

Tab. 5. Number of changes of ecological quality classes for the 100% or 50% LAT loss. The results are displayed after considering the
overall number of samples (Total), divided by river type (T1, T2, T4, T5) and ecological class (the classification represents the starting
point class before excluding LAT) in the Spanish data set. Number of sampling data per river type is also displayed.

Changes 78% 48% 12 (75%) 9 (56%) 21 (84%) 13 (52%) 27 (79%) 16 (47%) 3(50%) 1(17%)
No changes 22% 52% 4(25%) 7 (44%) 4 (16%) 12 (48%) 7(21%) 18 (53%) 3(50%) 5 (83%)
Classes
High 82% 53% 2(67%) 2(67%) 5(100%) 5 (100%) 22 (81%) 12 (44%) 2(67%) 1(33%)
Good 74% 43% 7 (88%) 5(63%) 13 (76%) 6 (35%)

<Good 75% 50% 3(60%) 2 (40%)

S(71%)  4(57%) 1 (33%) 0

3(100%) 2 (67%) - -
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ders in both data sets (e.g., Diptera, Trichoptera and rion of IV>25 as a key value to judge an indicator taxon
Coleoptera) and were basically those stressed by Nijboer as being adequate (Bonada et al., 2008, following Dufréne
and Schmidt-Kloiber (2004) for Dutch streams. When fo- and Legendre, 1997), Bactidae was not a good indicator
cusing on the Spanish data set, and according to the crite- for the T1 streams. On the contrary in the T2 streams, Ta-
™ T2
300 =

I
0 3 10 15 20 O = 10 15 20

n’ low-abundance raxa

Fig. 3. IBMWP index behaviour per river type (T1, T2, T4, T5) after randomisations of constant LAT loss. The boundary value between
the Good and Moderate conditions is displayed. The index values are displayed on the y-axis and the number of considered LAT is
found on the x-axis.

Tab. 6. Number of changes of ecological quality classes for the 100% or 50% LAT loss. The results are displayed after considering the
overall number of samples (Total), divided by river type (06GL, 10SS, 06SS) and ecological class (the classification represents the
starting point class before excluding LAT) in the Italian data set. Number of sampling data per river type is also displayed.

Changes 41% 33% 21 (38%) 17 (31%) 10 (42%) 7 (29%) 4 (57%) 4 (57%)
No changes 59% 67% 34 (62%) 38 (69%) 14 (58%) 17 (71%) 3(43%) 3(43%)
Classes

High 100% 100% - 3(100%) 3(100%)

Good 41% 36% 9(38%)  8(33%) 8(50%) 7 (44%) 1(25%) 1(25%)
<Good 36% 23% 12 (39%) 9 (29%) 2(25%)  0(0%) - -
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banidae needed special attention during sample and sort-
ing activities, as did a large group of faxa dominated by
Cordulegasteridac and Hydroptilidae for the T4 and T5
streams, respectively. Cordulegasteridae larvae (genus
Cordulegaster), Tabanidae and Athericidae (see below)
are generally predators of other aquatic invertebrates (Ta-
chet et al., 2010). Members of these feeding groups have
already been stressed as being relatively less abundant
than prey species (Spencer, 2000). Hydroptilidae larvae
(Trichoptera) usually prefer specific microhabitats with
submerged vegetation where they anchor their cocoons
which, coupled with their limited size and lack of move-
ments (under dry and wet conditions) (Tachet et al.,
2010), may make them particularly difficult to detect.
None of the faxa stressed by the analysis was charac-
terised by extreme IBMWP scores, and higher values were
depicted by some Odonata (e.g., Cordulegasteridae) or Tri-
choptera (e.g., Philopotamidae). Most of the indicator taxa

T

g =

T4

IASPT

presented intermediate values, basically with scores of
around 3, 4, or even 6 points, as confirmed by the [ASPT
response to LAT loss (Fig. 4). The mean faxa scores did not
change, but stabilised with values between 4 and 6. In this
situation, LAT presented a comparable IBMWP score with
the commonest taxa. These results (Fig. 4) agree with the
research of Nijboer and Schmidt-Kloiber (2004), who
found that the mean scores for saprobic valences were sim-
ilar for both taxa types (low and high abundances). If LAT
had been taxa with an extreme IBMWP score (1 or 10), the
IASPT responses to their loss would have shifted towards
a marked change in their slopes.

According to the Italian results, it was difficult to sug-
gest specific LAT for the 06GL rivers if we considered
that the IndVal stressed taxa with IV came close to 25. On
the contrary, Dryopidae (Coleoptera) and Athericidae
(Diptera) were underlined as characteristic LAT in 06SS
and 10SS, respectively. Special attention needs to be paid

[ I
h =

n” low-abundance raxa

Fig. 4. IASPT index behaviour per river type (T1, T2, T4, TS) after randomisations of constant LAT loss. The index values are displayed
on the y-axis and the number of considered LAT is found on the x-axis.
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to these taxa in all the sampling phases and for all labo-
ratory activities. Dryopidae larvae are generally semi-
aquatic or riparian (Jich and Balke, 2008) and are,
therefore, rarer to detect during sampling activity as only
adults are strictly aquatic. Furthermore, Dryopidae have
already been stressed as infrequent in low mountainous
streams in other FEuropean countries (Slovakia:
Zatovicova et al., 2004). Regarding specific LAT features,
other studies have generally found that these taxa are as-
sociated with standing or slowly flowing waters (Nijboer
and Schmidt-Kloiber, 2004).

Our results in both data sets only partially confirmed
this finding by considering that a heterogeneous group of
LAT was found. This group was composed of some lotic
preference taxa, but also some highly diverse taxa
(Coleoptera, Diptera), and even some strictly lentic ones
(Odonata, Gastropoda, and Hemiptera). However, benthic
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sampling methodologies like those utilised (D-net and
Surber, following official legislation) could also be the
reason for the low abundance found in some groups (e.g.,
swimmers or surface skaters). Most of these taxa (e.g.,
Coleoptera or Hemiptera) live on the water surface or
among vegetation, and can easily escape sampling nets.
Nevertheless, the LAT identified herein cannot be consid-
ered rare or endemic in terms of small range areas, espe-
cially given taxonomic resolution (family level).

Performance of indices and implication
for bioassessment

Excluding LAT resulted in underestimating ecological
status (values lower than reality) for STAR ICM and
IBMWP indices. This effect became considerably
stronger after applying the IBMWP index, with relevant

i
10 0
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n’ low-abundace rfaxa

Fig. 5. STAR ICM index behaviour per river type (10SS, 06GL, 06SS) after randomisations of constant LAT loss. The boundary value
between the Good and Moderate conditions is displayed. The index values are displayed on the y-axis and the number of considered

LAT is found on the x-axis.
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changes in the ecological evaluations. This is strictly re-
lated with the index formula, which exclusively represents
a sum of family scores and is strongly affected by a re-
duction in the total recognised taxa.

Different outcomes were detected when focusing on
the TASPT index. This index did not appear sensitive
when LAT were excluded from three of the four
Mediterranean river types, and displayed a contrasting
response in temporary rivers (T1). Applying biomoni-
toring procedures to temporary aquatic ecosystems is
currently one on the main bioassessment challenges and
requires specific tools (Nikolaidis et al., 2013; Datry et
al., 2014; Prat et al., 2014). The general observed lack
of sensitivity of this index can be considered an inter-
esting attribute (i.e., no specific knowledge or experi-
ence required), but this approach may be questionable,
or even dangerous (Metzeling ef al., 2003; Haase et al.,
2006). We should also consider that the ITASPT index has
been reported to be less sensitive to stressors than the
IBMWP index in Mediterranean rivers (Sdnchez-Mon-
toya et al., 2010).

The Italian index STAR ICM gave an intermediate
response compared to the other indices. Following LAT
loss, the results were generally underestimated, but more
slightly than for the IBMWP index. Once again, this is
probably related with the index formula. As it was a mul-
timetric index, and not just a mathematic sum, it could
be less affected by the reduction in the total taxa consid-
ered herein. Richness metrics formed part of the index
(e.g., total of families, total EPT faxa), but the metrics
with the heaviest weight in the definition of the index
was the Average Score Per Taxon (ASPT) value. Know-
ing the specific behaviour of the Spanish ASPT (inves-
tigated herein) could help explain the attenuated STAR
tendencies.

Unlike our results, Nijboer and Schmidt-Kloiber
(2004) reported that excluding LAT overestimated the
ecological quality class in Dutch lowland streams with
the AQEM software (Hering et al., 2004). These con-
trasting findings, which are especially strong between
IBMWP and AQEM, may be due to the different geo-
graphic contexts and river types considered (e.g., North-
ern vs Southern Europe), but could also be due to
specific differences between protocols (e.g., taxonomic
resolution, sampling area). Despite the AQEM method
and STAR ICMi presenting similar procedures (Hering
et al., 2006), contrasting results were obtained as LAT
exclusion did not generally lead to overestimates in the
Italian data set. Nevertheless, in both cases (underesti-
mation and overestimation), these mismatches could
have serious consequences for environmental agencies
and water managers during environmental management
(e.g., restoration where it is not necessary), which can
provide equivocal pictures of river ecosystem health.

CONCLUSIONS

Our study is one of the first attempts to test the effects
of excluding LAT in several widely used European in-
dices. Previous studies have tested macroinvertebrates at
the genus or species level (Cao et al., 1998; Resh et al.,
2005), and have mainly examined the effects of LAT on
richness metrics. Our results demonstrated that even at the
family level and in two different study areas, LAT repre-
sent a large part of overall richness. Their exclusion
strongly lowered the number of faxa in the samples re-
gardless river typology, with effects on bioassessment de-
pending on the index employed. In this context, the
implementation of quality control mechanisms into
macroinvertebrate assessment procedures seems recom-
mendable.

Finally, by considering the increasing impacts and
challenges of alien species on aquatic ecosystems (Havel
etal., 2015; Fenoglio et al., 2016), alien taxa must be spe-
cially considered because they can be generally charac-
terised by initial low abundances in their first invasion
phases. Indeed, in our study, Corbiculidae (e.g., Corbicula

fluvialis) are reported as LAT in some Italian rivers. This

fact may lead to some mismatches or variations in the
final index scores, and similar problems have already been
stressed in other European countries (Gabriel et al., 2005).
Specific reflexions and future adjustments to studied sys-
tems in both countries should be made (e.g., definition of
specific tolerance classes or periodically reviewing the
taxa list by considering possible taxonomic modifications
and future invaders) to improve ecological assessment
tools in freshwater ecosystems.
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ABSTRACT

This paper reviews the history and development of biological water quality assessment using macroinvertebrates in Italy. Italy
was one of the first European countries to officially adopt a biomonitoring system based on benthic invertebrates, the “Indice
Biotico Esteso” (IBE). After the European Water Framework Directive (WFD) 2000/60/EC, this method was replaced by the “Stan-
dardisation of River Classifications_Intercalibration Common Metrics” (STAR _ICM) index, which met the new requirements. As
this method has been employed for some years, it could be useful to take a provisional stock and to provide some suggestions to
ameliorate the current biomonitoring approach, also trying to minimize the break with past practices and better harmonize the
history of biomonitoring in Italy. One of the most evident difference between past and current approach is related to the amount of
time and effort required in the application of the two methods. STAR ICM is a scientifically rigorous and modern method, but
much more time-consuming and challenging in both field and laboratory efforts. This fact has various disturbing practical reper-
cussions, i.e., the environmental agencies have generally reduced the number of sampling stations routinely monitored during the
year. The aim of our work is to propose some operational changes that would help to simplify and expedite the monitoring process.
In particular, regarding fieldwork, we focus on the time and effort required for macroinvertebrate collection, while for laboratory
activity we suggest a reshaping of the requested taxonomic detail. Moreover, in this way the data provided by the new approach

could be compared with the long time series available from the previous application of IBE.

Key word: IBE; STAR ICMi; WED 2000/60; environmental quality assessment; running waters.

INTRODUCTION

A brief history of biological monitoring
with macroinvertebrates

In the last decades, biological monitoring of running
water systems has become increasingly important as an in-
dispensable complement to traditional chemical-physical
techniques in the evaluation of anthropic impacts (Barbour
etal., 1999; Birk et al., 2012; Friberg, 2014). A wide range
of techniques blossomed throughout the last century
(Hellawell, 1986) and, whilst a variety of biological groups
continued to be considered (e.g., bacteria, benthic algae,
fish), the use of benthic macroinvertebrates became by far
the most common method (Metcalfe, 1989). Nowadays,
benthic macroinvertebrates represent the most widely used
group of organisms in freshwater biomonitoring, due to
their different sensitivity to changes in both chemical char-
acteristics of the water column and physical properties of
habitats (Rossaro et al., 2011; Szivak, and Csabai, 2012).
Macroinvertebrates are a heterogeneous group of ubiqui-
tous and abundant organisms, relatively easy to collect,
identify and enumerate (Bonada ef al., 2006). Furthermore,
the relatively long length of life cycles of many species and
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their constant presence in the same locality make the analy-
sis of their community structure an effective tool to detect
the occurrence of human pressures over long time periods
(Allan and Castillo, 2007).

Benthic macroinvertebrates have a long history as key
component of biomonitoring tools, dating back to the be-
ginning of the 20" century (Cairns and Pratt, 1993). In
fact, the idea of using macroinvertebrates as biological in-
dicators began in Europe with the studies of Kolkwitz and
Marsson (1908). Their Saprobien system relied on the fact
that some organisms could be used as indicators of spe-
cific environmental conditions, and was essentially aimed
at relating the organic load to the presence and distribution
of benthic invertebrates in rivers. This system is still
widely adopted in Central Europe, mainly in countries
with German influence, while it has found minor accept-
ance in other areas. Its main biases are the specific and
geographically restricted taxonomic approach, and limited
applicability in the detection of pollution other than or-
ganic load. For these reasons other indices were devel-
oped, combining the indicator value concept with
biodiversity and relative abundance of different selected
groups. The Trent Biotic Index was a pioneering and sem-
inal approach, designed to assess the water quality status
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of the Trent River (Woodiwiss, 1964). This method two
main aspects of benthic communities: the biological rich-
ness, i.e. the number of collected taxa, and the presence
of some key groups, characterized by different levels of
tolerance to environmental alteration. The index ranges
from zero (polluted condition) to ten (clean waters). In
those years other methods arose, and among them specific
scores were attributed to different selected taxa according
to their abundance (Chandler, 1970) or tolerance. These
approaches developed into true biotic score indices,
among which the Biological Monitoring Working Party
(BMWP; Hellawell, 1986) assumed a particular impor-
tance. In this method, taxonomic identification is easier,
because performed at family level. Each family is associ-
ated to a specific score, depending on its sensitivity to en-
vironment alteration; for example, Heptageniidae are
scored ten, while Chironomidae two.

Biomonitoring methods that use macroinvertebrates
to assess lotic ecosystem quality are nowadays a key topic
in freshwater ecology (Guareschi et al., 2017) and they
are employed in many countries, such as United States of
America, United Kingdom, Australia, New Zealand,
Canada, European Union. Furthermore, their diffusion as
bioindicators is also growing in South America, East Asia,
Africa and other areas (Buss ef al., 2015).

The Italian situation before the Water Framework
Directive (2000/60/EC)

Italy was among the first European countries to adopt
a biomonitoring system based on benthic macroinverte-
brates. In fact, since 1975 many field studies were con-
ducted in our country with the aim of obtaining and
calibrating a reliable method. For example, in a study re-
alized in the Parma River (Emilia Romagna), Ghetti and
Bonazzi (1977) compared the reliability of several in-
dices, while Casellato and collaborators (1980) investi-
gated the applicability of the French Verneaux and
Tuffery’s Biotic Index to the Brenta River (Trentino).
After some adaptations to the Italian environmental con-
ditions and comparisons with other European methods,
the “Indice Biotico Esteso” (EBI; Ghetti, 1986) later re-
named IBE (Ghetti, 1997) was calibrated and adopted for
running water biomonitoring in Italy. According to this
procedure, benthic invertebrates were collected with kick-
nets (21 mesh cm™). In wadeable environments, transects
were realized kick-sampling with the net from one bank
to another, and samples had to be accurately collected in
all microhabitats, in order to include the entire local bio-
diversity. Collected macroinvertebrates were field sorted
and then identified at the taxonomic level required for
each group (e.g, genus for Plecoptera and
Ephemeroptera, family for Trichoptera and Diptera). The
taxonomic list was then transformed into a numeric value,
using a double entry table. This table considered the tax-

onomic richness in columns, varying from poor (0-1 taxa)
to very rich and biodiverse environments (>35 taxa). The
horizontal entry took into consideration the sensitivity of
different benthic taxa: the highest row was represented by
Plecoptera, whilst the lowest by Oligochaeta and Chirono-
midae. Combining taxonomic richness and presence of
these selected groups, the final index ranged from 0 to 14.
These values were finally subdivided into 5 quality
classes (see Ghetti, 1997 for further details).

The Water Framework Directive (2000/60/EC) and
its consequences on water biomonitoring in Europe

The Water Framework Directive (WFD) represents
today the main normative reference for all EU member
states in the field of water monitoring and conservation
(Collins and Anthony, 2008). Published in 2000, the WFD
has profoundly changed management practices placing
greater emphasis on ecosystem integrity rather than on the
simple detection of pollution (Hering et al., 2010). In fact,
this was the most noteworthy and innovative aspect, be-
cause water quality assessment shifted from a merely
chemical to an ecological approach (Ndges et al., 2009).
In this context, the conformity of the whole community
in comparison to unaffected conditions must be consid-
ered rather than the individual taxon-stressor relationship
(Birk and Hering, 2006). Following this holistic approach,
some innovative elements were introduced. First, several
biological components, named “Biological Quality Ele-
ments” (BQEs), are simultaneously taken into considera-
tion to provide a comprehensive evaluation of the
environmental condition. For lotic environments, BQEs
include phytoplankton, phytobenthos, macrophytic flora,
benthic macroinvertebrates and fish (Hering et al., 2003).
Moreover, the WFD requires a “type-specific” approach
(Hering et al., 2006, Verdonschot and Nijboer, 2004), in-
cluding six different categories of aquatic ecosystems:
rivers, lakes, coastal waters, transitional waters, artificial
and heavily modified water bodies (Borja, 2005). Within
these categories, all water bodies are grouped in similar
typologies according to their geo-morphological, physical
and chemical features (Moog ef al., 2004). For each ty-
pology, reference conditions, i.e. “sites that show near-
natural or un-impacted conditions”, have to be identified
so that water quality assessment is calculated as Ecolog-
ical Quality Ratio (EQR) between the observed and the
reference conditions (Von de Ohe et al., 2007). The result
is expressed in five quality classes (High, Good, Moder-
ate, Poor and Bad) with High status meaning no differ-
ences between reference and observed conditions, while
Poor and Bad classes are associated to strong differences
(Birk et al., 2012). Third, all member states were expected
to achieve the “Good Ecological Status” for their water
bodies by 2015 (Heiskanen et al., 2004), encouraging the
adoption of specific actions (Programmes of Measures)
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in each country (Logan and Furse, 2002). In the WFD
context, three different types of monitoring are employed
for different purposes (Buffagni and Erba, 2007). The sur-
veillance monitoring is performed when the assessment
of the overall condition of a water body is needed. When
results indicate that a risk of failing to achieve the Good
Ecological Status occurs, then the operative monitoring
is implemented. Finally, in those occasions where further
insight on the effects of specific alterations or pollution
phenomena is necessary, the investigative monitoring
must be adopted. Based on the type of monitoring, spe-
cific BQEs must be employed. Due to this comprehensive
approach, all biological quality elements are used in the
surveillance monitoring, while just one or two BQEs must
be considered in operational and investigative ones.

Although the WFD introduced many innovative in-
puts and challenges, it was undoubtedly clear that a
strong effort was necessary to make the assessment pro-
cedure adoptable, coherent and comparable across Eu-
rope (Pollard and Huxham, 1998; Reyjol ef al., 2014).
Major problems regarded the choice of sampling methods
and the setting of boundaries among quality classes, be-
cause many Member States relied on their own sampling
programs. Buffagni and Furse (2006) highlighted that the
WEFD did not give strict indications about the sampling
system because the most important objective was the har-
monization of findings rather than of methods. In this
context, each single State was enabled by the WFD to
choose whether to improve the national method or de-
velop a new sampling procedure. However, with the aim
of ensuring an acceptable level of standardization, two
crucial European projects were developed: the AQEM
(Development and testing of an integrated assessment
system for the ecological quality of streams and rivers
throughout Europe using benthic macroinvertebrates;
2000-2002; Buffagni et al., 2001), and the STAR projects
(Standardization of river classifications: Framework
method for calibrating different biological survey results
against ecological quality classifications to be developed
for the Water Framework Directive; 2003-2005). The
AQEM project focused exclusively on benthic macroin-
vertebrates, with the aim to define an operative and stan-
dard procedure for sampling and water quality
assessment. The STAR project tried to solve some critical
aspects related to the implementation of the Directive,
especially those concerning the inter-calibration proce-
dures (continuity with national methods, reliability of dif-
ferent taxa accounting for different stressors or stream
types, setting procedures for the quality classes, etc.). De-
tailed information about these projects can be obtained
by the reviews of Hering et al. (2004) and Furse ef al.
(2000), respectively; while in the next paragraph their
main outcomes are briefly described with regard to bio-
monitoring in lotic environments.

The AQEM sampling method and the associated
STAR_ICM index

The AQEM is a sampling procedure based on benthic
invertebrates designed to assess the Ecological Status of
running waters according to the WFD. More detailed in-
formation is available on the web site (www.aqem.de), in
the associated manual (AQEM Consortium, 2002) and in
an IRSA-CNR thematic publication (Buffagni and Erba,
2007). Briefly, the AQEM sampling method is a quanti-
tative procedure that relies on a multi-habitat design, as
already adopted in other contexts (e.g., Rapid Bioassess-
ment Protocol - USA; Barbour et al., 1999). A defined
number of samples are collected from different microhab-
itats according to their percentage of occurrence in the ex-
amined river section. The quantitative aspect is a
fundamental requirement of the WFD, while the purpose
of the proportional multi-habitat approach is to provide a
reliable and standardized evaluation of the structure of the
sampling site. According to the official protocol, two
phases are generally needed: a priori assessment of the
monitoring (river characteristics and other aspects) and
the following field activity. The a priori phase is funda-
mental to define the preliminary conditions necessary to
apply the type-specific biomonitoring required by the
WED. In particular, the type of monitoring and the Hydro-
Ecoregion (HER) at which the watercourse belongs are
identified in this phase. According to this information, the
number of samples, the total sampling area (0.5 or 1 m?)
and the mesohabitat to be sampled (riffle or pool) are de-
fined. As previously stated, the AQEM method adopts a
quantitative approach, with a set number of replicates that
must be collected. This number varies according to the
type of monitoring: 10 replicates are collected for the op-
erative monitoring, while for the other types additional
replicates may be added. By contrast, the selection of rif-
fle rather than pool areas and the total sampling surface
are type-specific and standardized. In the subsequent field
activity, at first the percentage of occurrence of each mi-
crohabitat in the section must be recorded visually. With
regard to this task, both biotic and abiotic microhabitats
are considered as a continuous layer where only those
with at least 10% of frequency are considered. It is im-
portant to note that the AQEM Consortium provided a list
of coded microhabitats, representing a standard selection
of substrata allowing an objective site description. The
mineral substrata are classified according to the length of
the median particle diameter (i.e., gravel, megalithal, efc.),
whereas biotic substrata are grouped according to the type
of vegetation or organic matter (i.e., algae, macrophytes,
CPOM, etc.). Based on the visual estimates of microhab-
itat percentages, the 10 replicates are collected propor-
tionally using the Surber net. Since most infrequent
microhabitats may be ignored, additional samples may be
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collected as optional replicates. This is especially sug-
gested for surveillance monitoring and reference sites.

Benthic invertebrates are identified to family level for
operative monitoring and genus or Operational Units (i.e.,
sub-genus identification, only for some selected
Ephemeroptera groups) for surveillance/investigative
monitoring. In addition, the abundance of individuals of
each taxon is reported (although the abundance can be es-
timated when beyond a threshold of 10 individuals). All
benthic invertebrates sampled from each microhabitat are
then pooled together in order to compose a unique list of
taxa. On the basis of this taxonomic list, the Ecological
Status is obtained applying the STAR ICM (Intercalibra-
tion Common Metrics) index. This is a multimetric index
developed after an intense process of inter-calibration
(Verdonschot and Moog, 2006; Bennett ef al., 2011). Start-
ing from over 50 different proposed metrics, only 6 were
definitively selected to compose the index: ASPT (Average
Score Per Taxon), Log10(Sel EPTD+1) (where EPDT is
the sum of selected Ephemeroptera, Plecoptera, Diptera
and Trichoptera taxa), 1-GOLD (where GOLD is the sum
of Gastropoda, Oligochaeta, and Diptera), total number of
families, total number of EPT (Ephemeroptera, Plecoptera,
and Trichoptera) families and the Shannon-Weiner diver-
sity index (H’). The selected indices include different pa-
rameters of benthic communities: taxa sensitivity,
abundance and diversity. Each metric is calculated sepa-
rately and then they are combined into the overall index
score, each metric with a specific weight. Finally, the val-
ues of each metrics and the final score also are normalized
according to those of the reference conditions, giving the
Ecological Status as an Ecological Quality Ratio (EQR)
between the observed and the reference values.

Aim of the study

Aim of this study was to briefly review the history of
benthic macroinvertebrates biomonitoring in Italy, with a
special focus on the changes that occurred following the
WEFD implementation. In particular, we focused not on
general, theoretical differences but on practical aspects,
on the basis of our extensive experience and by applying
comparatively the IBE and the STAR-ICM:i to a large set
of benthic macroinvertebrate samples. Since the post
WEFD method has been employed for a number of years
(Hering et al., 2010), we believe this is the right time to
attempt some objective assessments, which can bring in-
sights and ideas contributing to the future progress of bio-
monitoring with macroinvertebrates in Italy.

Direct comparison among indices?

Ideally, macroinvertebrate biomonitoring protocols,
besides being sensitive to impacts, should be reliable, ef-
ficient, cost-effective, and easy to use: the search for a sat-

isfactory method has produced a number of comparisons,
as shown by the abundant literature (Cao et al., 1996;
Buss et al., 2015; Guareschi et al., 2017). As reported
above, the IBE has been used in Italy at the national scale
since 1986, but afterwards it was considered inadequate
because of its inconsistence with the WFD. In particular,
the most common criticisms to the application of IBE
were that this method did not consider ‘reference condi-
tions’ and that was not type specific, because the same
scoring system and quality class boundaries were applied
to all types of rivers. Moreover, the IBE seemed not to
satisfy some quantitative requirements because it did not
take into account taxa abundances. For these reasons, this
method (as happened for many others in Europe) was re-
placed by newer approaches. On the other hand, some Eu-
ropean Countries tried to maintain a connection with the
past, transforming or improving their pre-WFD method
(Jaimez-Cuéllar et al., 2002; Munné and Prat, 2009 for
Spain). In Belgium, for example, sampling and identifi-
cation procedures of the post-WFD Multimetric Macroin-
vertebrate Index Flanders were the same used in the “old”
Belgian Biotic Index (Gabriels et al., 2010). In Italy, this
did not happen and the transition was a drastic clear-cut.
Comparisons between IBE and STAR ICMi results are
scarce (Mancini et al., 2010), but can be of some interest.
Our unpublished data suggest that results of the two in-
dices concur in general, with a modest tendency of IBE
in overestimating the quality class. Nevertheless, after
some years of application of the STAR ICMi, it is possi-
ble to make some remarks, based on our research experi-
ence in different areas of the Italian peninsula, and from
personal communications of ARPA (Regional Agencies
for the Protection of the Environment), researchers and
private consulting operators.

It is pointless to question which method performs bet-
ter, because certainly the STAR ICMi meets the WFD re-
quirements while this cannot be said for the IBE.
Moreover, the STAR ICMi is the expression of a widely
participated and complex process, based on the most mod-
ern findings and techniques.

Critical aspects in the current scenario

In our opinion, the main problem related to the hands-
on, routine application of the post-WFD Italian method is
that it is extremely more consuming in time and efforts
than the one previously used. Considering the fact that
Environmental Agencies (e.g., ARPA agencies in Italy)
and local governments are involved in extensive monitor-
ing plans often carried out with scarce budgets and limited
resources, the increased work required for a single sam-
pling represents an important limiting factor. For example,
as a consequence of the increased effort for each sampling
point, the number of stations seasonally monitored by the
ARPA in the Cuneo District (NW Italy) dropped and
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reduced by a quarter from 2006 to 2016 after the WFD
introduction. Moreover, the current classification process
is based on 6-year cycles (subdivided in two 3-year cam-
paigns covering all significant water bodies) while the
previous classification of all watercourses occurred on a
1-year basis. This reduction may allow just a partial and
scarcely updated and representative “picture” of the river
ecosystem health.

Considering the fact that time-related issues are of the
greatest importance in planning and realizing biomonitor-
ing campaigns, we summarize below the elements that, in
our opinion, are most responsible for the increase of work-
load required for each sampled station.

Quantitative approach

The quantitative approach and the use of Surber nets
are the most relevant innovations in field work related to
AQEM/STAR ICMi. Regarding the quantitative ap-
proach, IBE takes into account only a numerical “thresh-
old”, namely a limiting value below which the presence
of a taxon is disregarded, and uses four semi-quantitative
levels were considered (i.e., * = below the fixed “entry’”
number; I = present; L = abundant; U = dominant). The
new method introduces a quantitative approach, but in the
first publication (Buffagni and Erba, 2007), it is stated that
beyond a threshold of 10 individuals the abundance can
be estimate (page 23; Buffagni and Erba, 2007). The in-
troduction of subsamples involves an additional decrease
of quantitative accuracy (ISPRA, 2014). A further reduc-
tion in quantitative precision results from the use of sub-
samples, adjusted in more recent publications (APAT,
2007; ISPRA, 2014). Laini et al. (2014) have already ex-
pressed concerns about the new quantitative approach. In
our opinion, the underestimation of abundances (and taxa
richness) is a critical point. In fact, estimating necessarily
implies not using real quantitative data (needed when
using metrics such as Shannon Index H”). In addition, the
use of the same abundance threshold value (initially set
to n = 10, then increased) for all groups seems largely in-
adequate. It can be very misleading to count 10 individu-
als of some groups, and to estimate the rest of their total
population, which may amount to hundreds or even thou-
sands of individuals in one sample in some cases. More-
over, it is very different to count 10 Chironomidae or 10
Perlidae, and then estimate the rest of their population:
estimation errors are obviously greater for small and cryp-
tic organisms that for large and clearly visible ones.

Taxonomic levels

Some reconsideration on the taxonomic aspects re-
lated to the calculation of the STAR ICMi could be use-
ful. In the previously cited manuals (Buffagni and Erba,
2007; ISPRA, 2014), the identification at the family level

is required for the operative monitoring, while the genus
or Operational Units level are requested for the surveil-
lance and investigative monitoring. However, the use of
the Operational Units is limited to the Order
Ephemeroptera, where this level coincides, in most cases,
with the genus. Rhithrogena, Caenis, and Baetis represent
interesting exceptions, whose identification needs a sub-
genus level of detail (e.g., species or groups of morpho-
logically-similar species). Great taxonomic attention is
mandatory also for other Ephemeroptera (such as Pro-
cloeon, Pseudocentroptilum) and not for other sensitive
taxa such as Plecoptera and Trichoptera. In our opinion,
this is an important point for future considerations. The
sub-genus determination of these organisms is really time-
consuming and not so easy for most of the technicians of
the Environmental Agencies, so that hopefully a future
update of the method could reconsider this particular as-
pect. Our main criticisms are the following:

i) Isitreally necessary to conduct the taxonomic identi-
fication at the sub-genus level? The methods proposed
for France (I,M,; Mondy et al., 2012), Spain (Jaimez-
Cuéllar et al., 2002) and other European countries do
not provide for such taxonomic detail, being family or
genus the most detailed taxonomic resolution, and yet
these methods allow achieving the monitoring goals
of the WFD.

il) What is the scientific reason to focus only on
Ephemeroptera? and precisely on some selected
species-groups within Ephemeroptera? Although dif-
ferent sensitivity to environmental alterations have
been reported within these families, Baetidaec and
Caenidae are considered, as a whole, examples of
quite tolerant mayflies in most biomonitoring systems
(such as BMWP, FBI-Hilsenhoff and many others).
The same occurs for Rhithrogena (Heptageniidae), a
relatively homogeneous group of generally rhithronic,
reophilous and oligotrophic organisms, considered as
wholly reliable indicators of good environmental qual-
ity. We suggest to exclude the introduction of a sub-
genus level identification also for Plecoptera (or
Trichoptera) for the same considerations reported
above. However, if a more detailed taxonomic analy-
sis is reputed to be useful or even mandatory, why not
include or consider other groups? This choice could
be made considering factors such as their large-scale
(geographical areas) and small-scale (mesohabitat)
distribution, and their relative abundance in benthic
assemblages. Chironomidae, at present grouped all at
the family level, are almost ubiquitous, and include
taxa with different ecological requirements and could
be a good choice (Adriaenssens ef al., 2004). A taxo-
nomic deepening considering the tribes or sub-family
units of Chironomidae could be more useful, as it
would for example allow to separate Diamesinae, in-
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habiting pristine waters, to the tolerant and even alpha-
mesosaprobic Chironominae.

ii1) Finally, the ecological information gained by using the
taxonomic resolution at specific or sub-genus level in
selected Ephemeroptera is less important than the in-
formation lost by grouping all Plecoptera (in the IBE
considered at genus level) into families and consider-
ing this important indicator group only in the metric
“number of EPT” families. For a long time, biomoni-
toring reports have been considered an important re-
source also for studies on biodiversity and
biogeography studies, and the record of “Perlodidae”
instead of “Besdolus” or Capniidac instead of
“Capnopis” is scientifically very different.

CONCLUSIONS AND RECOMMENDATIONS

We are aware that, despite its long history, doubtless
strengths, and innovative contribute, IBE is currently an
outdated method. Anyway, we are also confident that the
STAR_ICMi could be ameliorated.

A first, important issue that should be addressed for a
better implementation of river biomonitoring is related to
the direct and indirect training efforts. In fact, when the
IBE was the official method in Italy, a training course was
annually realized by the author of the method, Prof.
Ghetti, and his collaborators for 19 years. In one week, in
Trento, participants learned the use of the method with
field samplings, laboratory analysis, data processing and
discussions. In addition, the application of the method
IBE was exhaustively explained in a single, comprehen-
sive manual (Ghetti, 1997). The implementation of
STAR_ICM perhaps lacks a similar teaching strategy, as
many courses are organized independently by several in-
stitutions and associations, often without coordination and
direct management of the authors. Furthermore, the infor-
mation relating to STAR ICMi application is distributed
in a series of publications, while after some years of ap-
plications it would be better to concentrate them in a sin-
gle, definitive manual.

Finally, we propose here two possible improvements
to reduce the effort/time consumption for the data collec-
tion and processing and to better harmonize the history of
biomonitoring and the comparability of the relative data
in our country. Therefore, we would like to conclude this
paper with some suggestions, hoping that they could be
the subject of future discussion and applications.

1) The first is related to the use of Surber nets and quan-
titative method. Since the STAR _ICM (unlike other
methods such as the French, IBGN) is not strictly
quantitative, because it involves numerical estimates
of organisms, samples could be collected for example
using fixed-time kick-nets. Also by using these de-
vices, the multi-habitat approach could be maintained

as occurs in Denmark (Friberg et al., 2005), Belgium

(Gabriels et al., 2010), and Spain (Munné and Prat,

2009). Interestingly, in a recent work Buss and collab-

orators (2015) reported that in the United States, kick-

nets are used in more than 60% of the State/Federal
biomonitoring protocols, whereas Surber, dredges,

Hess, and other fixed-area samplers are used in ~9%.
ii) Our second suggestion is related to the taxonomic de-

tail. Since, according to us, it is not informative to use
the sub-genus level for few mayfly taxa, here we pro-
pose to re-establish family-level determination for
most groups, except for Ephemeroptera and Ple-
coptera, which should be considered at genus level.
This would allow: a) to reduce and simplify taxonomic
work; b) to obtain data that are comparable with dif-
fuse and long-term data records. We are aware that this
modification may have some consequences on the ref-
erence conditions already measured, but these changes
may be introduced starting from the next verification
of reference conditions.

iii) Finally, in our opinion some changes could improve
the reliability of the STAR ICM. For example, there
is some confusion about the source of ASPT (derived
from BMWP) scores in the STAR ICM index
(Buffagni and Erba, 2007; Buffagni et al., 2008), and
some problems could arise from the adoption of
scores originating from biomonitoring in the United
Kingdom (Davy-Bowker ef al., 2008). The adoption
of BMWP scores designed for Mediterranean coun-
tries (Jaimez-Cuéllar et al., 2002) or the development
of specific scores for Italian watercourses could be
an improvement for the assessment of ecological sta-
tus with the STAR ICM index. The latter option
would be possible by using information gathered
with the IBE protocol during its 20 years of applica-
tion. Moreover, the precision attained by the moni-
toring system is an essential requirement of the WFD
(Clarke, 2013), and it is crucial to clearly discrimi-
nate between watercourses in good and less than
good ecological status. To date little effort was made
to assess the precision of the STAR ICM (Laini et
al., 2014) and, more generally, to estimate the uncer-
tainty of the biotic indexes adopted after the WFD
(but see Clarke, 2013).

We are confident that the adoption of the suggested
modifications, although not substantial in the architecture
of the method, would have interesting repercussions. They
would make it possible to shorten time, costs, and efforts
required for each sampling (both in the field and in the
lab), thereby increasing the number of stations that can be
sampled seasonally by ARPA or local Agencies. In addi-
tion, they would re-establish a bridge with the past, allow-
ing a better use of the long-time series of IBE data, that
would share the same taxonomic detail.
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ABSTRACT

Braided rivers are among the most variable and dynamic riverine systems. Changes in these environments are sudden and fre-
quent, driven by the high hydrological variability. They host high levels of local heterogeneity, with many different habitats in
close proximity establishing a mosaic of patches. This provides the conditions for high levels of biodiversity, with strong community
variability in particular among the different habitats at the stream-reach level. Nevertheless, these systems are still poorly studied
and their complexity is often not taken into account in biomonitoring protocols. We applied mixed effects modelling, spatial ordi-
nation techniques and beta-diversity partitioning (into nestedness and turnover components) with the aim of improving the knowl-
edge of braided rivers, investigating: i) the organization of macroinvertebrate communities among the different habitats of a river
reach, and ii) the temporal variability of this organization (both among seasons and during summer). We predicted a differentiation
of macroinvertebrate communities between distinct habitats within rivers, with this differentiation increasing during the low-flow
period. We carried out our study in four braided rivers and streams of the Po River basin (Northern Italy) sampling three different
kinds of mesohabitats (main channel, secondary channel and pool) in eight stations during seven campaigns from June 2015 to
April 2016. We found a high variability of taxa richness, abundance and community structure among mesohabitats, with marginal
ones accounting for the greater part of macroinvertebrate diversity. Secondary channels resulted as being the habitat hosting greater
taxa diversity, with 10 exclusive taxa. Surprisingly the mesohabitat communities differed greatly during the seasonal phase, whereas
their dissimilarity decreased during summer. This could be explained considering the summer flow reduction as a homogenizing
force, leading to a general loss of the most sensitive faxa. However, the summer taxa turnover value resulted higher than nestedness,
suggesting a strong environmental control on community organization, with taxa well adapted to the different conditions of meso-
habitats and able to manage the effects of flow reduction. Our work represents a remarkable issue for biomonitoring protocols,
highlighting the importance of taking into account the whole complexity of braided rivers for a more realistic evaluation of macroin-

vertebrate communities.

Key word: Braided rivers; macroinvertebrate metacommunity; mesohabitat; short-term variability; macroinvertebrate distribution.

INTRODUCTION

Braided rivers (BRs) are defined as “systems com-
posed by multiple channels, with bars and islands, often
with poorly defined banks of non-cohesive sedimentary
materials” (Tockner et al., 2006). These systems are spread
worldwide and can be found in delta areas, where rivers
enter lakes and oceans, or in floodplains in presence of low
slope and sandy or gravel-filled substrates (Dodds, 2002).
The main feature that shapes BRs is the extreme flow vari-
ability. The alternation of sudden and frequent flow
changes, spanning flash floods and dry periods generates
a mosaic of patches (embracing different degrees of lotic
and lentic conditions), which undergoes rapid evolution
(Gray and Harding, 2009). Events like the displacement
of channels or disconnection of habitats can happen within
short periods, spanning from a few weeks to a few hours.
Van der Nat et al. (2003) estimated the turnover time of
the different habitats in a BR system (Tagliamento, NE
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Italy) reporting a high level of variation, with a total re-
placement of all the aquatic habitats of 82% during the
period of study (2.5 years). Nevertheless, they reported
that the relative proportion of the various habitats re-
mained quite consistent. Based on these results, BRs can
be conformed to the “shifting mosaic steady model” that
identify systems where the habitat turnover is high but the
proportions of habitats are constant (Tockner et al., 2006;
Gray and Harding, 2011).

Based on these attributes, BRs can be considered as
very suitable systems for studying metacommunity dy-
namics. According to the metacommunity theory (Leibold
et al., 2004), environmental heterogeneity and taxa fea-
tures (e.g., dispersal ability and competition) determine
the structure and evolution of metacommunities at differ-
ent spatial scales (Siqueira et al., 2012; McLaughlin et al.,
2013). In general, habitat heterogeneity has a positive ef-
fect on species richness (Poff and Ward, 1990; Garcia et
al., 2012; Astorga et al., 2014), enhancing the niche avail-
ability and allowing the co-occurrence of taxa with dif-
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ferent requirements. The high dynamism of BRs generates
a great heterogeneity, especially at the scale of river reach,
with a wide range of different habitats, spanning from
lotic to lentic conditions and with a time-variable level of
connection. The degree of influence of dispersal dynamics
and environmental forcing is strictly related to the con-
nectivity of habitats, besides the dispersal ability of taxa
(Padial et al., 2014). In riverine systems, the level of con-
nectivity can change widely in time and among them BRs
are one of the most dynamic and complex (Ward et al.,
2002). All these conditions are the basis for the presence
of biodiversity hot-spots, with high levels of diversity
variation in particular among the different habitats at the
stream-reach level. In fact, several authors pointed out
high levels of lateral variation in faxa diversity and com-
munity structure for braided systems (e.g., Arscott et al.,
2005; Gray and Harding, 2007, respectively in north-east-
ern Italy and New Zealand). Similar outputs were also
recorded for primary producers in lowland rivers largely
fed by groundwater (Bolpagni and Laini, 2016), suggest-
ing the existence of complex metabolic gradients across
habitats in hydro-systems.

The variation among habitats can be considered as a
beta-diversity variation and therefore it can be ascribed to
two different phenomena: nestedness and spatial turnover.
Nestedness occurs when there is a non-random faxa loss,
with the result that the poorer communities are a subset
of the richer ones, while turnover is the result of faxa re-
placement (Baselga, 2010). Datry et al. (2016) highlighted
that turnover is more related to environmental filtering,
while nestedness is given by dispersal limitation. These
two processes can assume differential importance in shap-
ing local communities, in particular during low-flow pe-
riods, when connectivity among habitats is more variable.

Although these systems are widespread and consid-
ered as diversity hot-spots, for years they have been
poorly studied (Gray and Harding, 2007), with a lack of
knowledge, especially in how the different habitats in the
river segment contribute to the total diversity and how
these patterns change in time. This topic is particularly
relevant considering that BRs are often located in areas
heavily impacted by human activities, with all the possible
consequences, like considerable water withdrawals, canal-
ization and reduction or loss of lateral areas (Tockner et
al., 2006; Gray and Harding 2011; Karaus ef al., 2013).
These phenomena lead to a trivialization of BRs, with the
consequent reduction of habitat variability. Therefore, a
good understanding of habitat heterogeneity contribution
to the local diversity becomes a key point for biodiversity
conservation.

The aims of this study are therefore i) to evaluate the
seasonal structure and variation of benthic macroinverte-
brate communities within the highly patchy environments
of BRs and ii) to evaluate the short-term variability of

these communities during the low-flow period. For this
work, we focused on the mesohabitat sampling unit, de-
marcated according to the hydrodynamic characteristics
in main channel, secondary channel and pool. Tickner et
al. (2000) defined mesohabitats as “medium-scale habi-
tats which arise through the interactions of hydrological
and geomorphological forces”. We hypothesize that: 1) in
general there is a differentiation of macroinvertebrate
communities between different mesohabitats within
rivers, and between considered seasons ii) during low-
flow periods, with the increasing disconnection of meso-
habitats there is an increase in community dissimilarity,
with higher turnover in the less disconnected mesohabitats
and higher nestedness in the more disconnected ones.

METHODS
Study area

The study was performed in four braided watercourses
(Trebbia River, Nure Stream, Taro River and Baganza
Stream) of the Po River basin (Northern Italy, Fig. 1A). A
description of the studied systems is reported in Tab.1. They
are fed only by wet depositions and they present two high
discharge periods (in autumn and spring) and a main low
water period in summer (with a secondary additional one
in winter). They are included in the Cfa (humid subtropical
climate) and Csa (hot-summer Mediterranean climate) cli-
matic regions. For each watercourse we selected two sam-
pling stations in order to take into account the within river
variability. Within each station, three model mesohabitats
were further selected: main channel, secondary channel,
and pool (Fig. 1B). For the first part of the study (seasonal
phase, T6-T7) sampling was carried out in November 2015
and in April 2016 in the whole set of systems. For the sec-
ond part (summer phase, T1-T5) the set of investigated sys-
tems was reduced to two (Trebbia and Taro rivers) and the
sampling was carried out in five occasions in the period of
low flow, from June to September 2015. The downsizing
of sampled area was operated because 1) Nure and Baganza
streams completely dried up during the summer season and
il) to contain the sampling and processing effort.

Physical and chemical variables

In order to check the difference between mesohabitats,
for each sampling environmental data were collected with
five random replicates (Fig. 1B). Flow velocity, water
depth, temperature, conductivity and dissolved oxygen
were recorded in sifu by means of a current meter (FP101-
FP102 Global Flow Probe) and a multi-parametric probe
(HI 9828; Hanna Instruments). Water samples were col-
lected for the determination of ammonium (NH,"), nitrite
(NO,), nitrate (NO;"), soluble reactive phosphorous
(SRP), dissolved silica (Si0,) and total dissolved inorganic



Macroinvertebrate distribution in lowland braided rivers 31

carbon (TCO,). Detection limits were 0.01 mg L for +5%. Chemical analyses were performed by means of
NH,*, NO,~, SRP and SiO,, 0.005 mg L™ for NO,, and spectrophotometric techniques, according to Valderrama
0.02 mM for TCO,. Precision ranged between +3% and (1977), Golterman et al. (1978), and APHA (2012).
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Fig. 1. Map of the sampled area (A), with the studied basins coloured in grey and the sampling stations marked with black dots, and the
sampling design (B) repeated in each of the sampling stations. Black squares represent the random sampling plots.

Tab. 1. Descriptive data of the investigated rivers/streams and stations.
L A Station Latitude Longitude Altitude
(m?s™) (km) (km?) (m asl)
Trebbia 22.0 120 1083 TRM 44°51°11.05”"N 9°32°11.75"E 166 298 13.9
TRV 44°58°18.51”N 9°35°32.54”E 97 440
Nure 15.0 77 458 NUM 44°51°52.84"N 9°37°48.73"E 212 240 9.9
NUV 44°55°55.97"N 9°42°40.96"E 124 244
Taro 40.5 138 2051 TAM 44°40°27.92"N 10°4°23.03"E 151 530 10.6
TAV 44°44°26.97°N 10°10°6.14"E 95 445
Baganza 52 59 228 BAM 44°37°54.67°N 10°10°10.33”E 308 106 6.4
BAV 44°40°54.20"N 10°12°36.90”E 213 183
Om, mean annual flow; L, total length; A, basin area; W, width of the riverbed; D, linear distance between stations.
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Macroinvertebrates

In each mesohabitat, a ~50 m long stretch was sam-
pled, choosing five random sampling points (Fig. 1B).
Samples were collected using a surber net with frame area
of 0.1 m? and mesh size of 500 pm. The five replicates
were cumulated for each mesohabitat. Samples were fil-
tered and preserved in 70% ethanol for laboratory sorting,
where the organisms were counted and identified to fam-
ily or genus level, according to Tachet et al. (2010).

Data analysis

The difference between mesohabitats, in terms of
physical variables, was assessed by means of mixed ef-
fects modelling, considering mesohabitat and time (sam-
pling date) as fixed effects and station and site (namely
the specific sampling location) as hierarchically organized
random effects. A similar approach was followed also for
testing the influence of mesohabitat and time on richness
and abundance. The significance was checked by means
of a likelihood-ratio test. The use of these models allows
us to work with correlated and non-normally distributed
data (McCulloch and Neuhaus, 2005), typical of nested
and hierarchical designs. The effect of covariate was
tested both for seasonal and summer data. Then the dis-
tribution of faxa between mesohabitats at station level was
checked, by estimating the mesohabitat contribution to
the total number of taxa. We did this by computing the
percentage ratio for each station between the richness of
each mesohabitat and the total richness of the station.

The organization of community structure in mesohab-
itats was explored with a non-Metric Multidimensional
Scaling (nMDS), a spatial ordination technique that rep-
resents the set of objects along a predetermined number
of axes maintaining the ordering relationships among
them (Borcard et al., 2011). As dissimilarity measure
Bray-Curtis distance was used and the goodness of ordi-
nation was assessed with the stress measure.

To assess the nature of diversity variation between
mesohabitats during the summer phase we performed a
partition of beta-diversity, following Baselga (2010). This
method produces three metrics: the total beta-diversity
(the Serensen Dissimilarity index), for all the possible
pairwise comparisons, and its two additive components:
nestedness, expressing the taxa loss between mesohabi-
tats, and the turnover, expressing the faxa substitution.
The values of nestedness and turnover were normalized
by dividing them by the Serensen dissimilarity value. We
checked the effect of time for the Serensen Dissimilarity
index by means of linear mixed effect models and then
we adjusted the p-values using the Bonferroni correction
for multiple comparisons. We also applied mixed effects
modelling to check the difference between beta-diversity
components and their variation in time.

All analyses and graphs were performed with the sta-
tistical software R (R Core Team, 2016), with base version
and with ggplot2 (Wickham, 2009), Ime4 (Bates ef al.,
2015), vegan (Oksanen et al., 2016) and betapart (Baselga
et al., 2013) packages.

RESULTS
Physical and chemical variables

Mean values of measured physical and chemical vari-
ables are reported in Tab. 2, according to season and
mesohabitat. The distinction between mesohabitats was
tested for physical variables considering the whole dataset
(seasonal and summer data) and we found that they differ
greatly for flow velocity (P<0.001) and water depth
(P<0.001), while the others variables (temperature, con-
ductivity and percentage of dissolved oxygen) varied sig-
nificantly only in time (P<0.001) but not between
mesohabitats.

Macroinvertebrates

A total of 74122 organisms, belonging to 94 taxa (75
families) was found globally. The sample with the highest
taxa richness (34 taxa) was collected at the beginning of
the summer period in the upstream pool of Trebbia River,
while the one with the lowest (seven taxa) in the down-
stream pool of Nure Stream, during the November sam-
pling campaign. The mean values of faxa richness and
abundance were 18+5 and 837+743 for main channels,
22+5 and 796+546 for secondary channels and 17+6 and
426+552 for pools. The list of most abundant (A) and fre-
quent (B) faxa is reported in Fig. 2. Chironomidae was
both the most abundant and frequent taxon (abundance =
29.3%, frequency = 99.1%). Detection probabilities for
the other most common taxa were unrelated to their abun-
dance. Some faxa were found to be exclusive of one kind
of mesohabitat: we found five exclusive faxa in the main
channels (Heptagenia, Notonecta, Gordiidae, Besdolus
and Brachyptera), six in the pools (Pseudocentroptilum,
Pisidium, Dixidae, Hydrometra, Haplotaxidae and Pro-
tonemura) and 10 in the secondary channels (Hydridae,
Blephariceridae, Dolichopodidae, Ephydridae, Rhagion-
idae, Valvata, Gerris, Helobdella, Nemoura and Lepido-
stomatidae).

The significance of mesohabitat and time for taxa
richness and organism abundance was tested by means of
several mixed effects models for seasonal and summer
phases. Both taxa richness and abundance resulted related
with mesohabitats, especially for seasonal data (P values
0.002 and 0.003 respectively), while for summer data
these relations resulted weaker (P values 0.078 and
0.060). Time resulted significant only for the seasonal
taxa richness (P= 0.026), with a variation between No-
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vember and April, while no significant variation was
found during summer nor for abundance. The effect of
mesohabitat resulted clear also considering community

Chironomidae
Caenis
Maididae
Hydropsychidae
Hydrachnidia
Baetis
Hydroptilidae
Leuctra
Elmidae
Ecdyonurus
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composition patterns (Fig. 3 A,B): points corresponding
to the three kinds of mesohabitats group into different
areas of the nMDS plot, both for seasonal and summer
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Fig. 2. Barplots of the first 10 faxa in terms of abundance percentage (A) and frequency percentage (B). Values are referred to the

whole dataset.

Tab. 2. Physical and chemical variables for mesohabitats in each season. NH,", NO,™ and SRP values are not shown because always
lower than detection values. Autumn and Spring values are for the whole set of systems, whereas Summer values are referred only to
Trebbia and Taro rivers.

Autumn Spring Summer

Mean values SD Mean values SD Mean values N )
Flow velocity (m s™) Main 0.47 0.24 0.46 0.07 0.42 0.16
Sec 0.31 0.36 0.14 0.07 0.22 0.19

Pool 0.08 0.15 0.00 0.01 0.07 0.13

Water depth (cm) Main 22.6 7.7 28.3 6.4 21.3 6.9
Sec 13.5 10.0 10.7 8.7 14.3 8.0

Pool 243 9.3 13.1 7.6 19.1 6.8

Temperature (°C) Main 13.0 1.2 14.1 1.3 235 2.0
Sec 13.8 1.5 14.9 22 23.7 3.8

Pool 13.3 1.3 15.4 1.6 24.6 1.9

Conductivity (uS cm™) Main 250 29 253 24 328 45
Sec 287 81 272 35 383 143

Pool 268 38 274 27 375 74

Dissolved oxygen (%) Main 104.1 5.8 103.8 12.2 107.5 8.1
Sec 100.5 12.1 102.0 11.2 96.3 18.8
Pool 94.0 113 88.3 12.6 105.1 18.4
NO;~ Main 0.29 0.08 0.16 0.08 0.23 0.14
Sec 0.36 0.22 0.17 0.09 0.49 0.64
Pool 0.31 0.07 0.21 0.06 0.44 0.67
SiO, (mg L) Main 1.36 0.27 1.24 0.36 2.62 0.62
Sec 1.37 0.32 1.32 0.38 3.00 0.80
Pool 1.38 0.34 1.39 0.23 3.10 0.38
TCO, (mM) Main 2.14 0.21 2.32 0.23 1.88 0.40
Sec 2.34 0.58 2.20 0.29 1.92 0.50
Pool 221 0.32 2.51 0.43 1.96 0.53

Main, main channels; sec, secondary channels; pool, pools.
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communities. Moreover, comparing the two graphs, it can
be seen that the segregation between mesohabitats re-
sulted slightly greater during the seasonal phase (Novem-
ber and April) than for summer. We also found a
variability of communities in time (Fig. 3C), with a clear
segregation of autumn, spring and summer data in three
different clusters.

The mesohabitats contribution to the taxa richness at
station level resulted significantly different, either season-
ally (P=0.002) or during the summer (P=0.045). The
greater contribution was the one given by marginal meso-
habitats and by the secondary channels in particular, while
the importance of main channels resulted limited (Fig. 4).

Variation during the summer phase of the Serensen
Dissimilarity index and of the beta-diversity partition for
the pairwise comparisons between mesohabitats are re-
ported in Fig. 5 A,B. The dissimilarity values (Serensen
Dissimilarity index) showed similar trends in all compar-
isons, with a decrease in June and July (T1:T5 in Fig. 5A)
and a new increase at the beginning of autumn (T6, T7).
Nevertheless, this trend resulted significant only consid-
ering the comparison between main channels and pools
(P=0.027). The two components of beta-diversity resulted
significantly different for all the comparison (P<0.001),
with higher values for faxa turnover. No significant tem-
poral trends resulted from the analysis.

DISCUSSION AND CONCLUSIONS

This study highlights a strong variability of macroin-
vertebrate assemblages in BRs, with different mesohabi-
tats hosting different communities. These findings are
consistent with Gray and Harding (2009), Zilli and
Marchese (2011), Karaus et al. (2013) and Starr et al.
(2014), that reported significant levels of variation of taxa
richness and abundance among mesohabitats inside river
reaches. Arscott et al. (2005) found greater diversity in
macroinvertebrate communities of backwaters areas of
Tagliamento River, while Gray and Harding (2009)
pointed out spring creeks, spring sources and ponds and
Zilli and Marchese (2011) isolated lakes as mesohabitats
hosting greater diversity in New Zealand rivers and in
Panama River floodplain, respectively. By contrast, in our
systems secondary channels resulted as being the meso-
habitat hosting greater taxa diversity, both for seasonal
and summer data, while in the other works these meso-
habitats resulted in those with low diversity compared to
the other ones. This higher diversity could be explained
considering that secondary channels were characterized
by intermediate levels of hydrological disturb (mean dis-
charge, depth and water velocity), were often located near
the margin of riverbeds and presented a higher hetero-
geneity of microhabitats (cobbles, gravel, clay, algal mats
and roots). These features have been shown to be critical
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Fig. 3. nMDS ordination outputs for seasonal (A), summer (B)
and all (C), data. For seasonal and summer data (A and B) the
mesohabitat segregation is shown, while for the all data graph (C)
the temporal (between seasons) segregation of communities is
shown. Seasonal nMDS stress, 0.176; Summer nMDS stress,
0.157; all data nMDS stress, 0.175; main, main channels; sec, sec-
ondary channels; pool, pools.
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in enhancing the within site richness (Downes et al.,
2000). Additionally, they show greater shadowing levels
that significantly modulate the colonization patterns of
primary producers (algae, vascular macrophytes; data not
shown), influencing the availability of resources for
macroinvertebrates.

Several factors have been proposed as main drivers
for BRs macroinvertebrate community differentiation:
conductivity and percentage of sand (Zilli and Marchese,
2011), flow velocity (Arscott et al., 2005), nature of sub-
strate (Beisel ef al., 1998). In our work, we considered the
mesohabitat category as a proxy of physical environment
differentiation: in particular, we found that main channels,
secondary channels and pools mainly differed in flow ve-
locity and water depth. Given the high significance of
mesohabitats for macroinvertebrate, we hypothesized a
strong physical control of communities, with a selection
of taxa based on their habitat needs, also suggested by the
presence of unique taxa for different mesohabitats.

A temporal trend that arose from our results is the ev-
ident difference in the importance of mesohabitats be-
tween seasonal and summer phases, supported by both
mixed effects modelling and nMDS ordination. These
findings are in contrast with Starr ez al. (2014) and Arscott
et al. (2003), who reported an increase of compositional
heterogeneity coming from the increasing isolation of
sampling sites, and from flood homogenization respec-
tively. Garcia-Roger et al. (2011) instead found similar
results, with a mesohabitat (riffles and pools in their
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study) differentiation smaller during the dry season for a
decrease of mesohabitat heterogeneity. The greater differ-
entiation of mesohabitat communities observed in the
present study during seasonal samplings (November and
April) could be the result of a major connectivity that al-
lows organisms to actively choose the best living place,
according to their necessities. This generates a high envi-
ronmental control on the community from the moment
that there are no dispersal limitations and the choice of
the most suitable environmental features drives the com-
munity. On the other hand, during summer the disconnec-
tion increases, hampering the dispersion of organisms.
Unlike our initial hypothesis, in this phase we observe a
temporal trend of community dissimilarity reduction be-
tween mesohabitats, coupled with a prevalence of faxa
turnover on faxa loss. These phenomena could be due to
a general loss of the more sensitive and specialized taxa,
which leads to the homogenization of communities. Nev-
ertheless, the turnover remains greater than nestedness,
suggesting the presence of faxa well adapted to the dif-
ferent conditions of mesohabitats and able to manage with
the effects of flow reduction.

This work provides significant insights, also into the
biomonitoring procedures. Hence, for BRs the Italian leg-
islation limits the range of application of the standard bio-
monitoring methods to the main channel. This choice,
based on our data, could lead to collect samples unrepre-
sentative of the real communities, with a loss of 20% of
families, and to obtain incorrect evaluations. In BRs the
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distribution of benthic macroinvertebrates exhibits high
levels of heterogeneity and therefore the ecological status
cannot be evaluated considering exclusively the main
channels, but it should be assessed considering the river
ecosystem as a whole, including marginal water bodies
(secondary channels and pools) that are common in these
environments.
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ABSTRACT

Mediterranean rivers are subjected to strong seasonality with drought during the hot season and extreme flows in autumn-
winter. In particular, drought episodes and water scarcity alter the river morphology, with repercussions on primary production
and the trophic chain. In this paper, we aimed at analysing the different responses in terms of chlorophyll a content of the three
main photosynthetic groups composing stream periphyton, namely diatoms, cyanobacteria and green algae. This work was con-
ducted in the Ligurian Alps (NW-Italy) on five oligotrophic streams (Argentina, Impero, Merula, Quiliano, and Vallecrosia), similar
in terms of physico-chemical parameters. We measured chlorophyll a content of diatoms, cyanobacteria and green algae by means
of an in situ fluorimetric probe (BenthoTorch®). Data were collected from April to October 2014 in: i) impacted sites, where the
water scarcity was exacerbated by human pressure; ii) control sites. We applied Generalized Linear Mixed Models to investigate
the response of total chlorophyll a and its relative proportions among the three algal groups in relation to the following environmental
predictors: water depth, flow velocity, canopy shading, microhabitat isolation, sampling season, dissolved oxygen, temperature,
pH, nutrients, and macrophyte coverage. Results showed an opposite response of diatoms and green algae. Diatoms were favoured
in the control sites and under moderate flow conditions, while the probability of green algae presence was higher in the impacted
sites and during the drought season. Cyanobacteria showed a response similar to green algae, preferring warm, isolated pools
typical of the drought period. Diatoms proved to be the most sensitive to drought. More specifically, we found out that percentages
of diatoms below 51% with respect to total benthic chlorophyll @ indicate high hydrological disturbance. This study provides the
first evidence that the proportion of chlorophyll a produced by diatoms can be a suitable indicator for monitoring programs aiming
at determining the effects of water scarcity on river ecosystems.

Key word: Diatoms; algal biomass; BenthoTorch®; biomonitoring; drought; GLMM.

INTRODUCTION

Hydrological disturbance affects river physicochem-
ical and morphological features, when hydrological sea-
sonality co-occurs with anthropogenic modifications
(e.g., eutrophication, habitat alteration). The intermit-
tency in water flow, defined by McDonough ef al. (2011)
as the lack of flowing surface during some portion of the
year, may cause a decline in discharge or even a total dry-
ing of the river channel. Therefore, a strong alteration of
the underlying structure of freshwater foodweb (Barthes
et al., 2015), with consequences on water quality and
morphological features, is expected (Stevenson, 1996;
Boix et al., 2010). Drying up of the riverbed causes frag-
mentation of longitudinal, lateral and vertical connectiv-
ity, while deepest pools may persist and become isolated
from the main course. As a result, Mediterranean streams
are characterized by marked spatial and temporal hetero-
geneity (Lake, 2000), which may cause severe conse-
quences on structure and functionality of biotic
communities, including autotrophic organisms. Indeed,
the Mediterranean climate is characterized by seasonality
and variability of rainfalls, with dry summers and rainy
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autumns and winters. As a consequence, Mediterranean
rivers experience recurring hydrological disturbances
since extreme episodes (e.g., floods, droughts) are part
of their cyclic temporal pattern, with droughts that de-
velop continuously and gradually over summer, followed
by sudden floods in autumn (Gasith and Resh, 1999;
Sabater et al., 2000).

Benthic algae and cyanobacteria represent the most
important primary producers in riverine ecosystems
(Vannote et al., 1980). They significantly contribute to
the hydrological, physical and biogeochemical processes
in running waters, playing an important role in providing
habitats for small invertebrates and participating in the
transformation of dissolved organic matter (Barthés et
al., 2015). Water scarcity and drought represent major
constraints for biofilm in an increasing number of
aquatic ecosystems, becoming a central concern in a
context of climate change (Barthés ez al., 2015). Several
works demonstrated that the hydrological disturbance
could directly or indirectly alter the biofilm species com-
position (Boix et al., 2010; Tornés and Rhui, 2013).
Cyanobacteria are considered as better adapted to des-
iccation than diatoms notably thanks to the production
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of mucilage (Romani et al., 2012). Variation of flow also
causes changes in photosynthetic pigments (i.e., the pro-
duction of protective carotenoids), and occurrence of
cell resistance structures (i.e., spores; Timoner et al.,
2014). High nutrient concentration and light intensity
may cause an increase in biomass during stable hydro-
logical regimes (von Schiller ef al., 2008). However, in
Mediterranean rivers, biomass of photosynthetic organ-
isms is highly related to seasonal variations in river dis-
charge, which can strongly affect water temperature,
light and nutrient availability (Guasch et al., 1995).
Moreover, according to Dallas (2013), marked spatial
heterogeneity may contribute to local differentiation of
river biotic communities. Concerning diatoms, Smucker
and Vis (2010) observed differences in terms of species
composition between different microhabitats. As a con-
sequence, we may expect differences also in terms of
algal biomass among microhabitats, especially in
Mediterranean rivers, where during summer spatial het-
erogeneity is exacerbated. Several works examined the
physiological response of photosynthetic organisms to
desiccation (Caramujo et al., 2008; Timoner et al.,
2014), or focused on the response of algal biomass to
variation of light and nutrients in Mediterranean streams
(Sabater et al., 2000, 2011; Veerart et al., 2008; Tornés
and Sabater, 2010). However, in very few cases a com-
prehensive examination of factors affecting the algal
biomass of phototrophic communities in Mediterranean
streams was performed (Riseng ef al., 2004; Sabater et
al., 2008; Urrea-Clos et al., 2014). Moreover, a specific
analysis on the different response of the main groups
composing photobiota in streams is still missing. Thus,
it is presently unclear how environmental parameters af-
fected by hydrological variability induce significant
variations on primary production, especially on the rel-
ative proportion of the three main groups that constitute
the autotrophic biofilm, namely diatoms, cyanobacteria
and green algae.

In this study, we aim at analysing the different re-
sponse to environmental parameters, in terms of benthic
chlorophyll a concentration (chl a), assumed as a proxy
of algal biomass. Our hypotheses are: i) hydrological vari-
ability influences water quality and plays a main role in
determining the biomass of diatoms, cyanobacteria and
green algae in Mediterranean streams during the dry sea-
son; ii) biomass of diatoms, cyanobacteria and green algae
show different responses to local variations of environ-
mental parameters so the relative proportions of the three
groups can be altered. We evaluated the chl a of the three
main photosynthetic groups of stream periphyton under
different levels of hydrological disturbance. In particular,
we applied regression models to investigate their relation-
ship with environmental features during flow intermit-
tency in Mediterranean streams.

METHODS
Site description

This study was conducted in five streams of Liguria
(NW-Italy), belonging to the same HER (122, Ligurian
Alps) in the Mediterranean region. All five study streams
are comparable in terms of geology (mostly calcareous),
climate and altitude, substratum size (mainly cobbles and
pebbles) and water quality. We selected sites classified at
least as “good” (DM 260/2010), thus guaranteeing low in-
terference on algal biomass data. All streams are permanent
in the upper part of their course, but become temporary next
to the mouth in the Ligurian Sea (Fig. 1).

Sampling design

We performed eight sampling campaigns from April
to October 2014: the first one during spring (04/17), with
moderate flow; the other seven campaigns were per-
formed approximately every 15-20 days from the end of
June to the end of October, before the first flood event and
covering the entire drought period (summer: 06/30, 07/22,
08/05, 08/28; autumn: 09/24, 10/08 and 10/28). We se-
lected 2 sampling sections for each stream (Fig. 1), one
exposed to high hydromorphological disturbance (Im-
pacted Section, IS) and the other acting as a control (Con-
trol Section, CS). The ISs were located downstream, in
urban areas, characterized by intermittent water, which
dried out during the summer, with only some deep iso-
lated pools persisting in the dry riverbed. The CSs were
located upstream, in natural areas, characterized by per-
manent water according to historical data, where we ob-
served just a natural flow reduction.

In each section, we identified five sampling plots (mi-
crohabitats) representing the highest possible heterogene-
ity in terms of flow velocity, water depth, canopy shading,
macrophyte coverage and isolation from the main river
course. We selected such different microhabitats in order
to detect differences in the response of photosynthetic or-
ganisms to spatial heterogeneity typical of Mediterranean
rivers (Tornés and Sabater, 2010). Water was always pres-
ent at the sampling moment in all microhabitats, even in
small amount, also during water scarcity, when the main
channel of the study streams was dry.

Data collection

In each sampling section, two types of water quality
parameters were measured: i) physical and chemical pa-
rameters. water dissolved oxygen (DO), pH, temperature
and conductivity were measured with a multiparametric
probe (Hydrolab mod. Quanta), while suspended sedi-
ments (TSS) were determined by gravimetry following
the Italian standard methods (APAT-IRSA CNR, 2003);
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ii) nutrients: soluble reactive phosphorous (SRP) and ni-
trates were determined with a LASA 100 spectrophotome-
ter according to APAT-IRSA (2003).

In each microhabitat, we measured water depth and
flow velocity with a current meter (Hydro-bios Kiel). We
also visually evaluated if the microhabitat was shaded or
not and if it was isolated or connected with the main course.
In isolated pools, we took measures of both physical and
chemical parameters and nutrients to detect possible differ-
ences with the main course. For each microhabitat we took
three measures of epilithic chl a of diatoms, cyanobacteria
and green algae with the BenthoTorch®, developed by BBE
Moldaenke GmbH (Schwentinental, Germany). Bentho-
Torch® is a Pulse Amplitude Modulated (PAM) fluorimeter
emitting light pulses at three different wavelengths (470,
525 and 610 nm), recording the response of cyanobacteria,
diatoms and green algae at 690 nm wavelength (Kahlert
and McKie, 2014). We then selected the median value of
chl a concentration for each autotrophic group and we cal-
culated their proportion with respect to the total chl a con-
centration.

Statistical analyses

We firstly performed data exploration in accordance
with Zuur ef al. (2009, 2010). We used Cleveland dotplots
and boxplots to assess the presence of extreme values and
avoid unusual observations to exert an undue influence
on estimated parameters (Zuur ef al., 2009). We then eval-
uated multicollinearity among predictors using Pearson
correlation test and variance inflation factors (VIFs). Vari-
ables highly correlated (R? correlation value >0.05 and
VIF >2) were excluded to avoid confounding effects and
model overfitting (Zuur et al., 2009). Given the high num-
ber of zeros, we transformed the flow velocity into a cat-
egorical variable (0 m s™' = standing water; >0 m s™' =
flowing water). In accordance with the results obtained
from these analyses, we selected the following predictive
variables: 1) continuous variables: water depth, DO, tem-
perature, pH, SRP, nitrates, percentage of macrophyte
coverage; i) categorical variables: sampling section, sam-
pling date, flow velocity, isolation and canopy shading.
We considered the sampling date as a proxy of the hydro-
logical disturbance, since we observed a progressive and

Fig. 1. Map of the five study streams and relative sampling sections. Diamonds, control sections (CSs); circles, impacted sections (ISs).
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gradual reduction of water along the sampling period, to-
gether with the fragmentation in isolated pools. We tested
the predictor variables and potential interactions against
total chl a and relative proportions of diatoms, cyanobac-
teria and green algae, via Generalized Linear Mixed Mod-
els (GLMMs, in accordance with Zuur ef al., 2009) in R
environment (R Core Team, 2014). Given the high num-
ber of zeros, green algae data were transformed into pres-
ence/absence data to obtain a more balanced dataset.

Given the spatial dependence of the data (two sec-
tions in each river), we applied the mixed procedure to
include a grouping variable (river) as a random factor in
order to account for the variation it introduced in our
samples, rather than to test for its direct effect on the de-
pendent variables. For the total chl a model, we assumed
a gamma distribution (link function: log) which allowed
us to deal with strictly positive variables, (Zuur ef al.,
2009). For the relative proportions of the three photosyn-
thetic groups, models were fitted with a binomial distri-
bution (link function: log) which is able to deal with both
presence/absence data (Bernoulli distribution) and pro-
portional data (strictly binomial distribution) as recom-
mended in Zuur et al., (2009). In order to identify the best
hypothesis supported by observations, we applied model
selection (Johnson and Omland, 2004). We performed a
backward elimination, progressively excluding variables
according to AIC values (Zuur et al., 2009). Variables not
contributing to the fit of the model (i.e., variables increas-
ing the AIC value) were progressively dropped from the
models thus avoiding overfitting (Hawkins, 2004).
GLMMs were fitted via the Ime4 R package (Bates et al.,
2014, version 1.0-6). We finally checked the correlation
between the three photosynthetic groups with the Pearson
correlation test.

RESULTS
Algal biomass and environmental factors

Flow velocity was higher in the CSs and presented lower
values in summer and autumn during the drought season
(lowest observed values 0.04 m s in CSs and 0.00 in ISs),
while no particular trend was observed for water depth
(Tabs. 1 and 2). Conductivity showed an increasing trend
from spring to autumn with higher values in the ISs (up to
777 uS cm™), while DO and nutrients decreased. TSS pre-
sented very low values; the only peaks (171 mg L) were
in ISs and during summer. pH was alkaline in both CSs
and ISs and remained almost constant during all the sam-
pling period. Temperature varied in accordance with the

Tab. 1. Summary of environmental parameters, in control and
impacted sections. Data are expressed as mean and standard de-
viation of all samples.

FV(ms?) 0.12 (£0.22) 0.07 (+0.16)
Water depth (cm) 28 (+18) 21 (+16)
Cond (uS ecm™) 401 (£159) 434 (£153)
DO (mg L") 9.3 (£1.2) 9.4 (£2.75)
Temperature (°C) 18.3 (+3.78) 19.9 (+4.15)
pH 8.53 (+0.46) 8.46 (£0.46)
TSS (mg L) 2.83 (+3.44) 8.20 (+28.34)
SRP (mg L) 0.009 (+0.013) 0.019 (+0.045)
N-NO; (mg L") 0.433 (+0.258) 0.675 (+0.868)
% Macrophytes 58 (£36) 65 (+34)

FV, flow velocity; Cond, conductivity; DO, dissolved oxygen, TSS, total
suspended solids; SRP, soluble reactive phosphorus; N-NO;, nitrates.

Tab. 2. Summary of environmental parameters (continuous variables), along the three seasons (spring, sampling campaign 04/17/14;
summer, sampling campaigns 06/30/14, 07/22/14, 08/05/14 and 08/28/14; autumn, sampling campaigns 09/24/14, 10/08/14 and
10/28/14). Data are expressed as mean and standard deviation for each period considered.

Flow velocity (m s™') 0.16 (+0.25) 0.07 (+0.18) 0.09 (+0.18)
Water depth (cm) 22 (£17) 24 (+16) 25 (x18)
Conductivity (uS cm™) 391 (+145) 393 (x£163) 442 (£175)
Dissolved oxygen (mg L) 10.3 (x0.73) 8.95 (2.1) 9.2 (¥2.2)
Temperature (°C) 15.4 (£3.40) 22.3 (¥2.37) 17.7 (£2.66)
pH 8.79 (+0.24) 8.68 (+0.97) 8.35 (+0.35)
TSS (mg L) 1.54 (£2.05) 7.32 (£26.65) 2.31 (£2.10)
SRP (mg L) 0.017 (+0.011) 0.010 (+0.013) 0.019 (+0.053)
N-NO; (mg L™) 0.971 (+0.414) 0.420 (£0.205) 0.521 (+0.972)
% Macrophytes 35 (£32) 57 (£38) 69 (£31)

TSS, total suspended solids; SRP, soluble reactive phosphorus, N-NO;, nitrates.
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season with slight difference between the CSs and ISs.
Total chl a showed higher values in the CSs (up to 31.4
ug cm), with lowest values during summer (Fig. 2a). Di-
atoms were always the most abundant group, with higher
values in CSs (up to 30.3 ug cm2), but their proportion
progressively decreased in summer and autumn with re-
spect to spring (Fig. 2b). On the contrary, cyanobacteria
and green algae showed lower values but their proportions
were higher in ISs and increased from spring to autumn
(Fig. 2 c,d). The highest total chl a values were observed
in September, which corresponded to a sharp increase in
diatom primary production and a consequent reduction in
proportion of green algae (Fig. 2c¢).

Statistical models

Results obtained from the final selected models
showed clear differences between the three photosynthetic
groups and total chl a in terms of environmental prefer-
ences. Total chl a was positively affected by the flow ve-
locity and season; actually, a significant increase at the

According to the final selected model, diatoms proved to
be favoured in environmental conditions of moderate flow
periods. Indeed, their relative proportion was higher in
microhabitats with flowing water and it was positively in-
fluenced by the oxygen concentration. The negative effect
of drought on diatoms was revealed by the significant
lower proportion in the ISs, and their decrease during the
drought period (Tab. 3 and Fig. 2b). In particular, their
proportion significantly decreased at the end of June and
especially at the beginning of August. Cyanobacteria
proved to be not so influenced by the drought, since the
variables chosen as drought proxy (section and sampling
date) were both excluded from the final model. However,
their relative proportion was positively affected by the
temperature, while the positive effect of isolation and the
negative effect of depth were nearly significant, thus in-
dicating a preference for warm, isolated shallow pools
typical of the drought period. On average ISs showed a
slight increase of cyanobacteria compared to CSs and a
marked variability (Tab. 3 and Fig. 2¢). Green algae

beginning of autumn was observed (Tab. 3 and Fig. 2a). showed an opposite trend with respect to diatoms, being

Tab. 3. For each dependent variable (total chl a; diatoms; cyanobacteria; green algae) the final selected model, estimated parameters
(B-Estimate), standard errors (SE), t (or z) statistics and P values for each significant covariate are reported. For categorical variable,
the reported values are referred to: section, control; date, 04/17/2014; flow velocity, class 0 (v =0 m s™); isolation, connected.

Final selected model

Total chl a ~ velocity + date + (1|river)

Variable p-Estimate SE t
Flow velocity (>0 m s™!) 0.349 0.092 3.806 0.0001
Date (24/09/2014) 0.613 0.176 3.484 0.0005
Diatoms ~ section + velocity + oxygen + date + (1|river)
B-Estimate SE z
Section (impacted) -1.675 0.385 -4.352 <0.0001
Flow velocity (>0 m s™) 1.084 0.457 2.373 0.0176
Oxygen 0.174 0.080 2.179 0.0293
Date (30/06/2014) -1.678 0.830 -2.021 0.0433
Date (05/08/2014) -2.514 0.832 -3.022 0.0025
Cyanobacteria ~ temperature + isolation + depth + (1|river)
Variable p-Estimate N z P value
Temperature 0.235 0.095 2.463 0.0138
Isolation (isolated) 1.287 0.705 1.826 0.0678
Water depth -0.065 0.035 -1.893 0.0583
Green algae ~ section + velocity + oxygen + macrophytes + depth + date + (1|river)
p-Estimate SE z P value
Section (impacted) -1.223 0.353 3.463 0.0005
Flow velocity (>0 m s™) -2.173 0.543 -4.001 <0.0001
Oxygen -0.252 0.091 -2.765 0.0057
Macrophyte 0.010 0.006 1.732 0.0833
Water depth 0.179 0.010 1.745 0.0810

Date (05/08/2014) 2.723 0.775 3.516 0.0004
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favoured in environmental conditions characterising the
drought season. Indeed, their presence was favoured in
the ISs (Tab. 3 and Fig. 2d) and in microhabitats with
standing water and low oxygen concentrations. Their
probability of presence showed a positive trend during the
drought period, with a significant increase at the begin-
ning of August (Tab. 3 and Fig. 2d). A strong negative re-
lationship between diatoms and the other two groups was
revealed by the Pearson correlation test (diatoms vs
cyanobacteria: R =-0.59,t=-12.465, P<0.0001; diatoms
vs green algae: R =-0.76, t = -19.844, P<0.0001), while
no correlation was found between cyanobacteria and
green algae (R =-0.07, t=-1.227, P=0.221).

Proportion of diatoms was then selected as an indica-
tor of hydrological disturbance, since it proved to be the
most sensitive variable to water scarcity and it was also
strongly negatively correlated with relative proportions of
cyanobacteria and green algae. In order to determine a
threshold to distinguish between natural drought and
human-induced water scarcity we measured the median
between the 75% percentile in the IS dataset and the 25%
percentile in the CS dataset of diatom proportion. For hav-
ing a better indication, data from the first sampling cam-
paign were excluded in this phase. According to this
procedure, the final threshold was 51% (75" percentile IS
dataset = 50%; 25" percentile CS dataset = 52%).

DISCUSSION

Our data demonstrate that in Mediterranean streams
the effects of hydrological variability can be quantitatively
evaluated in terms of chlorophyll a content. More specif-
ically, we verified the hypothesis that, among periphytic
primary producers, diatoms are the most affected by hy-
drological disturbance, as partly suggested by previous
studies (Romani et al., 2012; Barthes et al., 2015), but
controversial in others (Caramujo et al., 2008).

The hydrological alteration was highlighted by a pro-
gressive lentification and fragmentation of the riverine
habitat, with the formation of isolated pools in dry
stretches. As a consequence, the flow velocity diminished
from spring to autumn and from upstream to downstream
(Tabs. 1 and 2). As pointed out in other studies (Gasith
and Resh, 1999; Lake, 2003), the reduction of water sup-
ply and the evaporative processes caused an increase of
ion concentration as demonstrated by the higher values of
conductivity in the IS dataset and the increasing values
from April to September. Moreover, we detected a lower
oxygen concentration in isolated pools. On the contrary,
nutrients did not show a pattern clearly related to the pro-
gressive hydromorphological alteration. According to lit-
erature data on Mediterreanean streams (Guasch et al.,
1995; Sabater et al., 2006), we expected an increase of
nutrient concentration with the progression of the drought;

on the contrary, our summer values were lower than
spring ones. The loss of lateral and longitudinal connec-
tivity, due to the progressive drought, in parallel with re-
duction in precipitations, may cause a reduction in
nutrient supply, as pointed out by Dahm et al. (2003).
Moreover, the growth of riparian vegetation during the
summer period may also act as a buffer zone retaining ni-
trates, as suggested by Sabater ef al. (2000). Thus, during
droughts nutrient input is expected to originate from
groundwater and reflect the regional biogeochemistry
(Clifford et al., 2003).

Despite SRP and nitrate show higher values in the ISs
than in Cs, due to different land uses, both CSs and ISs
can be classified as oligotrophic and oligosaprobious in
all five study streams according to common water quality
classifications (Hofmann, 1994; Van Dam et al., 1994).
Accordingly, the range of total chl a corresponds to those
of unenriched streams (Biggs, 1996). A further confirma-
tion of the scarce influence of land use is given by the
slightly lower values of total chl a concentration in the IS
than in the CS dataset. Even if anthropogenic land uses
may strongly increase algal biomass growth and alter
community composition of photobiota, we observed
lower values in the IS dataset, probably due to the hydro-
logical disturbance (Taylor et al., 2004; Cooper et al.,
2013). Our results are in accordance with Proia et al.
(2012), who affirmed that flow variability, and in general
physical disturbance, may result in a weak relationship
between chl a and nutrient concentrations. However, it
should be pointed out that the total chl a does not give a
clear response to the reduction of water supply, since no
significant differences were revealed between the CSs and
ISs and no significant reduction along the sampling sea-
sons was observed (Tab. 3). In fact, we found much
clearer effects in terms of relative proportion of the three
main photosynthetic groups compared to total chl a.

Diatoms largely dominated the phototrophic commu-
nity over the entire study period, in accordance with Graba
et al. (2014). However, their proportion gradually de-
creased during the hot season, being replaced by cyanobac-
teria and green algae, in accordance with Romani ef al.
(2012). In particular, as confirmed by the Pearson correla-
tion test, we observed an opposite trend between diatoms
and green algae, similarly to what observed by Luttenton
and Lowe (2006) in lentic environments. These results are
also consistent with those found in artificially illuminated
cave environments by Piano et al. (2015), who observed
opposite trends for diatoms and green algae chlorophyll a
contents. As demonstrated by the results of the statistical
models, hydrological disturbance seemed to have a main
role in determining the relative proportion of diatoms and
green algae within the periphyton. In particular, at the be-
ginning of August a significant decrease of the relative pro-
portion of diatoms is combined with a significant increase
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in green algae probability of presence (Tab. 3). In general,
diatoms were favoured in the CSs, whereas green algae
probability of presence was higher in the ISs. The three
photosynthetic groups showed clear different responses to
hydrological changes. Microhabitat characteristics, de-
scribed by flow velocity and water depth, proved to have a
significant effect, confirming a microscale pattern of ben-
thic photosynthetic microorganisms (Biggs, 1996). In par-
ticular, diatoms proved again to be the photosynthetic group
most negatively influenced by drought. Their relative pro-
portion was favoured in riffles, characterized also by high
DO availability, while the presence of green algae was
favoured in pools with lower DO, in accordance with
Stevenson (1996). Cyanobacteria seemed not be directly
influenced by the water scarcity, since their proportion did
not show any differences between the two sampling sec-
tions or between the sampling dates. However, an indirect
effect of low water flow could be hypothesized: cyanobac-
teria relative proportion significantly grows in shallow iso-
lated pools, with high temperatures. We can assume that
cyanobacteria are favoured during the hot season, as gen-
erally seen in lakes and ponds (Lake, 2003). These relation-
ships highlighted an indirect response of cyanobacteria to
the water scarcity, being favoured in environmental condi-
tions strictly linked to this phenomenon.

Some limitations of this work should be highlighted.
Indeed, our results were obtained from a limited number
of streams, all belonging to the same HER and all clas-
sified at least as “good” in terms of water quality, in ac-
cordance with the WFD thresholds. There is thus a call
for a validation in other streams at different water quality
levels and belonging to different HERs of the Mediter-
ranean region. In particular, a gradient of anthropic dis-
turbance should be considered in order to disentangle
the effect of nutrients on the primary production of our
focus groups.

CONCLUSIONS

Comparing to phytoplankton, the assessment of ben-
thic algal biomass has always been considered more chal-
lenging. On the one hand, it is considered as essential for
tracking short and long-term changes and to assess the
role of benthic algae in freshwater foodwebs (Stevenson,
1996). There have always been a series of constrains re-
lated to the costs of extensive sampling surveys needed
for the high spatial and temporal variability of phytoben-
thic community (Kahlert and McKie, 2014). In recent
years, promising methods have been developed to over-
come these limitations, such as instruments for in situ
measurements of chl a specifically conceived for benthic
algae. In our study, the use of an in situ fluorimetric probe
allowed us to discriminate between the main groups com-
posing autotrophic biofilm and to obtain a rapid assess-

ment of its composition in terms of primary producers. In
a broader context, we suggest to use such probe as an in-
tegrative tool in supporting monitoring programs. Total
chl ain itself is a good indicator of human-induced water-
quality degradation and should be routinely monitored as
part of an effective management program (McNair and
Chow-Fraser, 2003), but as a response metric it is not
stressor specific as it reflects changes in concentration of
nutrients, various pollutants, physical conditions and in-
teractions of stressors (Zalack et al., 2010). In our study
it did not prove to clearly distinguish between the CS and
the IS datasets, thus not being a useful indicator for meas-
uring the disturbance caused by water scarcity. On the
other hand, diatoms proved to be the most sensitive group
to water scarcity in terms of chl a and the group with the
highest representativeness. According to our data, we can
conclude that within a biofilm, a diatom proportion below
the threshold of 51% could be a signal of hydrological
stress caused by water scarcity in nutrient unenriched
Mediterranean streams. These values could be applied in
the future for the environmental impact assessment of
water abstraction works. In general, the decrease of di-
atom proportion within a biofilm can imply negative con-
sequences in the stream ecosystem functionality since it
enhances the competitiveness of filamentous green algae
and cyanobacteria that are less edible for grazers, simi-
larly to what happens in lentic and eutrophic ecosystems
(Caramujo et al., 2008). Understanding the response and
contribution of biofilm main components is essential to
evaluate the effect of flow intermittency on stream ecosys-
tem functioning.

The ratio between diatom chl a and total chl a can be
potentially included as a metric in monitoring programs
of Mediterranean streams, integrating chemical parame-
ters and biological indices commonly adopted for classi-
fying the ecological status, but not specifically sensitive
to hydrological disturbance.
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ABSTRACT

In compliance with the European and Italian regulations, the Environmental Protection Agency of Umbria Region (ARPA Um-
bria) defined specific river monitoring programs and networks based on river type definition, human pressures and risk analysis.
The Umbria Region lies in Central Italy and it can be split into three hydro-ecoregions belonging to the Mediterranean area. Data
on diatom community composition were collected in five different Mediterranean macrotypes (M1-M5) throughout the diatom-
based river monitoring network that is composed by 52 sampling stations in 36 watercourses. The main aim of this study was to
characterise and to analyse diatom diversity across the different regional river macrotypes. Specifically, we investigated if: i) there
were differences in species diversity (species richness and Shannon Index) among macrotypes; ii) there was difference in three
water quality indexes (ICMi, IPS, and TI) among sites; and iii) there was a relationship between the observed ICMi, IPS and TI
value and the diatom diversity. Two-hundred diatom species and varieties were identified, and the number of species per sampling
station ranged from a minimum of 10 to a maximum of 38 species. The most frequent and abundant species were Amphora pedicu-
lus, Achnanthidium minutissimum, Navicula cryptotenella, Nitzschia dissipata, and each macrotype showed some peculiar species.
The ecological status evaluation based on Intercalibration Common Metric Index (ICMi) classified 69% of the water bodies in
high or good class. Significant differences in diversity and ICMi value among stream macrotypes were found, with M4 (small and
medium mountain) and M5 (small, lowland, temporary) typologies showing the lowest species richness, and with M5 showing the
lowest Shannon Index. Conversely, M2 (small and medium lowland) and M5 showed the highest ICMi value. Lastly, significant
correlations between Shannon Index and the ICMi, IPS and TI indexes were found.

Key word: Benthic algae; indicator species; Bacillariophyceae; diversity metrics; Water Framework Directive 2000/60/EC.

INTRODUCTION

Ecological status assessment based on benthic algal
communities is one of the requirements of the European
Water Framework Directive 2000/60/EC (WFD; European
Commission, 2000), implemented in Italy with Legislative
Decree 152/2006 (Italian Regulation, 2006). Diatoms are
the algal group most widely used as indicators of river qual-
ity. They are the main component of phytobenthos of river
water bodies and have biological and ecological character-
istics that make them a good indicator for the characteriza-
tion of water quality (Kelly ef al., 1998). They have a
cosmopolitan distribution and high sensitivity to water
physico-chemical characteristics and environmental condi-
tions (for a review see Prygiel ef al., 1999).

In Italy, studies on diatom communities have been
mainly focused on Alpine streams (Cantonati and Pipp,
2000; Battegazzore et al., 2004; Bona et al., 2007; Rott
et al., 2006; Zorza and Honsell, 2008; Beltrami et al.,
2009; Falasco et al., 2012) and some main watercourses
in Southern Italy (Battegazzore et al., 2003; Finocchiaro
etal., 2011). Existing data on benthic diatom assemblages

':Jl-‘r.-'\la"ll'.l'.LSS

of Mediterranean rivers of Central Italy are scattered, cov-
ering some central Apennine streams (Dell’Uomo, 1999;
Scuri et al., 2006; Torrisi et al., 2008, 2010), some vol-
canic-siliceous streams (Della Bella et al., 2012), and the
main river water body, the Tiber River (Cappelletti et al.,
2005; Ciutti et al., 2007). A few studies on river diatom
communities have been carried out on main streams of
Umbria Region, Central Italy (Mancini et al., 2008).

In compliance with the European and national regula-
tions, the Environmental Protection Agency of Umbria
Region (ARPA Umbria) defined specific monitoring pro-
grams and networks based on river type definition, human
pressures, and risk analysis (ARPA Umbria, 2008). ARPA
Umbria accomplished the first biomonitoring of river di-
atoms between 2009 and 2012 and calculated the Inter-
calibration Common Metric Index (ICMi), developed in
Italy for the assessment of benthic algal ecological status
(Mancini and Sollazzo, 2009). The main purposes of this
study were to analyse diatom diversity of regional river
types and to identify the characterising diatoms of differ-
ent river types in Umbria (Mediterranean river typologies
defined by altitude, river basin area, and river hydrology).

g i



50 V. Della Bella et al.

This study represented a contribution to diatom-based
river quality assessment following the WFD in Italy and
to evaluation of differences in diversity of diatom com-
munities in Mediterranean river types. In detail, we inves-
tigated if: 1) there were differences in species diversity
(species richness and Shannon Index) among river types,
i1) there was difference in ICMi, IPS, and TI value among
sites, and iii) there was a relationship between the ob-
served ICMi, IPS and TI value and the diatom diversity.

METHODS
Study area

The Umbria Region is located in the Mediterranean
area of Central Italy and it is included in three hydroecore-
gions: Tuscan Hills, Apennines Centre and Italian Volcanics
(Wasson et al., 2006; Italian Regulation, 2008; Fig. 1). The
morphology varies from lowlands in the central area to
highlands in the eastern part and it is mainly characterized
by a temperate climate with hot, dry summers and cool, wet
winters. Almost the entire area belongs to the Tiber River
basin, in the hydrographic district of Central Italy. The Tiber
River begins in the northern part of the Apennine Moun-
tains and crosses the Umbria Region from North to South,
collecting waters from several tributaries and with a length
of 400 km before draining into the Tyrrhenian Sea in the
Lazio Region. Tributaries from the eastern part of the re-
gion show steady flows due to carbonate sources from the

Apennines and a good ecological quality. On the contrary,
all over the central and western area the rivers show a high
flow variability and significant impacts on water quality,
due to human activities.

According to national legislation (DM 131/08; Italian
Regulation, 2008), 135 river waterbodies were included
in the monitoring network and assigned to 19 types, which
were grouped in five main Mediterranean macrotypes
(M1-M5) defined in the European Intercalibration exer-
cise (European Commission, 2008; Tab.1). Most of the
regional water bodies belongs to macrotypes M5 (39%)
or M1 (34%) and are characterized by small basins and
low or temporary discharges, while there are few big
rivers (8%) with significant flows in floodplain areas
(macrotype M3). Several rivers, altered by human activi-
ties such as land drainage, dredging, flood protection,
water abstraction, building of dams to create reservoirs,
have been designated as “artificial” (1; AWB) or “heavily
modified” (20, HMWB) water bodies (Fig. 2).

In order to define monitoring networks and programs,
a risk analysis and an anthropic pressure assessment have
been carried out (ARPA Umbria, 2008). Data were col-
lected using the diatom-based river monitoring network that
is composed by 52 sampling stations distributed in 36 wa-
tercourses. Data were collected between 2009 and 2012.
Almost 100 diatom samples were collected and analysed.
Data gathered allowed to calculate for 48 out of 52 sites the
Intercalibration Common Metric Index (ICMi), developed
for the assessment of benthic algal ecological status follow-

Apennines N

e

Tuscany Hills Adriatic
HER11 coast
HER14 | HERI3 |
Italian Apennines
Volcanic centre

Fig. 1. Hydro-ecoregions (HER; WFD 2000/60/CEE) defined by CEMAGREEF for Italy (Wasson et al., 2006), then verified at the
local/regional scale and identified according to Basin Authority, Regions, Regional Environmental Agency and Italian Ministry of En-
vironment (DM 131/08; Italian Regulation, 2008). HER11, Tuscany Hills; HER13, Apennine Centre; HER14, Italian volcanic regions.
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ing the formula: ICMi index = (RQE _IPS + RQE TI )/2
(Mancini and Sollazzo, 2009). The ICMi is based on two
sub-indices: the IPS index (CEMAGREF, 1982), which
mainly assesses the sensitivity of species to organic pollu-
tion and the TI Index (Rott et al., 1999), which is based on
the species sensitivity to trophic pollution. For the diatom-
based ecological status assessment, the value of the two
sub-indices have to be expressed as Ecological Quality
Ratio (RQE_IPS and RQE_TI) with the respective refer-

ence values for each river macrotype following the DM
260/2010 (Italian Regulation, 2010). Boundaries between
quality classes adopted for river macrotypes M1-M2-M3-
M4 are: High/Good = 0.80, Good/Moderate = 0.61, Mod-
erate/Poor = 0.51, Poor/Bad = 0.25; and for M5 are:
High/Good = 0.88, Good/Moderate = 0.65, Moderate/Poor
= 0.55, Poor/Bad = 0.26 (reported values are the lowest
value of higher class). We evaluated the ecological status
on the basis ICMi for 38 out of 48 sites because ten sites

Tab. 1. River Mediterranean macrotypes identified in the Region Umbria.

River macrotype River macrotype description

Number of water bodies Sampling sites

Ml Small mid-altitude streams (200-800 m asl) 45 20
M2 Small and medium lowland streams (<400 m asl) 23 12
M3 Large lowland rivers 11 10
M4 Small and medium mountain streams (400-1500 m asl) 2 2
M5 Small, lowland, temporary (<300 m asl) 54

ICMi classes

—— High

s Good

Moderate

Fig. 2. Diatom-based river classification using ICMi Index.

——— Not defined
= = = Mot classified
(HMWB/AWB)
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were defined as heavily modified/artificial water bodies
(HMWB/AWB).

Sampling activities, data analysis and statistics

Diatom sampling, sample treatment and laboratory
work were carried out according to the European recom-
mendations (European Committee for Standardization,
2003, 2004) and national guidelines (APAT, 2007). In order
to sample epilithic forms, the upper surface of five stones
was brushed with a toothbrush in each sampling site. Di-
atom samples were immediately placed in an ice bag and
carried to the laboratory. In order to identify the diatom
frustules, the diatom valves were cleaned using hydrogen
peroxide to eliminate organic matter and with hydrochloric
acid to dissolve calcium carbonate. Clean diatom frustules
were mounted in a synthetic resin with high-refraction
index (Naphrax®). Successively in each sample up to 400
valves were counted and classified at the species or the va-
riety level using a light microscope with 1000x magnifica-
tion. Morphometric measurements were made with the aid
of image analysis software (CellB, Imaging Software for
Life Sciences Microscopy® OLYMPUS Soft Imaging So-
lutions GmbH, Miinster, Germany). The main references
for diatom taxonomy were Krammer and Lange-Bertalot
(1986, 1988, 1991a, 1991b, 2000), Krammer (2000),
Lange-Bertalot (2001), and Hofmann ez al. (2011).

In order to analyse diatom diversity and identify the
characteristic species of different river macrotypes, we per-
formed two types of statistical analyses. To define the char-
acterizing species of river macrotypes, we applied the
Indicator Species Analysis (ISA, Dufrene and Legendre,
1997). This analysis establishes indicator values for differ-
ent species combining the information on relative abun-
dances of species in a particular group of samples with the
relative frequency of the species occurring in the group.

Successively, in order to test if there were differences in
species diversity among macrotypes and hydro-geographic
regions (HER), we used a GLM procedures including the
diatom species richness or the Shannon Index as the re-
sponse variables (assuming a Poisson distribution for
species richness and a Gaussian for Shannon) and using in
turn the macrotype (5 categories) and HER (2 categories)
as independent variable. The diatom species richness and
Shannon Index were calculated at site level. Successively,
six separate GLMs were performed in order to test the pres-
ence of a significant difference among macrotypes and
HERs for the three indexes ICMi, TI and IPS. Lastly, GLM
was used in order to test if there are any significant rela-
tionship between ICMi, IPS and TI and diatom diversity
(the observed species richness and Shannon at the site
level). These analyses were also replicated excluding the
10 sites not classified because defined as heavily modi-
fied/artificial water bodies (HMWB/AWB). Significance
of all GLMs was tested against a null model (i.e., no sig-
nificant relationships with factors) by chi-squared test. All
the statistical analyses were performed using the R statisti-
cal environment ver. 3.30 (R Core Team, 2015).

RESULTS AND DISCUSSION

A total of 200 diatom species and varieties were iden-
tified (Supplementary Tab. 1) in 96 collected samples (al-
most 41,000 counted frustules). The number of species
per sample varied from 10 to 38 with a mean of 22
species. The most frequent and abundant species were
Amphora pediculus (Kiitzing) Grunow, Achnanthidium
minutissimum (Kiitzing) Czarnecki, Navicula cryp-
totenella Lange-Bertalot, Nitzschia dissipata (Kiitzing)
Grunow ssp. dissipata (Tab. 2).

A. pediculus and A. minutissimum are cosmopolitan

Tab. 2. List of most frequent and abundant species. Only species found in more than 2/3 of sampling sites are listed.

Samples Mean Median Max
relative relative relative
abundance abundance abundance

(%) (%) (%)

Amphora pediculus (Kiitzing) Grunow 47 91 10.52 6.00 55.67
Achnanthidium minutissimum Kiitzing 47 87 20.09 10.27 79.12
Navicula cryptotenella Lange-Bertalot 45 79 4.53 2.10 23.90
Nitzschia dissipata (Kiitzing) Grunow 45 72 2.58 0.67 25.24
Cocconeis placentula Ehrenberg 42 64 8.84 0.85 86.82
Navicula tripunctata (Miiller) Bory 39 60 2.27 0.25 22.76
Gomphonema parvulum (Kiitzing) Kiitzing 37 57 0.98 0.25 10.82
Gomphonema olivaceum (Hornemann) Brébisson 40 54 1.65 0.25 19.01
Rhoicosphenia abbreviata (Ag.) Lange-Bertalot 34 52 2.40 0.23 69.51
Nitzschia palea (Kiitzing) W. Smith 35 47 2.14 0.00 21.13
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species, very common and abundant in the Italian rivers
and streams, often dominant in diatom communities and
considered pioneer species (Falasco and Bona, 2013). A4.
pediculus can tolerate high concentration of nutrients in
water with low organic load, while 4. minutissimum has
a wide ecological range as it can tolerate large ranges of
organic and inorganic pollution (Falasco et al., 2013). The
high abundance and frequency of these both pioneer
species were probably due to the high flow variability of
rivers for the most part of the region in analysis. N. cryp-
totenella is also a cosmopolitan and mobile species. Like
A. pediculus, this species is quite sensitive to organic pol-
lution, and it can be found in oligotrophic to eutrophic wa-
ters (Falasco et al., 2013). N. dissipata, also found in
several sampling sites though with less abundance, may
become a dominant species in diatom community in site
with medium - high content of nutrients such as nitrate
and total phosphorus (P, >46.5 ug L™'; Falasco et al.,
2013; Hofmann, 1994). Among the most common and
abundant species there were also Gomphonema olivaceum
(Hornemann) Brébisson, and Gomphonema parvulum
(Kiitzing) Kiitzing. G. olivaceum is sensitive to organic
pollution but can tolerate a moderate trophic load. Hence,
it is generally abundant in the limestone streams with high
conductivity (Falasco et al., 2013). G. parvulum, belong-
ing to a complex of species with a large ecological value
and a high tolerance to trophic and organic pollution, it is
also widespread in sites affected by anthropogenic pres-
sure due to urbanization and agriculture practices (Della
Bella et al., 2007; Falasco et al., 2013).

Among the species found in more than half of the
monitoring sites was Rhoicosphenia abbreviata (Agardh)
Lange Bertalot, an epiphytic species which can be often
found on aquatic macrophytes in brackish water and/or
characterized by limestone substrates. It is characterized
by a moderate tolerance to eutrophication (Della Bella et
al., 2007). Both N. dissipata and R. abbreviata are char-
acteristic species of sites with a surrounding land use of
the catchment area devoted to agriculture that reflected in
high values of nutrients in waters, as shown by studies
carried out in other Italian regions (Bona et al., 2007;
Della Bella et al., 2012). During the study, we also iden-
tified Reimeria uniseriata Sala Guerrero & Ferrario, a di-
atom species that is considered an alien species in Italy
(Falasco et al., 2013), and Diadesmis confervacea Kiitz-
ing var. confervacea, a taxon considered non-native in Eu-
rope coming from tropical or subtropical areas (Coste and
Ector, 2000). Both these species were found with low
abundances (<5.5%) and in only four samples belonging
to M1, M2 and M3 river typologies.

The Indicator Species Analysis (ISA) suggested that
in each river type some typical species occur (Tab. 3). For
example, temporary rivers (M5) are characterized by A.
minutissimum, which is a pioneer and mobile species, ca-

pable of a fast river substratum recolonization after re-
peated annual dry phases. Plain large rivers (M3), instead,
are characterized by slow water flow, which allows the
development of planktonic species that can be also found
in benthic communities, like Cyclotella meneghiniana
Kiitzing.

According to the GLM analyses we found significant
difference among macrotypes in terms of species rich-
ness (df=4, deviance=16.271, P=0.003; Fig. 3) and Shan-
non Index (df=4, deviance=2.523, P=0.019; Fig. 3).
When we evaluated how species richness and Shannon
Index were distributed across macrotypes (Fig. 3), we
found that M4 and M5 showed a significant lower
species richness. M5 showed also a significant lower
value of the Shannon indexes (Tab. 4). By contrast, when
we focussed on HERs (Fig. 3), we found that only the
species richness was significant different between HER
11 and HER 13 (df=1, deviance=5.1931, P=0.023) with
the last showing a significant lower estimate of species
richness values (Tab. 4).

Tab. 3. Characteristic species, defined by Indicator Species Analy-
sis, for the five Mediterranean river macrotypes in analysis.

M1 - Small mid-altitude streams
Achnanthidium pyrenaicum (Hustedt) Kobayasi
Amphora inariensis Krammer

Encyonema silesiacum (Bleisch in Rabh.) D.G. Mann

M2 - Small and medium lowland streams
Cymatopleura solea (Brébisson) W. Smith
Gomphonema parvulum (Kiitzing) Kiitzing

Navicula tripunctata (Miller) Bory

M3 - Large lowland rivers
Cyclotella meneghiniana Kiitzing
Navicula capitatoradiata Germain
Navicula cincta (Ehrenberg) Ralfs
Navicula cryptocephala Kiitzing
Navicula cryptotenella Lange-Bertalot

Nitzschia frustulum (Kiitzing) Grunow

M4 - Small and medium mountain streams
Denticula tenuis Kiitzing
Encyonema minutum (Hilse in Rabh.) D.G. Mann
Nitzschia fonticola Grunow

Nitzschia palea (Kiitzing) W. Smith

MS5 - Small, lowland, temporary
Achnanthidium minutissimum (Kiitzing) Czarnecki
Encyonopsis microcephala (Grunow) Krammer
Fragilaria recapitellata Lange-Bertalot & Metzeltin

Gomphonema tergestinum Fricke
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Tab. 4. Estimated richness and Shannon index coefficients. GLM results were reported for the three significant models. Estimates and
their standard errors, t or z test values and associate significance for each level of the fixed factors were reported.

Macrotypes richness estimates

Coeff. Estimate Std. Error z value Pr(>|z|)
(Intercept) 3.129 0.033 94.596 <0.001
M2 0.017 0.054 0.323 0.747
M3 0.080 0.067 1.196 0.232
M4 -0.281 0.125 -2.252 0.024
M5 -0.168 0.066 -2.556 0.011
Macrotypes Shannon index estimates
Coeff. Estimate Std. Error t value Pr(>|z|)
(Intercept) 2.008 0.073 27.460 <0.001
M2 0.032 0.119 0.268 0.79
M3 0.246 0.152 1.614 0.11
M4 -0.271 0.243 -1.117 0.28
M5 -0.310 0.137 -2.266 0.026
Hydro-ecological regions richness estimates
Estimate Std. Error z value Pr(>|z|)
(Intercept) 3.143 0.026 122.888 <0.001
HER 13 -0.110 0.049 -2.261 0.024
Richness x Macrotype Shannon Index x Macrotype
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Fig. 3. Box plots of species richness and Shannon Index (on Y axis) among river macrotypes and among hydroecoregions (respectively, M
and HER on X axis). The inner line is the median, the box margins are the 25" and 75™ percentile, bars extend to 5™ and 95™ percentile.
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Intercalibration Common Metric Index (ICMi) classi-
fied 69% of water bodies in high or good class. Forty-two
species (about 20% of the total) were not included in the
list of taxa for the calculation of ICMi Index, because
these diatom species were not included in the TI Index
(Rott et al., 1999), as their sensitivity (TW) and reliability
(G) values are still unknown.

We found a significant ICMi (df=4, de-
viance=0.67824, P<0.001), IPS (df=4, deviance=55.867,
P<0.001) and TI (df=4, deviance=3.8236, P<0.001) vari-
ation among macrotypes (Fig. 4; Tab. 5). Particularly,
the highest ICMi was found in M2 and M5, IPS was
found to be significant lower in M2, M3 and M4 while
M3 and M5 showed the lowest TI (Tab. 5). When we in-

average ICMi x Macrotype

average IPS x Macrotype

55

vestigated variation between HERs we found that only
the TI was significant different (df=1, deviance=1.9075,
P=0.008) with HER13 showing a significant lower
value.

Finally, we did not find any significant correlation be-
tween species richness, Shannon Index and the three in-
dexes when we took into account the total of 48 sites.
However, when we limited the analysis to the 38 sites for
which was possible to evaluate the ecological status on
the basis of ICMi, we found that only the Shannon Index
showed a significant negative correlation with the ICMi
Index and IPS, while TI showed a significant positive cor-
relation with both species richness and Shannon Index

(Fig. 5).
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Tab. 5. Estimated values for the three indexes among macro-types and hydro-ecological regions.

Macrotypes ICMi estimates

Estimate Std. Error t value Pr(>|t))
(Intercept) 0.777 0.037 20.885 <0.001
M2 0.288 0.066 4.382 <0.001
M3 0.089 0.085 1.049 0.302
M4 -0.082 0.115 -0.717 0.478
M5 0.253 0.069 3.671 0.001

Macrotypes IPS estimates

Estimate Std. Error t value Pr(>|t))
(Intercept) 15.785 0.423 37.313 <0.001
M2 -1.720 0.748 -2.300 0.028
M3 -2.499 0.969 -2.578 0.015
M4 -3.682 1.304 -2.824 0.008
M5 0.405 0.783 0.518 0.608

Macrotypes TI estimates

Estimate Std. Error t value Pr(>|t))
(Intercept) 2.225 0.101 22.137 <0.001
M2 0.359 0.178 2.018 0.052
M3 0.644 0.230 2.798 0.009
M4 0.142 0.310 0.460 0.649
M5 -0.429 0.186 -2.306 0.028

Hydro-ecological regions TI estimates

Estimate Std. Error t value Pr(>|t))
(Intercept) 2.420 0.099 24332 <0.001
HER 13 -0.367 0.168 -2.188 0.035

richness and diversity indices, like the Shannon Index, are

CONCLUSIONS

According to this result the diatom species richness
did not result as a community variable related to the eco-
logical quality of the studied river. A similar conclusion
was already reported in previous works on other Italian
(Della Bella ef al, 2012) and European catchments
(Blanco et al., 2012), and on other aquatic ecosystems
(Cohen et al., 1993; Chipps et al., 2006; Della Bella and
Mancini, 2009). Diatom diversity metrics exhibited poor
linear correlations with environmental factors indicating
ecological status because of complex environmental in-
fluences. The relationship between diatom diversity in-
dices and productivity has remained unclear and then
some authors suggested that these indices are not suitable
for evaluating ecological conditions (Blanco et al., 2012).
Archibald (1972) found linear negative and Lavoie ef al.
(2008) found positive relationships between diversity and
nutrients. Soininen (2009) indicated that other variables
than nutrients determine diatom diversity. For example,
Stenger-Kovacs et al. (2014) found that stream order is a
relevant typological parameter which can basically influ-
ence the diatom species number and diversity. Species

two important aspects of diversity, but it is not obvious
that both respond in a similar way to varying intensities
of disturbance (Svensson ef al., 2012). Indices of diversity
generally include both the number of species and their rel-
ative abundances, which make assessment of their re-
sponses more complex. Diversity indices based on species
relative abundances (e.g., Shannon Index) could show
misleading responses and could be unsuitable for com-
parison of biological communities. A recent study on
other biological community showed that the majority of
the biodiversity metrics increased whereas the most abun-
dant species declined and highlighted that increasing met-
rics of diversity may occur in parallel with substantial
losses of individuals (Schipper et al., 2016).

The present study highlighted differences in diversity
metrics (species richness and Shannon Index) of diatom
communities in Mediterranean river types, and this find-
ing suggested that this aspect should be taken into account
when comparison studies were made among different
river typologies. Although our analyses could be affected
by an imbalance in the number of observations among
macrotypes and further testing with additional data of dif-
ferent hydroecoregion are necessary, our results indicated
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Fig. 5. Predicted values (blue continuous line) and confidence intervals (95%, light grey area) for species richness and Shannon Index

of diatoms in relation to the ICMi, IPS and TI index values.

that the diatom diversity metrics could be considered
complementary parameters in river biomonitoring for the
ecological status assessment based on diatoms.
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ABSTRACT

A new multi-criteria method of evaluation and assessment of the ecological status of lakes is proposed. It is based on macro-
phytes analysis integrated with geomorphological, landscape and catchment sources of threats. A total of 22 lakes in the Trans-
boundary Biosphere Reserve ‘West Polesie’ (Poland) were investigated along trophic (available nutrients) and human pressure
gradients, testing the proposed method with ESMI and TRS indices. Therefore, the present indexation included 22 criteria (i.e.,
catchment land use, phytolittoral area, number of plant species) concerning three different assessing zones (lakeshore, littoral and
surrounding area), and provided a five-class ecological classification. The proposed index, in addition to the general ecological
conditions assessment of lakes, allows to point out a zonal evaluation, identifying the most critic zones in terms of ecological
status. The proposed method can be universally adapted for any type of lakes, regardless of their geographical characteristics. It
can be applied to system monitoring, and to support lakes biodiversity, functionality, conservation, restoration, water protection
and uses, as well as water, territory and landscape management actions.

Key word: Multi-metric Index; macrophytes; lake functionality; ABC method; waters and land management; new proposal.

INTRODUCTION

The worldwide progressive human pressure on water
bodies is among the key causes of aquatic environments
decline (Melzer, 1999; Palmer and Roy, 2001; Baattrup-
Pedersen et al., 2006; Brucet et al., 2013). The main
causes are burial, erosion, pollution, water characteristics
variation (i.e., flow regimes, functionality, physical and
chemical changes); together with water bodies, land
forms, dynamics artificialization; and biodiversity regres-
sion (i.e., Suominen, 1968; Bolpagni et al., 2013; Sossey-
Alaoui and Rosillon, 2013; Cianfaglione, 2014;
Szoszkiewicz et al., 2014; Balazi et al., 2014; Bolpagni
and Piotti, 2015, 2016).

To monitor and try to counteract this trend, the devel-
opment of fast multi-criteria methods, indicating the main
causes of the degradation processes, may represent a piv-
otal choice for introduce effective planning and remedial
actions (Villa et al., 2013). Focusing on macrophytes and
ecological features, a new multi-criteria method for the
ecological status assessment of lakes is presented in order
to improve standard methods developed in the frame of
the Water Framework Directive (WFD) from European
Parliament and Council European Union (2000).

Macrophytes are used successfully in good long time
monitoring of ecologic variations, because they are char-
acterized by low mobility (if compared with phytoplank-

g e

ton, fishes or invertebrates), and also in a relative short
time monitoring because they are closely linked to biodi-
versity and the environmental conditions (Botineau and
Ghestem, 1995; Van der Molen et al., 2004; Kolada, 2008;
Cianfaglione, 2011; Khadija et al., 2015; Bolpagni et al.,
2016a, 2016b). They are widely used for the aquatic
ecosystems assessment, integrating the environmental
changes in their frequency, communities structure, phe-
nological rhythm, development (functional traits s.7.),
vegetation series and dynamical tendencies (Carvalho et
al., 2006; Ali et al., 2007; Feldmann and Noges, 2007,
Sender, 2016; Cianfaglione and Bioret, 2017). For that,
macrophytes indices are generally related to the compo-
sition, frequency, abundance and presence of specific faxa
(Spence, 1967; Suominen, 1968; Newbold and Holmes,
1987; Murphy et al., 1990; Whitton and Kelly, 1995). De-
spite this, the reliability of the macrophyte-based indices
can be limited to (more or less) restricted geographic areas
(De Lange and Van Zon, 1983; Holmes ef al., 1988; Car-
biener et al., 1990; Haury and Peltre, 1993; Stelzer et al.,
2005; Haury et al., 2006; Penning et al., 2008).

Until the 90°s, the macrophytes were still not so com-
monly used in the assessment of water quality, but the
WED boosted their role as bioindicators in Europe (i.e.,
Schneider and Meltzer, 2003; Schaumburg et al., 2004;
Meilinger et al., 2005; Stelzer et al., 2005; Kolada, 2008;
Pall and Moser, 2009; Sender, 2012a; Bertrin ef al., 2012).
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Since 2007, “macrophyte methods” for the diagnosis and
monitoring of aquatic ecosystems were recognized as one
of the official monitoring methods by the Polish state
(Rozporzadzenie Ministra Srodowiska, 2011), and
adopted for monitoring water bodies in Poland (Ciecier-
ska et al., 2010).

METHODS
Study area

In 2012, between Poland, Ukraine and Belarus, the
‘West Polesie’ Transboundary Biosphere Reserve was cre-
ated. Polish part of the Biosphere Reserve covers the
whole mesoregion of the t.eczna-Wtodawa Lake District
(Wilgat, 1954), also called as L¢czna-Wlodawa Plain
(Kondracki, 2002). The region is rich in several dozens
of lakes, located between the middle course of the Wieprz
and Bug rivers; 61 of them are larger than 1 ha, and only
16 lakes are over 50 ha (Chmielewski, 2009). The major-
ity of them are small and shallow lakes, and their forma-
tion is associated with the global warming occurred in late
Pleistocene and Holocene, after the dissolution/degrada-
tion of permafrost and consequent development of
thermokarst (Wojtanowicz, 1994).

These lakes are represented by four trophic types
(meso-, eu-, hyper-, and dystrophic), undergoing various
forms of human pressure. From the end of the 70’s of the
XX century, most of these lakes were subjected to huge
negative changes due to the hydrological regime changes
of the area. Also for their originalities, there is no data con-
cerning the current ecological status of these lakes, except
only for a small group of them, monitored by the Regional
Inspectorate for Environment Protection (Sender, 2012a).
Some of them are subjected to very rapid burial processes,
eutrophication, banalization of the aquatic communities and
species loss. It is estimated that over the last 50 years, from
among 68 lakes, five disappeared, and two reduced their
surface below 1 ha (Chmielewski, 2009).

The study area corresponds to 22 lakes from the
Le¢czna-Wlodawa Lake District (Fig. 1). These lakes are
original in terms of morphology and human pressure di-
versity, making difficult to assess them by other methods
already developed for other Polish lakes; requiring to treat
them case by case, individually, as specific sites, showing
how it is necessary to implement indexing procedures, to
carry out more fine policies and management actions.

Sampling procedures

Field research was carried out from 2012 to 2014. Ac-
cording to Jensen (1977) and Sender (2009, 2012b), it was
conducted through horizontal transects, from the shoreline
to the central part of the lakes, following the maximum
range of the macrophytes occurrence as possible. Surface

of macrophyte communities (coverage), submerged
macrophytes share, and species frequency were analysed
according to Szmeja (2006). The vegetation was mapped
relying on orthophoto-maps (where one pixel representing
0.5 m in the field) provided by the Polish Head Office of
Geodesy and  Cartography-Geoportal =~ Web-Site
(www.geoportal.gov.pl) ver. 2013, integrating the field
observations. This was useful to define vegetation series,
interpreting the spatial distribution and surfaces of studied
communities according to De Bolos (1963), Géhu (1991),
Biondi (1996), and Rivas-Martinez (1994). This helped
us to better define syndynamics (i.e., succession, trans-
gression, regression, fluctuation, regeneration, degenera-
tion) and to relatively adjust the human pressure related
values during the assessment (according to Falinski, 1999;
Falinska, 2003; Pedrotti, 2013). Surfaces, distributions
and phytolittoral were determined by ArcGIS 10.2 soft-
ware. In order to define plant communities, plant speci-
mens were collected, examined, and identified following
Mirek et al. (2002), whereas the syntaxonomic nomen-
clature follows Matuszkiewicz (2008).

Ecological assessment procedure

During 70’s, macrophytes was rarely used to carry out
lake assessments in Poland; Tomaszewicz and Klosowski
(1985) used them in sigma-associations by syn-phytoso-
ciological relevés for assessing lakes of the Sejnenskie
Lake District.

Macrophyte bio-indicators index (MFI) followed dur-
ing 80’s, also based on the structural-spatial vegetation sys-
tems (Rejewski, 1981); not only determining the cover
degree, but also the dynamical tendencies by two divergent
trends, representing renaturalization vs human impact, in-
dicated as succession (+) and synanthropisation (-). The
MFI method was implemented and adapted to the require-
ments of the WFD, becoming the “Ecological Status
Macrophyte Index” (ESMI), accepted to monitor the stag-
nant lakes in Poland (Ciecierska et al., 2010); however, it
is not considerable to be successfully applied to all Polish
lake types. In Poland, there are over nine thousands of
lakes, and most of them are from glacial origin (Soszka and
Cydzik, 2003) as is the case of our study area. ESMI is also
considerably not so sensitive to the human pressures that
can accelerate the eutrophication, and it should not be ap-
plied in lakes where the natural forms can negatively affect
the expression of the vegetation (i.e., deepness, slope steep-
ness) limiting the macrophyte communities’ expansion
(Ciecierska et al., 2006; Ciecierska, 2008; Ciecierska and
Kolada, 2014). As example, the ESMI is not successfully
applicable to the Polesie region lakes (Ciecierska and Ko-
lada, 2014), because their particular morphology and small
water surface: as pointed out by Ciecierska et al. (2006).
In most the Polesie region lakes, the phytolittoral is natu-
rally dominated by emergent communities (Sender, 2009);
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Fig. 1. Investigated area. 1, Polish national border; 2, “West Polesie’ International Transboundary Biosphere Reserve; 3, L.eczna-Wtodawa
Lake District; 4, lakes; 5, investigated lakes; 6, main rivers; 7, other rivers; 8, Wieprz-Krzna channel; 9, main settlements.
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the analysis of these lakes, based on others existing indexes
showed that the specificity of these lakes requires more
elastic methods for their ecological status evaluation, ac-
cording to Ciecierska ef al. (2000).

Following past experiences and these observations, the
main goal of our research was to elaborate a new fast and
easy to use index, useful to be more generically applied in
lakes, assessing their ecological status, paying attention to
try to limit the sampling technique and diminish the inter-
surveyor variability related problems (Kolada et al., 2014).
The proposed index is based on macrophyte communities
(i.e., non-ligneous plants between Spermatophyta,
Pteridophyta, Bryophyta, macroscopic Algae and even
some Lichens), integrated with data related to ecology,
syndynamics, geomorphology (shoreline, catchment,
water chemistry) and land use features (i.e., disturbance,
management, threats). Attention was paid to the qualita-
tive and quantitative structure of the macrophytes (Lacoul
and Freedman, 2006) as bio-indicator, trying to develop
a simple, fast and accurate tool to monitor lake systems.
The method we proposed, in addition to the overall as-
sessment of the ecological status of lakes, it provides also
an indication of the more threatened zones; making pos-
sible to improve their ecological status, reducing threats
or fostering restoration activities and landscape planning
policies. The catchment analysis was considered neces-
sary because lakes are strongly influenced from its origin,
status and structure (Brucet ef al., 2013; Bolpagni, 2013;
Alahuhta et al., 2014). Therefore, it is assumed that the
functioning of the lakes is linked also with lake’s features,
as well as the lake morphology (Azzella et al., 2014a,
2014b). Following this, the new proposed ABC method
offers to determine which factor is the most influential on
the lakes functionality, as well to point out which zones
are under a negative effect, and which are the main factors
that can limit the macrophyte communities’ occurrence;
trying to understand the more influential factors that can
contribute to perturb the vegetation dynamics.

The overall assessment of this proposed method
(ABC) was calibrated to the analysis of three predefined
zones: catchment (the more external one), shoreline (shal-
low littoral), and littoral zone (the inner part of water, cov-
ered by macrophytes). Three groups of criteria were
distinguished: two of them concerned the assessment of
lake vegetation quality (A and B), whereas the third con-
cerned the assessment of the catchment status (C). For
each zone, to understand the human pressure, is necessary
to evaluate pollution, modification of land forms and
water flows, soil use, and related effect on water/vegeta-
tion. To define vegetation changes and dynamics, as pos-
sible is also necessary to understand the potential
vegetation; and how we are far from it. Roughly is
enough, but more it is possible to be precise, more accu-
rate will be the result.

Proposed for small reservoirs evaluation, Juszczak and
Arczynska-Chudy (2003), and Skwierawski (2005) were
used as basis model, modifying or replacing few points,
concerning the natural variability of biotic and abiotic
conditions of lakes, taking as case study the Polesie
region.

In the assessment of the shoreline zone (A), we con-
sidered the human pressure, and how shoreline commu-
nities are far from the potential vegetation. We decided to
not consider the peat-bog species presence in the catch-
ment area, because frequently lakes surroundings can be
characterized by several other communities with huge
ecological difference (i.e., grasslands, fen, cultivations
and forests), as it is in the study area. This homogenization
better allows comparisons between different types of
biotopes. In other hand, in order to eventually underline
a remarkable species or a special communities’ presence
to be monitored, it can be useful to mark them in addi-
tional notes. However, we added the number of emergent
plant communities because some authors consider them
as indicator of changes than individual species (Ciecierska
et al., 2006). We paid particular attention also on sub-
merged macrophytes, considered important in ecological
assessment of lakes, according to Sondergaard et al.
(2010). In evaluation of littoral zone (B) we took in con-
sideration the number of submerged macrophyte commu-
nities (pleustonic plants included); share of submerged
macrophytes in the lake surface and the total phytolittoral
surface. Skwierawski’s method focus especially on
pleustonic macrophytes, because this group often appears
in small reservoirs; but in bigger lakes it occurs more ran-
domly and usually among the helophytes (Wotek and
Kosciotek, 2012).

As follows, we choose to do not considered few fea-
tures, when they are not always significant, easy or so fast
to know: grouping, replacing, deleting them or adding
new points following our goal to develop an efficient, fast,
simple and generically applicable evaluation criterion. We
did not consider the “water level stability” as single factor,
but we considered it between the threats, according to
Keto et al. (2006) and Zohary and Ostrovsky (2011) indi-
cating that drastic water level fluctuations (fluctuations
out from the normal cyclical ranges) are disadvantageous
for aquatic species. Also, waters coming not from the nat-
ural water cycle (“alien waters inputs”) was considered
as threat for similar reasons and for their relative pollution
risks. This also allows to relativize and discriminate
among the normal natural fluctuations (i.e., per season,
per year), to the fluctuation produced by man activities
influence: giving more space into the assessment. We re-
placed also watercolor and turbidity with Secchi disk vis-
ibility, giving us an easy and “fast to take” information
about light condition and possibilities of submerged
macrophytes occurrence. Maximal and minimal values of
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studied feature (Tab. 1) were defined according to Skwier-
awski (2005). Three intermediate groups were distin-
guished and progressively numbered, allowing the
determination of community conditions.

For the evaluation of shores (A), seven criteria were
taken into account: i) shoreline development; ii) share of
helophytic communities belonging to Phragmition or
Magnocaricion alliances, as emergent macrophytes in
shoreline; iii) number of helophytic communities; iv)
number of species presence; v) average width of helo-

phytes; vi) woodlots and shrubs in the shore zone; and vii)
share of helophytes in phytolittoral.

Each feature of evaluation was pointed in a scale from
zero to five points (see Tab. 1 about more details). About
emergent vegetation, we found more correct to treat this
community in sensu stricto; for that, we considered flood-
able meadows as “out” of shoreline (or marginal), because
occurring too far from the shoreline, because of their tran-
sitional characteristic (strong amphibious seasonal na-
ture): considering them in catchment analysis, also if

Tab. 1. Assessment criteria of: shoreline zone in lakes (A); lakes littoral zone (B); and lake catchment (C).

Zone

Feature\ punctuation
Shoreline development

5 4

Heterogeneous
With

abundance of

less steep

slopes

3

Diversified slopes

With
abundance
of steep
slopes

2

1

Homogeneous slopes

Less steep
slopes

Very steep
slopes

(1]
Converted /
anthropic shore
(embanking)

A Share of the belt rushes (%) in shoreline 75-100 50-74 25-50 10-25 <10 Lack or vestigial
Number of emergent macrophytes >10 9-8 7-6 5-4 32 >1
communities
Number of species >20 with rare or >20 16-20 15-10 9-6 <5 or with

protected species ruderal species
Average width of rushes (m) >26 25-21 20-16 15-11 10-6 <5
Woodlots and shrubs in the shore zone (%) 100 99-80 89-60 59-30 Single trees Lack
Share of emergent macrophytes in <39 40-49 50-59 60-69 70-84 >85
phytolittoral (%)

B Secchi disk visibility (m) >4.6 4.5-2.5 2.4-15 1.4-1.0 0.9-0.5 <0.5
Conductivity (us-cm™) <150 151-250 251-350 351-450 451-550 >500
Laker surface (ha) >300 299-150 149-70 69-30 <29 -
Max depth in lake (m) >19 19-15 14-10 9-5 4-2 <2
Colonization depth of macrophyte >5 or to the bottom  4.5-4 3.9-3 2.9-2 1.9-1 <1
occurrence (m)

Share of submerged macrophytes >75 74-61 60-46 45-31 30-15 <14
in the lake surface (%)

Phytolittoral surface (%) 50-60 61-70 71-75; 49-40  39-30; 76-85  29-24; 81-80 >90; <20
Number of submerged macrophyte >10 9-8 7-6 5-4 32 >1
communities

Number of species >7 with rare or protected 6 5 4 3 <2

C Catchment area (ha) >100 101-200 201-300 301-400 401-500 <500

Catchment usage F,P,G>75% F,P,G>50% G,A-50-75%, A>75%, B >50% B >50%
B >25% B 26-50% lack of sewage
Average slope (%o) <2 2-3 3-5 5-10 10-20 >20
Type of flow Lack of Lack of Lack of Periodic Constant Only
inflows, inflows, inflows inflows flow inflow
outflows outflows and and (channel),
permanent periodic outflows outflows periodic
inflow
Threats Lack of threats/ ~ Very low Low Moderate High Very high
effective form (or occasional/ risk risk risk risk
of protection potential)
risk
Ratio of shore length (m)/capacity (m?) >0.5 0.6-1.5 1.6-2.5 2.6-3.5 3.6-4.5 <4.6

F forest; P, peat-bog,; G, grassland; A, agricultural land; B, buildings.



A new index proposed for lakes functional status assessment 65

some helophyte and hygrophyte species can occur. To
give adequate values during catchment analysis it is cru-
cial to understand how far we are from the potential veg-
etation; considering the catchment area status: human
influence, plant communities’ dynamics (+ or -), and risks.
Floodable meadows communities can have an important
species diversity and an important productive or cultural
importance, but being blocked in an artificial dynamic
(anthropogenic fluctuation) they are less in equilibrium,
being less quality indicator of trends (+ and -). In that way,
more we are distant from the potential vegetation, worst
is the catchment value influence. In other hand, when
worthy, any secondary plant formations need an additional
but apart assessment, specifically calibrated to point out
the biodiversity and cultural (heritage) of the landscape:
focusing on its functionality, aesthetics, stability, risks,
homogeneity/heterogeneity degree, and man uses.

For the assessment of littoral zones (B), nine criteria
were taken into account: 1) turbidity, as Secchi disk visi-
bility; ii) water conductivity; iii) lake surface; iv) max
depth of lake; v) max depth of macrophyte occurrence in
lake; vi) share of submerged macrophytes in the lake sur-
face; vii) share of submerged macrophytes in the phyto-
littoral surface; viii) number of submerged macrophyte
communities (with pleustonic and floating leaves plants);
and ix) number (amount) of submerged macrophyte
species.

The third group of factors (C) consisted of lake sur-
rounding’s characteristics and their potential effects on the
aquatic ecosystem, including six criteria: i) the catchment

Tab. 2. Scoring and classification of investigated lakes.

area status; i1) the catchment usages; iii) the catchment av-
erage slope; iv) type of water flows; v) sources of threats
(i.e., industry, agriculture, recreation, anthropogenic trans-
formation of shoreline, pollution); and vi) shore length ca-
pacity ratio. In general, all these descriptors allow the
assessment of lakes degradation threats, and let us to dis-
tinguish five classes of lakes, starting from well-preserved
and favorable habitat conditions, to degraded (strongly
modified) lakes (Tab. 2), which require corrective/restora-
tion actions (Skwierawski, 2005; Juszczak and Arczynska-
Chudy, 2003. Average point values were normalized to
indexation in accordance to the guidelines of the WFD
scale, from 0.0 to 1.0. This make possible to distinguish
five classes of ecological status of investigated lakes:
>0.90 (high); 0.89-0.86 (good); 0.85-0.70 (moderate);
0.69-0.64 (poor); and <0.63 (bad), according to Ciecierska
et al. (2006). At this point, we considered only 14 among
22 lakes, because only they could be successfully com-
pared using others indices. In order to verify the analysis
undertaken for selected lakes: the Polish index (ESMI) and
the English Trophic Ranking Scores (TRS) were specified
(Palmer et al., 1992; Ciecierska, 2008).

An analysis of lake similarity was made regarding
three ecological zones A, B, C (in Statistica Software, ver.
10.0). For this purpose, a hierarchical method based on
the technique of agglomeration was used. About statisti-
cal analysis, concerning the point distance, we adopted
the Euclidean distance, whereas the Ward’s method was
used to estimate the distance between the clusters
(Stanisz, 2007).

A+B 65-55 1 Lakes very well preserved, with favorable habitat conditions, with domination of submerged macrophytes
54-45 I Lakes well preserved with macrophytes in balance
44-35 1 Lakes with slight disturbances, in moderate status, with a slightly dominant group of emergent macrophytes
34-25 v Lakes in poor status, with a significant level of transformation, with a clearly dominant group of emergent macr
phytes; often lack submerged
<24 \% Lakes with poor ecological status, degraded or capped by living biomass, often with a lack of macrophytes
C 35-30 1 Any danger of degradation
29-24 I Moderate risk of degradation (1)
23-18 1 Endangered lakes (2-3)
17-11 v Significantly endangered lakes (4)
<10 \Y% Very strong endangered lakes
A+B+C  100-85 I Lakes in very good condition: natural valuable
84-65 I Lakes with high natural values, in good condition, but with some dangers
64-45 111 Lakes with moderate natural values, slightly transformed
44-25 v Lakes of slight natural values, very transformed
<24 \% Lakes strongly transformed/endangered; requiring restoration or corrective actions

A, lakes; B, lakes littoral zone, C, lake catchment.
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RESULTS AND DISCUSSION

Based on a comprehensive valuation (i.e., considering
all the zones in analysis A, B, and C), the majority of the
investigated lakes fell in the III quality class (intermedi-
ate). This category included lakes with moderate natural
values and risk of degradation (corresponding to the
59.1% of the 22 lakes alias 13 lakes). The lowest values
were found in two lakes (Uscimowskie and Zienkowskie)
that exhibited a poor ecological status (IV class); despite
they showed significantly differences in terms of water
surface and quality. However, they both had the catchment
area devoted mainly to agricultural purposes, and they
both served as wastewater receivers. In other hand, by our
assessment, we not found lakes in the worst class (V class,
namely degraded), frequently characterized by scarce and
banal plants presence; often without aquatic plants; re-
quiring attentions or urgent interventions (Fig. 2).

Getting a look to the quality assessment of the sur-
rounding areas (C), we observed a clear predominance of
lakes in IV class (5). There were also lakes included in
the V class, corresponding mainly to lakes embedded in a
strongly human impacted landscape. Based on the analy-
sis of the littoral zone (B), the largest lake group was the
one with moderate natural values and slightly perturbed
(III class) (Fig. 3).

Comparing the ecological assessment at zonal (A, B
and C) scale, especially for lakes felling into III class, we
identified the zones characterized by the highest rates of
perturbation. In general, the shoreline zone (A) reached the
highest value in all lakes except those that fell in II class,
whereas littoral zone (B) was highly evaluated in III and

IV class categories of lakes. In the lakes where the catch-
ment was dominated by agricultural land and buildings, the
catchment zone (C) reached the lowest values (Fig. 3).
Biate Wtodawskie, Bialskie, Piaseczno, Rotcze, Usciwierz,
and Moszne lakes were evaluated as lakes with a high nat-
ural value and a slight risk of degradation, namely with a
high ecological value (II class), although of their significant
seasonal anthropogenic pressure (i.e., touristic/recreational
purposes) (Fig. 3). Due to their rather high depth and large
surface, these ecosystems seemed to be enough resistant to
this touristic type of pressure.

Lakes in the II class are characterized by the presence
of several Chara species, and by the dominance of sub-
merged macrophytic beds. An exception was represented
by the Lake Moszne, that is shallow, polymictic, and sub-
ject to a full preservation by the highest level of Polish
law protection.

The analysis of the lake similarity based on the ana-
lyzed parameters allowed us to identify three clusters with
very similar conditions. The first cluster contained the
most impacted and degraded lakes (Zienkowskie, Usci-
mowskie, Gumienko, Sumin, Gumienek, Biate Sosnow-
ickie) (S1). The second group included lakes in III class,
typically eutrophic lakes subjected to various forms of
pressure, with well-developed submerged macrophyte
beds (Plotycze Urszulinskie, Glgbokie Uscimowskie,
Sciegienne, Miejskie, Bikcze, Firlej, Krasne, Rotcze,
Moszne, and Czarne Sosnowickie lakes) (S2). The third
group contained the best-preserved lakes (II class), with
the presence of several Chara species (Masluchowskie,
Usciwierz, Kleszczoéw, Piaseczno, Biatle Wlodawskie,
Bialskie lakes) (S3) (Fig. 4).
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Fig. 2. Percentage share of lakes with different classes of evaluation (II-IV class of lakes).
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A test of variance analysis (Tab. 3) clearly indicated
that all the investigated zones are extremely important and
significant in the overall valuation and assessment of the
ecological status of the lakes, determining the member-
ship into a specific group (category) (P<0.05). The statis-
tical analysis of any zone (A, B, and C) of lakes (Fig. 4)
showed that lakes belonging to the degraded lakes group
(S1) had the lowest values in all analyzed zones; consti-
tuting a group of lakes that has strongly differing param-
eters from the average status. After analyzing lakes falling
in the others two groups, it can be concluded that lakes in
the second group (S2, eutrophic) were much better from
the viewpoint of the littoral and surrounding zones (B and
C), while worse from the shore conditions (A). This trend
substantially changed for the lakes in the third group (S3),
with the highest overall assessments and the best ecolog-
ical status, for each zone.

The three identified lake classes showed a clear dif-
ference in vegetation types, in terms of macrophyte com-
munities’ distribution. Some of floating leaves plant
communities (i.e., Nupharo-Nymphaeetum albae Tomasz.
1977, Potametum natantis Sod 1923, Hydrocharitetum
morsus-ranae Langendonck 1935, Nymphaeetum candi-
dae Miljan 1958), and pleustophytes [i.e., Lemno minoris-
Salvinietum natantis (Slavni¢ 1956) Korneck 1959,
Lemnetum trisulcae (Kelhofer 1915) Knapp et Stoffers
1962, Spirodeletum polyrhizae (Kelhofer 1915) Koch
1954 em. R.Tx. et A. Schwabe 1974 in R.Tx.1974] oc-
curred in lakes with the lowest ecological value. The clear
domination of helophytic communities [among them Scir-
petum lacustris (Allorge 1922) Chouard 1924, Typhetum
angustifoliae (Allorge 1922) So6 1927, Phragmitetum
australis (Gams 1927) Schmale 1939, Typhetum latifoliae
So6 1927, Thelypteridi-Phragmitetum Kuiper 1957,
Caricetum acutiformis Sauer 1937, Phalaridetum arund-
inaceae (Koch 1926 n.n.) Lib. 1931, Caricetum ripariae
So06 1928 and others similar but less represented commu-
nities] occurred in lakes with good and moderate ecolog-
ical status. The most balanced participation of all
macrophyte groups occurred in lakes with the highest
value of evaluation (II class) (Fig. 5). Kendall’s correla-
tion between ecological status and the number of the dif-
ferent groups of macrophytes in each lake was medium
but significant (1=0.52, P<0.05).

Tab. 3. Variance analysis test of A, B and C zones.

J. Sender et al.

ABC method evaluation versus other macrophyte
indexes

We used and compared the ABC method with two dif-
ferent, widely used, macrophyte-based indexes elaborated
for assessing the ecological status of lakes: The Polish
“ESMI”, and the English “TRS”. The ecological status as-
sessment obtained using the ESMI index and the present
method (ABC) showed a slight similarity (38%), whereas
the lowest similarity was between ABC index and TRS
index (only 15%). The Pearson’s correlation coefficient
(comparing ABC and ESMI) was r=0.62, P<0.05. Lakes
fell into I and II classes were mesotrophic or slightly eu-
trophic, in any case they can be considered in a good func-
tional status. The greater differences were found among
lakes felling into III class, namely eutrophic lakes. Com-
paring ESMI and ABC method, few lakes showed differ-
ent results. Values were lower for seven lakes, five were
the same and two higher (Tab. 4). These differences prob-
ably are due to the ESMI method, that is based on littoral
zone data, and submerged macrophytes are its main ele-
ment of evaluation. In our system, we also propose more
factors to take under control, than ESMI is more focused
to underline the human pressure as eutrophication process,
however, lakes are subject also to others pressures.

Smallest differences in lake’s ecological values were
observed between the ABC and the English TRS index,
but following this method, the largest group belongs from
eutrophic lakes. In our opinion, this view can be too
generic, because between eutrophic lakes it is possible to
find different stages of eutrophication, combined not al-
ways with human pressure. In this way, our method try to
combine a wide range of parameters (between vegetation,
ecological features and uses) that can influence macro-
phytes community. The ABC method could be applied to
all types of lakes, regardless the lake size/shape, the
macrophyte occurrence, trophy or lake origin. Analyzing
the different zones (A, B and C) it is possible to know
which one is in poor condition, differing to others meth-
ods based only on macrophytes and less focused on eco-
logical and dynamical features assessment.

The results allow to define lakes ecological status and
which zones of them may require remedial action. For this
reason, the ABC index can be applied to support biodi-

A 15.89 2 5.11 19 29.53 <0.001
B 15.78 2 5.22 19 28.69 0.000002
C 13.68 2 7.32 19 17.76 0.000045

Svar, Source of variation; SS, sum of square; SSb, SS between; df, degrees of freedom,; SSw, SS within; F, F test; A, lakes; B, lakes littoral zone; C, lake

catchment.
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versity, functionality, uses, conservation, restoration,
water, territory and landscape management actions.

Practical remarks on the use of phytosociological
approach in lakes analysis

In our proposal, it is possible to use any known type
of plant/community “nomenclature approach”, and any
method to assess the vegetation cover. We opted for the

phytosociological approach to discriminate the recorded
vegetation under a standardized and hierarchized frame-
work. In this way, it was possible to place any communi-
ties in a syntaxon by a known procedure. Using this type
of communities’ decoupage/nomenclature lets us to be
more fine discriminating between similar communities;
being universal, because if necessary, the holotypes are
published and relevés can be converted into others

B submerged
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Fig. 5. Macrophyte groups/plant associations’ ratio, per different ecological lake status type.

Tab. 4. Ecological status assessment of selected lakes by different compared methods.

Evaluation
ABC Status ESMI Status TRS Status

Biate Wlodawskie 0.91 Very good 0.74 Very good 7.1 Mesotrophic
Firlej 0.83 Moderate 0.514 Good 8.2 Eutrophic
Glebokie Uscimowskie 0.83 Moderate 0.34 Good 8.1 Eutrophic
Kleszczow 0.82 Moderate 0.99 Very good 7.3 Mesotrophic
Krasne 0.87 Good 0.5 Good 8.0 Eutrophic
Masluchowskie 0.86 Good 0.95 Very good 8.0 Eutrophic
Miejskie 0.77 Moderate 0.67 Good 8.2 Eutrophic
Moszne 0.90 Very good 0.88 Very good 8.1 Eutrophic
Piaseczno 0.95 Very good 0.8 Very good 8.0 Eutrophic
Ptotycze Urszulinskie 0.81 Moderate 0.455 Good 8.3 Eutrophic
Rotcze 0.90 Very good 0.394 Good 79 Mesotrophic
Sumin 0.76 Moderate 0.104 Poor 8.4 Eutrophic
Usciwierz 0.90 Very good 0.83 Very good 8.2 Eutrophic
Zienkowskie 0.68 Poor 0.207 Moderate 8.6 Hypertrophic
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nomenclatural approaches. In addition, when necessary
(i.e., communities with new floristic combination, or not
well expressed) it is possible to know the relevés accuracy
level by the hierarchic syntaxon used (i.e., group, variant,
association, sub-association, alliance, efc.). According to
some authors, similar communities, or communities dom-
inated by the same species, are not necessary similar in eco-
logical, floristic or geobotanical traits, reflecting a different
ecological value (Whittaker, 1962; Westhoff and Van der
Maarel, 1973; Whittaker, 1975; Pott, 1995; Willner et al.,
2009; Lotter et al., 2013; Pérez-Harguindeguy et al., 2013;
Pillar et al., 2013). Consequently, these communities can
differ in type of response to global changes (i.e., climate,
land uses, water, pollution, artificialization, burial), needing
different management strategies.

In the context of the debated conceptual problems
about biological communities’ definition and their limits,
we believe that the integration of ecology with nomencla-
ture and empirical approaches based on plant sociology
may be an interesting fast way to study, classifying, and
cataloguing plant communities. These approaches need to
be more explored as useful tool in the solution of biogeog-
raphy and ecology problems (Poore, 1955; Jennings et al.,
2003; Blasi and Frondoni, 2011; Van der Maarel, 2012;
Cianfaglione and Pedrotti, 2016), and relative applications
as proposed in certain ways from others authors (i.e.,
Falinski, 1993; Gillet and Gallandat, 1996; Mucina, 1997;
Pedrotti, 1999; Biondi, 2011; Decocq, 2016).

Ecological remarks

Bearing in mind that the use of the macrophyte index
ESMI for most lakes of Polesie is not possible, an attempt
was made to develop alternative method for assessing a
macrophytes based on ecological status of lakes. In this
way, our index allows to determine the lakes ecological
status, and in other hand it can be helpful applied to
choose methods and scope of protection/restoration poli-
cies, allowing to determine which zone require more re-
medial action. Our observations underlined that even the
highest environmental protection standards cannot guar-
antee from the “risks” if a human pressure is (potentially)
present. Certainly, they help to limit (and prevent) the risk,
but they cannot ensure the preservation of habitats or the
natural dynamics constancy, according to Kope¢ et al.
(2011). For example, until the late 90°s Lake Moszne was
frequently inhabited by stonewort mats [i.e., Charetum
aculeolatae (Corillion 1957) Dambska 1966, and Chare-
tum fragilis Corillion 1949], recently replaced by a dense
and more banal watermilfoil stands (Myriophylletum spi-
cati S06 1927), according to Sender (2008). As known,
there are many factors influencing resilience and resist-
ance to the lakes degradation. Observations in study area
confirmed this, and personal observations (made by the
authors mainly in Poland, but also in France and in Italy)

underlined how the resilience of lakes appear greater,
when the surface and depth are greater, according to
Azzella et al. (2014a) and Sender et al. (2014). Smaller
and shallower lakes are easier to fill and pollute, with a
relative overgrowth of Phragmitetalia australis commu-
nities and other graminoids communities, so-called “rose-
liere” (sensu Géhu, 2006) formations.

In evaluation of water ecosystem ecological status, the
catchment plays a highly important role (Sender ef al.,
2014; Szoszkiewicz et al., 2014), also as buffer zone
(Alahuhta et al., 2014). Both, the presence of intensive/ex-
tensive agriculture and housing in catchment areas, as well
as the lack of a buffer zone in surveyed lakes, usually de-
creased their quality: adversely affecting plants occurrence
(i.e., Uscimowskie, and Zienowskie lakes). Definitely, the
highest value lakes were in the deepest lakes, with a large
share of bogs, grasslands and forests in their catchments:
that resulted in the dominance of submerged macrophytes
in phytolittoral, and a significant share of Charophyta
(Piaseczno, Bialskie, and Biate Wiodawskie lakes).

A dominance of emergent macrophytes, the disappear-
ance of submerged vegetation in lakes or a depletion of
the species composition may suggest that the deteriorating
light conditions (turbidity) is related to burial, or mass de-
velopment of phytoplankton (Sondergaard et al., 2010).
The spread of “roseliere” means a progressive process of
burial, with graminoids communities’ overgrowth, trans-
forming it into a sort of sedge, fen or “flat peat-bog”; and
burial rates can increase to very high levels following
human pressure. Urbanization, deforestation or logging,
modification of landforms or water flow, industrial or
agricultural development, pollution and eutrophication
can easily amplify that process (Arbuckle and Downing,
2001; Heathcote and Downing, 2012; Sender, 2012c;
Sawtschuk and Bioret, 2012). Land use can also amplify
the burial process because lakes receive increased ero-
sional loads (Bennett ez al., 2001), and the volume of sed-
iment deposited per unit time varies in a function of lake
and watershed size: smaller impoundments had greater
deposition and accumulation rates per unit area (Downing
et al., 2008). Also in forested areas, the patterns of in-
creasing sediment and nutrient delivery are remarkable,
directly after deforestation, logging or land clearance
(Rask et al., 1998; Dearing and Jones, 2003; Sender,
2016). Less is known about temporal trends related to
other land cover types (such as grasslands), which may
substantially differ in response to land clearance, accord-
ing to Jobbagy and Jackson (2000) hypothesis, also if
more in general consequences can be presumably similar.

CONCLUSIONS

The studied lakes in the Leczna-Wtodawa Lake Dis-
trict shows a different ecological status, concerning con-



A new index proposed for lakes functional status assessment 71

servation and functionality. Macrophytes and functional
conditions of the surroundings were a basis for their clas-
sification. The ABC method for lakes ecological status as-
sessment, allowed us to distinguish them into five classes.
The largest group was the one with a good or moderate
ecological status. The zones with the lowest values, often
demanding remedial actions, were pointed out. In the
overall assessment of the lakes ecological status, all the
zones (A, B and C) demonstrated to be extremely impor-
tant, affecting the functionality of the aquatic ecosystems.

The results of this newly index as a system of lakes
status evaluation was comparable to the Ecological Status
Macrophyte Index (ESMI), especially for lakes with a
high natural value; however, its application is wider, and
allows a more accurate representation of the actual eco-
logical status, risks and functionality, by zones.
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ABSTRACT

The existence of strong potential synergies between the Water Framework Directive (WFD) and the Habitats Directive (HD)
is widely acknowledged. Indeed, ensuring favourable conservation conditions for aquatic habitats and species of conservation con-
cern is closely related to the achievement of a good ecological status in water bodies. However, since these two sets of European
laws are generally applied without any coordination, an inefficient use of resources may adversely affect their goals. The main
negative outcome is an increase in the cost of monitoring programs for collecting data in nature (i.e., physical and chemical pa-
rameters, species and habitats, plant communities). The use of macrophytes as a bioindicator, as imposed by the WFD, may instead
help to integrate data on aquatic EU habitats and enhance knowledge of such habitats outside the Natura 2000 network. The aim
of present study was to evaluate the usefulness of data collected in WFD monitoring surveys as a means of inferring the occurrence
and the distribution of lacustrine aquatic habitats in countries belonging to the European Union (EU). The main aim of the analysis
was to identify the depth gradient distribution of diagnostic macrophyte taxa in two EU habitats (3140, i.e., Chara-dominated ben-
thic communities, and 3150, i.e., natural eutrophic lakes) using data collected in lakes in Lombardy (northern Italy), some of which
are included in the Natura 2000 network (10 out 16). While recognizing the limitations of the data collected within the two frame-
works, the results confirmed the marked usefulness of WFD data as a means of enhancing the knowledge available on lacustrine
aquatic habitats in the EU. WED data can actively help to improve the basic information on aquatic habitats, thereby more effectively
supporting regional strategies for biodiversity conservation as well as recovery programs.

Key word: WFD; HD; monitoring programs; aquatic vegetation; vascular macrophytes; charophytes; nutrient drivers; macrophyte

depth distribution.

INTRODUCTION

The Water Framework Directive (WFD, European
Union, 2000) and the Habitats Directive (HD, European
Union, 1992) are strongly interrelated (Janauer et al.,
2015). The synergy between these two directives repre-
sents an intriguing goal aimed at pursuing an effective
conservation of aquatic ecosystems. It being universally
accepted that the achievement of favourable conservation
conditions for aquatic habitats or species of conservation
concern is closely related to the possibility of guarantee-
ing a good ecological status of colonized water bodies
(Janauer et al., 2015). However, each of these directives
is currently implemented on its own, thereby potentially
hampering the achievement of their respective goals (Be-
unen et al., 2009). One major effect of the lack of coordi-
nation between the directives is an increase in the cost of
monitoring programs for collecting data in nature (i.e.,
physical and chemical parameters, species and habitats,
plant communities). Indeed, the synergy and potential
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conflicts between these directives have mainly been in-
vestigated in terms of the attainment of their respective
goals rather than of the possible reciprocal operational
support (Ecke et al., 2010; Collins et al., 2012; Janauer et
al., 2015).

WFD monitoring activities include both biotic ele-
ments and physical and chemical features (European
Union, 2000), providing the opportunity to integrate the
structural/compositional investigation of biotic communi-
ties with their environmental drivers (e.g., hydro-morpho-
logical, physical and chemical determinants). Indeed, the
depth distribution of lacustrine macrophytes is affected by
several ecological factors: light (Canfield et al., 1985;
Chambers and Kalff, 1985), phosphorus (Sendergaard
et al., 2013), temperature and depth of the thermocline
(Genkai-Kato and Carpenter, 2005), and pressure (Dale,
1986). Although light seems to be the most representative
ecological factor, phosphorus availability is also important
on account of the role it plays in the regulation of macro-
phyte distribution in a lake as well as of their occurrence
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at the regional scale (Duarte and Kalff, 1990). Further-
more, the maximum depth of macrophyte colonization
(Zc ) 1s strongly dependent on the size of the lake, which
is in turn directly regulates the depth of the thermocline
(Genkai-Kato and Carpenter, 2005). Where water trans-
parency is high, the Zc,,,, is greater in large lakes than in
medium-sized and small lakes (Azzella et al., 2014a,
2014b). These factors may be useful for monitoring the
conservation status of aquatic European Union (EU) habi-
tats if we bear in mind that that the HD reporting activities
are — inter alia — based on an evaluation of the area and
range occupied by habitats (Evans and Arvela, 2011).
The level of information available for aquatic vegeta-
tion is generally far lower than that available for terrestrial
vegetation. A greater integration between these two direc-
tives may represent a win-win strategy to fill the gaps in
knowledge on aquatic vegetation and to assess the effec-
tiveness of WFD legislation in improving the quality of
water bodies. This is particularly interesting if we con-
sider that aquatic ecosystems are among the ecosystems
threatened most on a worldwide scale and that, besides
the inherent difficulties associated with sampling, the cost
of providing reliable data is high (e.g., boat availability,
poor weather conditions, wind) (Azzella et al., 2013a).
A potential change in this scenario may lie in the
WED. It provides for the use of several biotic communi-
ties as a means of assessing the quality status of water
bodies, including macrophytes, fish and macroinverte-
brates, which are actually the same target elements as
those found in the HD (Janauer ef al., 2015). By focusing
on lacustrine macrophytes, we may be able to integrate
the HD database with routine monitoring information

yielded by the WFD. Indeed, almost all the aquatic vege-
tation in lakes, whether it is dominated by vascular plants
or charophytes, can be referred to the conservation habi-
tats defined by the HD (European Union, 1992; Bolpagni,
2013a).

The main aim of the present study was to verify the
occurrence of the EU habitat codes 3140 and 3150 by
using WFD data, both within and outside the Natura 2000
network in Lombardy. By considering the depth distribu-
tion of their diagnostic taxa, we also investigated the pre-
dictive role of water transparency (expressed as SD) in
modelling the depth distribution of lacustrine EU habitats.

METHODS
Study area

The study was conducted on data collected from 16 dif-
ferent lakes in the Lombardy Region (northern Italy), 10
of which are included in the Natura 2000 network (Tab. 1;
Fig. 1). The lakes covered a wide range of ecological con-
ditions (Tab. 2), both as regards their physical (e.g., depth)
and trophic (e.g., water transparency investigated by
means of Secchi disk, SD) characteristics. Lake depth
ranged from 3 m (Lake Ganna) to 370 m (Lake Maggiore),
whereas the SD ranged from ~0.80-1.00 m (lakes of Man-
tova) to 8.42 m (Lake Monate).

Macrophyte EU target habitats

The target habitats of the present study are the EU
habitats 3140 (hard oligo-mesotrophic waters with benthic
vegetation of Chara spp.) and 3150 (natural eutrophic

Tab. 1. Interactions between lakes and Natura 2000 network; the official name of the site, its national code and type, as well as the per-
centage of the lacustrine area included in the site is reported for each lake included in a Natura 2000 site. The overall assessment of EU

habitat 3150 is also included (updated in February 2016).

Comabbio Lago di Comabbio 172010008 SAC 100% B
Ganna Lago di Ganna 172010001 SAC 100%
Iseo Torbiere d’Iseo 172070020 SAC/SPA <1% B
Maggiore Canneti del Lago Maggiore 172010502 SPA <1% B
Palude Bruschera 1T2010015 SAC <1% B
Mantova Superior Ansa e Valli del Mincio 1T20B0017 SAC 40% C
Valli del Mincio 1T20B0009 SPA 100% C
Mantova Middle Valli del Mincio 1T20B0009 SPA 100% C
Mantova Inferior Valli del Mincio 1T20B0009 SPA 100% C
Mezzola Lago di Mezzola e Pian di Spagna 172040042 SAC 100% A
Lago di Mezzola e Pian di Spagna 172040022 SPA 100% A
Montorfano Lago di Montorfano 172020004 SAC 100%
Varese Alnete del Lago di Varese 172010022 SAC <1% B
Lago di Varese 172010501 SPA 100% B

LA, lacustrine area; SAC, Special Area of Conservation; SPA, Special Protection Areas; A, excellent value; B, good value; C, significant value.
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lakes with Magnopotamion or Hydrocharition-type veg- lakes (Biondi ef al., 2009; Azzella et al., 2013b; Bolpagni,
etation). The former includes oligo- to meso-trophic wa- 2013a).

ters with well-developed benthic vegetation dominated by Generally, Chara-dominated vegetation has a low
stoneworts (charophytes); the latter includes the free- species richness and is strictly controlled by water nutrient
floating and rhizophytic plant communities of eutrophic content (especially by phosphorous availability) (Blindow,

j.u
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Fig. 1. Study area; the spatial distribution of the lakes analyzed (in dark grey), and the Natura 2000 sites (in red) are reported; see Tab. 1
and Tab. 2 for the Natura 2000 site codes and the lake names, respectively.

Tab. 2. Lakes features and sampling effort for each investigated lake.

Alt A D v
(m asl) (km?) (m) (m* 10°)
1 Comabbio 243 3.6 8 16.6 3.23 5.3 2008 23 78
2 Endine 334 2.1 9 11.9 2.42 19.0 2008 67 157
3 Ganna 390 0.1 3 0.1 2.50 2.5 2008 5 15
4 Garda 65 368.0 350 49031.0 8.20 17.7 2011 82 760
5 Garlate 205 4.6 34 70.0 5.62 23.0 2011 20 164
6 Ghirla 415 32 14 nd 4.93 2.5 2008 18 74
7 Iseo 185 61.0 251 7600.0 4.67 61.5 2008 109 743
8 Maggiore 193 213.0 370 37500.0 6.42 44 2012 198 1056
9 Mantova Middle 15 3.7 12 nd 0.85 50.0 2010 28 65
10 Mantova Inferior 15 1.5 9 nd 0.82 375 2010 20 51
11 Mantova Superior 18 1.1 15 nd 0.99 55.0 2010 45 119
12 Mezzola 200 5.9 69 149.0 2.72 11.3 2011 30 189
13 Monate 266 2.5 34 45.0 8.42 2.5 2008 40 172
14 Montorfano 397 0.5 7 1.9 2.83 20.5 2012 12 48
15 Palu 1921 0.2 50 nd 6.43 5.0 2011 10 52
16 Varese 238 14.8 26 160.0 3.38 393 2008 44 130

Alt, altitude; A, area; D, depth; V, volume; SD, Secchi disk; TP, total phosphorous; 1Y, investigation year,; #IR, total number of transects; #SP, sampling
plots; nd, not detected.
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1992). Since the Chara-dominated communities in lakes in
northern Italy have seldom been investigated, few data are
available on their composition and conservation status
(Bolpagni et al., 2013). By contrast, more detailed investi-
gations have been conducted on the volcanic lakes of cen-
tral Italy (Azzella ef al., 2013a, b, 2014; Bolpagni ef al.,
2016). The free-floating and rhizophytic plant communities
are found both in eutrophic lakes and ponds. Almost all
aquatic plant communities can be referred to this habitat
type (e.g., Lemnetea and Potametea vegetation classes)
(Biondi et al., 2009), including free-floating [e.g., Lemna
ssp. or Salvinia natans (L.) All. dominated stands] and
rooted vegetation consisting of both submerged (e.g., Val-
lisneria natans L., Potamogeton lucens L. dominated
stands) and emergent [e.g., Nuphar lutea (L.) Sm.,
Nymphaea alba L., Potamogeton natans L. dominated
stands] plant communities (Bolpagni and Piotti, 2015,
2016).

No record of the presence of EU habitat 3140 is pres-
ent in the standard data forms of the Natura 2000 sites,
whereas the presence of EU habitat 3150 is recorded in 8
out of 10 lakes (lakes Comabbio, Iseo, Maggiore, Man-
tova Superior, Middle and Inferior, Mezzola, and Varese)

(Tab. 1). Furthermore, no standardized information on any
EU habitats is available for the lakes outside the Natura
2000 sites (lakes Endine, Garda, Garlate, Ghirla, Monate,
and Palu). Thus, the data currently available indicate that
EU habitat 3140 is not present, whereas EU habitat 3150
covers ~298 ha.

Study design and data analysis

We analyzed data collected in WFD monitoring sur-
veys conducted between 2009 and 2012. Data included
SD and TP values (Tab. 2) and the depth of macrophyte
distribution. Macrophyte data was collected by applying
the Italian national protocol, as described by Oggioni et
al. (2011). Accordingly, the lakeshores were divided into
homogeneous sections by inspecting helophytic and
macrophyte vegetation. Data on macrophytes were
recorded from a depth of 0.5 m to the maximum depth of
colonization at 1-meter depth intervals along transects in
a randomly selected section (Bolpagni, 2013a,b). The
cover-abundance — expressed as a percentage — was esti-
mated for all the faxa identified.

Three different morpho-functional groups of taxa
were identified (Tab. 3) on the basis of the diagnostic

Tab. 3. Total representativeness of diagnostic taxa (total sampling plots colonized) of the EU habitat codes 3150 (natural eutrophic
lakes; 1: free-floating and floating-leaved rhizophyte-dominated stands, and 2: submerged plant-dominated stands) and 3140 (3: charo-

phyte-dominated benthic communities).

3150 1 Nuphar lutea (L.) Sm. 97
3150 1 Nymphaea alba L. 312
3150 1 Nymphoides peltata (S.G. Gmel.) Kuntze 40
3150 1 Trapa natans L. 241
3150 2 Ceratophyllum demersum L. 1651
3150 2 Myriophyllum spicatum L. 1683
3150 2 Najas marina L. 1849
3150 2 Najas minor All. 73
3150 2 Potamogeton lucens L. 31
3150 2 Potamogeton pectinatus L. 297
3150 2 Potamogeton perfoliatus L. 916
3150 2 Potamogeton pusillus L. 274
3150 2 Potamogeton trichoides Cham. & Schltdl. 20
3150 2 Vallisneria spiralis L. 2809
3150 2 Zanichellia palustris L. 582
3140 3 Chara globularis Thuiller 1439
3140 3 Chara intermedia A .Braun 36
3140 3 Chara tomentosa Linnaeus 25
3140 3 Nitella flexilis (Linnaeus) C.Agardh 61
3140 3 Nitella gracilis (J.E.Smith) C.Agardh 27
3140 3 Nitella hyalina (De Candolle) C.Agardh 36
3140 3 Nitellopsis obtusa (N.A.Desvaux) J.Groves 84
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power of each species detected in terms of life-growth
form and the phytosociological literature. The free-float-
ing and floating-leaved rhizophytes (group 1) and sub-
merged rhizophytes (2) were referred to EU habitat 3150;
charophytes (3) were instead referred to EU habitat 3140.
Taxa with at least 20 records (=22) were considered in
the analysis (Supplementary Tab. 1). Overall, 751 tran-
sects were analyzed, which resulted in a total of 3,873
plots being investigated and 14,130 taxon records being
collected. We considered a habitat present when at least
one stonewort or vascular diagnostic species was present
with an estimated cover-abundance higher than 35%.

Simple regression analysis was used to evaluate the
relationships between the depth distribution of the EU
habitats being analyzed and SD as a proxy of the under-
water light conditions. The area and depth descriptors
were excluded from the analyses owing to their high
collinearity with SD. All the analyses were performed in
the R environment (R Development Core Team, 2016),
considering the depth distribution of the EU habitats’ di-
agnostic taxa, considering the three morpho-functional
groups of species separately: 1) free-floating and float-
ing-leaved plants, ii) submerged plants, and iii) charo-
phytes.

RESULTS
Macrophyte EU habitat distribution patterns

Based on the diagnostic species spatial arrangement,
we confirmed the presence of EU habitat 3150 in all the
lakes investigated; by contrast, EU habitat 3140 was pres-
ent in only 7 of the 16 lakes (43.8%) (Fig. 2).

The emergent plant communities of EU habitat 3150
grew to a maximum depth of 4.5 m (recorded at Lake
Monate), with a mean colonization depth of 1.3+0.8 m
(£ SD) (Fig. 2), whilst the submerged EU 3150 plant
communities grew down to 10.5 m (recorded at Lake
Garda), with a mean colonization depth of 2.9+1.9 m
(Fig. 2). The emergent EU 3150 communities were dom-
inated by N. lutea, N. alba, Nymphoides peltata (S.G.
Gmel.) Kuntze, and Trapa natans L., the submerged
communities by Ceratophyllum demersum L., Myrio-
phyllum spicatum L., Najas marina L., Potamogeton lu-
cens L., P. pectinatus L., P. perfoliatus L., and
Vallisneria spiralis L.

EU habitat 3140 exhibited a greater variability in
terms of colonized depths than the vascular plant commu-
nities, with a maximum depth of 16.5 m at Lake Garda,
and a mean colonization depth of 3.84+2.6 m (Fig. 2). The
prevalent (dominant) species were Chara globularis
Thuiller, C. intermedia A.Braun, C. tomentosa Linnaeus,
Nitella flexilis (Linnaeus) C.Agardh, and Nitellopsis ob-
tusa (N.A.Desvaux) J.Groves.

Depth distribution of lacustrine EU habitats vs SD

The linear regression analysis revealed that the mean
depth range colonized by submerged vegetation correlated
with SD (Fig. 3). Both submerged EU 3150 and Chara-
dominated communities positively correlated with SD (R?
adj=0.501, P<0.01, n=16, and R? adj=0.737, P<0.01,
n=7, respectively); by contrast, no correlation was de-
tected between emergent plant communities (EU 3150)
and SD (R? adj=0.138, P=0.864, n=9).

DISCUSSION

The present data confirm that information collected
during WFD monitoring programs are able to make an im-
portant contribution to our knowledge of aquatic EU habi-
tats in lacustrine environments. These results may, in
addition, be used to evaluate the effectiveness of local
water conservation policies. For example, the fact that EU
habitat 3140 had not previously been found in the Natura
2000 sites considered in this study may be due to a pro-
gressive improvement in the chemical and physical con-
ditions of lakes. As is widely known, Chara-dominated
communities are considered to be among the aquatic habi-
tats that are most sensitive to external pressures, especially
in terms of nutrient loading (e.g., phosphorous availability
or algal blooms) (Blindow, 1992; Auderset Joye et
al., 2002). We cannot, however, exclude inaccuracies in
the assessment of the structure and composition of the sub-
merged habitats during the past routine HD surveys given
the intrinsic difficulties encountered when monitoring
water bodies (Azzella et al., 2013b), as well as the rarity
or temporal dynamicity of these communities (Bolpagni
et al.,2016). Nevertheless, these uncertainties further sup-
port the pivotal contribution of the use of the standardized
approaches adopted within the framework of the WFD to
integrate current knowledge on the presence, areal distri-
bution and representativeness of aquatic EU habitats.

Aquatic EU habitats in the lakes of Lombardy

On the basis of Lombardy Regional Environmental
Protection Agency surveys, the results of our study high-
light the local predominance of vascular submerged com-
munities in the depth range of 1 to 4 m, which are
dominated by V. spiralis, N. marina and M. spicatum. In-
deed, vascular plant communities were limited to the upper
water depths, whereas communities that live at the maxi-
mum growing depths in lakes are composed of non-vas-
cular species (Hutchinson, 1975). Accordingly, we
substantiated the existence of a fairly clear differentiation
between the two habitats we analyzed (EU 3140 and
3150), thereby highlighting the pivotal role played by the
ability of vascular and charophyte species to capture light
in shaping the depth distribution of aquatic vegetation. In-
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deed, EU habitat 3140 was found to mainly occur in deep
lakes, not all of which are included in the local Natura
2000 network. This suggests that the regional policy re-
garding this habitat needs to be reassessed. This finding is
in agreement with a preliminary evaluation of the repre-

sentativeness of Chara-dominated stands in Lake Garda,
which may account for approximately 20% of the overall
area occupied by this habitat at national scale (1000-1200
ha out of a total of ~5000 ha) (Bolpagni et al., 2013).

In the lakes we investigated, EU habitats 3140 and

% - 3150
o emergent o
ll_-.-
&)
3 4
- o]
f
Z. o
| 7
Z 77
L]
12 4
3150
J o submerged ©
10 o o
o O o o
~ 81 o
E’ o]
£ 61
& (o}
- 8]
1 o o
o% =
1
é% = BE T
—~ 0 - o o
15 -
16 1 9 3140 8
14 1 - 9
L8] Q
12 4 8
10 4 9 5
8- , o
64
4 1 0o — é
11 e o
0
£ & = = ¥ &5 § £ T = ® =3 = T =3 & TOI
=z g [-] L] 5] 7 & s = a - =
s § § %€ 34§ 13 ¢¢;§
E = = L s = E E ; - E -
8 = = = = E.

Fig. 2. Box plot graph of the depth distribution of the diagnostic species of the EU habitats 3150 (considering both the emergent and sub-
merged plant communities) and 3140. The box indicates 25%-75% percentile; the solid and dotted lines indicate median and mean values,
respectively. The lakes with previous habitat records are highlighted in grey, the coarse pattern indicates the lakes included in the Natura
2000 network. Mantova M, Mantova Middle; Mantova I, Mantova Inferior; Mantova S, Mantova Superior; TOT, all data together.
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3150 displayed a comparable range of colonized depths
that was partially overlapped (0.5-4.5 m vs 1.5-5.6 m;
Fig. 3), which reflects the wide range of SD conditions
considered. Hence, the variability in underwater light con-
ditions affects both the presence/absence and the extent
of the depth range colonized by diagnostic species, which
change significantly in different lakes. Although the
dataset we used was limited in size, our findings corrob-
orate the strong interdependence between aquatic habitat
depth ranges and the underwater light environment (Can-
field et al., 1985; Chambers and Kalff, 1985). This is sub-
stantiated by the differences that emerged between the
linear regression models generated, with the increased
steepness of the estimated slope revealing a greater sen-
sitivity of charophytes to a progressive worsening in water
conditions (Fig. 3). Even a small reduction in SD may be
assumed to be associated with a non-negligible reduction
in the area occupied by Chara-dominated stands. By con-
trast, vascular-dominated stands appear to be more “re-
silient”, with a lesser dependency on SD variations. One
explanation for the findings yielded by the lakes we in-
vestigated may be the replacement of sensitive aquatic
vascular plants (mainly species belonging to the genus
Potamogeton) by more tolerant species (e.g., M. spicatum,
V. spiralis) or alien taxa, such as Lagarosiphon major
(Ridl.) Moss and Elodea nuttallii (Planch.) H. St. John
(Bolpagni et al., 2015; Soana and Bartoli, 2013, 2014).

Practical remarks on the WFD and HD integration

Although the standardized WFD methods used for
macrophyte characterization cannot be considered ex-
haustive to describe vegetation, mainly because they do
not provide a full and detailed floristic account of plant
communities (Oggioni et al., 2011), it is worth bearing in
mind that their primary objective is the ecological classi-
fication of water bodies. This type of information can be
used to define the spatial distribution and depth rearrange-
ment of the diagnostic species of many EU habitats of
conservation concern. Furthermore, if compared with the
methods commonly used to characterize aquatic vegeta-
tion (i.e., phytosociology), the standardized WFD meth-
ods ensure the acquisition of ancillary data on the physical
and chemical conditions of the colonized environments.
These data are important as a means of assessing the qual-
ity of habitats and colonized sites as well as of evaluating
the future prospects of habitats (Collins et al., 2012;
Louette et al., 2015 and references therein). This is a focal
point that supports the integration of current programs
aimed at protecting lacustrine aquatic EU habitats not
only in Lombardy, but also across Europe as a whole.
Bearing all this in mind, we wish to stress the need to im-
plement strategies for the conservation of aquatic habitats
by integrating trophic trends of lakes in terms of nutrient
availability and water transparency as well as of the rela-

tive size of water bodies (Azzella et al., 2014Db).

By focusing on the distribution patterns of aquatic habi-
tats of conservation concern, this paper attempts, to our
knowledge for the first time, to actively combine the WFD
directive with the HD. The standard WFD data on macro-
phytes appear to complement the needs and the require-
ments of HD, especially for defining the area (range)
occupied by a specific lacustrine aquatic EU habitat. The
use of data collected by the WFD will also enable us to make
robust comparisons between biogeographic regions and
states, thereby strengthening evaluations of current trends
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in aquatic vegetation on a large spatial scale. Furthermore,
the possibility of gathering reliable and valid information
on the physical and chemical conditions of water and sedi-
ments may make a fundamental contribution to defining
favourable conservation conditions of habitats as well as to
planning the distribution of areas of aquatic vegetation in
response to climate change or direct human impacts (i.e.,
pollution, water abstraction). This is especially important
for aquatic environments, which are among the most vul-
nerable ecosystems in the world (Verhoeven ef al., 2006).
Within this context, a better integration between HD,
WEFD and remote sensing techniques may represent a key
strategy to obtain reliable information on the ranges oc-
cupied and to examine current dynamic trends in aquatic
vegetation, as has previously been shown by many au-
thors (Villa et al., 2013, 2014, 2015; Giardino et al.,
2015). Indeed, remote sensing is an effective tool for rec-
ognizing and mapping vegetation thanks to the advantages
of the synoptic view (in time and space) over the field sur-
vey (Vis et al., 2003; Silva et al., 2008). Furthermore, the
vegetation indices yielded by airborne and satellite images
can effectively be used to implement standard monitoring
approaches, thereby providing new opportunities in the
assessment of vegetation status, growth or biophysical
features. This may be considered a further step toward
maximizing monitoring efforts and assessment outcomes.

CONCLUSIONS

This study highlights, for the first time, the usefulness
of approaches implemented and adopted by the WFD to as-
sess macrophyte communities in lakes as a means of also
evaluating the presence of EU habitats and the size of the
areas they occupy. Furthermore, the data collected within
the framework of the WFD monitoring networks are com-
parable because they are obtained by means of similar sam-
pling procedures, calibrated at the ecoregion scale by
specific Geographical Intercalibration Groups. In addition,
the use of these data may minimize the limitations usually
associated with local flora and vegetation surveys, which
are often restricted to a single, or a few, Natura 2000 sites.
WFD data effectively address the urgent need to extend the
information available on the presence and state of conser-
vation of EU habitats beyond the Natura 2000 network.
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ABSTRACT

The spread of invasive aquatic plants (i.e., aquatic weeds) requires a broader knowledge of the factors determining their set-
tlement at the lake scale, in order to improve management practices and biomonitoring. Among hydrodynamic pressures, wave ac-
tion might influence submerged vegetation distribution in shallow lakes and potentially engender modifications of plant
morphological traits. We here report a field survey conducted between 2014 and 2015 in French Atlantic Lakes to assess the spatial
distribution and biomass production of two rooted aquatic weeds, Egeria densa Planch. and Lagarosiphon major (Ridl.) Moss, in
relation to wind-induced sediment resuspension, water depth and sedimentary features. Moreover, we explored the relation between
plant morphological traits and hydrodynamic disturbance under in sifu conditions. At the lake scale, E. densa and L. major formed
extensive monospecific stands, and occurred in the same areas only at low biomass. Both monospecific and mixed stands prefer-
entially developed in shallow-sheltered or deep-exposed areas. Plant morphological traits showed different patterns in function of
sediment resuspension according to the species and the lake. The influence of resuspension was however not systematic, with many
cases where morphological traits were not affected at all. Maximum stem length appeared to be the most correlated trait towards
sediment resuspension. Moreover, we found a significant correlation between the biomass and the sedimentary organic matter, in-
dicating an interaction between the organic substrate preference of the plants and the effect of the canopy on fine particles sedi-
mentation. On the whole, we highlighted the link between plant distribution, phenotypic plasticity and sediment resuspension, with
calm-water zones favouring the settlement of dense vegetated stands. Our study could thus contribute to improve prediction models
for identifying suitable areas for potential colonization by aquatic weeds. Further research is needed to better understand the role
played by hydraulic forces in structuring the habitats in shallow lakes.

Key word: Exotic invasive hydrophytes; sedimentary organic matter; wind exposure; biomonitoring; colonization depth; alien

plant management.

INTRODUCTION

Wave exposure is one of the abiotic factors influenc-
ing aquatic plant communities in freshwater ecosystems
(Bornette and Puijalon, 2010 and references therein).
Waves strongly affect the distribution of submerged
macrophytes in shallow lakes, potentially driving to mor-
phological damages on plant architectural features
(Keddy, 1982; Strand et al., 1996; Riis and Hawes, 2003;
Schutten et al., 2004). Water movement impacts on rooted
aquatic plants depend on the magnitude of the hydraulic
forces, the resistance capacity of the plants (i.e., root an-
chorage and stem breaking strength) and the sediment
type (Schutten et al., 2005). For instance, mechanical
stress directly shapes morphological features and biomass
allocation. The plasticity in plant biomass (i.e., the root
to shoot ratio, R:S), can be considered as an adaptation to
physical disturbance (Chambers et al., 1991; Barrat-
Segretain, 2001). Permanent exposure to water movement
is able to disturb or alter plants development (Doyle, 2001),
shoot elongation (Ellawala et al., 2011), branch length and
branch number (Strand and Weisner, 2001), seedling and

g e

germination (Foote, 1988) and shoot density (Chambers
etal., 1991). As a consequence, aquatic plants demonstrate
capacities to morphologically adapt when they are con-
fronted to hydrodynamic forces (Puijalon ef al., 2008).

Waves may also exert indirect impacts on aquatic
plants through sediment resuspension. Indeed, turbidity,
associated to light attenuation, and depth gradient are
structuring factors for rooted macrophytes distribution at
intermediate depth (Lehmann et al., 1997). Submerged
macrophytes distribution is then potentially limited by
wave energy, with some species colonizing deeper parts
of the lakes in order to avoid water mixing and sediment
suspension caused by the orbital velocity of waves reach-
ing the shoreline (Chambers, 1987). Waves are able to in-
fluence epiphytic growth, sediment grain size and water
quality by water mixing, that selecting aquatic species ac-
cording to their resistance against breakage (Koch, 2001;
Bornette and Puijalon, 2010). On the other hand, the pres-
ence of dense vegetated mats can increase the sedimenta-
tion of fine particles and favor organic matter build-up
(Madsen et al., 2001).

Hydrocharitaceae family gathers aquatic rooted macro-
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phytes, usually submerged, among which many species are
considered as aquatic weeds. This is particularly the case
for the two species Egeria densa Planch. and Lagarosiphon
major (Ridl.) Moss, which occur in European freshwater
ecosystems in both lentic and lotic waters (Dutartre et al.,
1999; Celesti-Grapow et al., 2010; Hussner, 2012; Brundu,
2015). In natural ecosystems, they form large and dense
stands causing important biogeochemical and management
problems when climatic, hydromorphologic and trophic
characteristics are advantageous for their development
(Bini ef al., 1999; Bini and Thomaz, 2005; Yarrow ef al.,
2009; Ribaudo et al., 2014). Light attenuation and fetch are
among the most important variables determining the occur-
rence of the genus Egeria (Bini and Thomaz, 2005). More-
over, the onset of dense vegetated stands and the
subsequent deposition of fine particles may significantly
contribute to water clarity and improve light penetration
(Madsen et al., 2001; Siffedine et al., 2011).

Several studies on the response of submerged plants
to hydrodynamic forces have been carried out in meso-
cosms, whereas in situ conditions embed interactions with
light, temperature and depth (Doyle, 2001; Sand-Jensen,
2003; Ellawala et al., 2011; Riis et al., 2012; Redektop et
al., 2016). The investigation of wave exposure on aquatic
weeds through field surveys is thus a key element for im-
proving biomonitoring approaches in shallow lakes. In-
deed, the integration of water depth, wind velocity and
fetch in prediction models might help in detecting prefer-
ential habitats and physical thresholds for the spread of
invasive macrophytes. In this study, we report the results
of a survey conducted between 2014 and 2015 to assess
the plant coverage and the biomass production of two
rooted aquatic weeds, E. densa and L. major, in relation
to sediment resuspension probability and sedimentary fea-
tures. The objectives of the research were 1) to obtain a
quantitative assessment of aquatic weeds distribution and
biomass in French Atlantic Lakes; ii) to evidence the de-
pendence of plant distribution on sediment resuspension
and water depth; and iii) to highlight the relation between
morphological traits and physical disturbance within in
situ conditions.

METHODS
Study area

French Atlantic Lakes (Carcans-Hourtin, Lacanau,
Cazaux-Sanguinet and Parentis-Biscarrosse) are large
shallow lakes located in the south-western coast of
France, less than 5 km from the ocean (Fig. 1). These
lakes were originated from the barrage of coastal rivers
by littoral dunes (Tastet ez al., 2008). The eastern bottom
is characterized by a very gentle slope while the western
bottom presents a steep slope at the dunes’ foot. These

four lakes are classified from oligo- to mesotrophic and
constitute the southern distribution limit for isoetid lawns
in Europe (Cellamare ef al., 2012; Bertrin et al., 2013;
Ribaudo et al., 2017). The main uses of these lakes are
recreational activities such as boating, bathing, hunting
and angling during a limited part of the year. Here,
L. major appeared in Cazaux-Sanguinet in 1960, started
to be signaled as a nuisance in late ‘70s and spread all
over the four lakes in the following decades, showing a
slow dynamic of invasion between 1985 and 2005 (Du-
tartre and Capdevielle, 1982; Bertrin et al., 2013). E.
densa was not reported in the vegetation surveys of these
lakes until 2006, and only two of them were concerned
(Bertrin et al., 2013). Thanks to mild water temperatures
(>16°C from April to October), the vegetative period of
the two aquatic weeds is here extended during the year.

Dense stands mapping and traits measurement

In order to assess the dense stands boundaries of the
two hydrophytes, vegetation surveys were carried out dur-
ing the standing crop period (May-September) by echo-
sounding, during 2014 in Carcans-Hourtin (HOU) and
Lacanau (LAC) lakes and during 2015 in Cazaux-San-
guinet (CAZ) and Parentis-Biscarrosse (PAR) lakes. The
scan sonar surveys were carried out on a boat equipped
with a GPS coupled to a Humminbird 1197C. Transects
were irregularly spaced along the lake’s surface, accord-
ing to the local bathymetry, and were concentrated along
the shallowest areas of the lakes (<5 m), typically perpen-
dicularly to the shoreline. Profiles were intensified when
plant density was high; additionally, GPS points were
marked in correspondence with the boundaries of each
dense stand. Due to the presence of restricted areas for
military purpose, in CAZ and PAR lakes some areas were
not prospected by boat, but by feet. Concomitantly, plant
collection was systematically carried out with a rake (har-
vested surface = 0.28 m?), every 200 to 500 m, according
to the local extension and homogeneity of the stands; in
correspondence, a GPS point and the colonization depth
was recorded. The operation was carried out by the same
operator to minimize the error source (Johnson and New-
man, 2011); plants were kept wet and refrigerated during
the transport.

In laboratory, morphological traits and biomass were
measured. For each shoot, maximal stem and root length
(cm), number of stems (stems shoot ') and number of
roots (roots shoot!) were measured. For each sample,
shoots were counted for estimating shoot density (shoots
m2). Finally, plants were sorted for above- (stems) and
belowground (roots) parts and dried at 70°C for at least
72 h until stabilized dry weight. Total biomass was ob-
tained by the sum of above- and belowground dry weight
(gpw m2); root to shoot ratio (R:S) was calculated as the
ratio of the below- and aboveground dry weight. Also,
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additional data obtained along unpublished studies were in-
cluded in the dataset for the comparison against sedimen-
tary resuspension. Those data were collected at different
seasons between late summer 2013 and late summer 2016
following the same protocol described above.

At the office, sonar recordings were read by Hummin-
bird PC and transferred to a GIS system (ArcGIS 10.2

FRANCE

Fig. 1. Geographic location of French Atlantic Lakes.

platform, 2017). Verification of the stand boundaries were
made on each profile through the program HumViewer.
Transects and GPS points were then geolocated and poly-
gons were manually reconstructed to produce distribution
maps. From biomass measurements, the mean biomass
value (3<n<5) was associated to each shape in the distri-
bution map.

Carcans-Hourtin
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Sediment characterization

Concomitantly to biomass harvesting, sediment sam-
ples were collected by means of a Van Veen grabber (vol-
ume = 2.5 L) and, after homogenization of the whole
sample, transferred in triplicates into 40 mL plastic vials;
samples were kept in a cooled box and immediately
frozen at the laboratory. Several sediment samples were
also collected in bare areas of the prospected shores.
Analyses of sedimentary bulk density, porosity, water
content and organic matter (OM) content were performed
according to standard procedures, as described in Ribaudo
etal. (2017).

Bathymetry and sediment resuspension probability

A rasterized georeferenced bathymetric map was pro-
vided by the Adour-Garonne Water Agency. Each open-
water raster cell had a resolution of 10 m. The probability
of sediment resuspension was based on wind data col-
lected at a weather station located in Cap-Ferret
(44°37°54”N, 1°14°54”W, 9 m above chart datum; wind
measurement height above the ground: 10 m). The veloc-
ity (m s') and direction (°) of the wind, averaged each 10
min, were available for this station. We used the maxi-
mum daily values of both parameters provided by the
French climate normals (Météo France) obtained between
November 2012 (one year before the first sampling cam-
paign) and November 2016 (date of the last sampling
campaign), for a total of 1451 days.

The wind is able to generate waves and currents de-
pending on the water depth and the fetch (i.e., the length
of open water without any obstacle in a distinct direction).
Wave formation is therefore influenced by the size and
the shape of the lake, as well as by its exposure to the pre-
vailing winds (Keddy, 1982; Schutten et al., 2005). In this
study, we calculated the fetch on the all grid cells for each
wind compass direction (0-360 in 10-degree increments)
as described in the U.S. Geological Survey Wind Fetch
Model (Rohweder et al., 2012) with ArcGIS 10.2 plat-
form. We also calculated the probability of sediment re-
suspension thanks to the Wave Model (Rohweder et al.,
2012) with ArcGIS. This model calculates the maximum
orbital wave velocity (um, expressed as m s') using water
depth from the bathymetric map and the calculated wave
length, height and period as described below:

um =7 X wave height / (wave period X sinh x
(2m x water depth / wave length)) (eq. 1)

The maximum orbital wave velocity, as it depends on
depth, expresses the vertical upward forces acting on the
plants, through uprooting (Schutten et al., 2004). For each
day and each grid cell, in which the orbital velocity cre-
ates sediment resuspension, is attributed the “1” value,

whereas days with no sediment resuspension are classified
as “0”. The model calculates the probability of having a
sediment resuspension event during a temporal range for
each individual raster cell. Therefore, the final unit of the
model is a sediment resuspension probability (0-100%)
and is applied to 17 x 17 m map grid cells.

Statistics

Linear regression was employed to test the dependence
of the sedimentary OM on sediment resuspension, and the
dependence of morphological traits on sediment resuspen-
sion probability and OM content. Pairwise t Student test
was used to test differences in morphological traits between
the two hydrophytes. Pearson correlation test was used to
test the relationship between the biomass and the sedimen-
tary OM content. Prior to analysis, all data were trans-
formed as log (x+1). Analyses were performed using R
Program (R Development Core Team, 2017).

RESULTS

Prevailing stronger winds between November 2012
and November 2016 blew from the west-northwest; they
also came from the north-east but with a minor velocity
(Fig. 2). The daily mean wind speed was mainly bounded
from 5 to 20 m s~! (maximum 26.8 m s}, mean 9.1 ms™)
with only 0.3% of wind-exempted days during the whole
investigation period. The resuspension probability re-
flected a huge range of wave exposure (Fig. 2), with the
eastern part of lakes presenting a higher probability of
sediment resuspension than the western part.

The distribution of sedimentary OM content varied ac-
cording to the bathymetry of lakes (Fig. 2). Within each
lake, an elevated spatial variability was observed, with
fluffy sediments collected at the deep-sheltered bays and
clear quartz sands at the shallow wind-exposed shores.
On the whole, sedimentary features slightly varied across
lakes’ shores, with a sandy bottom characterized by a
mean bulk density of 1.6+0.3 g cm™ (range 0.9-2.3), a
porosity of 50+20% (20-98), a water content of
36.1£24.4% (13-93), and OM content of 9.8+£18.5% as
loss of ignition (LOI, 0.1-85.7) (overall n=723). Sedimen-
tary OM was significantly dependent on the resuspension
probability (F, 5,5, R*=0.13, P<0.001).

In 2014, a total of 21 and 82 sonar recordings were
performed, for HOU and LAC lakes respectively. In 2015,
a total of 41 and 35 sonar recordings were performed, for
CAZ and PAR lakes respectively. Some lake areas were
not prospected by echo-sounding because no dense stands
were observed nearby during the field campaigns. As a
consequence, low biomass values (<50 g, m2), corre-
sponding to sparse shoots, were not included in the dis-
tribution maps neither in the whole-lake biomass
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Fig. 2. a) Sediment resuspension probability (0-100%) calculated for the period November 2012-November 2016 in French Atlantic
Lakes. b) Windrose elaborated from wind speed daily values for the period November 2012-November 2016. ¢) Organic matter maps
of French Atlantic Lakes obtained in 2014 (HOU and LAC) and 2015 (CAZ and PAR). Triangles indicate sediment collection sites.
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assessment for precaution. Whole-lake biomass estima-
tions (2014-2015) were based upon a total of 7, 70, 7 and
15 biomass samplings, for HOU, LAC, CAZ and PAR re-
spectively. Dense stands of both E. densa and L. major
were found in LAC and PAR lakes on extended surfaces
(about 7 and 13% of the lake surface, respectively),
whereas restricted vegetated areas were observed in HOU
and CAZ lakes, and only by L. major (Tab. 1 and Fig. 3).
Both LAC and PAR presented the highest biomass values
and coverage for both hydrophytes. Given the presence
of only L. major in HOU and CAZ, and given the low oc-
currence of dense stands in those lakes, we decided to
analyse vegetation data and to show results only for LAC
and PAR in the next part of this study.

On the whole, the minimum plant colonization depth
was 0.4 m, with sparse shoots found at a maximum of 8§
m in LAC. At the lake scale, dense vegetated stands
(monospecific + mixed stands) were mainly located at in-
termediate depths, from 1 to 5 m, with 72% of vegetated
grid cells located between 2 and 4 m deep (Fig. 4). The
main proportion of dense stands (87% of vegetated grid
cells) was located in areas with sediment resuspension
probability minor than 25%. When considering monospe-
cific stands only, it appeared that 2.5-3.5 m was the opti-
mal depth for the development of E. densa stands, while
L. major seemed to cover indistinctively a large zone sit-
uated between 2 and 4 m. In addition, the maximum depth
for L. major dense stands was 1 m greater than for mono-

Tab. 1. Lakes features (http://adour-garonne.eaufrance.fr) and colonized surfaces (expressed in km?) and biomass (expressed in tons)
by aquatic weeds in French Atlantic Lakes. Total biomass for each lake is calculated on dense stand surfaces only.

Unit :(010) LAC (0).V/ PAR
Lake surface km? 57.6 16.2 48.9 31.9
Mean and max depth m 4,15 2,7 9,24 7,22
Secchi depth m 2.1+0.2 1.940.2 4.6+0.7 2.34+0.8
Sparse shoots (1<x<50 gy, m?) km? 0.55 1.36 0.15 2.31
Dense stands (x>50 gy, m™2) km? 0.94 1.19 0.17 4.17
L. major monospecific stands km? 0.94 0.37 0.17 0.81
tons 200 47 45 41
E. densa monospecific stands km? 0.00 0.57 0.00 0.95
tons 0 270 0 932
Mixed stands km? 0.00 0.25 0.00 241
tons 0 83 0 1812

HOU, Lake Carcans-Hourtin; LAC, Lake Lacanau; CAZ, Lake Cazaux-Sanguinet;, PAR, Lake Parentis-Biscarrosse.
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Fig. 3. Distribution and biomass maps of aquatic weeds (E. densa and L. major) obtained by echo-sounding and biomass harvesting in
2014 (HOU and LAC) and 2015 (CAZ and PAR). Triangles indicate biomass harvesting sites; isobaths are reported until 3 m deep.
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specific E. densa stands. With regards to sediment resus-
pension, the distribution of monospecific E. densa stands
linearly decreased with the increase of the exposition to
water movement, whereas L. major seemed to be less af-
fected by resuspension. Hydrophyte biomass and sedi-
mentary OM content appeared positively correlated at all
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lakes but one (r Pearson=0.62, 0.53 and 0.54 for HOU,
LAC and CAZ, respectively; PAR = not significant).
Biomass, shoot density and morphological traits var-
ied across lakes and species (Tab. 2); E. densa showed
significantly higher values than L. major for all parame-
ters at both LAC and PAR lakes (#-test, P<0.001), except
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Fig. 4. Occurrence of dense mixed and monospecific stands of two aquatic weeds (L. major and E. densa) according to the depth
(n=50,029, on the top left) and resuspension probability (n=22,246, on the top right); occurrence of dense monospecific stands according
to the species, the depth (n=14,769, on the bottom left) and resuspension probability (=7381, on the bottom right). Count is based on
the occurrence of grid cells corresponding to dense vegetated stands.
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for shoot density at PAR lake. The occurrence of one hy-
drophyte at elevated density or biomass was inversely cor-
related to the occurrence of the other one (Fig. 5).
Morphological traits in function of sediment resuspension
showed different patterns according to the species and the

lake (Fig. 6). The influence of resuspension was however
not systematic, with many cases where morphological
traits were not affected at all. No significant relationship
between R:S and resuspension probability was pointed
out except in LAC for L. major. In the same way, roots

Tab. 2. Biomass, shoot density and morphological traits measured on Lagaroshiphon major (L. major) and Egeria densa (E. densa)
colonizing French Atlantic Lakes. Mean values +SD, range values and number of replicates (in square brackets) are reported.

Biomass Shoot density RAM MSL MRL R:S
Lake (gpw M) (shoots m™?)  (stems shoot™!) (roots shoot™) (cm) (cm)
HOU L. major 1494102 [7] - - - 72427 [70] - 0.01=0.01 [7]
(88-375) - - - (32-148) - (0.01-0.02)
E. densa 0 0 0 0 0 0 0
0 0 0 0 0 0 0
LAC L. major 154135 [45]  98+46 [32] 241 [8] 1144 8] 64428 [202] 33£7[8]  0.10£0.09 [40]
(1-1060) (14-141) (1-3) (5-17) (10-180) (24-46) (0.02-0.27)
E. densa 4704376 [76]  189+136[39] 543 [132] 16+£11 [116]  102+38 [367] 6516 [116]  0.13+0.22 [69]
(3-1989) (42-594) (1-15) (2-56) (8-236) (27-98) (0.01-0.50)
CAZ L. major 154106 [7] 38421 [7] 3+1 [13] 14£10 [13] 73422 [13] 3548 [13]  0.08+0.05 [7]
(6-337) (14-71) (1-4) (5-38) (43-112) (25-57) (0.01-0.14)
E. densa 0 0 0 0 0 0 0
0 0 0 0 0 0 0
PAR L. major 5624559 [22] 84450 [17] 3+1 [36] 107 [21] 137454 [51]  29+11[22]  0.03+0.02 [16]
(1-1505) (14-184) (1-5) (3-39) (43-255) (8-57) (0.01-0.08)
E. densa 194241820 [35]  127£102[32] 443 [133] 16+14[64] 205465 [119]  52422[76]  0.06+0.04 [32]
(6-6177) (14-340) (1-17) (1-77) (41-321) (9-102) (0.01-0.09)

RAM, ramifications; MSL, max stem length; MRL, max root length; R:S, root to shoot ration; HOU, Lake Carcans-Hourtin; LAC, Lake Lacanau; CAZ,
Lake Cazaux-Sanguinet; PAR, Lake Parentis-Biscarrosse.
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length significantly decreased in PAR for E. densa when
resuspension probability increased (F, ., R*=0.12,
P<0.01). No significant relationship was evidenced be-
tween density and resuspension probability at all lakes.
The parameter appearing to best respond to the impact of
sediment resuspension was the maximum stem length,
which was significantly higher for both species in PAR,
while it was not correlated for L. major in LAC.

DISCUSSION
Plant distribution

This study documents the massive presence of two
rooted aquatic weeds in French Atlantic Lakes. E. densa
and L. major formed extensive dense stands (up to 4.17
km?), with standing crops varying from 45 to 2785 tons
of dry biomass per lake (from 0.05 to 6.18 kgpy m™),
which covered from 1.6 to 13.0% of the total surface of
the lakes. In many areas, plant biomass and vegetated
patches largely overpassed values reported for invasive
free-floating plants (up to 2.5 kgpy m2 and 2 km?) (Center
and Spencer, 1981; Nieder ef al., 2004). Though echo-
sounding surveys did not allow prospecting the full lake
surface, it resulted to be a reliable method for delimiting
the stand boundaries (Wells et al., 1997; Zajac, 2008). We
acknowledge that some portions of the lakes where sparse
shoots exist could not be included in this survey; for this
reason, the lake-scaled biomass estimation only refers to
dense stands. Also, interannual variability in biomass
might have affected our evaluation; anyway, our results
highlight the magnitude of the plant colonization and con-
stitute a first biomass assessment.

When looking at the comparison between the two hy-
drophytes, E. densa appeared to be a major potential
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threat when compared to L. major, both in terms of bio-
mass and density. Indeed, while L. major maximum stem
length and biomass resulted similar or even lower than
those reported in other studies and other sites (Clayton,
1982; Dutartre and Oyarzabal, 1993; Wells et al., 1997,
Bickel and Closs, 2008), the opposite happened for E.
densa biomass, which reached much higher values (max-
imum 6.2 kg, m? in PAR) than those reported in tropical
waters (maximum 0.5 kgp, m? and 1.2 kg, m? in
South-American reservoirs) (Pelicice et al., 2005; Carrillo
et al., 20006).

Both L. major and E. densa appeared to be able to col-
onize the whole range of depth in French Atlantic Lakes,
until 8 m deep for sparse shoots, corresponding to the
maximum depths observed in tropical and not light-lim-
ited environments (Coffey and Wah, 1988; Carrillo et al.,
2006). Dense stands however preferentially developed be-
tween 2 and 4 m deep, showing a possible interplay be-
tween light availability and hydrodynamics preferences.
Indeed, the majority of the dense stands were located at
low sediment resuspension areas, which indicates that
calm waters constitute a preferential habitat for dense
mats development. However, even areas characterized by
low to medium sediment resuspension (10-45%) were
colonized by an elevated plant density.

The depth zonation of the two hydrophytes did not re-
sult as distinct as in other studies on native species, which
showed that different species of Potamogeton can occupy
distinct colonization depth within one lake (Lehmann et
al., 1997). Nevertheless, our survey showed that the two
hydrophytes rarely occur together at elevated biomass or
density. On the whole, our results show that £. densa and
L. major prefer deep-sheltered areas in Atlantic shallow
lakes, with a tendency for L. major to colonize deeper and
more exposed areas than E. densa. This result is in line to
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Fig. 6. Relation between the biomass (on the left), maximum stem length (on the middle) and root to shoot ratio (on the right) of the

two hydrophytes L. major and E. densa.
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what Ellawala et al. (2011) and Riis et al. (2012) found
in experimental conditions and highlights a species-
specific response to hydrodynamic forces.

Plants morphological traits and hydrodynamics

Both E. densa and L. major produce dense canopies
with long stems (maximum 321 cm for E. densa in PAR),
which drag at the water surface during summer period.
This type of vegetative development could reduce wave
tolerance, increasing plant breakage and morphology
modifications, unlike meadow-forming species which lie
closer to the sediment surface when the current velocity
is elevated (Koch, 2001). The response of morphological
traits to sediment resuspension here reported matches in-
deed with investigations previously carried out on E.
densa (Ellawala et al., 2011) and other hydrophytes such
as Myriophyllum spicatum L. (Strand and Weisner, 2001)
and Vallisneria spiralis L. (Doyle, 2001) in experimental
conditions. Anyway, the relationships we found were not
systematic and often lake-dependent and species-specific.
These results in general did not confirm our initial hy-
potheses. An increase of the root length would have been
expected with the increase of sediment resuspension, as a
phenotypic adaptation for assuring a better anchorage to
the plant. Other studies report that belowground biomass
plasticity according to wave exposure and sediment gran-
ulometry has been found to be often inconsistent (Koch,
2001). Moreover, no relationship was observed in some
morphological traits such as the number of stems and
roots per shoot. Different responses of the relationship
traits-hydrodynamics can be attributable to the different
lake sizes. PAR lake surface is two times larger than LAC;
as a consequence, the fetch lengths are potentially higher
in PAR than in LAC. The orbital velocity of waves is
function of the wind direction and velocity, and also de-
pends on the fetch length required to calculate the wave
height, length and period (Rohweder et al., 2012). Even
if the resuspension probability is always binary (1 = re-
suspension, or 0 = no resuspension) and identifies the oc-
currence of a disturbance, it does not give the intensity of
the force induced by waves. Wave disturbance in PAR has
probably a more important impact on plant morphological
features, as reported by some authors for large lakes
(Schneider et al., 2015; Schutten et al., 2004). In further
research, it would be thus interesting to include the max-
imum orbital velocity in the model.

Aquatic weeds as species engineers

Our research highlights the importance that dense veg-
etated stands take on in shallow lakes productivity. French
Atlantic Lakes are characterized by slow-growing vege-
tation typical of acidic conditions and by low pelagic pro-
duction (Cellamare et al., 2012; Ribaudo et al., 2017). If

we assume a carbon content of 39.5% in plant tissues
(Carvalho et al., 2005) and consider the total measured
biomass and the colonized surface on the four lakes, we
can estimate that those two hydrophytes may fix from 84
to 264 g C m2 (for HOU and PAR lakes, respectively).
This value is comparable to the C sequestration capacity
of other hydrophytes of the same lakes (Ribaudo ef al.,
2017), yet the proportion of vegetated areas is much dif-
ferent. Indeed, when considering the colonized areas by
E. densa and L. major, we can estimate a productivity
ranging between 18 and 1100 tons of C lake™ at their
standing crop (for CAZ and PAR lakes, respectively). This
budget lacks, however, of the assessment of the carbon
release due to respiration processes in dense vegetated
stands at the lake scale. A definitive assessment of the net
ecosystem metabolism would take into account the quota
of carbon decomposed and released in situ at the senes-
cence of the plants, that having potential cascading effects
on local oxygenation and on the enhancement of anaero-
bic processes such as methanogenesis (Cunha-Santino
and Bianchini, 2004; Carvalho ef al., 2005; Urban et al.,
2009; Ribaudo et al., 2014).

E. densa and L. major are two rooted hydrophytes able
to grow on a wide spectrum of substrata and depths (Riis
et al., 2010), commonly found on silty, mesotrophic sed-
iments (Bini et al., 1999; Martin and Coetzee, 2014; Mat-
sui, 2014). As a consequence, we would not expect to find
dense stands on very organic-poor sediments (<0.3% as
LOI, at PAR lake). We can hypothesize that we are deal-
ing with an initial phase of the settlement, where the bar-
rier formed by elevated shoot densities possibly triggers
a positive feedback on water flow decrease and favors fine
particles sedimentation (Barko et al., 1991; Madsen et al.,
2001). We found indeed a significant correlation between
the quantity of biomass and the degree of OM content,
that indicating an interaction between a substrate prefer-
ence by the plant and the effect of the canopy on fine par-
ticles sedimentation. Here, the release of nutrients from
fluffy sediments likely contributes to sustain plant growth
under oligotrophic conditions (Anderson and Kalff, 1986;
Bolpagni et al., 2015). An aliquot of the organic matter
produced in dense stands may be transferred to deeper
layers of the lakes and support oxidative degradation
(Siffedine ef al., 2011).

Implication for management purposes
and biomonitoring

The recreational use of French Atlantic Lakes for touris-
tic purposes has historically matched with a management
aiming at a low environmental impact (Ghelardoni, 1990).
Recently, negative human perception increased against
aquatic weeds, due to a spread of lake’s recreational uses
(sealing, motor boating, hunting and fishing). Concurrently,
those activities have a probable positive feedback on the
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settlement of the two non-native hydrophytes through frag-
ments dispersal (Bruckerhoff ez al., 2015). Management
actions for removing biomass from harbours accounted for
several tens of thousands euros between 2010 and 2015
(STAEBVELG and Géolandes local authorities); those ac-
tions were, however, spatially restrained in order to limit
negative impacts caused by nutrients regeneration from
sediments (van Nes et al., 2002).

CONCLUSIONS

Our study assesses the current distribution of two
aquatic weeds in French Atlantic Lakes, that making easier
for managers to plan harvesting interventions. In addition,
as we highlighted the link between plant distribution and
sediment resuspension, we alert to the risks induced by the
creation of artificial calm-water zones (e.g., marinas, har-
bours, canalizations) that could favour the onset of dense
stands. Taking into account artificial hydromorphologic
modifications would be convenient for improving biomon-
itoring approaches, which are at present focused on the de-
tection of nutrient and organic pollution only (Kolada et
al., 2014). Our results could be also used to identify suit-
able areas for potential colonization by E. densa, which is
still currently not present in two of the four lakes. Both
lakes HOU and CAZ are highly vulnerable to be colonized
by E. densa in the near future, due to their accessibility to
human activities through the presence of public boat
launches and some navigation ways linking the lakes. Be-
yond the capacity of predicting the occurrence of invasive
organisms at a multiple-systems scale, we believe that it
is now necessary to inform managers on the potential dis-
tribution of a likely new invasive plant at the local scale
(e.g., lake or a specific part of a lake) in order to help them
in management decision.
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ABSTRACT

Our aims were to test the hypothesis that in deep lakes the co-occurrence patterns of macrophytes are not random, and to com-
pare the relative contribution of the main environmental determinants (light, water and sediment parameters, phytoplankton) in
structuring aquatic vegetation. We collected data from five deep Chara-dominated lakes in Central Italy along gradients of depth
(33 to 165 m), dimension (1.7 to 114.5 km?) and water trophic conditions (12.4 to 41.3 ug L! of total phosphorous). Twenty-five
sampling plots per lake were randomly selected at five predetermined depths (1.5, 3.0, 6.0, 12.0 and 20.0 m; n=5) within homog-
enous littoral sectors. Data were explored by a null model analysis using the checkerboard score (C-score) index, and Canonical
Correspondence Analysis. Our data verify the not random co-occurrence patterns of macrophyte’ communities in deep lakes. How-
ever, present data suggested that C-scores are strictly dependent on lake’ trophic status: low nutrient loads, in both water and sed-
iments, seemed to be reflected in a not random co-occurrence zonation of macrophytes. Summarizing, it is fundamental evaluate
the local effects of lake trophy on the macrophyte community dynamics both in time and space before inquiring about mutual links.
If it fails to assess macrophyte co-occurrence patterns, it may be not possible to identify the determinants of the spatial arrangement
of macrophytes and, in turn, the conservation status or the ongoing dynamics of lakes.

Key word: Aquatic plants; C-score index; co-occurrence analysis; environmental drivers; Chara-dominated lakes; Volcanic lakes;

central Italy.

INTRODUCTION

Ecological studies generally assume that the co-oc-
currence patterns of plants are non-random. However,
the type of response of plant species and/or communi-
ties to environmental gradients is still strongly debated,
with a range of evaluation models having been proposed
(e.g., null models, nested or checkerboard patterns;
Presley et al., 2010; Logue ef al., 2011; Ulrich and
Gotelli, 2013). In this context, the large amount of plant
community studies have generally failed to investigate
whether the structure of communities is non-random be-
fore analyzing their environmental determinants
(Duberstein et al., 2014).

With regard to macrophyte communities, the major-
ity of researchers have not taken into account the poten-
tial causality or randomness of their co-occurrence
(Penning et al., 2008a), and very few works have eval-
uated the factors that may influence aquatic vegetation
itself (Boschilia et al., 2008; Logue ef al., 2011; Chmara
etal.,2013). In any case, we exclude the possibility that
macrophyte communities respond randomly to environ-
mental gradients. This is in agreement with the observa-
tions about the non-random distribution of trait
performance within macrophyte communities (Fu ef al.,
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2014). However, in specific situations (e.g., under an-
thropogenic stress), we hypothesize that macrophyte co-
occurrence patterns may be unstable, which would result
in unclear spatial gradients, affecting the identification
of environmental determinants and limiting the use of
macrophytes, for example, as bioindicators (Bolpagni ef
al., 2016a).

A non-random structure in macrophyte communities
is based on the assumption that one or more factors con-
tribute to its spatial pattern. As reported by Boschilia et
al. (2008), these factors can be of either a competitive or
environmental type, and lead to a checkerboard pattern
produced by pairs of species with mutually exclusive
ranges, as occurs among terrestrial plant communities
(see Diamonds, 1975). Some previous works have gen-
erally concluded that the non-random distribution pat-
terns of macrophyte communities tend to be driven by
environmental factors rather than biotic interactions
(Boschilia et al., 2008), a finding that is consistent with
those of many other studies (Keddy, 1983; Wilson and
Keddy, 1986). The main environmental factors that in-
fluence the structure of macrophyte communities are
light availability, water and sediment parameters, and
hydro-morphological determinants (Bornette and
Puijalon, 2011 and references therein). Furthermore, their
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influence also varies markedly depending on the spatial
scale at which they are analyzed as well as on the hetero-
geneity of the aquatic ecosystems being investigated
(Lacoul and Freedman, 2006; Bornette and Puijalon,
2011). The listed variables can assume a greater or lesser
importance according to the type of aquatic ecosystems
(e.g., lakes, streams, lagoons, wetlands). In general, sev-
eral studies have suggested that there is a direct depend-
ence of macrophytes distribution on the simultaneous
variation in light availability and temperature regime
along the depth gradient (Azzella et al., 2014). The pro-
gressive worsening in the quality of lake water and of the
sediment leads to a reduction in light availability, and a
strong cascade effect on macrophytes presence and dis-
tribution (Genkai-Kato and Carpenter, 2005). On the
other hand, when conditions in a lake improve, a new
equilibrium in macrophyte communities’ distribution is
achieved. Focusing on deep lakes, we generally hypoth-
esized that macrophyte communities may display local
random distribution patterns under worsening (e.g., in-
creased nutrient content or turbidity) or improving (e.g.,
increased transparency) water and sediment parameters,
and that macrophytes distribution is not random exclu-
sively in the presence of stable physical and chemical
states, both in time and space. As a result, it is possible
to identify the ecological determinants of macrophyte
richness and community dynamics, as well as the signif-
icance of macrophyte indices (Melzer, 1999; Penning et
al., 2008b; Kolada, 2010), only when physical and chem-
ical conditions remain stable over time.

Within this context, a further critical aspect is the over-
estimation of the role of water quality compared to that
of sediment or other not trophic factors (Carignan and
Kalff, 1980). To fill this gap in our knowledge, in the pres-
ent work we conducted a detailed investigation of both
the sediment parameters and water in relation to the struc-
ture and composition of macrophyte communities. We hy-
pothesized that the concentration of nutrients in surficial
sediments (especially phosphorous) can shed light on dif-

ferences that are to be expected between different lakes.
Furthermore, our data could be used to discuss the signif-
icance of the presence or absence of a non-random co-oc-
currence pattern in macrophyte distribution for the
purposes of an ecological assessment of a lake.

Bearing all this in mind, and considering that failure
to assess community structure when macrophyte co-oc-
currence is analyzed significantly reduces the explicative
power of the environmental determinants, this paper was
to evaluate the macrophyte co-occurrence patterns by
considering a homogeneous set of five natural deep lakes
characterized by a gradient in trophic status. A second
aim was to assess the role of non-random macrophyte
co-occurrence patterns in affecting the analysis of
edaphic factors (i.e., environmental determinants).

METHODS
Study area

The study was conducted in the Italian volcanic lake
system on five deep lakes (lakes Bolsena, Bracciano, Mar-
tignano, Nemi, and Vico) with a mean depth and area of
91 mand 37.7 km?, respectively (Fig. 1; Tab. 1). The lakes
investigated are oligo-mesotrophic, with total phospho-
rous (TP) and nitrogen (TN) mean concentrations of 24.9
and 600 pg L', respectively (Tab. 1). The lakes have a
mean conductivity value of 429 uS cm™, and mean Secchi
disk transparency of 6.6 m (summer-winter mean value
for the period 2006-2011). These characteristics support
the classification of these lakes as belonging to the Chara-
dominated lakes (Jensen, 1979), as is confirmed by the
fact that their littoral vegetation is generally dominated
by stoneworts (Chara globularis Thuillier 1799, C. poly-
acantha A. Braun in Braun, Rabenhorst & Stizenberger
1859, C. tomentosa Linnaeus 1753) from a depth of three
to 20 meters. Indeed, these lakes may be considered a Eu-
ropean hotspot of stonewort biodiversity and hosted about
the 20% of the European stoneworts diversity (Azzella,

Tab. 1. Morphometric characteristics and hydrochemical features (summer-winter mean values for the period 2010-2011) of the five

lakes sampled.

Morphometric characteristics

Hydrochemical features

A Alt Zoas Vol TP TN Cond pH
(km?)  (m asl) (m) (m® 10°) (ugL™) (ugL") (uSem™)

Bolsena 151 114.5 305 146 8922.0 15.8 710 523 74 75

Bracciano 165 575 164 160 4950.0 12.4 510 519 7.9 8.7

Martignano 60 2.5 207 54 71.2 377 410 392 74 6.5

Nemi 33 1.7 318 34 325 413 900 340 7.9 5.0

Vico 48 12.1 507 50 268.0 17.1 660 371 76 55

D, depth; A, area; Alt, altitude, Z,,,, maximum depth; Vol, volume; TP, total phosphorous, TN, total nitrogen; Cond, conductivity at 20°C; SD, Secchi
disk transparency.
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2014). Only the first few meters (a depth of 1 to 4 m)
could be dominated by vascular species [e.g., Myriophyl-
lum spicatum L., Phragmites australis (Cav.) Trin. ex
Steud., Potamogeton pectinatus L., P. perfoliatus L.].

Experimental design and macrophyte characterization

A homogenous littoral sector, with a low to moderate
slope of the bottom, was selected in each lake according
to previous macrophyte surveys (Azzella et al., 2013).

Fig. 1. Study area showing the location of the five lakes investigated.

Each sector was characterized by the absence of rocky
outcrops or other morphological peculiarities that might
affect the presence of macrophytes. A GIS program
(ESRI’s ArcGIS 10.0) was used in each sector to generate
a grid with a 50-m mesh net on a one km-long stretch of
coast (Fig. 2). Twenty-five squares of the grid were then
selected at five different predetermined depths, with plots
being drawn randomly from among plots that intercepted
a bathymetric reference level. The predetermined depths
were chosen based on a logarithmic increase between one
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depth and the next (1.5, 3.0, 6.0, and 12.0 m) with the ex-

ception of the greatest depth which was set at 20.0 m. This

method was adopted to prevent the sample plots from
overlapping the thresholds between the different macro-
phyte communities previously recorded (Azzella et al.,

2013; Azzella, 2014), and to ensure that they fell within

each of the characteristic belts of macrophyte communi-

ties, according to the following general zonation:

i) 1.5 m depth corresponds to the high diversity emer-
gent vegetation belt dominated by helophytes [e.g., P.
australis, Schoenoplectus lacustris (L.) Palla] and vas-
cular hydrophytes (e.g., M. spicatum, P. perfoliatus),

ii) 3.0 m depth corresponds to the high diversity Chara
aspera-dominated belt;

iii) 6.0 m depth corresponds to the low diversity and
high biomass C. polyacantha or C. tomentosa-dom-
inated belts;

iv) 12.0 m depth corresponds to the very low diversity C.
globularis-dominated belt;

v) 20.0 m depth corresponds to the rather monospecific
Nitella opaca-dominated belt or to bare sediment.
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Fig. 2. Example map of the spatial arrangement of the sampling plots (black points) along an experimental homogenous littoral sector,
in the present case the map refers to the Bolsena Lake.

We thus obtained five sample plots for each depth in
each lake, which corresponds to 25 plots per lake and a total
of 125 plots. All the plots were sampled in summer 2013.
During the field activities, each sample plot was reached
using a Trimble GPS GeoXM and the depth measured with
a depth gauge (+0.5 m). If the predetermined depth (sample
plot) and the measured depth in situ corresponded, we pro-
ceeded with the sampling activities; if they did not corre-
spond, we moved perpendicularly to the coastline until the
desired depth was reached. A square whose sides measured
1 m was lowered on the sampling plot, and all the species
present and the relative cover (expressed as %) were
recorded by visual assessment within the square using an
underwater camera or by scuba diving.

Water and sediment physical
and chemical characterization

At each sampling plot, temperature (T), conductivity
(Cond), pH and dissolved oxygen (DO) were measured di-
rectly in situ just above the canopy of the macrophyte com-
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munities or the bare sediment (+0.5 m) using a multiple
probe (Hanna Instruments, HI 9828). At the same time,
water samples were collected using a Ruttner bottle (1 L)
and immediately processed and kept in cold storage at
around 4°C for subsequent analysis: 100 ml were filtered
with GF/C glass-fiber filters (Whatman, Maidstone, UK)
for NH,", NO;, soluble reactive phosphorous (SRP) deter-
minations and 40 ml of unfiltered water were collected for
TP and TN determination. All analyses were performed
using standard spectrophotometric methods (APHA, 1998).
Three sediment cores were simultaneously collected using
Plexiglass core tubes (20 x 4 i.d. cm). After collection, the
cores were kept on ice and returned to the laboratory within
six hours. Upon reaching the laboratory, the first five cm
of each core were extruded and each sediment slice was
immediately homogenized and samples collected using cut-
off 10 mL syringes for the determination of organic matter
(OM) and total phosphorus (TPsed) content. OM was de-
termined as dry weight loss after ignition at 450°C for 2 h
of 0.5 g of dry sediment, while TPsed was determined on
ignited sediment according to the acid extraction method
(Aspila et al., 1976).

A fluorimeter cyclops-7 equipped with probes for the
characterization of the Phycocyanin, Chlorophyll a and
Phycoerythrin pigments was used to detect their relative
algal fluorimetric units as well as to estimate the colored
dissolved organic matter (CDOM). At the same time, the
amount of light radiation (LR) that reaches the canopy was
measured using a Li-cor detector (PAR LI-192SA Under-
water Quantum Sensor). Starting from the Li-cor data, we
derived the vertical diffuse attenuation coefficient (K,) ac-
cording to Kirk’s equation (1994), based on the photosyn-
thetically active radiation (PAR) at a given depth (z) and at
the water surface (water-atmosphere interface).

Checkerboard score and null model analysis

To test the non-random co-occurrence of macrophytes,
anull model analysis was performed. The analysis was ap-
plied to the species x depth zones matrix, using the SIM9
algorithm (Gotelli, 2000) according to Boschilia et al.
(2008). The randomized matrix generates casual distribu-
tion (the so-called null models). The software used
(EcoSim 700; Gotelli and Entsminger, 2002) calculated an
index to evaluate the species segregation in the observed
and expected matrices. [f communities have a not randomly
co-occurrence pattern, the index of the observed matrix will
be significantly different from the mean of the randomized
matrices. In this context, we used the checkerboard score
(C-score) index to reveal the existence of competition-
based differences among communities (Stone and Roberts,
1990), supporting the outputs of the Canonical Correspon-
dence Analysis (CCA) method that is devoted to understand
distributions based on abiotic variables. To evaluate the
presence of a non-random pattern, driven by the environ-

mental factors reported in previous studies, we used the
total matrix of 125 plots (10,000 randomizations). To eval-
uate the randomness of the distribution in each lake, we
tested the null models on the matrices of single lakes (25
plots, 10,000 randomizations).

CCA and null model analysis

A CCA was performed using species and environmen-
tal data matrices to analyze the influence of environmental
variables on specie distribution and to explain the vari-
ability detected within and between lakes. All the analyses
were conducted using the vegan package in the R-soft-
ware (R core team, 2017). Data were normalized by ap-
plying a logarithmic transformation to the dataset. A
Pearson’s correlation analysis was first conducted to de-
termine the univariate relations between all the study en-
vironmental variables to avoid the use of dependent (i.e.,
covariates) factors in the CCA. We set the threshold at
R=0.6 in order to detect any correlation between two sig-
nificant environmental variables avoiding collinearity
(Guareschi ef al., 2015). As a result, the following vari-
ables were selected for the subsequent analysis: water TP,
TN, NO;~, T, Cond, LR (expressed as nE m2), CDOM,
Chla, sediment OM and TPsed.

Unlike many other authors who used depth as an eco-
logical parameter, we excluded the use of depth data from
the analysis in advance for two reasons. First, because
both T and LR, as well as other variables, were closely
correlated with the depth gradient; second, since we used
depth as a key factor in selecting sample plots, the use of
this variable may have altered the statistical analysis out-
puts or masked the relative importance of the other envi-
ronmental determinants. By excluding the depth data, we
wished to avoid any tautological entailment. Nevertheless,
by means of the function “ordisurf” of the “vegan” pack-
age in R, we fitted the depth into ordination diagram. Or-
disurf draws the surface of an environmental determinant
into ordination diagram using a GAM model.

To evaluate the influence of randomness on the pro-
portion of total variance explained by the environmental
variables, the original dataset was split into two different
lake groups according to the C-score performance: lakes
with a non-random (group A) and those with a random
macrophyte distribution (group B). A CCA was then per-
formed by considering each of the two groups separately
to determine whether the total variance explained by the
environmental variables of the non-random group A is sig-
nificantly higher than the total variance explained in the
first CCA performed by considering all 125 sample plots.
When the number of samples in a matrix is reduced, the
total variance decreases whereas the total variance ex-
plained increases. To avoid this problem and to determine
whether the increase was significant as opposed to being
related to the lower number of sampling plots considered
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in the analysis, the results obtained were compared with
those obtained by using simulated macrophyte distribu-
tions (10,000 randomizations) created with a random ex-
traction of plots from the original matrix. It is thus
possible to consider the effect due to the change in the
sample size and the true improvement in the variance ex-
plained. All the sample plots were inserted in the matrix,
even if devoid of macrophytes. Consequently, a dummy
column with cover values of 1 was inserted to perform the
aforementioned analyses.

RESULTS
Physical and chemical variables

In the water layer between 1.5 and 6 m, T, pH and DO
were relatively constant and above 23.5°C, pH 8.00 and
100% of saturation, respectively. These parameters
dropped in the 1.5-20 m range according to the lake size:
the smaller the lake, the greater the reduction. A minimum
of 8.7°C associated with low DO (39%) was recorded at
a depth of 20.0 m in Lake Vico, whereas a minimum of
pH 6.45 was recorded at a depth of 20 m in Lake Martig-
nano. Both lakes Bracciano and Bolsena yielded T values
always above 11°C, pH 7.39 and 100% of DO saturation.
Cond varied somewhat, ranging between 268 puS cm™' (at
Lake Nemi at a depth of 12.0 m) and 541 uS cm™! (at Lake
Bolsena at a depth of 1.5 m) (Supplementary Tab. 1). Sim-
ilarly, NO;™ and TN varied considerably with values of
20.0-167.2 ug L' and 50.0-514.89 pg L', respectively.
By contrast, SRP and TP values varied less, with values
of 1.2-16.24 pg L' and 5-38.9 ug L, respectively (Sup-
plementary Tab. 1).

Relative algal and CDOM fluorimetric units exhibited
similar patterns. The highest values were recorded at the
greatest depths (between 12.0 and 20.0 meters). Phyco-
cyanin, Chla and Phycoerythrin pigments peaked in Lake
Vico at a depth of 20.0 m, with Relative fluorimetric unit
(RFU) mean values (+standard deviation=SD) of 5824199,
720+163 and 238+62, respectively. CDOM yielded its
maximum value, equal to 267+4 (SD) RFU, in Lake Nemi
at a depth of 20.0 m (Supplementary Tab. 1). For Kd, the
collected values reflected comparable conditions. The high-
est values were recorded in Lakes Vico and Nemi, above
all in the first meters of depth, thus indicating a rapid ex-
tinction of underwater radiation. In Lake Nemi, K, ranged
between -0.5340.06 (mean + SE) and -0.51+0.17, at a depth
of 1.5 and 3.0 m, respectively (Supplementary Fig. 1).

Sediment OM content ranged between 0.2 and 36.2%,
with the highest values being recorded in lakes Vico
(25.2% at 1.5 m of depth) and Nemi (36.2% at 1.5 m of
depth). TPsed displayed a similar pattern, with a minimum
of 0.2 (recorded in Lake Bolsena) and a maximum of 3.1
mg P g (recorded at Lake Nemi) (Supplementary Tab. 1).

Macrophyte characterization

A total of 24 macrophytes were recorded: 10
Characeae, one bryophyte (Fontinalis squamosa Hedw.)
and 13 vascular plants. M. spicatum was detected in all
the lakes, whereas six species were recorded for a single
littoral sector [Baldellia ranunculoides (L.) Parl., F.
squamosa and Potamogeton lucens L. at Lake Bolsena,
Nelumbo nucifera Gaertn., and Potamogeton nodosus
Poir. at Lake Nemi, Potamogeton x nitens Weber at Lake
Bracciano] (Supplementary Tab. 1). As expected, the
highest macrophyte diversity (2.9+1.9 species per plot,
SD) was detected closest to the surface (from 1.5 to 3.0
m), while very poor or monospecific communities were
recorded below 3.0 m of depth (1.0£1.37). At 20.0 m of
depth, macrophytes were recorded exclusively at Lake
Bracciano [dominated by Nitella opaca (C. Agardh ex
Bruzelius) C. Agardh 1824]. Aquatic vegetation at Lake
Nemi instead ceased at a depth of six meters (dominated
by Ceratophyllum demersum L.). The richest plot, con-
sisting of nine species, was recorded in Lake Bolsena at a
depth of 3.0 m.

Macrophyte depth distribution and co-occurrence

In lakes Bracciano, Vico and Martignano there was a
clear zonation in aquatic vegetation depending on the
depth. As expected, a typical community was identified
in each belt investigated. At a depth of between 1.5 and
3.0 m, vascular species emerged as the dominant and con-
stant taxa coupled with a limited number of stoneworts,
such as Chara aspera Detharding ex Wildenow 1809, C.
vulgaris Linneaus 1753 and C. hispida L. sensu auct. non-
null. By contrast, below a depth of 6.0 m, stoneworts rep-
resented the dominant and constant species, particularly
C. globularis, whereas the vascular species became rare
and localized. Conversely, at Lake Nemi no clear differ-
entiation between the investigated communities along the
depth gradient was observed despite the presence of a
clear gradient in the TP, NO;~ and TN concentrations in
the sediment and water, respectively. Lake Bolsena
yielded a simplified model in which there was a clear dis-
tinction between shallow and deep communities (Supple-
mentary Tab. 1).

The CCA revealed the presence of two main gradients
(Fig. 3, above panel). A not trophic gradient within lakes,
correlated with LR and T values (which decreased along
the depth gradient, Fig. 3, below panel) and Chl-a con-
centrations (which increased along the depth gradient),
and a second gradient between lakes, correlated with TPs
and OM availability. In general, the increased availability
of nutrients (such as water TN, sediment OM and TPsed)
promoted the dominance of vascular species at shallow
depths (M. spicatum, P. nodosus and Najas minor); while
at deep depths are favored stoneworts (C. globularis and
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Nitellopsis obtusa) in conjunction of low T and LR values.
By contrast, B. ranunculoides, P. lucens, and P. perfoliatus
were dominant in plots with low concentrations of water
TN, Chl-a, CDOM and sediment OM and TPsed.

The segregation indices calculated for the sampling
plots were significantly greater than the average of the in-
dexes based on null models (P<0.05) obtained from the
overall dataset of 125 plots (Fig. 4). Thus, the pattern of
species distribution across lakes was not random. This re-

sult supports the idea that species associations within
communities are not random and that species are not-ran-
domly co-occurring but they are strictly regulated by the
environmental gradient of lakes.

At the lake scale, the C-score was significantly higher
than expected only in three out of five cases in analysis.
The macrophytes co-occurrence pattern was random at
lakes Bolsena and Nemi, which indicates that there was
no clear spatial co-occurrence pattern of the species in
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Fig. 3. CCA ordination plots of the ecological gradients obtained by the backward selection for the aquatic vegetation of lakes investi-
gated (above panels). On the left the sampled plots and the environmental drivers, on the right the sampled plots and the species. In the
below panel, on the same CCA ordination plot, a projection of depth of the plots onto ordination as a non-linear surface. The total inertia
explained is 32%. OM, sediment organic matter; CDOM, colored dissolved organic matter in the water; TPs, total phosphorus in the
sediment; TN, total nitrogen in the water; T, water temperature; LR, light radiation measured as pE m2; Cond, conductivity of the
water; TP, total phosphorus of the water; Chla, cholorophyll @ in the water; for species abbreviation see Supplementary Tab. 1.
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these lakes. When the lakes in which the C-score analysis
revealed a random co-occurrence pattern of species were
excluded from the CCA (group B: Bolsena and Nemi, 50
plots), the variance explained by the environmental pa-
rameters increased from 36% to 44%. This increase is sig-
nificantly correlated with the exclusion of lakes in which
a random co-occurrence pattern was detected. This find-
ing is confirmed by the second null model analysis (Sup-
plementary Fig. 2) because the variance explained by the
CCA on the plots belonging to lakes Bracciano, Vico and
Martignano is significantly higher (P<0.01) than the vari-
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DISCUSSION
Macrophyte co-occurrence in deep lakes

We demonstrate that macrophyte co-occurrence in
deep lakes is structured according to a non-random pattern
comparable to the checkerboard scheme (Diamond,
1975). This aspect has previously investigated exclusively
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Fig. 4. Histograms of the observed and expected values of the C-score in the whole dataset and at the single lake scale; the arrows cor-
respond to the values obtained for the recorded macrophyte distributions.
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in temperate marshes (Shipley and Keddy, 1987), in la-
custrine shoreline vegetation (Keddy, 1983), in a hetero-
geneous set of shallow lakes (Chmara et al., 2013), and
in tropical floodplain lagoons (Boschilia ez al., 2008). In-
deed, the null model analysis we performed showed that
deep lake macrophytes interact, as a whole, in a non-ran-
dom fashion and some explanatory ecological factors
drive macrophyte patterns (LR, T, within the lakes; Chl-
a, Cond and sediment parameters between the lakes).

However, unbundling the analysis at the lake scale,
the macrophyte co-occurrence in lakes Bolsena and Nemi,
unlike that in lakes Vico, Bracciano and Martignano,
seemed to follow a random distribution. A possible expla-
nation is that the environmental determinants of the non-
random macrophyte co-occurrence observed for lakes
Vico, Bracciano and Martignano are either weaker or are
offset by other determinants (i.e., not trophic) in the lakes
with a non-significant C-score (lakes Bolsena and Nemi).
Indeed, the absence of a clear macrophytes depth gradient
in lakes Bolsena and Nemi may be associated with their
generally unstable and dynamic water physical and chem-
ical conditions. Lake Nemi changed dramatically at the
start of the 20" century (Marchesoni, 1940), went through
a hypertrophic crisis in the 1970s (Avena and Scoppola,
1987), and only recently experienced an improvement in
water quality and vegetation expansion (Azzella et al.,
2014). By contrast, the macrophyte representativeness in
Lake Bolsena has decreased dramatically in recent years
after a long period of growing floristic richness (Azzella
et al., 2014), probably because of local climatic variability
(Bolpagni et al., 2016b).

These findings are consistent with those reported by
the few authors who have investigated macrophyte co-oc-
currence models (Boschilia et al., 2008; Logue et al.,
2011; Chmara et al., 2013). When Boschilia and col-
leagues (2008) investigated the C-score at a coarse spatial
scale of analysis in several lagoons across the Parana
River floodplain, they found a non-random macrophyte
arrangement due to ecological differences. When they an-
alyzed only a portion of the data set, i.e., small lagoons
disconnected from the system of the Parana River, they
found a random pattern and suggested that it was due to
the emergence of several ecological factors in these situ-
ations than in tropical floodplain lagoons. The general in-
stability of these systems, combined with the temporary
predominance of competitive interactions between species
in search of new euphotic zones to colonize, is likely to
underlie these random patterns, thereby contributing to
the definition of a new equilibrium. Chmara et al. (2013)
recorded similar results in shallow lakes in Poland.

Environmental determinants

The CCA analysis confirmed the existence of recur-
rent macrophyte distribution patterns that were strictly de-

pendent on the trophic status of lakes. However, a clear
gradient in macrophyte community patterns was observed
as an effect of significant differences in physical and
chemical conditions between lakes.

As expected, Cond, Chl-a and nutrient concentrations,
particularly in the surficial sediments, are the main envi-
ronmental determinants of differences in macrophyte dis-
tribution gradients between lakes. Our results are in
keeping with the findings of several previous studies (e.g.,
Chappuis et al., 2014; Schneider et al., 2015). However,
the fact that the macrophyte communities appear to be
driven by sediment TPsed to a greater extent than by the
TN concentration in water, and above all that the water
TP is not significantly related to the macrophyte distribu-
tion patterns suggests that sediment parameters play a
more important role than water conditions in the spatial
arrangement of macrophytes. It is not a complete novelty
(see Carignan and Kalff, 1980), but it is generally under-
estimated (Capers et al., 2010). However, our study lends
further support to this evidence and highlights the need
for further investigations. Indeed, the majority of both ear-
lier and more recent works on this topic focused predom-
inantly, or even exclusively, on water conditions when
analyzing macrophyte patterns, neglecting the potential
role of sediment (Kolada, 2010; Alahuhta, 2015; Lukéacs
et al., 2015; Pulido et al., 2015). Furthermore, previous
investigations that did analyze the depth distribution of
macrophytes often included depth among the environ-
mental determinants tested, thereby limiting the analytical
potential of the studies (Azzella ef al., 2014 and references
therein), or used data mainly from shallow ecosystems
(Sendergaard et al., 2013). In this regard, the present
dataset based on deep lakes sheds light on a relatively
wide range of depths (down to 20.0 m) and provides use-
ful information capable to integrate the data available for
shallow lakes. For instance, the present results could
allow solving part of the uncertainty highlighted by
Capers et al. (2010) considering the importance of local
and regional processes in driving macrophyte communi-
ties. Specifically, the recorded stochasticity rather than
depend on the processes of species’ colonization and per-
sistence, may result from the underestimation of the sed-
iment’s role as well as the influence of the trophic
dynamics of the studied lakes.

Implications for ecological study, biomonitoring
and lake classification

The majority of recent works on the relationship be-
tween macrophytes and the environment, which have gen-
erally been performed on very large datasets and have
thus been characterized by a very marked variance, did
not detect any degree of randomness in macrophyte co-
occurrence before the role of expected driving factors was
tested (Kolada, 2010; Alahuhta, 2015). Our findings in-
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dicate that not testing these factors may result in a misin-
terpretation of the determinants of macrophyte co-occur-
rence patterns as well as of their edaphic determinants.
Indeed, we may assume that experimental results in nu-
merous previous studies were over-interpreted, generating
distorted evaluations of the role of environmental factors
in driving macrophyte distribution as well as of the relia-
bility of macrophytes as markers of the ecological status
of colonized environments. Indeed, there has been a grow-
ing consensus on the existence of weak relationships be-
tween changes in “macrophyte dominance” and major
environmental variables, usually regarded as the main de-
terminants of aquatic vegetation dynamics (Demars et al.,
2012). These authors confirmed the predominance of non-
human pressures in driving the variability in river macro-
phyte indices, suggesting that not-trophic determinants
(e.g., temperature, lake area) play an important role in this
variability. Furthermore, recent evidence suggests that
macrophyte communities that exhibit marked inter-annual
fluctuations and stochastic interactions with external dis-
turbance events or weather extremes are characterized by
intrinsic high dynamicity (Wiegleb et al., 2014). With re-
spect to these considerations, our approach can comple-
ment other types of surveys, especially those aimed at
investigating the long-term changes in macrophyte com-
munities using sedimentary macrofossils as verified by
Levi et al. (2014) in several Mediterranean lakes.

Although the first long-term data were collected for
river systems, it is reasonable to presume that lacustrine
macrophyte communities are also characterized by alter-
nating phases of establishment and development, as
demonstrated by Bolpagni ez al. (2016b) in the short term
(a three-year field survey), that do not appear to be con-
trolled by physical and chemical environmental determi-
nants. For example, in summer Lake Bracciano is
frequently affected by intense phenomena of “detachment
and emergence” of large portions of the submerged beds
of stoneworts, which probably favor the periodical re-
placement of “aged communities” by new formations. In
the early stages of colonization, these new “open patches”
are frequently colonized by annual species (such as Najas
marina L.) before being re-colonized by stoneworts. Syn-
thetic or global assessments generally consider extremely
large datasets that cover very long periods of time, which
requires the simultaneous analysis of data collected in
time intervals spanning more than 10-20 years. The po-
tential distortive effects induced by the underestimation
of the role of macrophyte inter-annual fluctuations are
generally not considered in this case either.

CONCLUSIONS

Summarizing, a non-random model describes the
depth co-occurrence of macrophytes in deep lakes under

stable trophic conditions and under low human impact.
Moreover, given the presence of a clear partitioning of
macrophytes, which is demonstrated by the coexistence
of vascular-dominated stands at depths closest to the sur-
face (1.5 to 6.0 meters) and stonewort-dominated beds at
depths of more than six meters, we believe that significant
C-scores are closely related to a trophic stable state of a
deep lake. Exclusively low nutrient loads, in both water
and sediments, may result in the characteristic macrophyte
zonation along the depth gradient. If C-scores are not ad-
equately implemented in ecological investigations, ran-
dom macrophyte co-occurrence patterns could be used to
define the macrophyte determinants largely invalidating
their significance.

In comparison with the results obtained by Fu et al.
(2014), we further put emphasis on the pivotal role of
habitat filtering, stressing on the role of sediment condi-
tions, in driving macrophyte community assembly. If it is
clear that water depth shaped the macrophyte spatial pat-
terns in close association with nutrients and light, our
analyses introduce additional considerations on the im-
portance of the whole-lake trophic status and dynamics in
explaining the role and importance of environmental de-
terminants as macrophyte filters. Consequently, any study
on the relationship between macrophytes and aquatic en-
vironmental conditions, as well studies based on the use
of macrophytes in monitoring, must include an assess-
ment of the community structure according to one of the
community pattern theories. A failure to do so would lead
to an over-estimation of the macrophyte bioindication
value, which would in turn seriously compromise any at-
tempt to accurately assess the conservation status of lakes.
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ABSTRACT

Macrophytes are important elements of freshwater ecosystems, fulfilling a pivotal role in biogeochemical cycles. The synoptic
capabilities provided by remote sensing make it a powerful tool for monitoring aquatic vegetation characteristics and the functional
status of shallow lake systems in which they occur. The latest generation of airborne and spaceborne imaging sensors can be effec-
tively exploited for mapping morphologically - and physiologically - relevant vegetation features based on their canopy spectral
response. The objectives of this study were to calibrate semi-empirical models for mapping macrophyte morphological traits (i.e.,
fractional cover, leaf area index and above-water biomass) from hyperspectral data, and to investigate the capabilities of remote
sensing in supporting macrophyte monitoring and management. We calibrated spectral models using in sifu reflectance and mor-
phological trait measures and applied them to airborne hyperspectral imaging data, acquired over two shallow European water
bodies (Lake Hidvégi, in Hungary, and Mantua lakes system, in Italy) in two key phenological phases. Maps of morphological
traits were produced covering a broad range of aquatic plant types (submerged, floating, and emergent), common to temperate and
continental regions, with an error level of 5.4% for fractional cover, 0.10 m> m2 for leaf area index, and 0.06 kg m for above-
water biomass. Based on these maps, we discuss how remote sensing could support monitoring strategies and shallow lake man-
agement with reference to our two case studies: i.e., by providing insight into spatial and species-wise variability, by assessing
nutrient uptake by aquatic plants, and by identifying hotspot areas where invasive species could become a threat to ecosystem

functioning and service provision.

Key word: Biomonitoring; fractional cover; LAI; biomass; invasive species; hyperspectral data; APEX.

INTRODUCTION

Macrophytes are important elements of freshwater
ecosystems (Jeppesen et al., 1997), performing multiple
ecosystem services (e.g., carbon sequestration, habitat
provision, nutrient uptake) and fulfilling a pivotal role in
the cycling of elements in aquatic ecosystem (e.g., C and
gas fluxes; denitrification in sediment) (Wetzel, 1992;
Schriver et al., 2005; Bolpagni ef al., 2007; Jordan et al.,
2011; Boerema et al., 2014; Castaldelli et al., 2015).
Under current climate warming scenarios, an alteration in
macrophyte ecological status and abundance is predicted
in wetlands and shallow lakes (Poff et al., 2002; Dudgeon
et al., 2006). In particular, increasing nutrient loading,
water consumption and climate change effects are ex-
pected to lead to a rapid spread of opportunistic and float-
ing species in macrophyte abundant systems (McKee et
al.,2002; Kosten ef al., 2011; Bolpagni et al., 2015; Bol-
pagni and Piotti, 2016). In this context, excessive growth
of invasive macrophyte meadows needs to be effectively
monitored in order to inform management actions to mit-
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igate negative effects on shallow inland water ecosystems,
such as risk of anoxia (Goodwin et al., 2008, Hestir et al.,
2008). Furthermore, the multiple anthropogenic uses of
water (e.g., water supply, irrigation, fishing, and hy-
dropower) have greatly intensified pressure on freshwater
ecosystems (MEA, 2005). This drastic and rapid shift in
environmental conditions can have profound effects on
macrophyte species resulting in marked changes in the
structure and function of ecosystems, increased vulnera-
bility to further perturbation (Steffen et al., 2006; Metzger
et al., 2006) and a need for sound, evidence-based ecosys-
tems management. In response, more restrictive chemical
and biological monitoring standards for inland waters
have been introduced (e.g., the EU Water Framework Di-
rective; European Union, 2000), but the resources avail-
able for monitoring programmes, and in particular for in
situ sampling, are constantly decreasing.

In this context, remote sensing could be a beneficial
tool to complement and extend in sifu measurements, pro-
viding frequent, internally-consistent and spatially synop-
tic observations both for near real-time and retrospective
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analyses (Adam et al., 2010; Birk and Ecke, 2014). Al-
though many scientific and technological advancements
have taken place during recent decades, the potential of
remote sensing for ecological applications is still dramat-
ically under-exploited, especially by end-users in charge
of environmental monitoring (Bukata, 2005; Schaeffer et
al.,2013; Palmer et al., 2015). The biological complexity
and high temporal variability of freshwater ecosystems
are the main reasons why remote sensing techniques are
not yet fully operational in water quality monitoring and
in the assessment of aquatic vegetation abundance and
phenology. New spaceborne and airborne sensors, either
multi- or hyper-spectral, an increasing volume of open
and low cost remotely sensed data, and the development
of simple straightforward processing approaches are now
changing this scene. For instance, the spectral response
features of macrophytes have been exploited in freshwater
ecosystems for a range of applications (i.e., mapping
aquatic plant species and functional groups, Hestir ef al.,
2008, Hunter et al., 2010; monitoring vegetation status,
Bresciani et al., 2009; Villa et al., 2013; assessing plant
ecophysiology, Stratoulias ef al., 2015; and estimating
plant morpho-physiological parameters, Penuelas et al.,
1993). In particular, flexible and straightforward ap-
proaches based on spectral indices (SIs) have gained sci-
entific and operational recognition for analysing
vegetation from remote sensing data. SIs rely on the iden-
tification of key spectral wavebands — related to specific
physiological and structural characteristics of plants —
combined into algebraic indices, which are implemented
using empirical or semi-empirical methods to estimate
vegetation dynamics and parameters (e.g., vigour or
greenness, leaf area index, fractional cover, density, bio-
mass, and the fraction of absorbed photosynthetically ac-
tive radiation) (Asrar et al., 1989; Goward and
Huemmrich, 1992; Penuelas et al., 1993; Gitelson and
Merzlyak, 1996; Haboudane ef al., 2004). Most of the
studies on this topic, and especially on the use of spectral
information and SIs to estimate and map vegetation mor-
phological traits, are still based on terrestrial vegetation
and agricultural crops (e.g., Rouse et al., 1974; Tucker et
al., 1979; Huete, 1988; Gobron et al., 2000; Broge and
Leblanc, 2001; Dash and Curran, 2004; Haboudane et al.,
2004; Tian et al., 2005; Gitelson et al., 2006; Wu et al.,
2009; Hunt et al., 2011; Maccioni et al., 2011).

There is a need to extend the investigation and further
test the efficiency of SIs-based models for aquatic plants,
which are known to exhibit different spectral and tempo-
ral features compared to terrestrial vegetation (Silva et al.,
2008; Adam et al., 2010; Villa et al., 2014, 2015). Con-
sidering the importance of aquatic vegetation to freshwa-
ter biogeochemical processes and the unfavourable
conservation status of many inland ecosystems globally,
the capabilities of remote sensing for assessing macro-

phyte characteristics and the functional status of shallow
systems dominated by macrophytes are in fact still
scarcely exploited or not fully investigated (Ribaudo et
al., 2010; Jacobs and Harrison, 2014).

In this study, we focused on filling this gap by demon-
strating the great potential of remote sensing for mapping
macrophyte morphological traits, by testing and adapting
SI-based models that make use of information about
canopy spectral features in the visible to near infrared
range. To this end, we analysed airborne hyperspectral im-
aging data acquired over two shallow European water
bodies (Lake Hidvégi, in Hungary, and Mantua lakes sys-
tem, in Italy), hosting abundant and diverse macrophyte
communities comprising submerged, floating and emer-
gent species, in two critical phases of their growing sea-
son: middle of July and late September, corresponding to
the maximum growth peak and the end phase of growth,
shortly before the senescence period. The two areas are
also representative of two different water management
strategies, and represent paradigmatic case studies of
macrophyte management: i) Lake Hidvégi is part of the
Kis-Balaton Water Protection System, in western Hun-
gary, which serves to retain nutrients and particulate mat-
ter carried by the River Zala before it enters Lake Balaton
(the largest lake in Central Europe); and ii) the Mantua
lakes system, a group of three eutrophic shallow fluvial
lakes in Northern Italy, where the abundant vegetation is
periodically cut and taken away to minimize the possibil-
ity of negative consequences on the ecosystem (e.g., risk
of hypoxia, lakes infilling), and promote nutrient removal
from the system.

The main objectives of our analysis were: i) to cali-
brate simple semi-empirical models for estimating and
mapping macrophyte morphological traits (fractional
cover, leaf area index and above-water biomass) from hy-
perspectral imaging data over a range of plant types, and
ii) to investigate and demonstrate the capabilities of re-
mote sensing data and products in supporting monitoring
strategies and shallow lakes management.

METHODS
Study sites

The study sites were two temperate European shallow
lakes with connected wetlands and abundant macrophyte
cover, mainly consisting of floating and emergent species:
Lake Hidvégi (Hungary) and Mantua lakes system (Italy).

Lake Hidvégi (46°38” N, 17°08” E; Fig. 1) is part of
the Kis-Balaton Water Protection System (~81 km?; max
depth 2 m), a semi-artificial wetland area located imme-
diately upstream of the main inflow into Lake Balaton
from the River Zala (which supplies 45% of the water
input and 35-40% of nutrient load to Lake Balaton;
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Kovacs et al., 2010). Kis-Balaton (or “Small Balaton”)
was originally the westernmost basin of the lake. Due to
intense sediment deposition from the Zala, Kis-Balaton
was the shallowest basin, largely dominated by Phrag-
mites australis (Cav.) Trin. ex Steud., and other aquatic
macrophytes, but with substantial open water areas.
Through time, Kis-Balaton was partially drained and later
disconnected from Lake Balaton. In 1979, the Kis-Balaton
Water Protection System (KBWPS) was built to facilitate
sedimentation and nutrient removal from the River Zala
(Istvanovics et al., 2007). The KBWPS is composed of
two areas: i) an open-water reservoir, Lake Hidvégi (~18
km?, mean retention time 40 da ys; water inflow 175 x 10°
m? y'; Fig. 1) with the main function of retaining inor-
ganic nutrients and total suspended solids carried by the
Zala; ii) a marshland with 95% helophyte coverage
(P, australis and Carex ssp. meadows; Tatrai et al., 2000),
that plays an important role in the nutrient filtration
process as shown by Domotorfy et al. (2003). At the local
scale, the shallow eutrophic Lake Hidvégi is colonized by
floating-leaved macrophytes, with dense Trapa natans L.
beds, as well as Nuphar lutea (L.) Sm., and Nymphaea
alba L. populations (Dométorfy et al., 2003; Dinka et al.,
2008), and by submerged species in some littoral zones
(Ceratophyllum demersum L., and Najas marina L.).

The Mantua lakes system is a fluvial system (45°10°
N, 10°47’ E; Fig. 1) composed of three eutrophic shallow
lakes and two protected wetland areas, surrounding the
city of Mantua, in Northern Italy. The Vasarone dam, built
in 1190 A.D. along the River Mincio, and other down-
stream weirs determined the formation of the three Man-
tua Lakes (~6.1 km?; mean depth ~3.5 m) and of the “Valli
del Mincio” (~12.7 km?) and “Vallazza” (~5.0 km?) wet-
lands, located upstream and downstream, respectively.
Common reed dominates the shorelines and a large por-
tion (40% of total surface) of the “Valli del Mincio” wet-
land (Tomaselli ef al., 2000), and dense meadows of M.
lutea, T. natans, and Nelumbo nucifera Gaertn. are present
in littoral and open water areas during the vegetative pe-
riod (April-October). Less frequent but still present in lo-
calized littoral areas are N. alba and Ludwigia hexapetala
(Hook. & Arn.) Zardini, H.Y. Gu & P.H. Raven stands.
Free-floating (e.g., Azolla filiculoides Lam. and Lemna
spp.) and submerged macrophytes (mainly C. demersum)
can seasonally colonize littoral zones and areas where the
water flow is low. In the last few decades, the progressive
eutrophication of the fluvial lake system has favoured a
marked proliferation of opportunistic primary producers
(phytoplankton and emerging or floating macrophytes)
with effects also on the benthic system (e.g., lake infilling,

Mantua lakes system

=¥ Flow direction
& Samples if
Wetlands
I Rivers
" Lakes

Lake Hidvégi (KBWPS)

Fig. 1. Study sites and location of macrophyte plot sampled. a) Lake Hidvégi. b) Mantua lakes system.
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hypoxia) (Pinardi et al., 2011). In particular, the develop-
ment of invasive meadows of emerging and floating-
leaved macrophytes (e.g., N. nucifera and T. natans) in
periods of high water temperature, nutrient availability
and stable weather conditions, has required management
intervention by local authorities to control plant growth
and to preserve ecosystem services, including water utility
(Pinardi ez al., 2011, 2015).

In situ and laboratory data

In situ data were collected during boat-based surveys
in Lake Hidvégi (16-18 July 2014) and Mantua lakes sys-
tem (26 June and 23 September 2014, 16 and 31 July
2015), over a total of 26 plots covering 7 species
(C. demersum - CD, N. marina - NM, A. filiculoides - AF,

N. lutea - NL, N. alba - NA, T. natans - TN, N. nucifera -
NN). Each plot represents an area of minimum 10 x 10 m
homogeneous vegetation cover around the sampling lo-
cations, represented by a dominant species. Tab. 1 lists
the main characteristics and parameters collected from
each sampled macrophyte plot.

In situ macrophyte canopy spectral response data were
acquired using portable high-resolution spectroradiometers
(ASD FieldSpec Pro FR and Spectral Evolution SR3500).
Ten replicate measurements were acquired per plot from
adaxial surfaces at nadir. Measurement height above the
plot was approximately 50 cm and the instrument field of
view was 25° (i.e., sampling an area of 20-25 cm diameter).
Reflectance spectra were obtained by calculating the ratio
between radiance recorded from each sample and radiance
acquired for a white reflectance standard (Spectralon white

Tab. 1. Summary of the in situ data on macrophyte abundance and morphological traits collected at the two study sites: fractional cover

(fC), leaf area index (LAI) and biomass (Biomy,,).

Sample
date ID

Sample

Species

Coordinates
(Lat, Lon) traits

Functional group Morphological

Lake Hidvégi (KBWPS)

16 Jul 2014 CD1

Ceratophyllum demersum

Submerged 46.6154N, 17.1678E  fC* (LAI*), Biom,,*

16 Jul 2014 NAl Nymphaea alba Floating-leaved =~ 46.6146N, 17.1672E fC, LAL Biomy,
16 Jul 2014 NA2 Nymphaea alba Floating-leaved ~ 46.6141N, 17.1676E fC, LAI, Biomy,,
16 Jul 2014 NL1 Nuphar lutea Floating-leaved ~ 46.6149N, 17.1674E fC, LAL Biomy,

18 Jul 2014 NM1 Najas marina Submerged 46.6589N, 17.1238E  fC* (LAI*), Biom,,*
16 Jul 2014 TN1 Trapa natans Floating 46.5998N, 17.1593E fC, LAL Biomy,
16 Jul 2014 TN2 Trapa natans Floating 46.6146N, 17.1671E fC, LAIL Biomy,,
18 Jul 2014 TN3 Trapa natans Floating 46.6525N, 17.1425E fC, LAL Biomy,
18 Jul 2014 TN4 Trapa natans Floating 46.6586N, 17.1235E fC, LAIL Biomy,,

Mantua Lakes system

26 Jun 2014 AF1

Azolla filiculoides

Free-floating 45.1589N, 10.7235E fC, LAIL Biomy,,

23 Sep 2014 CD1

Ceratophyllum demersum

Submerged 45.1636N, 10.7440E  fC* (LAI*), Biom,,*

26 Jun 2014 NAl Nymphaea alba Floating-leaved ~ 45.1572N, 10.7138E fC, LAL Biomy,
26 Jun 2014 NLI1 Nuphar lutea Floating-leaved ~ 45.1619N, 10.7074E fC, LAI Biomg,,
23 Sep 2014 NL2 Nuphar lutea Floating-leaved ~ 45.1608N, 10.7342E fC, LAIL Biomy,,
16 Jul 2015 NL3 Nuphar lutea Floating-leaved ~ 45.1608N, 10.7343E fC, LAI, Biomg,,
31 Jul 2015 NL4 Nuphar lutea Floating-leaved ~ 45.1608N, 10.7342E fC, LAL Biomy,,

26 Jun 2014 NN1 Nelumbo nucifera Emergent 45.1626N, 10.7270E fC, LAI, Biomy,,
23 Sep 2014 NN2 Nelumbo nucifera Emergent 45.1610N, 10.7748E fC, LAIL Biomy,
16 Jul 2015 NN3 Nelumbo nucifera Emergent 45.1593N, 10.7399E fC, LAI, Biomy,,
16 Jul 2015 NN4 Nelumbo nucifera Emergent 45.1569N, 10.7472E fC, LAL Biomy,
16 Jul 2015 NN5 Nelumbo nucifera Emergent 45.1590N, 10.7475E fC, LAI, Biomy,,
26 Jun 2014 TN1 Trapa natans Floating 45.1609N, 10.7351E fC, LAL Biomy,,
23 Sep 2014 TN2 Trapa natans Floating 45.1608N, 10.7353E fC, LAI, Biomy,,
23 Sep 2014 TN3 Trapa natans Floating 45.1510N, 10.8130E fC, LAL Biomy,
16 Jul 2015 TN4 Trapa natans Floating 45.1607N, 10.7354E fC, LAI, Biomy,,
31 Jul 2015 TNS5 Trapa natans Floating 45.1608N, 10.7356E fC, LAL Biomy,

JC*, LAI* and Biom,,* for submerged species refer to the part of plants reaching the water surface.
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panel with near Lambertian properties). Spectral measure-
ments with excessive environmental noise (values exceed-
ing +2 standard deviation from the mean) due to
atmospheric variation or presence of water were excluded
from the analysis and the mean reflectance spectra per
macrophyte plot was calculated. A variation on this proto-
col was used to collect data from C. demersum and N. ma-
rina stands whereby spectra were collected for the above
surface water portion of the plant at height of 20 cm above
the plot; the plot mean was then computed without filtering
for noise. During the sampling campaigns, georeferenced
photos (coordinates were acquired using GPS; Trimble
GeoXM) from nadir position (at approximately 1 m above
canopy) of macrophyte plots were acquired with a compact
RGB camera (Sony DSC-HX60).

Macrophyte fractional cover (fC), i.e., the percentage
of a horizontal surface occupied by vegetation as seen in
nadiral direction, were derived from in situ collected geo-
referenced photos. During the fieldwork, for each macro-
phyte plot sampled we took three photos from nadir,
approximately 1 m above the canopy, framing a square
plot of 1 m x I m. Pixels of each photo were classified
based on their RGB values in five different clusters by ap-
plying an ISODATA algorithm (Tou and Gonzalez, 1974),
and each of five clusters were labelled as vegetation or
water. fC was finally recorded as the average percentage
of plot area (1 m?) covered by vegetation over the three
photos of each macrophyte sampling site. For submerged
species (CD and NM), only the portion of plant canopy
reaching the water surface was considered.

Macrophyte leaf area index (LAIL, m? m~) was derived
from the same photos used for fractional cover. For each
nadiral image, the areal size of each leaf (considering the
overlapping of multiple leaves) falling within the framed
square plot was calculated by manual digitization. This
method directly returns measures close to the actual LAI
for floating and floating-leaved species (e.g., T natans,
N. lutea), the leaves of which lie on the water surface, while
it underestimates the actual LAI for species with emerging
leaves (e.g., N. nucifera). For this species in fact, it is not
possible to directly measure from canopy nadiral takes the
leaf surface, but only the size of its projection onto the hor-
izontal plane. However, given the slightly concave shape
and the almost horizontal arrangement of the circular
peltate leaves of N. nucifera, the actual LAI underestima-
tion is considered to be limited for the scope of this study.
For submerged species (CD and NM), only the portion of
plant canopy reaching the water surface was considered,
thus resulting in LAI scores which are the same as frac-
tional cover. LAI for each sample was calculated as the
mean total leaf area falling within the 1 m? plot over the
three photos of each macrophyte sampling site.

For measuring macrophyte biomass different ap-
proaches were used, depending on the macrophyte type.

The number of leaves was counted from photos taken
over a 1 m? plot randomly placed (3 replicates) over the
floating and emergent macrophytes (NA, NL, and NN)
beds. Intact leaves for NA, NL, and NN were collected
(n=3 per plot) and brought back to the laboratory for bio-
mass estimation. The number of 7. natans rosettes was
determined from photos taken over a 1.0 m? plot and in-
tact rosettes were collected, as previously described for
floating plants. To measure biomass of submerged and
free-floating species (CD and AF, respectively), plants
were collected inside a 0.09 m? and 19.6 cm? frame, re-
spectively, randomly placed (3 replicates) over the plant
beds. For all species, fresh biomass samples were dried
in oven at 70°C and then weighed on a precision balance.
Data presented as areal density of above-water biomass
(Biom,,,, kg m?) was obtained by multiplying leaf (NA,
NL, NN) or plant (TN) dry weight for the number of
leaves or plants per square meter. AF biomass (kg m72)
was obtained dividing the dry weight by the sampling
frame area (19.6 cm?) and multiplying by 10,000 cm? to
convert the data to mass per m? For submerged species,
above-water biomass was calculated by assuming that ap-
proximately 10% of total plant biomass is reaching the
water surface in peak of growth conditions (such as the
ones observed on sampling dates). CD and NM total bio-
mass (kg m2) was obtained dividing the dry weight by
the area (900 cm?) of the sampling frame used, and mul-
tiplying by 10,000 cm? to convert the data to mass per m?.
Above-water biomass was finally calculated as 10% of
total biomass sampled. After weighing, selected leaves
were ground to a powder and analysed according to Aspila
et al. (1976) for determining total phosphorus (P) content.
In addition to morphological trait data, in the Mantua
lakes system we recorded georeferenced field observa-
tions of the presence of L. hexapetala and Lemna spp.

Airborne hyperspectral data

Airborne hyperspectral data were acquired from the
Airborne Prism Experiment (APEX) imager (Schaepman
etal.,2015). APEX images were acquired on 19 July 2014
over Lake Hidvégi (three flight lines, 11:50-12:10 local
time, orientation ~30° azimuth) and on 27 September 2014
over the Mantua lakes system (five flight lines, 13:30-
14:00 local time, orientation ~50° azimuth), with ground
spatial resolution of 5 m. Additional APEX data acquired
over Mantua lakes system on 21 September 2011 (five
flight lines, 16:00-16:30 local time, orientation ~50° az-
imuth) were used for comparison with 2014 data.

The APEX data were radiometrically calibrated by the
APEX Calibration Home Base (CHB) hosted at DLR
Oberpfaffenhofen, Germany (Gege ef al., 2009), and geo-
referenced based on sensor’s GPS/IMU, including boresight
correction. The atmospheric correction of the data was per-
formed by with the MODTRAN4 radiative transfer code
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following the algorithms optimized for water targets (De
Haan et al., 1991) and taking into account smile effects. For
the atmospheric parameters, in sifu sunphotometer observa-
tions (Microtops II on Lake Hidvégi, EKO MS-120 on the
Mantua lakes system) simultaneous with APEX acquisitions
were used. The reflectance spectra were smoothed using
EOSap_Smoothing IDL routine (https://sourceforge.net/p/
enviidlcodelibr/wiki/EOSap Smoothing/).

Only the visible and near-infrared bands (426-906
nm) were retained for further processing, resulting in a
data cube of 98 spectral bands with 3-10 nm spectral res-
olution.

Estimation of macrophyte morphological traits

Macrophyte canopy morphological traits (MTs): frac-
tional cover (fC), leaf area index (LAI) and above-water
biomass (Biom,,) were estimated from spectral data
through semi-empirical regression modelling based on
spectral vegetation indices. A range of 27 spectral indices
focusing on the visible to near infrared spectral range
(420-800 nm), developed and documented in scientific
literature (related references for each index are cited in
Tab. 2) as sensitive to vegetation density and morphol-
ogy, was tested in order to identify those with potential
for retrieval of information on macrophyte morphological
traits investigated.

High resolution macrophyte canopy reflectance data
collected in situ were spectrally resampled to match
APEX visible and near-infrared bands (in the range 420-
800 nm), and then used to derive the narrowband SIs
listed in Tab. 2, corresponding to each plot sampled during
fieldwork. The Pearson (r) correlation coefficient between
morphological trait scores and calculated SIs was used as
indicator of goodness of fit to inform the selection of the
five best Sls for estimating macrophyte fC, LAI and Bio-
my,, through linear regression models (i.e., the SIs scoring
highest r values for each morphological trait). For each
parameter, linear regression models were then fitted using
the five best performing SIs from resampled in situ
canopy spectra. The resulting models were also tested by
using as input the spectral reflectance data derived directly
from APEX pixels corresponding to macrophyte plots
sampled within some days from the APEX flights (3-4
days, 14 plots). The APEX spectra were extracted from a
3 x 3 windows centred around the location of each sam-
pled plot on georeferenced images, following a maximum
vegetated pixel approach. The approach consists in select-
ing among the 9 pixels the one with highest vegetation
coverage, i.e., the pixel with highest reflectance in the
NIR range (780 nm), and retaining the corresponding full
reflectance spectra to be compared with macrophyte mor-
phological traits measured. This approach allows to par-
tially correct for the fact that in situ sampling can be
frequently biased towards higher vegetation density

patches, even within a relatively homogeneous area, and
was therefore preferred to taking the mean reflectance
over 3 x 3 window.

Model errors were assessed in terms of Mean Absolute
Error (MAE) and relative Root Mean Square Error
(rRMSE):

MAE = =TI, If; - yil (eq. 1)
|1'Ji"=.i'i -yi)"
: b N
rEMSE = > (eq. 2)

where f; is the estimated parameter, y; the parameter meas-
ured in situ, N the number of observations. Among the
linear regression models calculated from five best in situ
Sls, for each morphological trait we finally selected the
linear model which scored lower estimation error (MAE
and rRMSE) when using APEX pixel spectra. The three
retained models were applied to the entire APEX image
cubes for producing maps of macrophyte fC, LAI, and
Biom,,, of Mantua lakes system and Lake Hidvégi areas
at the time of APEX data acquisition.

Regression line slope, P-value (F-test), and correla-
tion coefficient (Pearson’s r) between MT measured in
situ and estimated with best performing semi-empirical
linear model applied to APEX data were calculated in
order to assess and quantify the macrophyte morpho-
logical trait mapping performance over the two study
areas.

RESULTS
Morphological traits modelling using spectral indices

For each macrophyte morphological trait investigated,
the best performing spectral proxy was selected among the
Sls tested (Tab. 2). Tab. 3 summarizes the results of SIs per-
formance assessment using reflectance spectra derived
from the in situ and APEX data respectively. The error level
of atmospherically corrected APEX data was quantified as
lower than 5% reflectance over macrophyte canopy across
the 420-800 nm spectral range (see Supplementary Fig. 1
for details), with some deviations outside the 5% error mar-
gin only for some samples (i.e., N. lutea in Lake Hidvégi,
and N. nucifera in Mantua lakes system).

Macrophyte canopy fractional cover (fC) was esti-
mated with high consistency (r>0.84) and low error
(MAE<6.6%) using four different background adjusted
SIs with VIS-NIR bands (GSAVI, SAVI, EVI, and
WAVI), as well as using RDVI. GSAVI scored the highest
correlation (r=0.88) and lowest estimation error
(MAE=5.4%, rRMSE=0.10, using APEX spectra) among



Remote sensing of macrophyte morphology 115

these indices, and was selected for estimating fC through Similarly to fC, macrophyte canopy LAI was consis-
linear regression, using equation 3: tently (r>0.87) and accurately (MAE<0.16 m?> m~) esti-

mated by three background enhanced VIS-NIR SIs (EVI,
fC (%) = 105.0(GSAVI) + 23.3 (eq.3) GSAVI and WAVI), and by RDVI. Comparable perform-
Range: [0-100%] ance was achieved with MCARI,;, which includes spec-

Tab. 2. Spectral indices sensitive to vegetation features tested in the study.

Name Acronym Formula Spectral range, type Reference
Canopy Chlorophyll Content Index CCCI TEO = g1 RE-NIR Barnes et al., 2000
197 phy ;E‘;"ﬂ'ﬂ_ﬂ?_ﬁ: o7
TR0 = piaT0
E’mﬁm
Chlorophyll Green Chl,,, P50 VIS-NIR Gitelson et al., 2006
p780
Chlorophyll Index Green Clyeen oL VIS-NIR Hunt et al., 2011
p550
Chlorophyll Index RedEdge Clre oL R RE-NIR Hunt ef al., 2011
270
Chlorophyll Index RedEdge 750 Clre,s, f-"::'r_f‘; . RE-NIR Wu et al., 2009
id
Chlorophyll vegetation index CVI FTW% VIS-NIR Hunt et al., 2011
o
Enhanced Vegetation Index EVI pTHD = pbTh VIS-NIR, Huete et al., 2002
HTHD 4 6670 — T5p470 + 1 background adjusted
Green Leaf Index GLI 2p550 = p&70 = p550 VIS Gobron et al., 2000
2p550 + phT0 + p550
Green Normalized Difference GNDVI PO — poal VIS-NIR Gitelson and Merzlyak,
Vegetation Index A7B0 4+ p550 1994
Green Soil Adjusted Vegetation Index GSAVI 1 p780 = pEED VIS-NIR, Tian et al., 2005
" pTHD + p550 + 0.5 background adjusted
Maccioni Maccioni ATB0 — p710 VIS-RE-NIR Maccioni et al., 2001
ATHO + pBHA0
Modified Chlorophyll Absorption MCARI p700  VIS-RE Haboudane et al., 2004
in Reflectance Index 12700 — p&T0) — 0.3(p700 — pEE0]] peT0
Modified Chlorophyll Absorption MCARIT  1.2[2.5(p800 = p6T70) = 1.3(p800 = p550)] VIS-NIR, Haboudane et al., 2004
in Reflectance Index 1 background adjusted
Modified Chlorophyll Absorption MCARI2 15 L5(p800 = pbT0) = 1.3(pB00 = p550)  VIS-NIR, Haboudane et al., 2004
in Reflectance Index 2 : background adjusted
J (2p800 + 1) ~ 6pB00 + 5,/p670 - 0.5
Modified Chlorophyll Absorption MCARI,s —— _— #7500 VIS-RE-NIR Wu et al., 2009
in Reflectance Index 705,750 [(p750 - p705) - 0.2(p750 - p550)] p705
MERIS Terrestrial Chlorophyll Index MTCI pI54 = pT0% VIS-RE-NIR Dash and Curran, 2004
AT09 + pGE1
Modified Triangular Vegetation Index 1 MTVII 1:2(pB00 — p550) — 2.5(p670 — p550) VIS-NIR Haboudane et al., 2004
Modified Triangular Vegetation Index 2 MTVI2 1.2(p800 — p550) = 25(pha70 — p550)  VIS-NIR, Haboudane et al., 2004
L5 background adjusted
J(zpm:nn + 1) — 6pB00 + 5,/p670 — 0.5
Normalized Difference Aquatic NDAVI ATED = pdT0 VIS-NIR Villa et al., 2014
Vegetation Index PTRO + pdT0
Normalized Difference RedEdge Index NDRE p7B0 — pT10 RE-NIR Barnes et al., 2000
ATEO0 4 p710
Normalized Difference Vegetation Index NDVI 780 = paT0 VIS-NIR Rouse et al., 1974
pTBO + pi70
Renormalized Difference Vegetation Index RDVI P00 = pBT0 VIS-NIR Chen, 1996
J/PBOD + 670
Soil Adjusted Vegetation Index SAVI AT = pGTO VIS-NIR, Huete, 1988
" pTHO + p6T0 + 0.5 background adjusted
Simple Ratio SR prBD VIS-NIR Tucker et al, 1979
a7l
Transformed Normalized Difference TNDVI 780 — pET0 VIS-NIR Bannari et al., 1995
Vegetation Index L P 05
g P80 + pb70
Triangular Vegetation Index TVI 0.5[120(p750 — p550) — 200{p670 — p5500] VIS-NIR Broge and Leblanc, 2001
Water Adjusted Vegetation Index WAVI A7E0 = p470 VIS-NIR, Villa et al., 2014

! TR0 + p470 + 0.5 background adjusted
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tral information in the red edge range (around 705 nm).
Highest correlation (r=0.91) and lowest error (MAE=0.10
m? m~2, rRMSE=0.18, using APEX spectra) were scored
by EVI, which was selected for estimating LAI using the
linear regression, using equation 4:

LAI (m? m?) = 1.566(EVI) + 0.057
Range: [0.0-1.8 m? m™2]

(eq-4)

Above-water biomass (Biom,,,) was found to be better
correlated with Sls that include spectral bands centred in
the red edge range (around 705-710 nm), and the five best
performing indices for this parameter were MTCI, Clre,s,
MCARI,, Clre, and Maccioni (r>0.82, MAE 0.08 kg m~
2). All these Sls showed a strong saturation effect with in-
creasing biomass and a severe loss of sensitivity for Biom,,,
values higher than 0.5 kg m™. For this reason, the semi-em-
pirical linear model for estimating Biom,,, was calibrated
using samples with biomass measured in situ not exceeding

Macrophyte morphological trait maps

Maps of canopy morphological traits were produced
by applying the semi-empirical models described by equa-
tion 3 (fC), equation 4 (LAI) and equation 5 (Biom,,,) to
APEX images: on 19 July 2014 for Lake Hidvégi site, and
on 27 September 2014 and 21 September 2011 for Mantua
lakes system. For both study sites, morphological traits
maps were produced only for the areas covered by float-
ing and emergent macrophytes, which are isolated from
other vegetation and different land cover types by using a
binary raster mask produced by thresholding aquatic veg-
etation index scores (WAVI>0) for APEX image pixels
falling within the water body area delineated by official
cartography.

Figs. 2 and 3, respectively, show the macrophyte frac-
tional cover map of Lake Hidvégi (19 July 2014) and
macrophyte above-water biomass of Mantua lakes system
(27 September 2014) produced by applying the calibrated
models to APEX data. Selected macrophyte beds (12 for

this threshold, i.e., excluding two 7. natans samples col-
lected in Mantua lakes system site during 2015. Among the
best Sls, Clre scored the highest correlation (r=0.83) and
lowest estimation error using APEX spectra (MAE=0.06 kg
m2, rRMSE=0.42), and was selected for estimating above-
water biomass by linear regression, using equation 5:

Lake Hidvégi, 18 for Mantua) are delineated and high-
lighted in yellow over Figs. 2 and 3, comprising those sur-
veyed during 2014 field campaigns (8 for Lake Hidvégi,
9 for Mantua) and some additional stands covered by the
most relevant plant species present.

Macrophyte morphological traits mapping perform-
ance (Fig. 4) using APEX data was tested with respect to
in situ measurements taken near contemporaneously
(within 4 days) to the flights over both study sites (n=14).

Biom,,, (kg m?) = 0.147(CIre) — 0.007
Range: [0.0-0.5 kg m™?]

(eq. 5)

Tab. 3. Selection of best performing linear semi-empirical regression model macrophyte morphological traits using spectral reflectance
data (best performing Spectral Index for each parameter using APEX data as input is highlighted in bold).

Calibration (in situ) Testing (APEX)
n=26 (fC, LAI) n=14
n=24 (Biom,,,)
Morphological trait MAE rRMSE MAE
fC (%) GSAVI 0.879 5.7% 0.09 0.938 5.4% 0.10
SAVI 0.861 6.3% 0.10 0.925 6.1% 0.11
RDVI 0.858 6.5% 0.10 0.932 7.0% 0.12
EVI 0.852 6.2% 0.11 0.902 5.6% 0.10
WAVI 0.845 6.6% 0.11 0.922 6.6% 0.12
LAI (m> m™) EVI 0.912 0.10 0.13 0.895 0.10 0.18
RDVI 0.907 0.11 0.14 0.919 0.16 0.25
GSAVI 0.905 0.12 0.15 0.915 0.14 0.23
MCARI,s 0.901 0.12 0.15 0.952 0.14 0.23
WAVI 0.868 0.13 0.17 0.879 0.16 0.28
Biomg,, (kg m?) MTCI 0.868 0.04 0.26 0.790 0.08 0.53
Clre,5, 0.836 0.04 0.29 0.777 0.07 0.44
MCARI,s 0.830 0.05 0.32 0.780 0.07 0.49
Clre 0.827 0.05 0.29 0.777 0.06 0.42

Maccioni 0.817 0.04 0.29 0.797 0.07 0.47
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Results showed the good reliability of fC (r=0.94) be-
tween estimated and measured scores (Fig. 4a) and LAI
(r=0.88) maps, although a tendency towards underestima-
tion for high LAI values (N. nucifera sample plot) was
observed (Fig. 4b). Biomass estimates (Fig. 4c) showed
acceptable results (r=0.55 between estimated and meas-
ured scores), but were again biased towards underestima-
tion (regression slope=0.72). All morphological traits
estimated were statistically significant with P-value (F-
test) lower than 0.0011.

Spatial and species-dependant variability

Morphological trait statistical descriptors were ex-
tracted in correspondence of selected macrophyte beds
(highlighted in Figs. 2 and 3) from Lake Hidvégi and
Mantua lakes system maps derived from APEX data for
2014. From these beds, an overall representation of both
spatial and species-dependant variability can be derived
for the main aquatic plant communities in our study sites.
Fig. 5 shows the box plots (5, 25, 50, 75, and 95 per-
centile) of fractional cover, LAI and above-water biomass
for all selected beds (Figs. 2 and 3).

For Lake Hidvégi, the 12 macrophyte stands are divided
into two groups, composed by submerged and floating-
leaved species. Taking into account only the plant parts
reaching the water surface, MTs of submerged plants (CD
and NM) showed mean values (fC<30%, LAI<0.19 m?
m* and Biom,,<0.06 kg m?) lower than those derived for
floating-leaved species (Fig. 5 a,c,e). Among all T natans
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Fig. 2. Map of macrophyte fractional cover for Lake Hidvégi (19
July 2014) derived from APEX data. A discrete color legend is
used for visualization of the continuous value fC map. Macro-
phyte beds over which the discussion focused are highlighted in
the figure with their identifier (yellow layers). CD, Ceratophyllum
demersum; NM, Najas marina, TN, Trapa natans; NA,
Nymphaea alba; NL, Nuphar lutea.

Fig. 3. Map of macrophyte above-water biomass for Mantua lakes system (27 September 2014) derived from APEX data. A discrete
color legend is used for visualization of the continuous value Biomdry map. Macrophyte beds over which the discussion focused are
highlighted in the figure with their identifier (yellow layers). CD, Ceratophyllum demersum; TN, Trapa natans; NA, Nymphaea alba;
NL, Nuphar lutea; NN, Nelumbo nucifera; LM, Lemna spp.; LH, Ludwigia hexapetala.
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beds, TND stand, located within a narrow water channel in
the eastern portion of Basin 3 (Fig. 1) in the Lake Hidvégi
(water depth 0.9-1.1 m under macrophyte beds), had signif-
icantly lower MTs mean values (fC=49%, LAI=0.57 m?
m? and Biom,,=0.11 kg m?). TNb morphological traits
were statistically different (non-parametric Dunn’s test, 99%
confidence level) from any other TN beds (fC=68+4%,
LAI=0.89+0.08 m* m?, and Biom,,,=0.15+0.02 kg m™). In-
stead, T natans beds were located in Basin 2 (water depth
0.50-0.65 m under macrophyte beds) and in particular TNd-
h were along the western side of this sub-basin showed sim-
ilar traits (see Fig. 2). NA and NL beds located in the Basin
3 presented MTs mean values similar to that reported for
TNd-h beds (Fig. 5 a,c,e).

From the plots of the Mantua lakes system (Fig. 5
b,d,f), the 18 macrophyte stands can be grouped into four
groups: 1) submerged (CDa-c); ii) free-floating and float-
ing-leaved (LM, TNa-c, NA, NLa-c); iii) emergent rhizo-
phyte (NNa-f); and iv) floating mat-forming (LH) plants.
In September 2014, A. filiculoides was not present in the
Mantua lakes system due to weather conditions (high pre-
cipitation and water discharge) that were unfavourable to
plant establishment and persistence and therefore we will
not discuss this macrophyte functional group. All MTs
values followed a gradient: submerged < floating < emer-
gent/mat-forming (Fig. 5 b,d,f). The high vigour and areal
cover of the N. nucifera beds, due to the presence of float-
ing-leaved and emergent leaves, were reflected in the
highest MTs values (LAI=1.21-1.36 m?> m?; Bio-
m,,,=0.23-0.29 kg m™?), found also for the other invasive
species (i.e., L. hexapetala). Similarly to floating-leaved
species for which fractional cover is the portion of water
covered by leaves, for submersed forms the fC is the por-
tion of the plant which reaches the water surface layer.
Therefore, it is expected that CD beds showed the lowest
fC mean values (18-20%) and NN beds the highest (85-

93%) (Fig. 5b). LM and TNDb showed the second highest
LAI values (0.91 and 0.87 m?> m=2, respectively) after
NNa-f and LH beds (Fig. 5d). TNa, TNb, and TNc beds
were located in the Superior Lake, Inferior Lake and Val-
lazza wetland, respectively. T. natans bed in the Inferior
Lake (TNb) showed higher fC and LAI values (70% and
0.87 m? m=, respectively) compared to the other two beds
(45-46%, and 0.41-0.45 m? m2, respectively, Fig. 5 b-d),
probably due to a different phenological status, which was
not reflected so clearly by biomass values (Fig. 5f). In
fact, in 2014 T natans in the Inferior Lake emerged two-
three months later than the other 7. natans beds, which
therefore already reached a more advanced maturation
stage in late September. N. [utea stands showed that MTs
mean values were lower in the Middle Lake (NLb;
fC=41%; LAI=0.39 m? m*; Biom,,=0.06 kg m?) com-
pared to the other N. lutea stands growth in the Superior
Lake (NLa, c), as seen in Fig. 5 b,d,f.

Temporal variability

For the Mantua lakes system, we compared MTs maps
derived from APEX data of 27 September 2014 with ho-
mologous maps derived from APEX data collected on 21
September 2011. Although the September 2011 maps can-
not be validated due to the absence of in situ data on
macrophyte MTs, a qualitative comparison can be carried
out if we assume radiometric consistency and similar at-
mospheric and geometric acquisition conditions for both
APEX flights. An assessment of APEX reflectance spectra
matching carried out over targets considered to be radio-
metrically stable throughout the three years from 2011 to
2014 showed that the relative difference between the two
images is under 4%, that is lower than radiometric accu-
racy of 2014 data vs in situ spectra (see Supplementary
Fig. 2 for details).

1005 1.6

0.4

Slope = 0,932 5 Slope = 0,910 ’ Slope = 0.718 P
80% p-value < 0.0001 p-value < 0,0001 -'E p-value = 0.0011 Py
= r=0937 T 13 r=0.876 g 0.3 r=0.546 #
z 2 ¥ p o
= M= 14 . M= 14 = N=14 J
2 B0% E E
£ = 08 g 02
7 0% 5 =
£ £ 7
L & = -
T 20% o>~ § 4 Eﬁ o1
P a) 3 e b)| =2 <)
0% 0.0 0.0
0% 20% 40% 60% 80% 100% 0.0 0.4 0.8 1.2 1l 0.0 0.1 0.2 0.3 0.4

fC measured (%)

LAl measured (m? m)

Biom,,, measured (kg m)
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In order to evaluate the difference between the prod-
ucts obtained by APEX 2011 and 2014, we have collected
meteorological data of the vegetative period (March-Oc-
tober) of these two years. Meteorological data for both
2011 and 2014 growing seasons were reported in Fig. 6.
The amount of precipitation from April to September was
comparable between 2011 and 2014 (340 mm and 348
mm, respectively; data source Lombardy Environment
Protection Regional Agency), but the seasonal distribution
of rainfall varied between years, with a dry spring and
rainy start to the summer in 2011 and a wet May followed
by dry summer until August when rain was quite abundant
in 2014 (Fig. 6a). Air temperature (daily mean) was higher
in 2011 compared to 2014, reflecting the heat wave that
hit the north of Italy between middle of August to the end
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of September 2011 (Fig. 6a). Wind velocity was similar
between the two years, except from mid-July to mid-Au-
gust when higher values were measured in 2011 (Fig. 6b).
Solar radiation seasonality resembled that of wind veloc-
ity, higher from July to middle of August 2011 than what
observed in the summer of 2014 (Fig. 6b).

As observed in 2014, the macrophyte MTs maps de-
rived from 21 September 2011 APEX data consistently
show a gradient in the canopy density, decreasing from
invasive species to floating-leaved native ones (NN > LH
> TN+NL; Fig. 8). fC and LAI of N. nucifera in 2011
were comparable between Angeli and Belfiore islands
(see islands delineation in Fig. 7) in both years, but lower
than in 2014 in absolute values (fC, ~85% and ~91%;
LAI ~1.18 and ~1.32 m? m, respectively). L. hexapetala
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Fig. 5. Box plots (5-25-50-75-95 percentiles) of morphological traits extracted from APEX derived maps for relevant macrophyte beds
(see Figs. 2 and 3). a) Fractional cover (Lake Hidvégi, 19 July 2014). b) Fractional cover (Mantua lakes system, 27 September 2014).
c) LAI (Lake Hidvégi, 19 July 2014). d) LAI (Mantua lakes system, 27 September 2014). e) Biomass (Lake Hidvégi, 19 July 2014). f)
Biomass (Mantua lakes system, 27 September 2014). fC, LAI and Biomdry of submerged species refer to the plant parts reaching the
water surface only. CD, Ceratophyllum demersum; NM, Najas marina; TN, Trapa natans; NA, Nymphaea alba; NL, Nuphar lutea;
NN, Nelumbo nucifera; LM, Lemna spp.; LH, Ludwigia hexapetala.
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showed fC values similar in both years, while LAI values m~2), than in 2011 (0.16+0.05 kg m=). T. natans showed
were higher in 2014 compared to 2011 (0.94 and 0.88 m? a slight increase in biomass from 2011 to 2014 (0.04+0.02
m~, respectively) (Figs. 7 and 8b). Instead, slightly lower and 0.07+0.03 kg m, respectively), while fC and LAI
LH biomass values were measured in 2014 (0.13+0.05 kg were similar in both years (Fig. 8a-b). fC and LAI of V.
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Fig. 6. Meteorological data for Mantua lakes system from March to October in 2011 and 2014. a) Daily mean air temperature and cu-
mulated precipitation. b) Daily mean wind velocity and net radiation.
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L

Fig. 7. Comparison of macrophyte LAI mapped using APEX data acquired over Mantua lakes system (detail of Superior Lake and
Middle Lake) on 21 September 2011 and on 27 September 2014 over six macrophyte beds, covered by four species of floating and
emergent macrophytes. TN, Trapa natans; NL, Nuphar lutea; NN, Nelumbo nucifera; LH, Ludwigia hexapetala.
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lutea beds in 2011 were lower in Superior Lake (35+9%,
and 0.30+0.13 m? m2, respectively) compared to Middle
Lake (3949%, and 0.41+£0.14 m?> m~2, respectively), but
biomass values were equivalent (Fig. 8c).

In contrast, MT values for NL stands in 2014 were
higher in Superior Lake than in Middle Lake (fC, 50+8
and 36+6%; LAI, 0.55+0.14 and 0.33+0.08 m?> m~; Bio-
mg,,, 0.10+£0.02 and 0.05+0.02 kg m* respectively) (Figs.
7 and 8).

DISCUSSION

Spectral indices as effective proxies
of macrophyte morphological traits

The results achieved in this study build upon those pre-
viously reported from research on terrestrial plant commu-
nities (Asrar et al., 1989; Goward and Huemmrich, 1992;
Gitelson and Merzlyak, 1996; Haboudane et a/., 2004) in
demonstrating that Sls are straightforward and effective
proxies for mapping vegetation morphological traits in
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Fig. 8. Box plots (5-25-50-75-95 percentiles) of macrophyte mor-
phological traits mapped from APEX in 2011 and 2014 for the six
macrophyte beds identified in Fig. 7: fractional cover (a), LAI (b),
and above-water biomass (c¢). TN, Trapa natans; NL, Nuphar
lutea; NN, Nelumbo nucifera; LH, Ludwigia hexapetala.

aquatic plant communities too. The strong relationships
observed between the SIs and plant morphological traits
suggest potential for operational monitoring of aquatic
plants in lakes over the ranges (i.e., 0-100% for {C,
0.0-1.8 m* m for LAI, 0.0-0.5 kg m™ for Biom,,) and
for the species considered in this study. In particular, cor-
relation between SIs and fractional cover or LAI, con-
firmed the better performance of background adjusted SIs
(e.g., GSAVI and EVI) as good linear predictors for
canopy density and structure features (Huete et al., 2002;
Tian et al., 2005). For above-water biomass, the best per-
forming SIs were those including spectral bands within
the red edge region, confirming that spectral response
within this wavelength range (705—710 nm) is particularly
sensitive to plant biomass (Hunt et al., 2011). Given the
high saturation effect at biomass density higher than 0.5
kg m, this result may not hold for plant communities
with particularly dense canopies, but it is reasonable for
most of the macrophyte species which can be found in
continental and temperate freshwater ecosystems, such as
those studied here.

Differently from what observed for fC and LAI, the
best performing SI for Biom,,, is different when using in
situ or APEX spectra (Tab. 3). This can be attributed to
the slightly different performance of atmospheric correc-
tion across different spectral ranges (see Supplementary
Fig. 1), being Clre less sensitive to atmospheric effects
on canopy reflectance compared to MTCI and the other
indices, at least for the species and under the environmen-
tal conditions investigated.

Nutrient removal capacity in Lake Hidvégi

In Lake Hidvégi, macrophyte cover was mainly in lit-
toral zones in Basin 2 and 3 (Fig. 1). Basin 4 is closed,
with no macrophytes. Among 7. natans beds, an anom-
alous behaviour was observed for TNb stand in Basin 3,
with fractional cover and biomass around 27% lower than
other beds of the same species. T. natans growing in the
isolated narrow channel area lying in the eastern part of
Basin 3 is in fact subject to very different environmental
conditions compared to other stands of the same species
growing in Basin 2: deeper water, presence of competitor
species (C. demersum and N. alba, mainly) and slower
water flow all contribute to TNb stand specific features.
T. natans stands growing in Basin 2 are instead probably
characterized by more homogeneous water chemistry,
current and wind reflected in similar MTs values. During
field campaigns in July 2014, water in the southern por-
tion of Basin 2 presented ~3 mg L' of total suspended
matter and up to ~130 mg m of chlorophyll @, which re-
flect the hypertrophic condition of the Lake Hidvégi
(Hatvani et al., 2011; Horvath et al., 2013).

The macrophyte communities in Lake Hidvégi are a
fundamental component of the larger Kis-Balaton wetland
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and critical to its ability to promote sedimentation of par-
ticulate material and manage nutrient loads carried by the
Zala River before it enters Lake Balaton (Istvanovics et
al., 2007). Nutrient uptake is performed by submerged
macrophytes via leaves and roots, while in floating forms
the vast majority of the nutrients are taken up via roots
(James et al., 2005; Scheffer and van Nes, 2007). At the
end of the vegetative period, following re-mineralization
processes in the sediment, most of the nutrients se-
questered by macrophytes re-enter the water in a soluble
form (Sendergaard et al., 2003; Moss et al., 2005; Jones
et al., 2012). The formation of dense macrophytes beds
also contributes to the system’s filtering capacity by slow-
ing the water flow, favouring the sedimentation of partic-
ulate matter (Madsen et al., 2001; Jones et al., 2012).
Change in water rheology and oxygen content might re-
sult in temporal binding of nutrients (mainly P) in the sed-
iment and reduce its bioavailability (Granéli and Solander,
1988; Sendergaard et al., 2003; Horppila and Nurminen,
2005). In addition, macrophytes can act as substrate for
epiphyte communities, which actively assimilate nutrients
from the water column (Blindow et al., 2006; Noges et
al., 2010). The accurate mapping of macrophyte morpho-
logical traits provides a route to quantifying their capacity
for direct nutrient uptake and removal, for example
through the conversion of the above-water biomass into
an estimate of nutrient storage in leaves or to, at least
qualitatively, assess their indirect contribution. The maps
derived from APEX show that in July 2014 T. natans
meadows in Lake Hidvégi covered a total area of 1.05
km?, corresponding to ~136 t of above-water biomass. In
other words, 7. natans can temporarily store ~3.5 t of ni-
trogen (N; 2.6% N leaf content, data from Pinardi et al.,
2011) and ~0.4 t of P (0.3% P leaf content measured in
July 2014, which was similar to those reported in Pinardi
et al., 2011). Due to a much lower areal extent, the con-
tribution from the biomass (~3.0 t) of other floating-
leaved species (N. lutea and N. alba) to nutrient storage
was negligible compared to 7. natans. We must point out
that the nutrient stock in 7. natans meadows is likely to
be an underestimation of the real nutrient uptake because
we only considered above-water biomass (e.g., in July
above and below water biomass of TN were 60% and
40% of total biomass; Pinardi et al., 2011) and without
leaf turnover during the whole vegetative period (e.g., by
doubling the maximum standing stock; Galanti and Topa
Esposito, 1996). If we assume that these values are gen-
erally representative of the allocation of biomass above
and below water, and an equal allocation of nutrients for
above and below water plant parts, then we estimate that
the total nutrient storage in 7. natans biomass is up to 11.7
N tand 1.3 Pt. According to published works describing
nutrient or chemical inflow and water discharge data over
time, we calculate a total load for the growing season pe-

riod (May-October) of 72-206 t N and 6-13 t P (Szilagyi
et al., 1990; Pomogyi, 1993; Tatrai et al., 2000; Hatvani
et al., 2011; Horvath et al., 2013; Paulovits et al., 2014).
The comparison of nutrient content in macrophyte beds
derived from APEX maps with nutrient load inflowing by
the Zala River evidenced that about 6-16% and 10-21%
of N and P, respectively, can be temporarily stored in 7.
natans biomass.

In general, the second half of July, when the standing
stock of floating-leaved species is maximum, is an impor-
tant period to assess the filter capacity of macrophyte
stands in Lake Hidvégi. To exploit the capacity of macro-
phytes to remove nutrients from the inflow it might be ap-
propriate to perform multiple cuttings during the growing
season to maximize nutrient removal, and avoid the risk
of hypoxia in shallow waters subject to resuspension and
rapid infilling. For instance, biomass cutting and removal
actions could be undertaken in late July when the standing
stock and P loads are maximal and growth rates start to
slow down (Hatvani et al., 2011), as this would exploit
the maximum nutrient assimilative capacity of plants. The
after cutting re-growth phase favours assimilative action
of the same plants and consequently the increase in their
filtration capacity. For not hindering the regrowth and per-
sistence of the species at the same place, a viable man-
agement approach that could be suggested is the partial
removal of plants or plant parts during the season.

Management of invasive species
in Mantua lakes system

The biomass map of the Mantua lakes system showed
higher values in the Superior Lake and in particular in V.
nucifera meadows around the Angeli and Belfiore islands.
In the latter case, the map shows a progressive increase
in biomass (from 0.2 to 0.3 kg m™; Fig. 3) from the west-
ern to the eastern portion of the island, probably due to
different water circulation around the macrophyte bed,
which acts as physical barrier and lowers the water veloc-
ity at the end of the island compared to the tip (if wind di-
rection is from west to east; Pinardi et al., 2015). Similar
patterns were observed on fC and LAI maps.

Maps derived from remote sensing are useful to iden-
tify hotspot areas in terms of invasive species with high
biomass or macrophyte cover. For example, possible crit-
ical areas include: i) littoral zones with low water circu-
lation, such as the south part of the Angeli and Belfiore
stands in the Superior Lake (Pinardi et al., 2015), and the
east side of the Inferior Lake, and ii) littoral zones where
tributaries enter into the lakes, such as the north bank of
the three lakes (e.g., L. hexapetala in the Middle Lake).
Therefore, local authorities can obtain important informa-
tion on the localization of critical areas, for example
where point sources input might lead to conditions favour-
ing the development of floating macrophyte meadows.
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Remote sensing map products can also be used to identify
where cutting action has been performed for extended pe-
riods (e.g., the canals free of vegetation created in the two
largest islands of NV. nucifera - Angeli and Belfiore - in the
Superior Lake). In addition, it is also possible to exploit
the spatial information afforded by remote sensing data
to obtain insights into the mechanism of invasion and the
subsequent spread of macrophyte species through fresh-
water systems that might be useful in design future man-
agement strategies.

In Mantua system, invasive species (N. nucifera and
L. hexapetala) exhibited higher vegetative vigour (in
terms of density and biomass) compared to autochthonous
floating-leaved species. In order to control invasive
species and, in particular, to identify dense macrophyte
beds with high biomass, we applied a threshold to LAI
map product (LAI > 1 m? m2) of the Mantua lakes system
(27 September 2014). The macrophyte stands identified
(N. nucifera), covered 0.61 km? resulting in 161 t of bio-
mass. Therefore, by cutting and removing the whole
above-water biomass of N. nucifera stands, it would be
possible to remove ~4.0 and ~0.3 t of N and P respectively
from the system (due to scarcity of literature on nutrient
elemental content in N. nucifera, we applied 2.5% N and
0.2% P leaf content reported by Longhi et al., 2008 for N.
lutea in a wetland located in the Province of Mantua).
Given the saturation effect on SIs occurring around 0.5
kg m2(Fig. 4c), we must point out that the model used to
calculate biomass tends to underestimate actual above-
water biomass. As such, our calculations are an underes-
timate of the actual amount of nutrients stored in plants.

Multi-temporal analysis (2011 vs 2014)
over Mantua lakes system

Most of the temporal differences in macrophyte MTs
showed by multi-temporal maps derived for Mantua lakes
system in 2011 and 2014 can be explained with meteoro-
logical features characterizing the two growing seasons
(Fig. 6).

Lower fC and LAI observed for N. nucifera in 2011,
compared to 2014 are probably due to higher wind veloc-
ity in 2011 during the period of maximum development
of this species (July-August, Fig. 6b). N. nucifera bio-
mass, less sensitive to short term wind anomalies, was in
fact similar in both years (Fig. 8c). Lower biomass values
of L. hexapetala mapped in 2014 are instead possibly due
to lower temperature at peak of the growing season, which
may have inhibited the full development of plants: from
beginning of August to middle of September the mean
temperature was 22.0°C in 2014, compared to 25.6°C in
2011 (Fig. 6a). On the contrary, increase in biomass from
2011 to 2014 of the 7. natans in Superior Lake, a species
sensitive to wind conditions especially during late grow-
ing season, can be due to the presence of an island located

north the stand (Fig. 7), which acts as physical barrier and
prevent the effect of wind (Fig. 6b).

In both years, the area covered by invasive species
(NN+LH), i.e., showing LAI>1 m? m?2, and their mean
biomass were in agreement (~0.6 km? and ~0.27 kg m2,
respectively), resulting in a similar quota of nutrients as-
similated by plants. Ultimately, even if the time of year is
the same (September), the density of invasive species may
be different due to particular meteorological conditions
(such as wind velocity and air temperature) characterizing
the weeks preceding APEX data acquisition.

Late September is a good period to analyse the status
of macrophytes, and in particular of N. nucifera, before
senescence starts. This allows to plan harvesting of in-
vasive species stands, thus avoiding two critical effects:
1) excessive organic matter loads settling on the bottom
of the lake, and ii) rapid infilling of the system (Pinardi
et al., 2011). While control actions are performed, it is
fundamental to guarantee a sufficient water discharge
to avoid negative effects on the ecosystem (e.g., high
oxygen demand, nutrient release due to sediment resus-
pension).

CONCLUSIONS

Macrophyte products derived by remote sensing tech-
niques allow to map morphological traits of different
species that colonize shallow lakes and wetlands, in terms
of above-water biomass and density (fractional cover and
LAI), as well as surface area. These mapping products can
be an effective tool for efficient and sustainable manage-
ment of shallow water environments, with relevance to
filter capacity assessment (i.e., nutrient and particulate
matter retention) and invasive species control (i.e., har-
vesting). Reliable biomass estimates at maximum stand-
ing stock allow the quantification of the nutrient load
assimilated by macrophytes and provide detailed and spa-
tialized input to N and P budgets at watershed level, as
we demonstrate here for the Lake Hidvégi case study.

Macrophyte density and LAI maps, as the case of
Mantua lakes system, can be used to efficiently identify
hotspot areas where invasive species management is most
needed (e.g., biomass harvesting).

These actions can avoid the establishment of areas
characterized by water stagnation, prevent algal blooms,
and/or further development of floating or emergent
macrophytes. With remotely sensed maps of macrophyte
morphological traits it is possible for water management
institutions or local authorities to promptly identify the
priority areas of action both for conservation and eco-
nomic purposes. In addition, estimating the amount of
biomass that could be removed and destined for reuse is
also important in terms of economic value: e.g., for proper
planning and energy generation purposes.
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ABSTRACT

Cyanobacterial blooms occur in many parts of the world as a result of entirely natural causes or human activity. Due to their
negative effects on water resources, efforts are made to monitor cyanobacteria dynamics. This study discusses the contribution of
remote sensing methods for mapping cyanobacterial blooms in lakes in northern Italy. Semi-empirical approaches were used to
flag scum and cyanobacteria and spectral inversion of bio-optical models was adopted to retrieve chlorophyll-a (Chl-a) concentra-
tions. Landsat-8 OLI data provided us both the spatial distribution of Chl-a concentrations in a small eutrophic lake and the patchy
distribution of scum in Lake Como. ENVISAT MERIS time series collected from 2003 to 2011 enabled the identification of dates
when cyanobacterial blooms affected water quality in three small meso-eutrophic lakes in the same region. On average, algal
blooms occurred in the three lakes for about S days a year, typically in late summer and early autumn. A suite of hyperspectral sen-
sors on air- and space-borne platforms was used to map Chl-a concentrations in the productive waters of the Mantua lakes, finding
values in the range of 20 to 100 mgm. The present findings were obtained by applying state of the art of methods applied to
remote sensing data. Further research will focus on improving the accuracy of cyanobacteria mapping and adapting the algorithms

to the new-generation of satellite sensors.

Key word: Remote Sensing; monitoring; chlorophyll-a; lakes; hyperspectral.

INTRODUCTION

In the past two centuries, human activity has altered
the global climate to such an extent that this historical pe-
riod has been called the Anthropocene (Steffen et al.,
2007). The effects of climate change are threatening not
only water safety and accessibility but also the quality of
aquatic ecosystems, leading to loss of biodiversity (Balint
etal.,2011; Harley, 2011), altered of reproductive cycles,
and invasion of allochthonous species (Dukes and
Mooney, 1999; Walther ef al., 2009). Deteriorating
aquatic ecosystems may have a strong economic impact
(Landsberg, 2002; Falconer and Humpage, 2005; Backer
and McGillicuddy, 2006): Dodds ef al. (2013) calculated
that freshwater ecosystems disruption due to human ac-
tivity reduced the value of marketable aquatic benefits by
~16% globally, or ~§900 billion. Future climate change
scenarios predict rising air and water temperatures, en-
hanced vertical stratification of aquatic ecosystems, and
changing seasonal and annual weather patterns. Climate
models foresee more frequent and more intense rainfall
events (with storms and floods) alternating with longer
periods of drought (Dokulil et al., 2009; Dokulil and

':Jl-‘r.-'\la"ll'.l'.LSS

Teubner, 2011). Such conditions are ideal for the growth,
dominance, persistence, and geographic expansion of sev-
eral harmful cyanobacteria species (Paerl and Huisman,
2009; Reichwaldt and Ghadouani, 2012). Global climate
change and anthropic eutrophication are expected to ac-
celerate the shift to turbid water and cyanobacteria-dom-
inated conditions in aquatic environments (Johnk et al.,
2008; Paerl and Huisman, 2008; Slim et al., 2014;
Rousseaux and Gregg, 2015). The optimal water temper-
ature for the growth of cyanobacteria (>25°C; Robarts and
Zohary, 1987; Coles and Jones, 2000) is higher than that
of green algae or diatoms (Wetzel, 2001). The density of
water drops proportionally to its increase in temperature
contributing to its vertical stratification in aquatic ecosys-
tems and promoting cyanobacteria growth in the epil-
imnion (Salmaso, 2005; Winder and Sommer, 2012).
Global warming may prolong the annual period of water
stratification (Markensten et al., 2010), increasing the
dominance of cyanobacteria and nitrogen fixation (Elliott,
2012; Hense et al., 2013). Cyanobacteria generally thrive
on higher nutrient loads (N, P), while nutrient stoichiom-
etry determines interspecific competition between
cyanobacteria and other algae (Savadova, 2014). Changes
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in physical parameters such as surface water temperature
over time can even lead to algal species succeeding one
another during the same bloom, as reported by Wu et al.
(2016; Dianchi Lake, China). Recent studies indicate that
cyanobacteria have increased far more than other phyto-
plankton communities since c. 1800, and especially after
1945 (Taranu et al., 2015). Coupled with the growing de-
mand for water safety, this trend will probably pose crit-
ical environmental and socio-economic problems in the
next few years (Paerl and Paul, 2012). Australia, Canada,
some European countries and the United States have
started state-run toxin monitoring programs (including
some for freshwaters) and applied marine fish and shell-
fish harvesting restrictions, but studies on freshwater
harmful algal blooms (HABs), including cyanobacteria
and cyanotoxins, lags far behind research on marine
HABs and their biotoxins (Carmichael, 2001). Most coun-
tries have small research programs on freshwater HABs
with small budgets, despite cyanotoxins being considered
a priority by the European Water Framework Directive
and World Health Organization (Chorus, 2005). The glob-
ally increasing frequency of HABs has prompted investi-
gations into environmental monitoring methods and
protocols (Lopez et al., 2008). Analyses on blooming tox-
ins and their concentrations produce relevant information,
but too late for the prevention of health risks, so early-
warning tools for continuously monitoring aquatic ecosys-
tems are a strong research priority (Lopez et al., 2008;
Fadel et al., 2014).

The typical dynamics of cyanobacterial blooms make
monitoring their quantity and spatial/temporal distribution
difficult. Surface blooms can appear within hours and
without warning, due not to rapid cell growth but to the
upward migration of existing dispersed population. Their
onset and severity therefore depend partly on the size of
the existing which need not to be particularly large, but
becomes much more concentrated as it floats to the sur-
face (Oliver and Ganf, 2000). Processing phytoplankton
samples is time-consuming, whereas immediate measure-
ments are often needed to ensure the safe use of water re-
source. Local agencies monitoring water quality have to
combine monitoring programs with faster techniques,
which may also be used for a synoptic coverage of their
water systems. This is where Earth observation (EO)
might provide valuable data (Hestir et al., 2015) on sites
of algal blooms (Wang and Shi, 2008; Stumpf et al., 2012;
Matthews and Odermatt, 2015), or their duration across
multiple lakes in a given ecoregion. These data are useful
for establishing in situ monitoring programs, planning in
situ sampling activities, and identifying environmental
factors that can promote cyanobacterial blooms.

Several studies demonstrated the capability of map-
ping algal blooms with optical radiometers operated from
the ground or on to space-borne platforms (Palmer et al.,

2015; Matthews, 2014; Odermatt et al., 2012). Good re-
sults were obtained using specific empirical/semi-empir-
ical algorithms for a given site sensor (Matthews et al.,
2012; Hu et al., 2010; Kudela et al., 2015; Shi et al.,
2015), or physically based approaches based on spectral
inversion of analytical/semi-analytical models, or neural
networks (Doerffer and Schiller, 2008; Riha and Kraw-
czyk, 2011; Wynne et al., 2010; Li et al., 2013; Mishra et
al., 2013; Li et al., 2015), or hybrid solutions (Carvalho
et al., 2010; Matsushita ef al., 2015). The first and most
often adopted approach involves studying the spectral
shape of a signal reflected by water in the visible- near-
infrared (VIS-NIR) spectral range (Gilerson et al., 2010;
Gurlin et al., 2011; Gitelson et al., 2008). Accessory pho-
tosynthetic pigments make cyanobacteria distinguishable
from other phytoplankton communities based on their typ-
ical features in water reflectance spectra (Babin and
Stramski, 2002; Pozdnyakov and Grassl, 2003; Roy et al.,
2011). Phycocyanin (PC), the diagnostic pigment most
often used to detect cyanobacteria (Dekker ef al., 1995;
Schalles and Yacobi, 2000; Simis et al., 2007; Randolph
et al., 2008; Duan et al., 2012; Yacobi et al., 2015), has
characteristic absorption and reflectance peaks around
620nm and 650nm, respectively (Gons et al., 2005; Simis
et al., 2005). Phycoerythrin (PE), another specific pig-
ment, has absorption and reflectance peaks at 565 nm and
600 nm, respectively (Bresciani ef al., 2011).
Multispectral sensors (e.g., Landsat and more recently
Sentinel-2) are generally unable to distinguish between
waters dominated by cyanobacteria vis-a-vis by other algal
species because their spectral band configuration is unsuit-
able for detecting features of PC-related reflectance or
other characteristics unique to cyanobacteria. These sen-
sors might be used in spectral inversion techniques
(Dekker et al., 1991), however, to map water quality pa-
rameters (including Chl-a concentration), and in empirical
relations with phytoplankton pigments (Vincent et al.,
2004). Ocean color sensors (MERIS from 2002 to 2012
and now Sentinel-3), have bands appropriate for identify-
ing spectral features due to Chl-a and both PC (Becker et
al.,2009; Qi et al.,2014; Dash et al.,2011) and PE (West-
berry et al., 2005; Bresciani ef al., 2011), but not at low
concentrations (Kutser et al., 2006), or in small lakes
(where a 300-m pixel size is not good enough for image
analysis). Ground-based observations like those obtained
with hyperspectral sensors can provide reference measures
for EO data validation (Brando ef al., 2016; Zibordi et al.,
2009), mediate between EO, in situ and laboratory data
(Bresciani et al., 2013) and generate monitoring data for
areas too narrow for EO data (Hommersom ef al., 2012).
Airborne and space hyperspectral sensors provide a con-
tiguous for identifying key water quality indicators and
phytoplankton pigments (Hestir et al., 2015). Finally, in-
tegration of multi-sensor EO data, such as MERIS and
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ASAR imagery (Adamo et al., 2013; Bresciani et al.,
2014) or MERIS and MODIS (Olmanson et al., 2011;
Shuchman et al., 2013; Schaeffer et al., 2013) provides
further insight on spatial patterns under cloud, or at differ-
ent times of day. Numerous variables may correlate with
aquatic optics data retrievable by remote sensing data, in-
cluding cyanobacteria cell counts (Hunter et al., 2010),
biovolumes (Reinart and Kutser, 2006), pigment concen-
trations measured by fluorimetry (Giardino et al., 2010;
Seppala et al., 2007) and high-performance liquid chro-
matography (HPLC) (Zimba and Gitelson, 2006). Surface
blooms might be identified by mapping Chl-a (Isenstein
et al., 2014; Kutser, 2004; Moses et al., 2012) or PC
(Hunter et al., 2010; Shi ef al., 2015) concentrations.

This study presents the first results of an Italian research
project called BLASCO (Blending LAboratory and Satel-
lite techniques for detecting CyanObacteria) for monitoring
cyanobacteria in lakes based on EO data, and for tracking
their blooms. The first section describes the cyanobacterial
blooms occurring in Italian lakes in recent years. The sec-
ond section concerns the contribution of remote sensing to
cyanobacterial bloom mapping in four lakes. Satellite data
obtained from Landsat-8 (L8) were used to assess the spa-
tial distribution of scum and Chl-a concentrations during
surface bloom events. The maximum peak-height (MPH)
index (Matthews et al., 2012) was obtained from a 2003-
2011 MERIS time-series to identify cyanobacterial surface
blooms in meso-eutrophic subalpine lakes. Chl-a concen-
tration products obtained for a shallow, turbid hypereu-
trophic lake were used to identify areas where the strongest
blooms were likely to occur, also depending on the mor-
phometric features of the lake basin as this might support
an in-situ sampling strategy (Kiefer et al., 2015).

CYANOBACTERIAL BLOOMS
IN ITALIAN LAKES

Toxic cyanobacteria are causing ecological and toxi-
cological problems in Italy. Cyanobacterial blooms have
been reported in 71 bodies of water (natural lakes and ar-
tificial reservoirs), and this figure probably underesti-
mates the real situation. These events are linked to a
general increase in the trophic status of the country’s in-
land waters (Garibaldi ef al., 1997, 2003; Carollo and
Libera, 1992; Cordella and Salmaso, 1992).

Toxic blooms of freshwater cyanobacteria involve
several filamentous genera, such as Aphanizomenon
(Bruno et al., 1989), Chrysosporum (ex Aphanizomenon)
(Messineo et al., 2009), Cylindrospermopsis (Manti et al.,
2005) Dolychospermum (ex Anabaena) (Bruno et al.,
1994) and Planktothrix (Pomati et al., 2000; Messineo et
al., 2006), as well as unicellular, colonial taxa, such as
Microcystis (Bruno ef al., 1989), in which toxin produc-
tion has been detected in specific populations.

Two species reportedly most often responsible for -
Planktothrix rubescens (De Candolle ex Gomont)
Anagnostidis and Komarek, and Microcystis aeruginosa
(Kiitzing) Kiitzing (Messineo et al., 2006; Salmaso and
Mosello, 2010) - both of them produce microcystins
(Briand et al., 2003), a very common class of cyanotoxins,
implicated in human and animal poisoning. P. rubescens
typically inhabits deep lakes with a stable stratification
and a metalimnetic layer in summer where this species
adapted to low light and low temperatures can find the
ideal growing conditions, as the phycoerythrin pigment
gives rise to extremely effective light-capturing mecha-
nisms (Steinberg and Hartmann, 1988), allowing its sur-
vival at lower depths than most algae (Davis et al., 2003).
Many deep lakes and reservoirs in Europe are suitable for
P rubescens (Guiry and Guiry, 2011). In Italy,
P. rubescens blooms have been reported in: Lakes Garda
(Salmaso, 2000), Iseo (Garibaldi et al., 2003), Maggiore
(Morabito et al., 2002), Orta (Morabito, 2001), Spino
(Viaggiu et al., 2003) and Pusiano (Legnani ef al., 2005)
in the northern subalpine region; Lakes Albano and Fias-
trone (Viaggiu et al., 2003), Nemi (Margaritora et al.,
2005) and Vico (Manganelli ef al., 2010) in Central Italy;
and Lake Arancio (Naselli-Flores and Barone, 2007) in
the South. In some cases, P. rubescens has been repeatedly
reported as the dominant cyanobacterium in long-lasting
bloom events (Viaggiu et al., 2004). The physiological
mechanism behind P. rubescens blooms has been studied
extensively in Lake Zurich (Walsby, 2005; Walsby et al.,
20006): the buoyancy of the filaments is regulated by the
balance between carbohydrates production and consump-
tion mediated by the underwater light and controlled by
the depth of the mixed layer.

M. aeruginosa is a typical inhabitant of epilimnetic
waters, adapted to high light conditions. This species is
very common in Italy. In the north, its presence and/or
blooms have been reported for Lakes Garda, Iseo, Mag-
giore, Caldonazzo, Canzolino, Serraia, Pusiano, Como
and Monate (Manganelli ef al., 2014; ISTISAN 35/11). In
central and southern Italy, it has been detected in 6 lakes:
Massacciuccoli, Trasimeno, Polverina, Castreccioni,
Liscione and Cecita. It has also been found in 13 lakes in
Sardinia and 3 lakes in Sicily (Manganelli et al., 2014;
ISTISAN 35/11). Studies on the Sicilian reservoirs found
blooms of Microcystis spp. associated with variations in
water level, occurring common occurrence due to the
Mediterranean climate (rainy winters and dry summers)
and the island’s river network (mainly consisting of tem-
porary streams). In summer, water is drawn from lakes
for irrigation and drinking purposes, causing a rapid drop
in their le vel, that often prompts a lowering thermocline
and disrupted stratification. The consequent marked
change of mixing regime can mobilize the nutrients
stored in the hypolimnion, boosting Microcystis blooms
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(Naselli-Flores, 2003, 2014; Naselli-Flores and Barone,
2003, 2005, 2007). Its strong buoyancy also enables M.
aeruginosa to counteract occasional mixing of surface
waters (Salmaso et al., 2014b; ISTISAN 11/14).

CASE STUDIES:
EXPLOITING REMOTE SENSING DATA

Three case studies were conducted in Lombardy
(northern Italy), a region rich in both deep, medium-to-
large, and small shallow lakes (Fig. 1). Materials and
methods used for the three study cases analyzed are sum-
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marized in Tab. 1. Details for each study case are provided
in the specific paragraphs.

Landsat-8 OLI for detecting blooms in Como
and Pusiano lakes

The Como and Pusiano lakes (Fig. 1) are on the edge
of the Landsat-8 OLI (L8) acquisition path, so they can
be monitored on an 8-day (instead of the standard 16-day)
cycle, which improves the chances of cyanobacterial
blooms being identified because they sometimes last only
a few days (O’Neil ef al., 2012). Their spatial mapping
with L8 imagery used in this study shows that the satel-

Mantua Lakes .,

500000 o

50 100 km

Fig. 1. Map showing the lakes in Lombardy Region (northern Italy) investigated in this study.
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lite’s 30-m pixel resolution suffices to capture the patchy
distribution of cyanobacteria blooms (Fig. 2).

In early August 2013, an anomalous cyanobacterial
bloom occurred in Lake Como (a large, deep lake in an
oligo-mesotrophic state) that made its waters unsuitable
for bathing or drinking for several days. The bloom was
caused by Dolichospermum lemmermannii (Richter)
Wacklin, Hoffmann and Komarek, a cyanobacterial
species that produces surface scum. The bloom may be
patchy, so L8 images were coupled with in situ monitor-
ing, which was particularly challenging given the lake’s
size (145 km?) and the bloom’s short duration. Five L8
images acquired between the end of July and mid-August
2013 were radiometrically adjusted for water applications
(Pahlevan et al., 2014), then atmospherically corrected
with the 6SV code (Vermote et al., 2006). Surface bloom
was detected using a band-ratio approach developed for
similar purposes (Mayo et al., 1995; Mahasandana et al.,
2001). Pixels where all three of the band-ratios 1) b3 (561
nm) / b2 (483 nm); ii) b5 (865 nm) / b4 (655 nm); and iii)
b3 (561 nm) / b4 (655 nm) higher than 1 were identified
as scum. Using this method, numerous pixels revealed
scum on the L8 image acquired on 1 August 2013, and
none on or subsequent images. Fig. 2 shows the patchy
distribution of D. lemmermannii at sites distributed all
over the lake (total area = 431.8 ha). The satellite map was
comparable with in-situ measurements obtained a day
later, when the surface cyanobacteria concentration at the
site in Fig. 2 was 365x10° cell L™!. The scum was only
mapped on 1 August 2013. It probably appeared as a re-
sult of significant rainfall blooming few days earlier. On
29 July 2013 precipitation occurred on Lake Como, 26
mm and 40 mm of 24 h cumulated precipitation, was
recorded respectively in Como (south of the lake) and in
Gera Lario (north) by ARPA Lombardia stations. A recent
investigation (Callieri et al., 2014) found that
D. lemmermannii blooms occasionally recorded in deep
subalpine lakes in Italy were supported by nutrient pulses
deriving from the mineralization of organic matter de-
posited along the lakeshore and released by rainfall event.

Nutrients arriving from the lake’s catchment area can
stimulate phytoplankton growth, especially in oligo-
mesotrophic lakes (Morabito et al., 2012), and combined
with a seasonal increase in water temperature this would
facilitate D. lemmermannii proliferation (Olrik et al.,
2012; Salmaso et al., 2015).

L8 data acquired on 11 November 2015 captured a

Fig. 2. Map of cyanobacteria scum (in green) in Lake Como
from L8 data on 1 August 2013. The red circle marks the site of
in situ measurements.

Tab. 1. Details on the sensors, number of images, approaches used and products derived for each lake object of this study.

Lake Sensor Number of Approach Aim

images
Como Landsat 8 - OLI 5 Band ratio Cyanobacteria blooms identification
Pusiano Landsat 8 - OLI 1 Bio-optical modeling Maps of Chl-a concentrations
Comabbio ENVISAT MERIS-FR 217 MPH Multi temporal Cyanobacteria occurrence
Pusiano ENVISAT MERIS-FR 248 MPH Multi temporal Cyanobacteria occurrence
Varese ENVISAT MERIS-FR 276 MPH Multi temporal Cyanobacteria occurrence

Mantua Hyperspectral (MIVIS-APEX-CHRIS) 7

Semi-empirical algorithms

Maps with zones characterized by high mean
Chl-a concentration and high variability




132 M. Bresciani et al.

cyanobacterial bloom in Lake Pusiano (a small lake south
of Lake Como, in between its two branches). This lake
has been hypereutrophic since the 1970s. Its total phos-
phorus concentrations have been gradually reduced by
means of a water treatment plant, although cyanobacterial
blooms have been observed again in recent years
(Margaritora ef al., 2006). During the L8 acquisition (was
at 10:10 UTC) some stations were visited between 9:00
to 11:00 UTC to collect water samples and measure water
reflectance spectra with a WISP-3 (Hommersom et al.,
2012). The average Secchi disk depth was 1 meter (£20
cm), and no scum was apparent, while the cyanobacterial
biomass in the uppermost layers of the water column was
observed. The phytoplankton samples analyzed under the
inverted microscope (400x magnification) according to
Utermohl (1958) revealed mainly Woronichinia
naegeliana (Unger) Elenkin, but also Dolichospermum
(cf. planctonicum) (Brunnthaler) Wacklin, L.Hoffmann
and Komarek, and M. aeruginosa.

Chl-a concentrations were measured by spectropho-
tometry according to Lorenzen (1967) and HPLC. Photo-
synthetic pigments for HPLC analysis were extracted in
90% acetone, overnight in the dark, under nitrogen. The
extract obtained was used to quantify Chl and its deriva-
tives (in Chl derivatives units, CD) and total carotenoids
by spectrophotometry. Individual carotenoids were de-
tected by revers-phase HPLC with an Ultimate 3000
(Thermo Scientific). Specific pigments were identified by
ion pairing, reverse-phase HPLC described in Guilizzoni
(2011). PC concentrations were quantified with the spec-
trophotometer (SAFAS UVmc2) in 1 cm path-length cu-
vettes using the equations of Bennett and Bogorad (1973).

The average Chl-a concentration measured at the
pelagic stations with no accumulated surface cyanobac-
teria (dots in Fig. 3) was 12 mgm™ (£5 mgm), while it
was significantly higher at the two coastal stations and the
other pelagic station where scum was found, at 173 mg
m™, 550 mg m> and 97.4 mg m~ respectively. The cor-
responding PC concentration were 490 mg m™ and 5210
mg m respectively for two coastal stations. HPLC on
two surface samples collected in the pelagic zone revealed
high concentrations of two cyanobacteria marker pig-
ments (echinenone and myxoxanthophyll, with mean val-
ues of 14.7 mg m™ and 16.4 mg m3, respectively). L8
data were radiometrically and atmospherically corrected
using the same procedure as for Lake Como to compute
the Chl-a concentrations and test the ability of L8 to cap-
ture blooms. The water reflectances obtained in the first
four L8 bands were comparable with the spectra obtained
in situ (with correlation coefficients of 0.57, 0.72, 0.83
and 0.79 for bands 1, 2, 3 and 4; ***P<0.001 for all four
bands). L8-derived water reflectances were converted into
Chl-a concentrations by adopting a spectral inversion pro-
cedure based on a bio-optical model (Giardino et al.,

2012, 2014) parameterized with specific inherent optical
properties of eutrophic water. For the three pelagic sta-
tions, the average Chl-a concentration was 10.7 mg m™
(x1.4). The coastal area was more difficult to assess be-
cause the L8 band setting might be too coarse for the very
high concentrations involved, but the Chl-a concentrations
for the two coastal stations exceeded 30 mg m~ (much
higher than at the pelagic stations), consistently with field
observations.

As in other inland water ecosystems, the patchy dis-
tribution of cyanobacterial blooms seen in Lake Pusiano
was due mainly to wind (Webster and Hutchinson, 1994;
Zilius et al., 2014; Wu et al., 2015).

MERIS for monitoring cyanobacterial blooms
in meso-eutrophic subalpine lakes

Small lakes south of the Alps are shallow, highly eu-
trophic, with highly variable Chl-a concentrations. Lake
Varese is calcareous of glacial origin, sited to the west of
Lake Maggiore. It has a mean depth of 11 m, and a surface
area of 14.8 km?. It is dimictic, with a summer stratifica-
tion from May to November and an inverse stratification
in winter. Lake Comabbio was originally linked to Lake
Varese. It is polymictic, with a summer stratification from
April to October. It has a mean depth of 4.6 m and a sur-
face of 3.6 km?.

For lakes Comabbio, Pusiano and Varese, respectively,
217, 248, and 276 MERIS Full Resolution (FR) images
obtained from June to November (2003-2011) were
processed to assess cyanobacterial blooms.

The MERIS FR Coast-Color level-1b images were
pre-processed to correct the Rayleigh effect with the

Fig. 3. Chl-a concentrations mapped in Lake Pusiano from L8
on 11 November 2015. The circles indicate the sites of in situ
stations.
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BEAM BRR (Bottom-of-Rayleigh Reflectance) proces-
sor. The product was then processed with Maximum
Peak-Height (MPH) processor (Matthews et al., 2012).
MPH exploits the BRR peaks in the red and near-infrared
bands above a given baseline, which moves depending on
the pigment concentrations. It provides a MPH index that
is useful for calculating Chl-a concentrations, as towelled
as flags for floating material and for eukaryote or
cyanobacteria dominance for each pixel. Cyanobacteria
dominance was estimated at 25%, 6%, and 12% on the
images of the Comabbio, Pusiano and Varese lakes, re-

spectively. The timing of this phenomenon varied from
lake to lake, from season to season, and from to year. It
was recorded most frequently in 2008 for Lakes Pusiano
and Varese, and in 2011 for Lake Comabbio (Fig. 4). Con-
sidering the whole period, October was the month most
frequently involved for Lake Comabbio, November for
Lakes Pusiano and Varese (Fig. 5). Some of the events
have been fully documented, i.e., P. rubescens blooms in
Lake Pusiano in Autumn 2010 (Salmaso ef al., 2014a) and
in Lake Varese in November 2011.

These results clearly show that cyanobacterial blooms
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Fig. 5. Number of cyanobacterial blooms by month in the three meso-eutrophic subalpine lakes. In the table the number of cloud-free

images per month.
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in the subalpine lakes can occur even outside the bathing
season, meaning that environmental agencies’ typical mon-
itoring programs can underestimate them if sampling is
only done in summer. Recreational uses of these lakes
often continue into late summer and early autumn, how-
ever, carrying a risk of intoxication for people and animals.

Imaging spectrometry for spatial analysis of Chl-a
in hypertrophic waters

Lake Superior is the largest of three shallow hyper-
trophic lakes surrounding the town of Mantua, in northern
Italy, with a surface area of 3.67 km? and an average depth
3.6 m. It is part of an artificial fluvial lake system created
by damming the Mincio River in the 12 century. Water
levels in Lake Superior are regulated by the Vasarone dam
and Vasarina gate (built in 2015), to ensure a constant 17.5
m asl (Pinardi et al., 2011, 2015). Considerable nutrient
loads enter the lake from its main tributary (the Mincio
River), sustaining a dense phytoplankton community, with
recurrent blooms that bring Chl-a concentrations up to
about 100 mg m= (Bolpagni et al., 2014).

Seven images of Lake Superior were used to examine
the spatial variability of mean Chl-a concentrations over
time. All images were acquired from June to September
by hyperspectral sensors on airborne platforms, i.e.
MIVIS (2007-07-26) and APEX (2011-09-21 and 2014-
09-27), and the satellite platform Proba-1 CHRIS (2008-
06-29, 2008-09-16, 2011-08-28 and 2012-08-06). Chl-a
concentrations were measured using the procedures de-
scribed in Pinardi et al. (2015), during the season most
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Fig. 6. Spatial analysis of Chl-a in Mantua Lake Superior ob-
tained from hyperspectral images. The red zones had a higher
coefficient of variation. The yellow zones had higher mean
Chl-a concentrations, and would be appropriate for new in situ
sampling sites.

associated with phytoplankton blooms, when local author-
ities, monitor the situation in accordance with the Italian
Water Framework Directive guidelines.

The temporal analysis of the seven images was done
in a GIS environment, using the same reference system
(WGS84) and cartographic projection (UTM Zone 32N).
Pixels were aggregated to a 15-m spatial resolution, which
is the minimum common pixel size providing the spatially
most detailed outcome. The GRASS function (r.series)
and raster calculator tool were used to obtain statistics
(e.g., mean, standard deviation, coefficient of variation)
of the temporal series for each pixel of Mantua Lake Su-
perior. Some zones with particular statistical properties
were selected and polygonized (Fig. 6): the yellow poly-
gons identify areas with higher mean Chl-a concentrations
(35-45 mg m), and relatively lower standard deviations
(less than 30 mgm3; mean coefficient of variation 0.75);
the red polygons are areas with a high coefficient of vari-
ation (>0.9). The main hydrodynamic events influencing
Chl-a distribution related to the combined effects of wind
force and riverine current. The red zones identify areas
where significant water circulation influenced the Chl-a
concentrations, the yellow zones indicate areas where
water stagnation favored phytoplankton bloom and accu-
mulation.

CONCLUSIONS

This study aimed to describe the capabilities of remote
sensing for mapping cyanobacterial blooms and to high-
light the main advantages of such techniques, i.e. a syn-
optic view and frequent acquisitions to track dynamic
phenomena. The case studies show that combining remote
sensing with in situ measurements can help monitor
cyanobacterial blooms in Italian lakes. Landsat-8 OLI
data provided both the spatial distribution of cyanobacte-
rial blooms in a small eutrophic lake, and the patchy dis-
tribution of scum in a large deep subalpine basin. The
10-year-long database of MERIS images enabled a dy-
namic mapping of cyanobacterial blooms affecting water
quality in three small meso-eutrophic lakes, showing that
algal blooms occurred for about 5 days a year, typically
in late summer and early autumn. Air- and space-borne
hyperspectral sensors were tested as a source of data for
mapping Chl-a concentrations in Mantua’s lakes, reveal-
ing that some zones of these lakes have higher Chl-a con-
centrations due to water circulation, suggesting the need
to align in situ monitoring programs with the findings on
hyperspectral images.

Future research will focus on further developing algo-
rithms to enhance cyanobacterial mapping accuracy by
including of semi-empirical and physically-based ap-
proaches to secondary pigments in cyanobacteria. The al-
gorithms will also be adapted to new generation satellite
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sensors like the ESA Sentinel of the EC Copernicus pro-
gram to access their fully operational EO capacity and im-
proved spatial, radiometric and temporal resolutions.
Sentinel-1 is a radar (SAR) instrument that can support
scum detection even under cloud, and Sentinel-2 (like
Landsat-8) can shed light on water quality. Most impor-
tantly, Sentinel-3 will be the successor of MERIS, with
many optical bands specifically geared to water quality
applications, and will assure continuous data acquisition
for the next decades.
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ABSTRACT

Southern Europe hosts a large number of critical catchments for freshwater biodiversity, including endemic fish species. Un-
fortunately, these areas are severely threatened due to direct and indirect anthropogenic effects. In this context, with the aim to im-
prove the effectiveness of threatened fish protection, the Life project BARBIE (LIFE13 NAT/IT/001129) started in 2014 and
focused on three congeneric species of the genus Barbus: two of “priority interest” sensu Habitats Directive [Barbus caninus (Bona-
parte, 1839), and B. plebejus (Bonaparte, 1839)], and one alien [Barbus barbus (Linnaeus, 1758)]. Our main objective was to
assess the contribution of a complex of protected areas included in the Natura 2000 network - located in the provinces of Parma,
Piacenza and Reggio Emilia (Norther Italy) - to support the presence of the three barbel species in analysis. Additionally, we
explored the role of a set of environmental variables (i.e., physical, chemical, biological, and land-use descriptors) to drive the cur-
rent conditions of the study sites and the responses of Barbus species. As a general rule, the present study confirmed a clear decline
of the local native barbel populations, and confirmed the existence of a zonation pattern of the barbel faxa. Hence, we observed a
strong altitude segregation between native vs. alien species, with the exotic B. barbus currently limited to plain and only sporadically
present in the Apennine areas as genetic introgression. These evidences mirrored the altitudinal gradients of anthropogenic distur-
bance. The main causes were the progressive disappearance of well-structured riparian stripes, and the intense land use change,
ranging from semi-natural patches (mountain and hill sectors) to land clearing for intensive agriculture (lowland sectors). This
highlights the need to take into account the spatial dynamics of alien invasive species in programming recovery actions that could
have unexpected impacts to the native fish populations, for example the reduction of the hydraulic fragmentation along rivers.

Key word: Barbus genus species; inland waters; endangered fish; Habitats Directive; Fluvial Functionality Index; physical and

chemical drivers.

INTRODUCTION

Since streams and rivers have become some of the most
endangered ecosystems worldwide, there is an urgent de-
mand for comprehensive methodological approaches to
evaluate their conservation status, and to monitor their rate
of changes (Li et al., 2010). Mediterranean regions repre-
sent key areas for freshwater fish endemism and introduc-
tions (Leprieur ef al., 2008). Indeed, a large portion of the
European critical catchments for freshwater biodiversity is
located primarily in southern Europe (Carrizo et al., 2017).
Unfortunately, these areas are severely threatened because
of water scarcity and environmental degradation
due to the high anthropic pressure (e.g., hydropower, agri-
culture, public uses), and to the on-going climate change
(Hermoso and Clavero, 2011; Hermoso et al., 2011).

In inland waters, the natural fish stocks are generally
over-exploited, and in the developed countries, uncon-
trolled larvae and juveniles’ reintroduction have been car-
ried out for recreational fishery purposes (Lewin et al.,

g e

2008). Additionally, in last decades the distributions of
many exotic fish species have extended worldwide further
impairing the quality of autochtonous fish populations
(Carosi et al., 2017). This is especially true for Italy, par-
ticularly along the lower stretches of rivers throughout the
Apennines (Italian Peninsula) that are characterized by
rather warm and slow waters, and scarce quality conditions
(Carosi et al., 2017). All this translates into less than ideal
conditions for the survival of endemic and threatened fish,
and the conservation of the local population diversity.
Since the beginning of 21% century, to counteract the
above-mentioned critical issues many actions have been
carried out to improve fish population, including mitiga-
tion of hydropower development, river fragmentation and
hydropeaking (Premstaller et al., 2017). In this context,
the Natura 2000 network may represent a strategic tool to
preserve both fish genetics and population resources, with
the final goal of improving their local and regional sur-
vival chances. However, the designation procedures of the
Natura 2000 sites often are driven by factors marginally
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related to ecological criteria, thus reducing their effective-
ness (Trochet and Schmeller, 2013). Furthermore, the bi-
otic integrity of biological communities in rivers and lakes
is considered a key predictor of colonized water bodies’
quality suggesting a strong synergy between the Habitat
Directive (HD; European Commission, 1992) and the
Water Framework Directive (WFD; European Commis-
sion, 2000). However, unfortunately, these two fundamen-
tal legal issues proceed in isolation with negative effects
on their relative efficiency (Bolpagni et al., 2017).

In order to actively and mutually implement the HD
and the WFD, and with the aim to improve their effec-
tiveness in terms of threatened fish protection, the Life
project BARBIE (LIFE13 NAT/IT/001129) started in
2014, focusing on three congeneric species of the genus
Barbus. Two of them are of “priority interest” sensu HD:
Barbus caninus (Bonaparte, 1839) and B. plebejus (Bona-
parte, 1839). This two native species of Barbus are charis-
matic indicators for the estimation of the conservation
status of water bodies (Angelini ef al., 2016). The third is
an alien species, Barbus barbus (Linnaeus, 1758), that -
in the last decades - showed an exceptionally fast spread-
ing capacity within the Po River basin. This invasive
species has also hybridized with the endemic B. plebejus
(Meraner et al., 2013), thus resulting in a widespread ge-
netic introgression in the autochthon Barbus species.

In this context, to test the distinct distribution of the dif-
ferent species as per our hypothesis, we described the fish
community structure in a representative array of 14 of the
watercourses included in the Natura 2000 sites - and their
surroundings - of the Parma, Piacenza and Reggio Emilia
provinces (Emilia Romagna Region, Northern Italy). Our
main hypothesis is that the exotic taxon (B. barbus) may
be spatially limited to the lowland sectors, which are those
with the highest human disturbance rates. On the contrary,
prior barbel taxa (B. caninus and B. plebejus) are expected
to be mainly distributed in mountain and/or hill areas. In
other words, altitudinal segregation between these species
may be hypothesized. To do this, we focused on the pres-
ence/absence and representativeness of the Barbus species,
implementing the current data on their local spatial distri-
bution. In this way, we were also able to assess the contri-
bution of a complex of Natura 2000 sites to support fish
communities. Additionally, we collected a set of environ-
mental variables (including physical, chemical, biological,
and land-use descriptors) to assess the current conditions
of sites colonized by the different species in analysis.

METHODS
Study area

This study covered rivers and streams running along 14
sites of the Natura 2000 network of the Parma, Piacenza

and Reggio Emilia provinces (Emilia Romagna region,
Northern Italy; Fig. 1 and Supplementary Tab. 1). The Kop-
pen-Geiger classification includes both humid subtropical
(cfa; plains and hill sectors) and oceanic climates (cfb;
mountain sector), characterized by few extremes of tem-
perature and pronounced precipitation in all months.

The study area includes a complex hydro-system that
consists of several streams and rivers across an extended
altitudinal range (about 600 m), stretching from the Tus-
can-Emilian Apennine ridge to the Po River. Accordingly,
the mean annual discharges and the main water chemical
and physical conditions are extremely variable. Generally,
the investigated water bodies showed a good chemical sta-
tus, and fall into the sufficient or good quality classes of
the ecological status sensu WFD (ARPA Emilia Romagna,
2013). The study area covers the entire distribution range
of the two autochthonous target species in the Emilia Ro-
magna region: canine barbel (B. caninus) inhabits moun-
tain fast-flowing brooks and small rivers while the
common barbel (B. plebejus) commonly occurs in hilly
and lowland streams.

Biological, water quality and morphological
characterization

Between July 2014 and December 2015, a total of 305
barbel individuals were collected by electric fishing (Mac-
chio and Rossi, 2014), from 31 localities of the study area.
Each animal was measured and fin-clipped and then re-
leased in the same location. Measurements included the
total length and the weight. Fin fragment were preserved
in 70% ethanol until DNA extraction. Starting from the
visual based analysis of the fish community, the Index of
the Ecological Status of Fish Communities (ISECI) was
also calculated in each of the 31 study sites, according
with Zerunian (2009) protocol.

Simultaneously with the fish characterization, a water
sample was collected by a plastic bottle just below the
water surface. Directly in situ temperature, pH, conduc-
tivity and dissolved oxygen data were collected by a
multi-parameter probe (YSI model 556 MPS). Samples
for the biochemical oxygen demand (BOD) were trans-
ferred in glass bottles. Samples for NH," (ammonium),
NO; (nitrate), and NO, (nitrite) determinations were fil-
tered through Whatman GF/F glass fiber filters (0 47 mm,
porosity 0.45 um) and transferred to plastic vials. All
water samples were kept to 4°C, and transferred to the
laboratory. Total suspended solids (TSS) were measured
by filtration through a pre-dried and weighed glass fiber
filter GF/F (Whatman, UK, @ 25 mm and 0.45 pm)
(APHA, 2012). NH,", NO;-, NO,", were determined with
standard spectrophotometric methods APHA (2012),
whereas BOD was calculated after incubation at 20+£1°C
for 5 days (= BOD;) according to APHA (2012).

Each sampling sites was characterized by the applica-
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tion of the Fluvial Functionality Index (FFI), that is de-
voted to investigate the functionality of a river stretch in
terms of metabolic capacity (i.e., fine and coarse particu-
late organic matter retention and cycling) (Siligardi et al.,
2000). This method is based on the analysis of riverbank
vegetation, physical and morphological structure, the ex-
tent of the riparian area, the land use impact, the riverbed
structure, and the key biological characteristics of river
ecosystem. For further details, see Siligardi ez al. (2000).

Molecular data analysis

Total genomic DNA was extracted from fin tissue
using Wizard genomic DNA Purification kit
(PROMEGA, Madison, WI, USA). DNA quality and con-
centration were tested by 1% agarose gel electrophoresis
in 1% TAE buffer, by visual comparison with a DNA lad-
der mix and by spectrophotometry at 260 e 280 nm. The
extraction procedure typically yielded not less than 40
ng/mL of HMW (high molecular weight) DNA. For each
of 305 specimens we analysed 600 bp long region of the

cytb mtDNA and was amplified by polymerase chain re-
action (PCR) using primer pair CYTB-Thr 5’-ACCTCC-
GATCTTCGGATTACAAGACCG-3" and CYTB-Glu
5’-AACCACCGTTGTATTCAACTACAA - 3’ (Zardoya
and Doadrio, 1998). A reaction volume of 25 pul contain-
ing 1 U of GoTaq Polymerase (PROMEGA, Madison,
WI, USA), Mg?" 1.5 mM and dNTPs 0.2 mM, and 10
pmol of each primer were used. PCR was set as follows:
35 cycles of 45 s at 94°C, 1 min at 47°C, and 2 min at
72°C, after an initial 3 min denaturation step at 94°C and
a final extension at 72°C for 10 min. Fragments sequenc-
ing was performed by MACROGEN Europe service
(Amsterdam, the Netherlands). The obtained sequences
were manually corrected using MEGA7.0 and were com-
pared with those available in genomic databases using
NCBI BLAST.

Statistical analysis

A principal component analysis (PCA) was performed
on chemical and physical data. The interpretation of PCA
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Fig. 1. Study area with the indication of the Natura 2000 network. MSS, Trebbia - Meandri di San Salvatore (IT4010006); TPB, Trebbia
River - from Perino to Bobbio (IT4010011); BTr, Low Trebbia River (IT4010016); CN, Nure River - Conoide del Nure and Bosco di
Fornace Vecchia (IT4010017); CL, Arada River - Castell’ Arquato, Lugagnano Val d’Arda (IT4010008); TS, Stirone Stream (IT4020003);
Bta, Low Taro River (IT4020022); RVBT, Lorno River - Aree delle risorgive di Viarolo, Bacini di Torrile, Fascia golenale del Po
(IT4020017); PM, Parma Morta (IT4020025); MT, Medium Taro River (IT4020021); FG, Enza River - Fontanili di Gattatico
(IT4030023); CV, Enza River - Cronovilla (IT4020027); RC, Cerezzola Stream - Rupe di Campotrera, Rossena (1IT4030014); FE, Enza
River - from La Mora to Compiano (IT4030013); CAP, Parma - Crinale dell’ Appennino parmense (IT4020020).
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ordination was limited to variables with loads higher than
the vector representing a variable contributing equally to
all the dimensions of the PCA space (Borcard et al.,
2011). The relationship between PCA ordination and the
structure of Barbus’ populations was assessed by means
of the function envfit (“vegan” package) that fits vectors
onto a multivariate ordination. Simple regression analysis
was used to examine the relationships between FFI and
altitude and BOD; values.

All the analyses and graphs were performed with the
statistical software R (R Core Team, 2015), with base ver-
sion, ggplot2 (Wickham, 2009) and vegan (Oksanen et
al., 2016) packages.

RESULTS

Water quality and morphological characterization
of sites

Physical, chemical, and morphological (i.e., FFI out-
puts) data are reported in Supplementary Tab. 1. Results
from water measurements highlight the variability be-
tween sites in terms of altitude and human impact gradi-
ents. In summer 2015, temperature, pH, dissolved oxygen,
and conductivity were in the ranges 14.4-31.0°C, 7.30-
8.91, 37-295% saturation, and 190-825 uS cm™', respec-
tively. Similarly, the BOD; and TSS values varied from
0.0 (mountain sites, Trebbia River) to 20.8 mg L' (low-
land site, Parma Morta), and from 0.0 to 66.2 mg L, re-
spectively. At the same time, NH," and NO,
concentrations exhibited only small variations, within the
range 0.02-0.04 NH," mg N L', and 0.00-0.02 NO, mg
N L-'. On the contrary, NO, ranged between 0.08 and
5.00mg N L.

FFI ranged between 102 and 245, from poor/bad to
good classes. It showed a clear spatial arrangement with
a tendentially significant negative correlation with altitude
(r=0.45, P=0.07; n=17). A progressive reduction in FFI
values was recorded from mountain/hill sectors to low-
lands. On the contrary, no significant relationship between
FFI and BOD; values was recorded (r=0.37, P>0.1; n=17),
although a gradual increase of the biochemical oxygen de-
mand with the progressive loss of the functionality of ri-
parian belt is generally expected.

Fish community and ISECI assessment

The number of individuals detected in each sampling
station for the three investigated species is reported in Tab.
1. From a general point of view, considering the popula-
tion size (expressed in terms of number of individuals),
the observed data were quite low in the range 0-29 indi-
viduals. Considering species separation, mean values (£
standard deviation) were 1.0 (£3.5), 1.8 (£6.1), and 7.1
(£8.4) individuals for alien European barbel, canine, and

common respectively. Eight over 31 (26%) study sites
showed complete absence of barbel specimens.

A structured population of canine barbel constituted
of 24 and 25 specimens were retrieved in the streams Rio
Cerezzola (Natura 2000 site IT4030014) and Rio Par-
mossa (bordering this Natura 2000 site area), respectively.
On the contrary, common barbel peaked at Nure and Enza
rivers with 29 and 25 individuals, respectively. The alien
European barbel species colonized 7 (23%) study sites be-
longing to Arda, Trebbia, Taro, Ceno and Enza rivers, be-
sides Naviglio channel (Tab. 1). In particular, the alien
European barbel showed a representative population in
Taro River, with 19 individuals, as a result of the only in-
vestigated plain river site.

The ISECI values varied from 0.72 (good ecological
quality) at Nure River to 0.20 (poor ecological quality) at
lowland site Parma Morta, with a mean value of 0.57
(£0.14) (sufficient ecological quality) (Tab. 1). More
specifically, 18 over 31 (58%) sites displayed “good qual-
ity” class, 10 (32) “moderate quality”, 1 (3%) “poor qual-
ity”, and 2 (7%) “bad quality”.

Molecular analyses provided data on the percentage
of different species at sampling site level (Tab. 1). Frag-
ments of 600 bps were analyzed and compared to Gen-
Bank sequences. Samples displayed 100% identity with
deposited sequences according to different species with
alignment values E=0.0 and maximum identity in the
range 97-100%. Clustal W assessment among investigated
samples showed a total number of 230 polymorphic sites.
From a taxonomy point of view, molecular analyses on
mtDNA evidenced the following density values: 72%
common barbel, 18% canine barbel, and 10% alien Euro-
pean barbel.

In terms of environmental drivers of the observed bar-
bel’ species spatial distribution, FFI and oxygen saturation
were the variables contributing most to respectively PCA
axes 1 and 2, explaining the 88% of the total variance.
Alien European barbel was significantly related to the
PCA ordination (R?>=0.67, P<0.05), while this was not true
for the other two barbel species: B. caninus (R*=0.15,
P>0.05) and B. plebejus (R>=0.14, P>0.05) (Fig. 2).

DISCUSSION AND CONCLUSIONS

Our results confirmed a decline of native barbel popu-
lations in the study area compared with literature data
(Nonnis Marzano et al., 2003; Fish Charts Provinces of
Parma, Reggio Emilia, and Piacenza). Barbel populations
were historically present in several streams of the three
provinces, both in the mid-Apennine and hillsides (Nonnis
Marzano et al., 2003). However, a well-structured popu-
lation of the canine barbel was retrieved only in two sam-
pling stations, highlighting a local high degree of rarity for
this species. Additionally, in agreement with our initial hy-
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potheses the present data confirmed the general existence
of a clear zonation pattern among the barbel species ana-
lyzed, although a frequent overlapping of populations lim-
ited statistical significance of principal component
analysis. A non-negligible altitude segregation between na-
tive vs. alien species was detected, with the exotic invasive
B. barbus mainly limited to lowland watercourses. We also
detected invasive B. barbus DNA in the native populations
of the hill areas as a result of genetic introgression. These
observations corroborate recent evidence on the rapid ex-
pansion of the European barbel in the Po basin (Meraner
et al., 2013), and indicate a higher level of vulnerability

F. Piccoli et al.

for the autochthonous fish populations placed at lower al-
titudes, where the likely presence of alien barbels is wider.
It is noteworthy observing that migration of B. barbus mi-
tochondrial haplotypes reaching hill and mid-Apennines
catchments could be referred to water heating due to global
warming and water deprivation.

More specifically, the species spatial distribution mir-
rored the anthropogenic disturbance gradients. In fact, all
the investigated sites are arranged along an altitudinal
gradient stretching from the Tuscan-Emilian Apennine
(up to 600 m asl) to the Po River (~25 m asl), that over-
laps with human pressures, which significantly decreases

Tab. 1. Barbus’ population size and ISECI results; for each sampled site, the indication of each watercourse and the Natura 2000 site it
belongs, the number of individuals and their % distribution value (in brackets) of Canine (B. caninus), Common (B. plebejus), and alien
European (B. barbus) Barbel, the values and quality class of ISECI were reported. In bold the sites without barbels.

Watercourse Natura 2000 Number of individuals ISECI
site code Common European Value

10006.TR.1 Trebbia MSS 1T4010006 1(7.5%) 15 (92.5%) 0 0.61 Good
10008.AR.1 Arda CL 1T4010008 0 23 (95.8%) 1 (4.2%) 0.61 Good
10011.TR.1 Trebbia TPB 1T4010011 2 (12.5%) 14 (87.5%) 0 0.64 Good
10016.TR.1 Trebbia BTr IT4010016 0 15 (75.0%) 5(25.0%) 0.72 Good
10016.TR.2 Trebbia BTr 1T4010016 0 0 0 0.69 Good
10017.NU.1 Nure CN 1T4010017 0 29 (100.0%) 0 0.72 Good
20003.ST.1 Stirone TS 1T4020003 0 13 (100.0%) 0 0.71 Good
20017.LO.1 Lorno RVBT 1T4020017 0 0 0 0.66 Good
20020.PR.1 Parma - 0 3 (100.0%) 0 0.40 Poor
20020.PR.2 Parma - 1 (11.1%) 8 (88.9%) 0 0.52 Moderate
20020.PR.3 Parma CAP 1T4020020 0 0 0 0.66 Good
20020.PM.1 Parmossa - 25 (89.3%) 3 (10.7%) 0 0.66 Good
20020.FA.1 Fabiola - 0 0 0 0.66 Good
20020.MO.1 Moneglia - 0 0 0 0.63 Good
20020.BA.1 Baganza - 1(20.0%) 4 (80.0%) 0 0,49 Moderate
20021.TA.1 Taro MT 1T4020021 0 5(83.3%) 1(16.7%) 0.63 Good
20021.NA.1 Naviglio MT 1T4020021 0 8 (80.0%) 2(20.0%) 0.52 Moderate
20021.CE.1 Ceno MT 1T4020021 0 8 (88.9%) 1 (11.1%) 0.68 Good
20022.TA.1 Taro BTa 1T4020022 0 0 19 (100.0%)  0.30 Mediocre
20025.PR.1 Parma Morta PM 1T4020025 0 0 0 0.20 Bad
20027.EN.1 Enza (6% 1T4020027 0 7 (100.0%) 0 0.72 Good
30013.EN.1 Enza FE 1T4030013 0 25 (100.0%) 0 0.55 Moderate
30013.CE.1 Cedra - 0 2 (100.0%) 0 0.42 Moderate
30013.CE.2 Cedra - 0 0 0 0.20 Bad
30014.RV.1 Rio Vico RC 1T4030014 0 6 (100.0%) 0 0.50 Moderate
30014.RC.1 Rio Cerezzola RC 1T4030014 1 0 0 0.67 Good
30014.RC.2 Rio Cerezzola RC 1T4030014 24 (100.0%) 0 0 0.59 Moderate
30023.EN.1 Enza FG 1T4030023 0 21 (91.3%) 2 (8.7%) 0.60 Moderate
30023.EN.2 Enza FG 1T4030023 0 5(100.0%) 0 0.53 Moderate
30023.EN.3 Enza FG 1T4030023 0 5(100.0%) 0 0.64 Good
30023.EN.4 Enza FG 1T4030023 (1} 0 0 0.63 Good

ISECI, Ecological Status of Fish Communities.
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as altitude increases. Hence, a progressive improvement
of all monitored physical, chemical and morphological
features was detected with the decreasing of elevation.
The strong overlap between physical and chemical data
reinforces the existence of an altitudinal zonation in term
of barbel species representativeness among sites. At the
site scale, with decreasing altitude the river functionality
(e.g., FFI) varied from good to poor/bad, and BOD; from
0.0 to 20.8 mg L.

Our results suggest that the progressive disappearance
of well-structured riparian stripes, the increase of the
riverbed incision - that actually encourages the progres-
sive isolation of the watercourse from the local context
surrounding - and the intense land use change, are the
main reasons of the observed zonation. Consequently, the
present results obtained through a multidisciplinary ap-
proach support the idea that the native and threatened pri-
ority barbel species were found preferentially in
moderate to well-preserved watercourses, characterized
by more expanded riparian areas, in terms of greater IFF
values. Similar results were modeled for two Minnesota
watersheds, where substantial changes in agricultural
management, including an expansion of the riparian areas,
would be expected to significantly improve local brook
trout [Salvelinus fontinalis (Mitchill, 1814)] populations,
by increasing streams shading up to 50% (Blann ef al.,
2002). Hence, in lowlands and agricultural settings the de-
struction of riparian communities leads to a rapid physical
and chemical deterioration of watercourses with dramatic
effects on fish populations, as highlighted by Lorenzoni
et al. (2006) for rivers in Central Italy.

Although the small number of sites under considera-
tion in this work, a quite verified preference of the canine
and common barbels for higher IFF values was verified,
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as a proxy of well-developed and structured riparian con-
texts and higher altitude values. Marginal vegetated belts
are able to efficiently offset the nutrient inputs generated
at the basin scale, and to control the main local edaphic
factors (Siligardi et al., 2000). Hence, in presence of high
FFI values, higher shading values, as well as lower water
temperatures and reduced day-night temperature fluctua-
tions are expected. Furthermore, watercourses with high
FFI levels should have reduced primary producer rates
with rather scarce macrophyte cover values, including
algal mats. On the other hand, the alien European barbel
was positively and significantly related to high levels of
dissolved oxygen, which in turn was associated to higher
levels of STT and BOD;. This is not surprising, given that
the above-mentioned high dissolved oxygen levels (up to
295% saturation) were due to the hyper-proliferation of
microalgae, and were typical of lowland sites of Po plain
where riparian belts/zones have been almost completely
lost to land reclamation and by agricultural mechanization
(Bolpagni and Piotti, 2015, 2016).

All the above clearly remarks the need for more effi-
ciently designed long-term and wide-spatial scales actions
to counteract the alien fish expansion, and furtherly focus
on the sustainable management of river habitats and water
flows. In this context, the reduction of the hydraulic frag-
mentation of watercourses is an essential paradigm to im-
prove the survival prospects of a very large number of fish
species of conservation interest. In fact, the progressive
impairment of the longitudinal river continuity causes sig-
nificant alterations in river dynamic processes and aquatic
vegetation (Bolpagni et al., 2016). However, it is of inter-
est, and possibly of considerable practical importance,
taking into account the spatial dynamics of the alien in-
vasive species before operating management actions that
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Fig. 2. Results of principal component analysis (left); vectors representing Barbus’ population structure.
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could later have an impact to the native fish populations.
This critical issue must also be further discussed in the
light of the on-going climate change that can affect barbel
migration along the altitudinal gradient.
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