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HIGHLIGHTS

» Smaller nanoplastics particles show higher reactivity with "OH.

* Reactivity constants of polystyrene nanoparticles with ‘OH are measured.

* There is potential for nanoplastics to significantly scavenge “OH in the environment.

* Degradation of nanoplastics releases organic compounds in the aqueous phase.
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Abstract
Microplastics (MPs) and nanoplastics (NPs) are ubiquitous and contaminate soil, surface waters,
atmospheric aerosol, precipitations, indoor and outdoor environments. However, the occurrence,

transformation and fate of NPs in the environment are still unclear. In this work, polystyrene
nanoparticles (PS-NPs) are used as a proxy of NPs to study their reactivity and potential impact on
atmospheric and surface waters. In particular, the reactivity with hydroxyl radicals ("OH) in the
aqueous phase is investigated. For the first time, a reactivity constant for the reaction of NPs with
‘OH is measured, strongly dependent on the exposed particle surface area of NPs. Degradation
products (short chain carboxylic acids and aromatic compounds), obtained by direct and "OH-
mediated photolysis of PS-NPs suspensions, are identified by mass spectrometry. Irradiation of a PS-
NPs suspension under natural sunlight for 1 year has shown the formation of formic acid and organic
compounds similar to those found in riverine and cloud dissolved organic matter, which could

contribute significantly to the dissolved organic matter in the aqueous phase.

Keywords: Nanoplastics; polystyrene; hydroxyl radical; dissolved organic matter; Kinetic constant.
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1. Introduction

The large production of plastic material (PlasticsEurope, 2019), together with the mishandling of
plastic waste, has resulted in ubiquitous plastic pollution, which now reaches even the most remote
areas of the Earth (Allen et al., 2019; Bergmann et al., 2019) and has dramatic consequences on flora
and fauna (Acampora et al., 2017; Todd et al., 2010). Plastics undergo a slow process of erosion in
the environment, which is defined as the mass loss of the polymer matrix and is due to the loss of
monomers, oligomers or even pieces of non-degraded polymer (Gopferich, 1996). This process
decreases the size of plastic debris down to microplastics (MPs) and nanoplastics (NPs), defined as
plastic debris with diameters between 1 um and 5 mm and lower than 1 pm, respectively (Frias and
Nash, 2019). Other possible sources of MPs and NPs are landfills or waste incineration, as well as
synthetic fibers from clothes and houses (Dris et al., 2016; Liu et al., 2019).

Microplastics (MPs) contaminate soils, sediments and surface waters (both seawater and fresh
waters) (Besseling et al., 2014; Scheurer and Bigalke, 2018; Yonkos et al., 2014); for example they
represent 94% (in number) of collected plastic debris in the Great Pacific Garbage Patch (Lebreton
et al., 2018). Recent studies have shown that MPs occur also in atmospheric aerosol and precipitations
(Allen et al., 2019; Bergmann et al., 2019; Klein and Fischer, 2019), and their presence has also been
documented in indoor and outdoor environments in Paris and Dongguan (Cai et al., 2017; Dris et al.,
2017; Gasperi et al., 2018). In the last decades there has been a growing interest on MPs occurrence
in the environment and on their potential toxicity (Anbumani and Kakkar, 2018; Dris et al., 2018;
Koelmans et al., 2019), even though their environmental impact is still under debate (Backhaus and
Wagner, 2019). While MPs have been measured in several environmental matrices (Chen et al., 2020;
Han et al., 2019; Li et al., 2019; Xu et al., 2020), the occurrence of NPs in the environment is almost
unknown (Lehner et al., 2019), mainly due to sampling and instrumental limitations (Mintenig et al.,
2018; Schwaferts et al., 2019; Ter Halle et al., 2017). Up to now the occurrence, transformation,

transport and fate of NPs in the environment have still been unclear. Moreover, MPs and NPs are not
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inert and they can react and interact with chemical species that occur in the surrounding environment
(Jeong et al., 2018; Lee et al., 2019).

Erosion of MPs and NPs is the result of mechanical abrasion, oxidation, UV radiation or
microbiological activity (da Costa et al., 2016; Dawson et al., 2018; Lambert et al., 2013; Mattsson
et al., 2018). When a plastic piece degrades down to parts with sizes in the nanometre scale, the
exposed area increases drastically and so does the surface reactivity (Mattsson et al., 2018). However,
the dependence of plastics degradation kinetics upon their particle size is almost unknown, because
most of the degradation studies are carried out on large plastics pieces or on polymeric films (Gewert
et al., 2015; O’Brine and Thompson, 2010).

The main abiotic degradation process of plastics is photo-initiated oxidation (Gomiero, 2019),
which leads to polymer chain scission, branching and formation of polymer fragments as well as of
volatile compounds (Gewert et al., 2015). Photochemistry plays a key role in these transformation
processes, by direct photodegradation or by indirect photolysis, through the photogeneration of
reactive transient species such as the hydroxyl radical, ‘OH (Calza and Vione, 2016; Faust, 1994).

MPs and NPs in the atmosphere and in surface waters are exposed to sunlight and oxidants (e.g.,
"OH). Bubble bursting and wind action can suspend MPs and NPs in air, where they could be present
as dry or deliquescent (in-droplet) particles. In atmospheric waters, like cloud and fog droplets, MPs
and NPs are even more exposed to gas and aqueous phase oxidants: for instance, the ‘OH steady-state
concentration in cloud water is 2 orders of magnitude higher than in sea water (Lallement et al., 2018;
Olasehinde, 2012). Therefore, the degradation pathway(s) of MPs and NPs in atmospheric and surface
waters can be similar, considering that in both cases they are exposed to sunlight, gas-phase and
liguid-phase oxidants.

The objective of this work is to better understand the reactivity of an aqueous suspension of
polystyrene NPs (PS-NPs) in the presence of sunlight (direct photolysis) and hydroxyl radical

(indirect photolysis) that is a relevant oxidant in surface waters and atmospheric liquid particles. To
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develop this new approach to study the reactivity of NPs in the environment, we decided to use well-
defined polymeric NPs. PS standards with different monodisperse particle sizes are commercially
available, and are very suitable for studying the correlation between the reactivity and the exposed
surface. For the first time, a reactivity constant with *OH is determined, which can be implemented
into atmospheric and surface waters chemistry models (Bodrato and Vione, 2014) to understand the
environmental impact of NPs degradation. Moreover, the identification of degradation products
allows for the estimation of the contribution of NPs degradation to the natural dissolved organic
matter occurring in the aqueous phase. This work can significantly contribute to assess the impact of
NPs abiotic degradation in the atmospheric aqueous phase, like cloud and fog droplets, and surface

waters.

2. Material and Methods

2.1. Materials and procedures

Suspensions (1% solids content w/w) of PS-NPs in water were purchased from Thermo Fischer
Scientific (diameter of 102 + 1 nm, 203 =5 nm, 400 + 9 nm, and 600 + 9 nm). The suspensions for
irradiation were prepared daily by mixing the stock suspension of PS-NPs, previously sonicated, with
MilliQ water. After irradiation and before analysis, all the suspensions were filtered on 0.22 pm nylon
filters from Sigma-Aldrich. Blank experiments were carried out to verify that no organic material was
released from the filter. Additional information on chemicals used are available in the Supporting
Information (SI), paragraph SI-S1.

2.2. Analysis of product formation - UVA Irradiation

Aliquots of 15 mL of PS-NPs suspensions in Milli-Q water (0.05% solid) were irradiated in a
photoreactor placed horizontally in a custom-built wood container covered with aluminium foil. The
photoreactor consisted of a closed quartz tube (diameter 2.5 cm). Two UVA fluorescent lamps (Narva

LT 18W/009), with emission spectrum ranging mainly from 300 to 440 nm, were placed on top of
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the photoreactor (distance 6 cm), as reported in Figures S1-S2. UV A radiation was chosen because it
represents the main UV fraction of solar light. PS-NPs with diameter of 400 + 9 nm were chosen for
this series of experiments, because they can be easily filtered and analysed by means of SMPS
(scanning mobility particle sizer, SI-S2), in order to determine the size and concentration of the
suspension and to investigate eventual formation of aggregates. All the experiments were carried out
at 293 £ 2 K using a continuous flow of compressed air to cool the system. An aliquot of the
suspension (3 mL) was withdrawn from the reactor and used for the analysis of degradation products
at fixed times. Filtered solutions were analysed using an ElectroSpray lonization-Differential
Mobility Analyser (ESI-DMA) coupled with Atmospheric Pressure interface Time Of Flight Mass
Spectrometer (Tofwerk) (ESI-DMA-API-TOF) (Kangasluoma et al., 2016; Passananti et al., 2019).
Acetate and formate anions were determined by ion chromatography. More details on the analytical
methods and instrumentation are available in SI-S2. The size and the concentration of PS-NPs were
measured by SMPS before and after irradiation. No difference was found: PS-NPs keep the same
diameter (no aggregation) and the same concentration.

2.3. Competition method for the measurement of the reactivity constant between PS and "OH.

The reaction rate constants between *OH and PS-NPs were measured using the competition method
described by Zhou and Mopper (1990), employing benzoic acid (hereafter BZ) as a probe.
Suspensions containing 0.05% PS-NPs, 50 mM H20: and BZ with different concentrations, varying
from 0.18 mM to 1.2 mM, were irradiated under UVA light for 60 minutes. In these experiments the
loading of PS-NPs was kept constant, to avoid interference of varying NPs loadings on the light field
and irradiance in the suspensions. In such a way, the light scattering of the suspension would not
change among different experiments and would thus not affect the measured rate constants. To carry
out kinetic competition, BZ concentration was thus varied. The time evolution of BZ was monitored

by High-Performance Liquid Chromatography coupled with Diode Array Detection (HPLC-DAD),
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using conditions detailed in SI-S3. Blank experiments excluded the degradation of BZ under UVA
irradiation alone (direct photolysis).

2.4.Experiment under real sunlight irradiation

A suspension of PS 100 nm in MilliQ water (0.2% v/v) was exposed for 14 months (August 1st, 2018-
October, Ist, 2019) on the rooftop of the Physicum building in Kumpula Campus in Helsinki
(Finland). The irradiation set-up is shown in Figure S3. The average temperature during this period
was 8.5°C, with a minimum on January 22" (2019) of -18.9°C and a maximum on July 28" (2019)
of 32.1°C. The suspension froze during wintertime, but the large amount of air inside the reactor
prevented breaking of the glass. Filters with mesh size lower than 0.2 pum were not available, thus we
filtered the 100 nm PS-NPs suspension on 0.2 um filters by gravity, without application of pressure.
The resulting solution was limpid and the particles that might have passed through the filter did not
affect the following spectroscopic and spectrometric analysis. Solar radiation was measured by
SMEARIII station with a time resolution of one minute, and the relevant data are available online at

SMEAR website (https://avaa.tdata.fi/web/smart/smear).

3. Results and Discussion

3.1 Interaction with hydroxyl radicals

Surface modification due to polymers aging by light and gas-phase oxidants, such as Ogz, is well
known (Singh and Sharma, 2008; Yousif and Haddad, 2013). However, experiments are usually
performed on films and with high concentration of Os, which are non-representative of environmental
conditions. Concerning PS, attention has been focused on the functionalisation of the polymer chain
and on surface changes, using ATR/FTIR spectroscopy and microscopy techniques (SEM, AFM)
(Yang et al., 2018; Zhang et al., 2000).

PS particles occurring in surface waters and in cloud/fog waters can also react with aqueous-phase

oxidants, such as most notably the hydroxyl radicals ("OH) (Arakaki et al., 2013; Faust and Allen,
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1993; Mopper and Zhou, 1990; Vione et al., 2010). A previous study of oxidation in dichloromethane
reveals that "OH addition to PS occurs at the phenyl groups, and that mucondialdehydes are produced
by chain scission (Weir, 1978). Surface modifications and functionalisation of MPs and NPs lead to
increased hydrophilicity, which could have an effect on ice nucleating properties (Ganguly and Ariya,
2019). However, to our knowledge, no study on PS reactivity with "“OH has been carried out in the
aqueous phase. As first approach, we investigated the potential reactivity between PS-NPs and
photogenerated "“OH in aqueous solution. Figure 1 reports a preliminary test of UVA-irradiation of
PS-NPs in the presence of H20. and benzoic acid (BZ) in water, using the experimental conditions
detailed in SI-S4. The plot reports the BZ concentration as a function of time. The degradation rate
of BZ decreases in the presence of PS-NPs, suggesting that PS-NPs may be able to significantly
scavenge ‘OH.

3.2 Reactivity of PS-NPs: measurement of the reactivity constant with hydroxyl radical

PS-NPs react with "OH, but no information on the reactivity rate constants is reported in previous
works. Reactivity constants are essential for modelling studies, with the aim of assessing PS-NPs
degradation in different environmental scenarios as well as their ability to scavenge * OH and to affect
photo-oxidation cycles in natural waters. For the first time, the rate constant of PS-NPs with *OH is
determined with the competition method described in Section 2.3, using BZ as reference compound.
Three different sizes of PS-NPs are used, namely 200 nm, 400 nm and 600 nm. As discussed in detail
in SI-S6, the second-order kinetic constants between PS and ‘OH are calculated with the following
equation:

kowps = % X koppz — [H02] X koy u,0, (1)
where a/b is the ratio between the slope and the intercept of the linear correlation reported in the plot
(x = inverse of BZ concentration, y = inverse of BZ degradation rate), kom.5z is the second-order
reaction rate constant between BZ and "OH (5.9 x 10° Mt s™!) (Buxton et al., 1988), [H202] is the

hydrogen peroxide concentration, and Xow.#202 is the second-order reaction rate constant between
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"OH and H20; (2.7 x 10’ Mt s1) (Buxton et al., 1988). Figure S4 shows the plot used to determine
the kinetic constant. BZ is also a degradation product of PS-NPs (see below); however, due to the
short time of the kinetic experiments and the large concentration difference between initially added
and photogenerated BZ, there is no interference due to the formation of degradation products. This
applies both to the monitoring of the BZ time trend, and to the ability of the products (including BZ)
to scavenge ‘OH on their own. Indeed, less than 0.1% of "OH would react with BZ produced during
PS degradation in one hour.

The kinetic constants between "OH and PS-NPs (kg »5) are reported in Table 1. Because the

concentration of PS-NPs used for the rate-constant calculation was expressed in #particles mL™* (see

SI-S6), the measure unit of kg, »5 is mL s~ #particles—. We observed that the size of the particles

(i.e., their surface area) plays a role in particles reactivity, and that the values of k,, o, are different

for each PS particle size. The kinetic constant is higher for PS 600 nm, which exposes a larger surface
area, and smaller for PS 200 nm, which exposes a surface area of 0.126 um? per particle (see Table
1). This result can be explained by the fact that "OH would react with the PS surface sites (most likely,
the aromatic rings) and it has no access to the polymer bulk. The measured kinetic constants are
proportional to the square of the diameter d of the particles (koy ps o d?, see Figure S5); therefore,
the reactivity constant of PS-NPs can be expressed as a function of their diameter, allowing for the
extrapolation of Kinetic constants at different diameters (see Table 1). We decided to express the
Kinetic constants as a function of the diameter, in order to employ them in Kinetic models in
combination with environmental data. Indeed, environmental data about NPs and MPs provide
information on their concentration (#particles/volume) and size (generally a range), without
specifying the surface area or the specific shape of the collected debris. Therefore, a kinetic constant
expressed as a function of the diameter would be more useful compared to a surface-area-normalized
rate constant. Further studies are needed to obtain data on the surface area of NPs in the environment,

in order to overcome this spherical-approximation. It is important to notice that the reactivity is higher

9
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for single particles with larger diameters and higher surface area; however, at equal mass
concentration, PS-NPs with lower particle size (200 nm) expose a higher surface area than PS-NPs
with larger particle size (600 nm) and thus show higher reactivity, as reported in Figure S6 and Table
S3.

3.3 Impact of environmental stressing agents on PS-NPs: degradation products

We have demonstrated that ‘OH reacts with PS-NPs and determined the reaction rate constants, but
little is known about the impact of degraded plastics on the environment, in particular concerning the
release of organic compounds. Vicente et al (2009) studied in detail the effect of Oz and UVA
radiation on aerosolised PS-NPs. Davidson et al. (2005) investigated the surface modification after
O3 and light exposure, and analysed the photodegradation products with GC-MS after washing with
methanol or water. They found that benzaldehyde, acetophenone, BZ, carboxylic acids, aromatic
ketones and esters are produced during PS exposure to Oz and light. However, limited information is
available concerning the photodegradation products formed by ‘OH reactions with PS-NPs.
Therefore, we investigated how plastic degradation by "OH affects dissolved organic matter chemical
composition. Suspensions of PS-NPs were exposed to 4 experimental conditions described in Table
S1 under the irradiation set-up presented in Figure S2. This set-up allowed for estimating the impact
of: (1) direct photodegradation + photogenerated ‘OH (indirect photolysis); (2) direct
photodegradation alone; (3) reactivity with H202 in dark conditions; and (4) possible
hydrolysis/degradation in dark conditions. Suspensions were sampled at fixed times, then filtered on
nylon filters and analysed by ESI-DMA-APiIToF. High-resolution mass spectrometry allows for the
attribution of molecular formulas to degradation products. Trends of the main products formed by
indirect and direct photodegradation are reported in Figure S7a and S7b, respectively, while
degradation products formed by reactivity with and without H2O- in dark conditions are reported in

Figure S8. The "OH reactivity induces the formation of carboxylic compounds such as formic (also

10



241

242

243

244

245

246

247

248

249

250

251

252

253

254

255

256

257

258

259

260

261

262

263

264

265

detected as formic acid dimer), acetic, lactic acids, and aromatic acids like BZ, as well as aliphatic
and aromatic aldehydes like muconaldehyde and benzaldehyde.

Among the products of PS-NPs photodegradation, benzoquinone, dibenzoyl methane and benzoic
anhydride are also observed. The benzene signal increases by more than 350% of the initial value,
while the phenol signal increases by 40% during the first 24h and later on decreases, as shown in
Figure 2. The formation of degradation products could be explained through the “OH addition to 7-
systems or hydrogen abstraction. A possible reaction mechanism, detailing the reactivity of
polystyrene and the formation of degradation products, is reported in Figure 3. We considered the
reactions induced by photogenerated "OH (light + H2O5), but the mechanism is probably the same
with light only. The tertiary polystyryl radicals, generated by hydrogen abstraction or "OH addition,
can efficiently react with molecular oxygen to form peroxyl radicals, ROO". The latter can recombine
or give sequential reactions, leading to the formation of hydroxyl, carbonyl or carboxylic functions.
The carboxylic group RCOOH can react with *'OH to give RCOO’, which decomposes to form R* and
CO» (Gardette et al., 1995). Tertiary polystyryl radicals can be generated by absorption of light with
wavelength longer than 300 nm (Gardette et al., 1995), explaining why formation of BZ,
benzaldehyde, benzoic anhydride, dibenzoyl methane, benzene, acetic and formic acids are also
observed in the case of direct photodegradation (Figure 2). However, the formation of the tertiary
polystyryl radicals seems to be enhanced in the presence of "OH, as suggested by the much higher
concentration values of photodegradation products in the H20- + light experiments compared to light
alone. A previous study on the irradiation of PS films in both humid and dry conditions revealed the
formation of acetophenone (Gardette et al., 1995). This degradation product is not detected under our
experimental conditions in the presence of *OH, while its signal increases during the direct photolysis
process (200% of the initial value). The rationale for the lack of acetophenone in the *“OH experiments
could be that this compound reacts rapidly with *OH, with a second-order reaction rate constant of

6.5 x 10° M *s* (Neta and Dorfman, 1968), thereby disappearing immediately after formation. Dark
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experiments yield degradation products in limited amount, as reported in Figure S8 that shows the
trends observed with PS-NPs and (when relevant) H20..

ESI-DMA-APIToF allows for clearly identifying the degradation products, but does not provide
reliable quantification: the complexity of the matrix makes it difficult to perform signal calibration,
even with standard additions. For this reason, PS-NPs suspensions subjected to experimental
condition (1) (H202 + light) were analysed with ion chromatography to quantify acetic and formic
acids, while benzoic acid (BZ) concentration was measured with the same HPLC method described
previously. Trends and comparison with mass signals are reported in Figure S9. During the first 24h
of irradiation, the concentration of acetic and formic acids increases rapidly. It then reaches 0.38 mM
and 0.25 mM respectively, after 4 days of irradiation. BZ concentration increases to around 63 uM
after 4 days of irradiation. The formation of these degradation products contributes to the dissolved
organic carbon (DOC): acetic acid is responsible for an increase of 9.1 mgC L2, formic acid of 3.0
mgC L, and BZ of 5.3 mgC L. These values are of the same order of magnitude as the DOC in
atmospheric hydrometeors (Bianco et al., 2015; Herckes et al., 2013, 2002; van Pinxteren et al., 2016)
and in surface waters, except for the high-DOC aquatic systems (Bittar et al., 2016; Chen et al., 2004;
Del Castillo et al., 1999; Galgani and Engel, 2016; Massicotte et al., 2017; Stedmon and Cory, 2014).
Therefore, PS-NPs degradation could potentially impact the composition of the aqueous phase in both
atmospheric and surface waters.

3.4 Environmental conditions: PS-NPs exposed for 14 months to sunlight and temperature changes

(direct photolysis)

Laboratory irradiations give a first rapid estimate of the degradation of PS-NPs in the aqueous phase.
However, longer irradiations in real environmental conditions are more suitable to investigate the
release of organic compounds during PS-NPs degradation. A suspension of PS 100 nm in MilliQ
water was exposed to sunlight from August 1%, 2018 to October, 1%, 2019. Figure S10 reports

temperature and radiation averaged on hourly measurements for the considered period. PS-NPs were
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degraded, they agglomerated in clusters and the aqueous system became yellowish (visual control).
An UV-vis spectrum after filtration was recorded showing the formation of chromophoric organic
compounds that absorb in the UV region up to 400 nm (Figure S11). The suspension was analysed
before and after solar exposure, using the same methods described for the laboratory irradiation
(Section 2.2). Figure S12a reports the variation in MS signals of selected compounds, while Figure
S12b reports the full mass spectrum obtained for the irradiated suspension. Mass spectrometric
analysis shows the formation of formic, benzoic and lactic acids and of benzaldehyde, while the
formation of other compounds is negligible. Probably, during 1-year irradiation, the degradation
products of PS that absorb in the near UV (see Figure S11) are transformed into small organic
compounds by photochemical reactions. However, Figure S12b reveals the presence of many
unidentified compounds, with a spectrum shape similar to those obtained for riverine and cloud
dissolved organic matter.(Bianco et al., 2018; Dubinenkov et al., 2015) This similarity is probably
due to the presence of a large variety of organic compounds, with hydroxyl, carboxylic and carbonyl
functions, which might be similar to the composition of natural dissolved organic matter. This
hypothesis is supported by the Excitation Emission Matrix (EEM) fluorescence spectrum of the liquid
phase (Figure S13). The presence of an emission signal around 410 nm induced by excitation around
300 nm recalls one of the characteristic peaks of humic substances, namely peak C (Coble, 1996) that
is routinely observed in surface waters (Holbrook et al., 2006). A similar peak was also observed for
HULIS in the atmosphere (Muller et al., 2008), and it could be due to highly oxygenated small
compounds (Ghigo et al., 2019) that could derive from several oxidation steps during many months
of sunlight exposure. Formic, acetic and benzoic acid quantification reveals concentration values of
7.83 mM, 4.98 mM and 0.13 mM, respectively (see Table S2), and the detected concentration of
formic acid corresponds to 94.0 mgC L-!. Formate represents the last step of the degradation of
organic matter in the aqueous phase, as described in many environmental agueous phase chemistry

models (Ervens, 2015; Herrmann et al., 2000; Li et al., 2017; Mouchel-Vallon et al., 2017).
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4. Conclusions

This work aims at evaluating the abiotic degradation of PS-NPs in the aqueous phase, as a proxy of
nanoplastics to study the reactivity with hydroxyl radicals. The results obtained can be useful for both
surface and atmospheric waters, like cloud and fog droplets.

To get insight into the environmental significance of the present findings we have compared the
potential effect of PS-NPs and DOC as "OH scavengers. The DOC is, indeed, the main scavenger of
"OH radicals occurring in freshwater and cloud-water (Arakaki et al., 2013; Gligorovski et al., 2015).
Figure 4 reports an estimate of Kscavenger (S71) 0f *OH, which is the sum of the contributions of ‘OH
reaction with DOC and NPs, as a function of the DOC (kpoc = 2x10* (L st mgC~!) x DOC) and NPs
(Gligorovski et al., 2015). The typical DOC interval in cloud water (0-10 mgC L) (Deguillaume et
al., 2014; van Pinxteren et al., 2016) is highlighted in light blue in the figure, and that in surface
freshwaters (> 1 mgC L) in violet (Wetzel, 2001). Concentrations of DOC higher than 30 mgC L
are measured in surface water in specific cases only (Wetzel, 2001) but they are not considered in
this work, because in such cases DOC is obviously the main scavenger of "OH radicals.

The concentration of PS-NPs in the environment is difficult to predict considering the lack of data.
For this reason, we varied the PS-NPs concentration from 10%° #particles mL™, one order of
magnitude higher than the concentration of NPs in polluted environments (10° #particles mL™, as per
Gallego-Urrea et al., (2010)) down to 10° #particles mL, a reasonable concentration for lesser
polluted aqueous media (Gallego-Urrea et al., 2010). We considered a reactivity constant between
"OH and NPs of 1.93 x 10* mL s~* #particles™, the one determined for PS-NPs 600 nm in this work.
Figure 4 shows that when the DOC concentration is low, like in DOC-poor surface freshwater and
atmospheric cloud-water, there is potential for NPs to significantly scavenge ‘OH. In particular, at
10° particles mL~! NPs could even become the main *OH scavenger if DOC < 9 mgC L. Moreover,

at very low DOC values (1 mgC L' or below) the organic compounds released by NPs
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photodegradation, especially if the latter takes place over a long time period, could give a non-
negligible contribution to both the water DOC and the *OH scavenging ability.

The comparison in the reactivity of NPs and DOC suggests three main issues:

(1) The ability of NPs to scavenge "OH should be taken into account in models aimed at describing
the role of "OH in environmental waters. To do so, however, additional data are needed on the "OH
reactivity of other plastic types (e.g., polyethylene and polypropylene), on the correlation between
size of particles and reactivity, and on the concentration of NPs in a wide variety of aquatic
environments.

(i) Due to their scavenging ability, it is very important to assess the fate of NPs upon "OH reaction,
including the potential to release dissolved organic compounds.

(iii) There is also the need to compare the *OH scavenging ability of NPs themselves with that of the
compounds that are released by their photodegradation, especially over long irradiation times.

In aquatic environments with higher concentration of DOC (or other ‘OH scavengers, such as bromide
in seawater) (Buxton et al., 1988; Gligorovski et al., 2015), PS-NPs can react with sunlight as shown
through direct photolysis experiments, leading to the formation of very similar degradation products
as those obtained under ‘OH-mediated degradation. The identification of degradation products of PS-
NPs suspensions subjected to direct photolysis and “OH-induced degradation highlights the formation
of several compounds, mainly small carboxylic acids and some toxic compounds like benzene and
phenol. These compounds could have an effect on the ecosystems by increasing the dissolved organic
matter amount. Moreover, the production of light-absorbing species (Figure S11) could interfere with
the natural photochemical equilibrium in environmental waters.

Our results can be implemented in models, allowing for the estimation of the amount of organic matter

produced by NPs abiotic degradation and, therefore, of the impact of NPs on environmental equilibria.
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380 TABLES

Diameter of PS-NPs (um)

Particle surface area (um?)

ko ps (ML s #particles™)

0.20 0.126 (6.50 % 0.38) x 10-°
0.40 0.502 (8.64 + 1.30) x 10°°
0.60 1.130 (1.93 +0.22) x 10

Correlation between ko ps (ML s™ #particles™) and diameter of PS-NPs

koups = (5.47 £ 0.78) x 10™* d?

d = diameter (um)

381 Table 1: Kinetic constants between “OH and PS-NPs (Ko, ») as a function of the particle surface area for each PS-NPs
382 size (200 nm, 400 nm and 600 nm). Correlation between K, ps and the diameter of PS-NPs. The error bounds represent
383  the sigma-level variability derived from data fit, which was used to obtain the relevant rate constant values.
384
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387  Figure 1: Degradation of BZ (expressed as 1/[BZ]) as function of time with and without NPs in the presence of 50 mM
388  of H,0, under UVA irradiation in water.
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